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Main Abstract
Secondary forests, which regrow following conversion to non-forest land use, form through

secondary succession. Community assembly processes shape the trajectory of secondary

succession, but our understanding of these mechanisms is mostly based on research in

intact wet tropical forests. Tropical dry forests are relatively understudied but represent a

widespread and vulnerable ecosystem type. We lack a clear understanding of the

environmental gradients driving dry forest succession and their efects on species turnover.

Furthermore, secondary forests grow within human-modified landscapes, but the impact of

landscape context on successional trajectories is unclear. This thesis addresses these

knowledge gaps using novel data from a successional tropical dry forest in Mexico, ofering

insights into best practice for forest restoration. In Chapter 2 I examined functional and

taxonomic changes in tree community composition at multiple ontogenetic stages along a

successional chronosequence. I found that taxonomic composition appeared stochastic,

but functional composition followed deterministic patterns, with key deterministic

processes acting during tree recruitment. In Chapter 3 I characterised how variation in the

abiotic environment responded to diferent forest restoration interventions and tested

whether increased abiotic heterogeneity promoted greater tree diversity. I found that mean

abiotic conditions, rather than heterogeneity, were more important for recruit diversity at

multiple scales. To complement the observational research in Chapters 2 and 3, Chapter 4

describes a large-scale outplanting experiment in which I manipulated the abiotic and biotic

conditions experienced by planted seedlings. This experiment demonstrated that abiotic

processes alone determined seedling growth and survival early in succession but interacted

with biotic processes later in succession. Overall, the results from my thesis reveal key

diferences between dry and wet forest secondary succession. They suggest that

widespread recovery of ecosystem functioning in tropical dry forests is possible and can be

assisted through targeted interventions addressing the mechanisms involved in tree

recruitment.
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Chapter 1: Main Introduction
A major goal in ecology is to describe and explain patterns of diversity in space and time.

Since the earliest attempts to test theories about species distributions over a century ago

(Grinnell, 1917),ourunderstanding of these patterns has been improved and refinedthrough

theoretical and empirical approaches (e.g., Grime, 1973; Hubbell, 2001; Huston, 1979;

Hutchinson, 1957; Tilman, 1982). However, the increasing dominance of human-modified

ecosystems presents a novel challenge for the discipline.The vast majority of anthropogenic

changes since the industrial revolution have been associated with a common suite of

ecological outcomes, including the selective removal of trees (Lance et al., 2019),

homogenisation of the biotic and abiotic environment (Newbold et al., 2018; Rodrigues et

al., 2013), addition or depletion of soil nutrients (Smith et al., 2016), fragmentation (Haddad

et al., 2015) and defaunation (Granados et al., 2017). Reductions in diversity following

anthropogenic disturbances have been well documented (Gibson et al., 2011) but mostly

describe static patterns, while there has been less research into long-term ecological

dynamics. It is therefore crucial to determine whether and how the fundamental

mechanisms that generate patterns of ecological diversity are changed by human activity

(Wearn et al., 2019).To achieve this,themodels describingthesefundamentalmechanisms,

which have mostly been developed based on research in intact ecosystems, must be

synthesised with the more recent literature on changes to diversity with human land use.

Secondary forests are those that regrow on land that was previously converted to a non-

forest land use, a process known as secondary succession (Poorter et al., 2021). Secondary

forests are increasingly widespread; between 1990 –2020 the rate of net forest loss declined

from 7.8 million hectares (ha) per year to 4.7 million ha per year, as deforestation rates

declined in some countries and global forest cover expanded by an average of 7.5 million ha

per yearthrough natural regeneration and tree planting(FAO, 2020).Between 2001 and 2010,

net changes in forest cover were positive for many Central American countries, including

Mexico, Honduras, Costa Rica and El Salvador (Aide et al., 2013), and secondary forests

covered 28% of the lowland Latin American tropics in 2008 (Chazdon et al., 2016). The
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processes that determine the tree species composition in these secondary forests may be

influenced by prior and ongoing human activities and so difer from those acting in old-

growth forests (Jakovac et al., 2021). Therefore, secondary forests are an increasingly

widespread and important forest type, but our understanding of the mechanisms that

generate patterns of diversity in secondary forests lags behind that in old-growth forests.

In addition, another anthropogenic land use type is becoming increasingly prevalent: active

forest restoration. 4% of forest area worldwide is forest that has been intentionally planted

for purposes other than commercial timber production and since 1990 the area of planted

forest has increased by 123 million ha (FAO, 2020). One of the drivers of this increase is large-

scale tree planting promoted by international agreements such as the 2011 Bonn Challenge

(www.bonnchallenge.org) and the 2014 New York Declaration on Forests

(forestdeclaration.org) and carried out by governments, private organisations and charities

worldwide. While most of the non-governmental organisations plant crop or timber trees for

their economic and livelihood benefits (Martin et al., 2021), forest restoration projects can

also have diverse aims related to carbon sequestration, biodiversity recovery and

provisioning of ecosystem goods and services (Lamb, 2005, 2018). The potential advantages

of applying ecological theory to help achieve the aims of such projects has given rise to the

scientific field of restoration ecology (Gann et al., 2019; Wainwright et al., 2018).

The Society for Ecological Restoration (SER) defines ecological restoration as the process of

assisting the recovery of an ecosystem that has been degraded, damaged, or destroyed

(Gann et al., 2019). Forest restoration can be thought of as the practice of intervening in

secondary succession, with a scale of potential levels of human intervention (Chazdon et

al., 2024). The field of restoration ecology aims to support the practice of ecosystem

restoration with insights gained through fundamental ecological research. Importantly,

community assembly theory can be used in the context of forest restoration to understand

the processes that determine the composition of the tree community throughout secondary

succession, and the efects of human intervention in these processes. The following

sections give an overview of community assembly theory and its potential applicability to

the practice of forest restoration in an understudied ecosystem: tropical dry forests (TDF).
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TDF are forests found between the Tropics of Cancer and Capricorn that have lower annual

precipitation than moist or wet forests and a multi-month dry period with little to no rainfall.

There is no consensus on the exact amount of precipitation or length of dry season that

defines a TDF, and TDF can be found all along a broad precipitation gradient from 250 mm to

2000 mm per year (Derroire, 2016). TDF are widespread, making up approximately 42% of

tropical forests worldwide (Murphy & Lugo, 1986), but are also highly threatened and

relatively under-examined (Janzen, 1988; Vieira & Scariot, 2006). Research into secondary

succession in anthropogenic landscapes has mostly taken place in moist or wet tropical

forests, and more research is needed in TDF to identify generalities and idiosyncrasies

(Jakovac et al., 2021).

My research addressed this knowledge gap by assembling a large novel dataset on patterns

of tree community composition in a regenerating TDF in Mexico. In Chapter 2, I surveyed tree

seeds, seedlings, saplings and mature trees along a gradient of secondary succession to

gain insights into the factors that determine which species take hold in a naturally

regenerating forest. Analysis of these data revealed that, although the species composition

of TDF tree communities appeared random, the trees present each stage of succession had

a predictable set of functional traits. This suggested that aspects of the abiotic environment

(e.g., light, water or soil nutrient availability) are important for driving succession, so in

Chapter 3 I looked at how the mean and variance of such properties afected the diversity of

seedling communities. This analysis suggested that seedling community composition was

indeed determined by the abiotic environment at large spatial scales, but was mostly

random at small spatial scales, though small-scale variation in the light environment was

important for the establishment of rare shade-tolerant tree species. The research in

Chapters 2 and 3 was observational, limiting my ability to pinpoint the specific mechanisms

guiding community assembly in this ecosystem. Therefore, in Chapter 4 I experimentally

planted trees with a range of functional traits along the successional gradient, and excluded

natural enemies, thereby manipulating both abiotic and biotic filters to establishment. I

found that the abiotic environment alone did not fully explain variation in seedling growth

and survival with succession, but that it interacted with other living parts of the ecosystem,
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specifically pests and pathogens, to determine successional species turnover. Overall, my

research contributes to the mechanistic understanding of community reassembly through

TDF succession.

1.1 Community assembly and secondary succession

Community assembly is frequently understood as a hierarchical series of filters that species

must pass through to form the local site-level community (Fig. 1.1; Götzenberger et al.,

2012). Processes of speciation, extinction and migration (phylogeographic assembly, sensu

Götzenberger et al., 2012) define the regional species pool available to the subsequent

filters, which are collectively known as ecological assembly filters. Ecological filters act

sequentially on the regional species pool to define the local community at a site. Dispersal

filtering is when propagules of a species fail to arrive at a site. If a species arrives at a site but

then fails to germinate and establish as a seedling then it is limited by the establishment

filter. Limitations to further growth and survival of established seedlings eventually

determine the mature tree community. A species may fail to pass through each filter for

deterministic reasons, i.e., a negative species-specific interaction with some aspect of its

abiotic or biotic environment. A species may also fail to pass through each filter due to

random chance, thus increasing the stochasticity of community assembly.
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Figure 1.1 Hierarchical filtering framework of community assembly (adapted from

Götzenberger et al., 2012). Each ecological assembly filter acts at a diferent ontogenetic

stage. Dispersal acts at the seed stage, establishment acts at the seedling stage, and growth

and survival act at the juvenile and adult stages.

Secondary forests are created through the process of secondary succession, which follows

community assembly rules but takes place within a landscape context altered by historical

and contemporary land use. Anthropogenic land use can influence any stage in the process

of community assembly by afecting both site conditions and landscape composition. A

comprehensive review of land use efects on community reassembly by Jakovac et al. (2021)
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identified multiple ways in which human activities may afect the rate or trajectory of

secondary succession. At the site level, management legacies are common, such as

reduced soil nutrient availability, increased populations of generalist herbivores and the

promotion of certain species. At the regional scale, land use afects propagule availability by

changing the cover and composition of mature forest. However, despite such examples of

anthropogenic efects on secondary succession, it is unclear how general these impacts

are, as a continent-wide study found that the composition of early successional secondary

forests is determined more by biogeography than anthropogenic disturbance (Jakovac et al.,

2022). It is therefore important to develop a mechanistic understanding of secondary

succession in diferent anthropogenic contexts.Integration of observedlanduse efects into

the model of community assembly processes (Fig. 1.1) can help to predict the rate and/or

trajectory of secondary succession following diferent anthropogenic land uses (Estrada-

Villegas et al., 2020).

1.2 Dispersal limitation

Dispersal limitation refers to the failure of a species to arrive at a site as a seed, either due

to limited seed abundance or non-uniform seed distribution. When dispersal limitation

dominates community assembly, species relative abundances depend on which species

arrive (or arrive first) at a site (Muller-Landau et al., 2002). Dispersal is therefore often

considered to introduce stochasticity into community assembly (Hurtt & Pacala, 1995;

Muller-Landau et al., 2002) but can also be determined by species-specific traits, such that

the dispersal filter is diferentially permeable to diferent species (Vellend et al., 2007).

It has been proposed that dispersal limitation is weaker in TDF than in wet tropical forests,

as TDF tend to have a higher proportion of species with wind-dispersed seeds or high

resprouting ability (Derroire et al., 2016a; Jakovac et al., 2021; Lebrĳa-Trejos et al., 2010a;

Wunderle, 1997). However, proximity to seed sources has been shown to determine tree

species composition and diversity of TDF (Hernández-Stefanoni et al., 2011), suggesting

dispersal limitation does influence the trajectory of TDF succession. I am only aware of two

studies that have attempted to directly quantify dispersal limitation during TDF succession
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(Martínez-Ramos et al., 2021; Werden et al., 2020b), and in both cases the authors found

strong dispersal limitation during early succession, which persisted for over a decade of

forest recovery. Unexpectedly, early-successional dispersal limitation in TDF does not

appear to be determined by species functional traits (Box 1.1); the phylogenetic dispersion

of seeds in an abandoned pasture was random (Martínez-Ramos et al., 2021), and seed size

only explained interspecific variation in dispersal limitation under certain conditions

(Werden et al., 2020b). Dispersal limitation may therefore play a greater role in the

community assembly of TDF than previously thought, but our ability to predict the strength

of dispersal limitation for diferent tree species is restricted.

Box 1.1 Functional traits

Deterministic community assembly processes assume that there are meaningful

diferences between species in their interactions with abiotic and biotic community

assembly filters (i.e., niches; Lebrĳa-Trejos et al., 2010b). Such diferences are likely to

manifest in species’ functional traits, defined byViolle et al. (2007)as “any morphological,

physiological or phenological feature measurable at the individual level …which impacts

fitness indirectly via its efects on growth, reproduction and survival”. As such, functional

trait distributions in communities have often been used to infer community assembly

processes (e.g., Kraft & Ackerly, 2010). Generally, trait clustering is interpreted as resulting

from environmental filtering (i.e., abiotic filters on community assembly), while

overdispersion is interpreted as resulting from biotic interactions such as competition

andconspecific negative density dependence(e.g.,Dinget al., 2012). However, functional

trait distributions must be interpreted with caution. The assumption that clustering

implies environmental filtering while overdispersion implies biotic interactions can be

misleading. Li et al. (2015) demonstrated that modification of the environment through

succession promoted colonisation by more functionally dissimilar species to the existing

residents, resulting in a pattern of trait overdispersion, but that this was not driven by

competitive interactions.
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Functional traits can also be used to infer specific drivers of community assembly. For

example, environmental filtering may be caused by limitations in certain essential

resources, which for plants are likely to be light, space, water and/or soil nutrients

(Helbach et al., 2022). Multiple authors have attempted to infer the limiting resource

based on the functional traits of the community (Muscarella et al., 2017). For example,

Lohbeck et al. (2013) inferred that water availability was limiting in an early successional

forest due to the high community-weighted mean (CWM) values of water-use traits like

wood density and compound leaves.

Importantly, functional traits are not completely independent because they must be

integrated within an individual. Functional traits trade-of against one another such that

common multivariate trait syndromes can be defined (Bravo-Monzón et al., 2022). Such

trade-ofs are the basis of the leaf economics spectrum (LES), a globally consistent trade-

of between cheap productive leaves with short lifespans and expensive, tough leaves

with longer lifespans (Bakker et al., 2011; Reich, 2014). The LES may be related to leaf

phenological habit; deciduous species are considered to be resource-acquisitive, while

evergreen species are resource-conservative(Méndez-Alonzo et al., 2012).Pineda-García

et al. (2013) found a trade-of between the ability to maintain xylem functioning at low soil

water potential (drought tolerance) and stem water storage and deciduous habit (drought

avoidance), however Lohbeck et al. (2015) found that the deciduous-evergreen spectrum

was independent of the LES.

It has been proposed that the LESis part of a broader resource economics spectrum (RES)

due to the whole-plant integration of resource-capturing organs (leaves, stems, and

roots). The evidence for a fully integrated RES is mixed, but within each organ there does

appear to be an independent spectrum from cheap resource-acquisitive organs to

expensive resource-conservative organs (Reich, 2014).
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1.3 Establishment limitation

Establishment limitation refers to the failure of a species to germinate, grow, or survive at a

site. There is no generally accepted definition of when a tree is considered to be established

(Box 1.2), though the term generally refers to the earliest post-dispersal stages in tree

ontogeny. When community assembly is dominated by establishment limitation, species

relative abundances are determined by their regeneration niches and the availability of

suitable microhabitats (Muller-Landau et al., 2002). Establishment limitation has been

further decomposed into limitation imposed by the abiotic environment and limitation

imposed by the biotic environment.

Box 1.2 Tree ontogeny

The traditional concept of the ecological community focuses on a single trophic level

(Chesson, 2000; de Bello et al., 2021), but consideration of multiple life stages

(ontogenetic stages) within that trophic level can be useful when exploring community

assembly processes. This is because the diferent filters act at diferent ontogenetic

stages. For example, the dispersal filter acts at the seed stage, the establishment filter

acts across the seed-to-seedling transition, and later growth and survival occurs between

the juvenile and adult stages (Fig. 1.1). This approach gave rise to the regeneration niche

hypothesis (Grubb, 1977) that posits that abiotic and biotic conditions in the earliest

stages of a plant’s life cycle determine patterns of abundance when mature. Some

authors have argued that later ontogenetic stages (i.e., growth and survival from seedling

to sapling to adult stages) are also important (Marques & Burslem, 2015). Nevertheless,

the earliest stages have consistently been identified as an important demographic

bottleneck (Bagchi et al., 2010; Baldeck et al., 2013; Green et al., 2014; Umaña et al.,

2016; Zhu et al., 2018).

However, there are no consistent definitions for each ontogenetic stage in a tree’s life

cycle. In tropical forest research alone, seedlings have been variously defined by



25

maximum height (from < 10 cm (Saavedra et al., 2017; Walker, 2000) to < 170 cm (Norden

& Stevenson, 2015)), diameter at breast height (DBH; < 1 cm (Chang-Yang et al., 2021;

Norden & Stevenson, 2015; Oliveira et al., 2021; Queenborough et al., 2009; Zhu et al.,

2015), and/or diameter at base (< 2 mm (McLaren et al., 2005) to < 2 cm (Vieira et al.,

2015)). Definitions of saplings are equally variable; an individual would be classed as a

sapling by diferent authors if above 10 cm height (Walker, 2000), or only if above 160 cm

height (Vieira et al., 2015), and with a maximum DBH from 2.5 cm (Vargas-Rodriguez et

al., 2005) to 10 cm (Paine et al., 2009; Toledo-Aceves et al., 2009) or a maximum basal

diameter from 2 cm (McLaren et al., 2005) to 8 cm (Vieira et al., 2015). The full range of

definitions for ontogenetic categories are given in Table S1.1. The lack of a consistent

definition for each ontogenetic stage reflects the variation in life history between species,

though standardised definitions across demographically comparable species would be

useful (Oliveira et al., 2019). For simplicity, I will refer to all stages between the seed and

mature adult stages as juveniles.

1.3.1 Establishment limitation due to abiotic filters (environmental filtering)

Environmental filtering sensu stricto refers to conditions in the abiotic environment that

some species are physiologically unable to tolerate, thus preventing their recruitment

through establishment limitation at the seed-to-seedling transition (Box 1.2) or through later

mortality (Kraft et al., 2015). This is therefore the abiotic component of the establishment

filter (Fig. 1.1). If there is heterogeneity in the abiotic environment, for example if diferent

patches have diferent abiotic conditions, then diferent species will be excluded from these

patches, resulting in increased diversity.  This is known as the heterogeneity-diversity

relationship (HDR; Lundholm, 2009). HDRs are a stabilising coexistence mechanism

because niche diferences can cause species to limit conspecifics more than they limit

heterospecifics (Levine & HilleRisLambers, 2009).
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The specific environmental gradients that drive species turnover with succession in TDF are

contested. Many authors have proposed that the most important environmental gradient

with succession is whichever resource is most limiting. It has further been suggested that

this resource is light in wet tropical forests, which becomes highly limiting as succession

progresses (Lebrĳa-Trejos et al., 2011), but is water in TDF, which becomes less limiting with

succession (Lohbeck et al., 2015). Tests of this theory have mostly examined functional trait

distributions throughout succession (Box 1.1). In wet tropical forests, species shift along the

resource economics spectrum with succession, as resource-acquisitive species dominate

in the high-light environment of early succession and are replaced by resource-conservative

species as light levels drop with succession. It has been assumed that TDF will show the

opposite pattern in functional trait turnover, i.e., shift from conservative to acquisitive as

water becomes less limiting with succession (Lohbeck et al., 2015). The expected shift has

been found by Buzzard et al. (2016), Derroire et al. (2018), Poorter et al. (2019), and Werden

et al. (2020a), though the opposite trend was found by Subedi et al. (2019) and changes to

the community-weighted mean (CWM) of individual traits sometimes show unclear or

opposing patterns. For example, the CWM of specific leaf area (SLA), an acquisitive trait,

increased with succession and CWM of wood density, a conservative trait, did not change

with succession in Becknell & Powers (2014), while both wood density and SLA decreased

with succession in Lohbeck et al. (2013).

This could be due to the extreme seasonal variation in abiotic conditions that characterises

TDF. Studies that directly characterised the abiotic environment found that abiotic variables

were determined by an interaction between season and successional stage (Lebrĳa-Trejos

et al., 2011; Werden et al., 2020a). Indeed, it has been proposed that water is the limiting

resource during the dry season, but light is more limiting during the wet season (Derroire,

2016). Seasonality means that temporal variation is important for vegetation dynamics in

TDF. For example, seasonal leaf-fall in TDF means that the spa; al pa<ern of light availability

changes dras; cally throughout the year (Ceccon et al., 2003), and so an individual seedling must

be able to tolerate a broad range of light levels (Brokaw & Busing, 2000), poten; ally precluding

the narrow niche par; ; oning of the light environment that is suggested to occur in wet tropical
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forests (Kobe, 1999). Diferences between studies may also be related to average

precipitation; TDF are found along a steep precipitation gradient from 250 – 2000 mm per

year, and the expected conservative to acquisitive successional shift has been found at the

upper end of this gradient (Costa Rica, 1700 mm per year) but the opposite pattern was

found towards the lower end of this gradient (Mexico, 900 mm per year; Derroire, 2016). A

final explanation for the lack of consistency in resource economics turnover with succession

is that trait turnover with TDFsuccession instead occurs along an axis from drought-avoiding

deciduous species to drought-tolerant evergreen species, which is largely independent from

the resource economics spectrum (Lohbeck et al., 2015). Such shifts in phenological habit

have been widely documented in TDF (Arroyo-Mora et al., 2005; Derroire et al., 2018;

Lohbeck et al., 2015), which are likely to be related to water availability but depend more on

drought severity and length than mean annual precipitation. Indeed, Werden et al. (2020a)

found that ecophysiological traits related to drought-strategy were better predictors of

seedling growth and survival than resource economics. Therefore, species turnover with TDF

succession is related to microclimatic gradients (Werden et al., 2018b), particularly those

related to drought stress, but the relationship is non-linear due to seasonal variation in water

availability.

1.3.2 Establishment limitation due to biotic filters

A species may fail to establish at a given site due to attack by herbivores and pathogens

(together referred to as natural enemies). This can occur at multiple points throughout

recruitment; seed predation is common (Dirzo et al., 2007), and juvenile trees are vulnerable

to attack by herbivores and infection by fungal, bacterial or viral pathogens that can limit

growth and/or cause increased mortality (Forrister et al., 2019). Natural enemy attack is

often non-random, depending on a complex interplay of natural enemy populations and

specialisation, host plant populationsand defences,andenvironmental conditions(Aguilar-

Peralta et al., 2020; Benítez et al., 2013; Krishnadas et al., 2018; Kulikowski et al., 2022).

Non-random natural enemy pressure has been shown to reinforce species-habitat

associations created by abiotic filtering (Fine et al., 2004) and promote diversity at multiple

ontogenetic stages through conspecific negative density-dependence (CNDD; Forrister et
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al., 2019; Krishnadas et al., 2018). One subcategory of CNDD is the Janzen-Connell

hypothesis (Connell, 1971; Janzen, 1970), which posits that specialised natural enemies

reduce recruitment close to conspecific adult trees (Downey et al., 2018; McCarthy-

Neumann & Kobe, 2010), allowing recruitment of heterospecifics instead (Alvarez-Loayza &

Terborgh, 2011). Overall, specialised natural enemies are expected to increase efective

intraspecific competition relative to efective interspecific competition, and thus stabilise

species coexistence.

The relative balance of abiotic and biotic filtering has been found to shift with TDF

succession. Harsh abiotic conditions in early succession, resulting in physiological seedling

failure, are thought to give way to biotic filtering (e.g., natural enemy pressure) later in

succession (Hammond, 1995; Martínez-Ramos et al., 2021). Functional trait distributions

have been used to explore this dynamic. Assuming phylogenetic trait conservation, Maza-

Villalobos et al. (2020) interpreted a shift from phylogenetic clustering to random dispersion

as supporting the hypothesised shift from abiotic to biotic filtering. However, patterns of trait

dispersion with TDF succession are often unclear, and depend on the trait chosen (Bhaskar

et al., 2014; Buzzard et al., 2016; Swenson & Enquist, 2009). Furthermore, common

interpretations of functional trait distributions can be misleading (Box 1.1) and phylogenetic

conservatism has been shown to occur for some ecological traits but not others, so cannot

be assumed (Swenson & Enquist, 2009). The evidence for a shift from abiotic to biotic

filtering with TDF succession is almost entirely derived from interpretations of functional or

phylogenetic dispersion, and alternative methods are needed to confirm the mechanisms

underlying the observed patterns.

Overall, community assembly in TDF succession difers from wet tropical forest succession

due to the efects of seasonality, diferent limiting resources, and simpler forest structure.

However, knowledge gaps remain regarding the balance of abiotic versus biotic filtering, the

relative importance of diferent assembly filters (i.e., dispersal, establishment, growth, and

mortality), and the complex dynamics of species turnover along the multiple non-linear

environmental gradients associated with secondary succession.
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1.4 Restoration ecology

Community assembly theory has clear applicability to the practice of forest restoration. For

example, if the dispersal filter is most limiting, restoration practitioners and land managers

may aim to increase propagule sources by ensuring landscape connectivity (Brokaw &

Busing, 2000) or overcome the dispersal filter through direct seeding or planting (Jakovac et

al., 2021). On the other hand, if establishment is limited by abiotic filtering, local

management actions designed to ameliorate inappropriate abiotic conditions may be more

appropriate (Jakovac et al., 2021). The relevant ecological theory may depend on the goals

of the restoration project. Many restoration projects define success by the survival rates of

planted trees (Banin et al., 2022; Schubert et al., 2024), but community assembly theory

suggests that this must be balanced against the need to restore processes that generate

diversity through random and non-random filtering so that restored forests are diverse and

able to self-propagate this diversity (Oliveira et al., 2019). The relationship between

restoration practice and ecological theory is complementary; restoration can act as an “acid

test” of ecological theories (Bradshaw, 1987), allowing for large-scale empirical tests of our

understandingofcommunity assemblyand species coexistence(e.g.,Werdenet al.,2020a).

My research was designed to answer questions about applied restoration practice, as well

as fundamental ecological processes. Chapter 2 characterised the shifts in the taxonomic

and functional composition of the tree community throughoutsecondary succession, which

can inform species selection for restoration. These data were also separated by ontogenetic

stage to identify the most limiting community assembly filters for restoration practitioners to

target. In Chapter 3, I explored the hypothesis that the diversity of naturally recruited trees in

restored forests can be increased by enhancing environmental heterogeneity. The

experiment presented in Chapter 4 provided data on the growth and survival of ten native

tree species in diferent successional environments and quantified the potential magnitude

of tree mortality caused by natural enemies. In addition to the direct utility of these data for

short-term planning, Chapters 3 and 4 both emphasised the importance of long-term

thinking in forest restoration, as both explored the processes of non-random filtering that

may help to promote the self-propagation of diversity in restored forests.
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1.5 Study site

The research presented in this thesis was conducted at a site in the state of Campeche on

the Yucatán Peninsula in south-western Mexico (Fig. 1.2; 18°40'46.2"N, 90°08'24.4"W). The

climate is warm and sub-humid (Aw, Köppen classification), with a mean annual

temperature of 24 – 28°C and a total annual precipitation of 1200 – 1500 mm (García Gil et

al., 2002; Pablo-Rodríguez et al., 2023). It therefore represents a mid-point on the

precipitation gradient that TDF span, thus addressing an important research gap as the

majority of research into community assembly during TDF secondary succession has taken

place in drier sites elsewhere in Mexico (e.g., Almazán-Núñez et al., 2012; Bravo-Monzón et

al., 2022; Ceccon et al., 2004; Lebrĳa-Trejos et al., 2008, 2010a, 2011; Martínez-Ramos et

al., 2021) or wetter sites in Costa Rica (e.g., Becknell & Powers, 2014; Buzzard et al., 2016;

Werden et al., 2018b, 2020a) and Panama (e.g., Estrada-Villegas et al., 2020). During the

period from 1982 to 2016, precipitation in the region became more intense and more

unevenly distributed throughout the year (Mardero et al., 2020).

The Yucatán Peninsula has a limestone karst geology with little topographic variation,

ranging from about 100 to 360 m above mean sea level. However, even within this limited

topographic range, vegetation varies significantly between the upland areas and low-lying

bajos (Mardero et al., 2020; Vester et al., 2007). This research was conducted in bajo sites,

which are characterised by seasonally flooding Vertisols that have a high clay content,

causing them to undergo shrink-swell cycles (Werden et al., 2018a). The vegetation is

seasonally dry semi-evergreen tropical forest; approximately 25% of the vegetation sheds its

leaves during a pronounced dry season between November and May(Pablo-Rodríguez et al.,

2023). Forests are further categorised in Spanish based on their stature and the seasonal

inundation typical of the bajos, such that the forest in the study site is best described as

selva baja inundable due to its short stature (8 – 15 m high; Pablo-Rodríguez et al., 2023;

Vester et al., 2007). In addition to wet season flooding, forest fires are common in the dry

season (Hernández-Stefanoni et al., 2011, pers. obs.).
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Figure 1.2 Location of study site (red square).

The site is adjacent to the Calakmul Biosphere Reserve, part of the second largest

continuous area of tropical forest in the Americas and the largest protected tropical area in

Mexico (Bohn et al., 2014; Pablo-Rodríguez et al., 2023). The Ancient Mayan civilisation

existed in the region for 3,000 years (~ 2,000 BCE to ~ 900 CE) practicing traditional swidden

agriculture with alternate vegetation removal using slash-and-burn techniques and fallow

periods that allowed the natural process of secondary succession to proceed (Bohn et al.,

2014; Vester et al., 2007). Furthermore, hurricanes regularly flatten large areas of the forest

(Boege, 1995). All forest on the peninsula is therefore secondary (Ceccon et al., 2004;

Sorensen, 2006), though some is old-growth. The precise age of the old-growth forest has
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not been estimated, but some patches may have been undisturbed by human activity for

nearly 1000 years (Vester et al., 2007). A drastic increase in immigration to the region that

began in the 1960s saw an rise in more intensive agricultural practices and cattle ranching

(Bohn et al., 2014; Vester et al., 2007). However, in more recent years further agricultural

intensification and declining rural populations have also led to some land abandonment, a

trend that is being seen across the tropics (Wright & Muller-Landau, 2006). The current

landscape is therefore a mosaic of patches with difering intensity and duration of human

land use and time since abandonment.

The research site has been owned by a forest restoration organisation, Plant-for-the-Planet

Mexico A.C., since 2021. According to historical Google Earth satellite imagery, the western

section of the site has remained closed-canopy forest for at least the past 30 years, though

some selective logging has taken place (pers. obs.). This site is similar in structure and

composition to old-growth forest found in the Calakmul Biosphere Reserve (Bohn et al.,

2014). A central section of the site was partially cleared of vegetation in 2017 but was not

used further and has been naturally regenerating since that time. The eastern section of the

site was used for rice farming and, later, cattle ranching until 2021 (O. E. Verduzco-Salazar,

pers. comm.). From 2021 to present, parts of this eastern section have been planted with a

mix of up to 41 native tree species (see https://www.plant-for-the-planet.org/yucatan/ for

more details), while other regions have been left to regenerate naturally. Cattle are excluded

from the whole site by wire fencing, though this is not completely efective (pers. obs.).

Where trees were planted, the ground was prepared using a tractor-mounted mechanical

rototiller. Grasses growing around the planted trees are periodically removed using

machetes for 5 years after planting.

Diferent parts of this site were used for Chapters 2, 3, and 4. For Chapter 2, 1-hectare plots

(100 m ´100 m) were established in each of the three sites described above (old-growth,

abandoned 2017, and abandoned 2021). These plots therefore represent three stages of

secondary succession: late, mid, and early respectively and are indicated by large squares

in Figure 1.3. For Chapter 3, 20 circular plots were established across all three sites

(indicated by stars in Fig. 1.3). Seven plots were randomly located within the old-growth
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forest, six were randomly located in areas that had regenerated naturally (in both areas

abandoned in 2017 and in 2021), and six plots were randomly located in areas that had

undergonerestoration tree plantingsince 2021.These plots therefore represent two diferent

restoration interventions (natural regeneration and tree planting), as well as an old-growth

forest to act as a reference ecosystem, but are also confounded with the successional

gradient. Finally, for Chapter 4, nine 4 ´10 m plots were established for an outplanting

experiment in random locations in the same three successional stages as Chapter 2

(indicated by yellow triangles in Fig. 1.3). These experimental plots were close to the three 1-

ha plots, but their exact locations were generated randomly so they were treated as

independent replicates. In all cases, successional stage is confounded with previous land

use intensity. This is a common challenge for studies of secondary succession, as less

productive and intensively used sites are more likely to be abandoned (Chazdon &

Guariguata, 2016; Jakovac et al., 2021). All sites are selva baja inundable growing on

Vertisols.
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Figure 1.3 Satellite images of study site in June 2023 (wet season) with plot locations

indicated. Centre: Locations of circular plots used in Chapter 3 (stars); top: late

successional forest; right: early successional naturally regenerated forest; bottom: mid

successional naturallyregenerated forest. Large squares indicate location of 1-ha plots used

in Chapter 2; yellow triangles indicate locations of plots used in Chapter 4. Images from

Google Earth, Ó2025 CNES / Airbus.
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I directly characterised abiotic conditions across the successional/land use intensity

gradient (Table 1.1). Mean canopy openness decreased by approximately 80% with

succession. In contrast, edaphic properties showed very little variation across the

landscape. Soil carbon and nitrogen content were highly correlated (Pearson’s r = 0.90) and

were lowest in the mid successional environment. Soil pH varied independently to soil

carbon (r = -0.06) and nitrogen (r = 0.18) and decreased along the successional gradient. Soil

texture was determined with thewidely usedUSDA Soil Texture Triangle based on the relative

percentages of sand, silt, and clay (Groenendyk et al., 2015). The early successional

environment had sandy clay loam soils, with a higher sand content, while the mid and late

successional environments had sandy clay soils, with a higher clay content.

Successional environment

Early Mid Late

Canopy openness 0.92 ± 0.03 0.26 ± 0.01 0.18 ± 0.005

Soil carbon (%) 3.49 ± 0.21 3.05 ± 0.14 4.66 ± 0.24

Soil nitrogen (%) 0.33 ± 0.02 0.20 ± 0.01 0.35 ± 0.02

Soil pH 7.78 ± 0.02 6.75 ± 0.04 6.70 ± 0.03

Soil % sand 56.58 ± 1.53 46.97 ± 0.46 49.34 ± 0.35

Soil % clay 29.33 ± 2.51 45.49 ± 0.55 43.86 ± 0.34

Soil % silt 14.09 ± 1.25 7.54 ± 0.36 6.79 ± 0.27

Table 1.1 Mean ± standard error of measured abiotic variables across the successional

gradient in the study landscape.



36

Chapter 2: Secondary succession of a seasonally dry

tropical forest is taxonomically stochastic but functionally

deterministic

2.1 Introduction

Approximately 72% (2.96 billion ha) of forest area globally has been disturbed, degraded or

otherwise significantly changed by human activities (FAO, 2020). Many of these forests are

now recovering, whether through natural regeneration or active restoration eforts, such that

secondary forests are an increasingly important ecosystem type. Over 28% of lowland forest

in the Latin American tropics is secondary forest (Chazdon et al., 2016), and these forests

are recognised as important sources of ecosystem goods and services such as biodiversity

habitat, carbon sequestration, and provision of timber and non-timber forest products

(Chazdon, 2008; Chazdon et al., 2016). Patterns of tree species diversity and composition in

these secondary forests, vital for ensuring their functioning and resilience, are generated by

community assembly processes throughout secondary succession (Chazdon & Guariguata,

2016; Norden et al., 2009b).

One framework for understanding community assembly is that species in the global species

pool must pass through a hierarchical series of filters to form the local site-level community

(Götzenberger et al., 2012). In this framework, ecological filters act at diferent stages of tree

ontogeny: dispersal, establishment and persistence (Marques & Burslem, 2015). The

dispersal filter removes species that do not arrive at the site. The establishment filter

removes species that arrive as propagules but are unable to germinate and establish as

seedlings. Subsequent filters act by limiting growth and survival of established seedlings. A

species may fail to pass through each filter for deterministic reasons, i.e., the functional

traits of that species interact with the filter in such a way that prevents it from passing

through (Lebrĳa-Trejos et al., 2010b). This may be due to abiotic processes, such as

environmental filtering, and/or biotic processes, which can include competition, facilitation
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and attack by pests, pathogens, or predators (Kraft et al., 2015). A species may also fail to

pass through a filter by random chance, introducingan important stochastic component into

community assembly (Norden et al., 2015).

There is ongoingresearch into the relative importance of abioticversusbiotic filters, and how

important their deterministic interactions with species identity and/or functional traits are

relative to stochastic processes. This maps on to the classic niche versus neutral debate in

community assembly (Chase & Leibold, 2003; Hubbell, 2001). As with the move away from

a strict niche-neutral dichotomy, it is generally accepted that both abiotic and biotic

deterministic filters, as well as stochastic processes, are important (Shoo & Catterall, 2013),

but each may play a relatively greater or lesser role in determining community composition

under diferent conditions. It is vital to understand which filters are limiting community

assembly in secondary forest succession because these can prevent natural regeneration,

which is often the most cost-efective approach to the restoration of resilient forest

ecosystems (Chazdon & Guariguata, 2016; Gilroy et al., 2014).

Community assembly processes may also change along a successional gradient. Both

dispersal and establishment are highly limited in early successional forests (Holl, 1999; Holl

et al., 2017; Martínez-Ramos et al., 2021). Werden et al. (2020b) found that dispersal

limitation decreased with succession, while establishment limitation increased, possibly

due to increased negative density-dependence or deeper leaf litter. Furthermore, multiple

authors have hypothesised that abiotic processes such as habitat filtering dominate early in

succession while biotic processes become increasingly important as succession

progresses (Lohbeck et al., 2014; Martínez-Ramos et al., 2021). However, the evidence for

this is mostly based on analyses of the dispersion of functional trait or phylogenetic

distributions, a method that has been criticised as the same distribution can result from

diferent processes (Kraft et al., 2015; Li et al., 2015). Understanding how the balance of

stochastic, deterministic, biotic, and abiotic community assembly processes change

throughout succession can help to predict how secondary forest community composition

and patterns of diversity will change through time.
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Conclusions about the relative importance of diferent community assembly processes also

depend on the spatial scale of sampling (Cottenie, 2005). In a meta-analysis of community

assembly studies on woody plants, Götzenberger et al. (2012) found that the proportion of

tests suggesting biotic assembly increased with the spatial extent of sampling. This was

unexpected; larger spatial scales encompass more environmental heterogeneity, so it is

generally thought that abiotic filtering is more likely to be observed (Davies et al., 2005;

Nishizawa et al., 2022; Townsend et al., 2008). In contrast, biotic processes, such as

conspecific negative density dependence (CNDD), require individuals to be physically close

to each other, and so biotic processes are generally considered to occur at small spatial

scales (Comita & Hubbell, 2009; Kraft & Ackerly, 2010).

We used large-scale, spatially explicit surveys of tree communities across three ontogenetic

stages (seed, juvenile, and adult) and three stages of secondary succession (early, mid, and

late) to explore the changes in the taxonomic and functional composition of these

communities within a tropical dry forest ecosystem. The majority of research into

community assembly has taken place in intact wet tropical forests (Sunderland et al., 2015).

However, 42% of tropical forests are tropical dry forests (TDF; Murphy & Lugo, 1986) and

there is growing evidence that the balance of assembly processes is changed by the climatic

diferences between these two forest types (Cottenie, 2005). The most important diference

that relates to secondary succession is that the limiting resource in wet tropical forest

succession is often light, while multiple studies have found that water limitation defines the

successional gradient in TDF (Ceccon et al., 2006; Lohbeck et al., 2015). Therefore, while

late successional species in wet tropical forest need conservative traits to survive in the

light-limited understory, in TDF conservative traits are required in the water-stressed

environment of early successional forest. Consistent with this model, Buzzard et al. (2016)

and Poorter et al. (2019) found a shift from conservative to acquisitive trait syndromes with

TDF succession, though the picture is complicated as the same individual can have both

conservative and acquisitive traits (Werden et al., 2018a, 2022a) and the selection and

measurement of functional traits most relevant to robustly categorise the community

remains challenging (de Bello et al., 2021; Werden et al., 2020a). As such, there have been
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multiple calls for more research in TDF ecosystems to identify ways in which they difer from

wetter ecosystems, and gain a fuller picture of how plant communities develop in

regenerating tropical forests (Jakovac et al., 2021; Werden et al., 2020a).

Our investigation aimed to address four questions in this seasonally dry forest landscape.

Firstly, we investigated how the taxonomic and functional composition of juvenile and adult

tree communities changes along a successional gradient. Secondly, we asked whether

these changes move deterministically through successional stages towards a “climax”

community (Derroire et al., 2016a; Powers et al., 2009; Rozendaal et al., 2019) or are

stochastic and unpredictable (Chazdon et al., 2007; Norden et al., 2015; Poorter et al.,

2021). Third, to explore the drivers of these changes, we assessed whether the abiotic

environment also exhibits predictable changes across the plots, and, fourth, how

community composition might be shaped by abiotic or biotic limitation during juvenile

recruitment (Marques & Burslem, 2015; Muller-Landau et al., 2002; Norden et al., 2009a;

Werden et al., 2020b), when the processes causing non-random mortality are strongest

(Green et al., 2014).

2.2 Materials and Methods

2.2.1 Study system

The study was carried out in a mosaic TDF landscape in Mexico (18°40'46.2"N,

90°08'24.4"W), described in detail in section 1.5 (Main introduction). We established three

1-ha (100 ́100 m) plots across this landscape. Potential plots were initially identified based

on a map of Normalised Diference Vegetation Index (NDVI) across the site (Hartter et al.,

2008), followed by field visits and examination of satellite images to verify successional

stage. The early successional plot had been used for rice cultivation and, later, cattle pasture

for over 30 years, up until abandonment 2 years before the study took place (O. E. Verduzco-

Salazar, pers. obs.). Based on satellite photography, the mid successional plot was cleared

of forest 5 years before the study took place. Occasional larger trees were left standing, and

the site was not used further and has been naturally regenerating since that time. The late
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successional plot has continuously remained closed-canopy forest for at least the past 30

years, and only a few trees have been removed.

2.2.2 Tree census

Within each 1-ha plot, we censused the woody plant community (93 tree species, 1 palm

species and 4 liana species, so we will refer to this as the “tree community”) at three

ontogenetic stages: seeds; seedlings and saplings (henceforth “juveniles”, 10 – 200 cm tall);

and adults (> 200 cm tall and > 5 cm diameter at breast height (DBH)). Seeds were sampled

using 0.5 ́ 0.5 m seed traps consisting of a 40 cm deep mesh bag suspended 1 m above the

ground. Juveniles were sampled in 2 ́ 2 m quadrats, and adults were sampled in 10 ́ 10 m

quadrats to account for the diferent sizes of the individuals. Each 1-ha plot was divided into

100 subplots, and a juvenile quadrat was placed in a random location in every other subplot

and at the four corners of the plot (Fig. 2.1). Half of these quadrats were randomly selected

to also receive a seed trap and adult quadrat, so that 25 of the 54 sampling stations in each

plot had nested adult, juvenile and seed surveys used to track community reassembly

across ontogenetic stages (Fig. 2.1).

Figure 2.1 Schematic of sampling design. 54 sampling stations were established in each

of three 100 ́ 100 m plots, each of which were divided into 10 ́ 10 m subplots. A station was
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established within every other subplot, centred on a random location (indicated by a red

cross) and on each of the plot corners. Each station consisted of a 2 ´2 m quadrat within

which all woody plants between 10 and 200 cm in height were censused. 25 stations in each

plot were randomly selected to also receive a seed trap (0.5 ´0.5 m) and an adult tree

quadrat (10 ́ 10 m).

Individual juveniles and adults were identified to species in the field. Where identification in

the field was not possible, leaves and stems were saved in a plant press and identified after

the census using published local guides. The seed traps were deployed for 11 full months

from May 2022 until March 2023 and were emptied every 2 weeks (every 4 weeks during the

dry season). Due to sampling limitations, we did not collect seed rain in the month of April,

and so may be missing species that only disperse during this month. If any species are

missing these are likely to be those species that fruit during the rainy season, which tend to

be fleshy-fruited zoochorous species (Derroire, 2016). Seeds were counted and identified to

species where possible using published local guides and the seed bank at the Regional

Laboratory for the Study and Conservation of Germplasm, CICY, Mérida. All seeds with > 15

individuals were identified to genus or species, except for one morphospecies with 430

individuals and one morphospecies with 60 individuals where we lacked a clear ID. The

majority of unidentified morphospecies were only represented by one or two individuals. In

total, 84.3% of all individual seeds were identified to genus or species. Where species could

not be identified, they were given a unique morphospecies identity. In all cases, taxonomic

names follow the World Flora Online (WFO) Plant List as of 20/11/2024.

2.2.3 Abiotic variables within plots

All abiotic measurements were taken during the dry season between February – May 2022,

the leaf-of period for deciduous species. In the centre of each 2 ́ 2 m quadrat we took a

360° hemispherical photosphere (N = 162) using the Google Street View app (Google LLC)

and a smartphone camera on a 1 m high tripod. Raw canopy photos were processed using

the Python-3 and scikit-image tool Cano.py (Waring et al., 2024)to calculate percent canopy
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openness. In brief, images were converted to hemispherical through polar projection, then

automatically binarised with a threshold of 0.8. To ensure the binarisation step was

completed correctly, we checked each image for clouds that were misclassified as canopy

and manually brightened them. Canopy openness is the area of the sky hemisphere that is

not canopy and was calculated following ter Steege (2018).

We also took 3 soil cores to 15 cm depth as close as possible to the centre of each quadrat

and combined the three cores into one sample (N = 162). Soil samples were air-dried and

sieved (2 mm). Soil pH was measured on a 1:5 solution of soil: deionised water using a

Hanna HI5222 bench pH meter. Soil samples were then ground to fine powder, acidified with

addition of 6% H2SO3 to remove carbonates, oven-dried at 65°C, and analysed for total

organic carbon and nitrogen content (%) on a ThermoFlash EA 1112 Elemental Analyser. Soil

particle size distribution (sand, silt and clay percentages) was measured using the

hydrometer method (Gavlak et al., 2005) on bulked soil samples from three adjacent

quadrats (to ensure suficient soil weight (60 g) for the protocol).

2.2.4 Functional traits of tree recruits

Functional trait data for all species were compiled from publicly available TRY data (Kattge

et al., 2020), data tables in the relevant literature, and field measurements following Pérez-

Harguindeguy et al. (2013). Sources of all functional trait data are given in Table S2.1. Where

sources gave diferent values, the value obtained from the most geographically proximate

site was given preference. Field measurements were taken for 10 focal species chosen using

a stratified method to represent each leaf phenological group and are highlighted in Table

S2.1. Traits were chosen that were hypothesised to be relevant to species’ responses to the

expected major resource gradients with secondary succession: light and water availability.

Where species-level trait coverage was < 60% of species and/or individuals (which was the

case for seed mass, petiole length and specific leaf area (SLA)), we included the genus-level

average value where available to increase the trait coverage. The final set of functional traits

used in the study and their coverage is shown in Table 2.1. Where analyses of adult and

juvenile functional community composition required abundance-weighted trait data (i.e.,



43

community-weighted mean; CWM), trait coverage was calculated as a percentage of all

individuals in the dataset. The recruitment limitation analysis required species-level trait

data for selected species present as seeds and/or juveniles (see section 2.2.5.4 for further

details of species selection), so trait coverage was calculated as a percentage of all species

in the recruitment limitation dataset.

Trait Biological interpretation Trait coverage:

juvenile

individuals

Trait coverage:

adult

individuals

Trait coverage

of species in

recruitment

limitation

dataset

Maximum

height (m)

Associated with rapid

growth for light acquisition

91% 91% 88%

Seed mass

(mg)

Represents a trade-oA

between

fecundity/dispersal and

establishment

89% 87% 88%

Petiole

length (mm)

Longer petioles maximise

light capture

87% 76% 76%

Specific Leaf

Area (SLA)

(mm2mg-1)

Indicates light uptake as a

function of investment in

leaf production

74% 77% 80%

Leaf

phenological

habit

Deciduous trees are

drought-avoidant,

evergreen trees are

drought-tolerant

98% 100% 92%

Leaf type Compound leaves are

associated with

desiccation avoidance and

fine-tuning the drought

response

100% 100% 96%
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Nitrogen

fixation

Species that form

symbioses with bacteria

that do biological nitrogen

fixation

99% 99% 96%

Table 2.1 Functional traits used in the analyses.

2.2.5 Statistical analysis

All statistical analysis was done using R version 4.2.3 (R Core Team, 2023) and the vegan

package (Oksanen et al., 2024) was used for all analyses unless otherwise noted. We used

ordination-based methods to address our first question, whether the composition of plant

communities varied among plots (i.e., through a successional/land use gradient). We

explored our second question, whether changes in composition are deterministic or

stochastic, through analyses of the trajectory of the taxonomic and functional composition

of the tree community along the successional chronosequence. To explore the potential

drivers of determinism, we also directly measured how the abiotic environment changed

across the plots. We then used spatially explicit recruitment limitation analysis to explore

how changes in juvenile recruitment responded to the abiotic and biotic changes associated

with secondary succession.

2.2.5.1 Exploring changes to taxonomic and functional community composition with

secondary succession.

We first examined how the diversity and community composition of seeds, juveniles, and

adults varied across successional stages. We tested for variation in observed species

richness between plots using ANOVA, treating each station as an independent replicate (N

seeds = 75; N juveniles = 162; N adults = 75). Rarefaction and extrapolation of species

richness in each plot was performed using the iNEXT package (Hsieh et al., 2016). Species

richness at the curve asymptote was estimated by extrapolation.
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We tested whether communities difered significantly across stages of secondary

succession (i.e., among plots) using permutational multivariate analysis of variation

(PERMANOVA). Pairwise comparisons between all pairs of successional stages were tested

and p-values Bonferroni corrected for multiple comparisons. The assumption of equal

within-group variance was tested using distance-based tests for homogeneity of

multivariate dispersions (Anderson, 2006) and diferences between the mean distance-to-

centroid of the successional stage groups and 95% confidence intervals were calculated

using Tukey’s Honest Significant Diference (HSD) method. The assumption of equal

variance within each group was violated in some cases (see Box S2.1 for details).

PERMANOVA is robust to violations of the assumption of homogeneity of variances, but any

diferences in community composition may be driven by heterogenous within-group

variation, diferences in the group mean values, or both.

To visualise how the juvenile and adult tree communities varied in their taxonomic and

functional composition across the successional gradient, we used non-metric

multidimensional scaling(NMDS) to produce unconstrained ordinations of the communities

in all 2 ́ 2 m quadrats (for juveniles) or 10 ́ 10 m quadrats (for adults). For the taxonomic

composition, the NMDS was performed on a Chao dissimilarity matrix (Chao et al., 2005). A

Bray-Curtis dissimilarity matrix (Bray & Curtis, 1957) was also used and gave visually similar

results. For the functional composition, the NMDS was performed using Gower’s distance

based on theCWMvalues for traits. Functional trait variables were additionally fit to the trait-

based ordination to show the correlation of individual functional traits with overall functional

dissimilarity.

2.2.5.2 Are the changes to taxonomic and functional community composition with

secondary succession stochastic or deterministic?

To explore the changes in the composition of plant communities through secondary

succession, we considered each combination of successional and ontogenetic stage to

represent a unique stage in a successional chronosequence and looked for

taxonomic/functional similarities among them. This is essentially an extension of the classic
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space-for-time substitution (chronosequence) approach commonly used to study

successional dynamics. During succession, the adult trees modify the abiotic and biotic

environment such that the juveniles that recruit under them experience diferent conditions

to those experienced by the adult trees when they were recruited (Derroire et al., 2016c). We

therefore assume that the juveniles of one successional stage are experiencing conditions

closer to that experienced by the adults of the subsequent successional stage. For example,

the present-day adult trees in the mid successional plot have regenerated following forest

clearance ~5 years earlier. Therefore, as juveniles, these plants would have experienced a

similar environment to those currently growing in the early successional (~2 years

abandoned) plot. As such, the order of the successional chronosequence is: juveniles in the

early successional plot (there were no adults recorded in this plot), adults in the mid

successional plot, juveniles in the mid successional plot, adults in the late successional

plot, and juveniles in the late successional plot.

We then performed the following analyses on the dataset, each time grouping individuals in

four diferent ways: by species (taxonomic composition), or by three categorical functional

traits: leaf phenological habit (deciduous, brevi-deciduous or evergreen), leaf type

(compound or simple) and biological nitrogen fixation ability (nitrogen-fixer or non-fixer) We

calculated the relative abundance of each group within each community. To explore whether

the changes in taxonomic and functional composition followed a stochastic or deterministic

pattern at each stage in the successional chronosequence, we compared each community

to the communities directly preceding and directly following it. If communities had a similar

composition, we considered this to be evidence for deterministic processes in the assembly

of those communities. This is because the communities are not actually related (e.g., the

mid successional adults have not actually grown from the early successional juveniles), so

compositional similarity would suggest that similar processes have assembled both

communities despite assembling at diferent times and in diferent locations.

For each pair of communities, the null hypothesis of no diference in the distribution of

individuals between the taxonomic (species) and functional groups was tested using

Fisher’s Exact Test, as the assumptions of the c2 test of independence were violated. P-
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values were computed by Monte Carlo simulation with 9,999 replicates.  The relative

abundance of each group in each community was visualised using an alluvial plot, where

each stratum represented a taxonomic (species) or functional group, and each point on the

x-axis represented a stage in the successional chronosequence. Flows were included from

one stage to the next where the species identity was the same.

We then used ecological trajectory analysis (ETA; De Cáceres et al., 2019) to explore the

pattern of taxonomic and functional composition with succession in a way that enabled us

to include the multidimensionality of the community data. Taxonomic and functional

dissimilarity was calculated as in section 2.2.5.1. Following this we performed Principal

Coordinates Analysis (PCoA) on the dissimilarity matrices and the trajectories in the

ordination space were drawn onto the PCoA plots. The PCoA plot is a two-dimensional

representation of a multidimensional dissimilarity matrix, so the lengths of the drawn

trajectory segments may not correlate linearly with the true distance between two

communities. Likewise, the lengths of the taxonomic and functional trajectories cannot be

directly compared because the dissimilarity matrices were calculated using diferent

metrics (Chao for taxonomic dissimilarity and Gower for functional dissimilarity). We

therefore calculated the length of each segment as a percentage of total trajectory length.

2.2.5.3 Do changes to functional community composition reflect a resource availability

gradient?

To determine whether abiotic variables influenced observed community patterns across the

successional gradient, we tested for variation in abiotic variables (canopy openness, soil pH

and soil particle size distribution) among plots using ANOVA followed by Tukey’s HSD test. If

the variable was markedly non-normal, we used the non-parametric Kruskal Wallis test

followed by the Pairwise Wilcox Test instead. P-values of pairwise tests were Bonferroni

corrected for multiple comparisons.

2.2.5.4 Are changes to functional composition occurring at the stage of juvenile recruitment

driven by abiotic or biotic limitations to recruitment?
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We calculated observedversus expected dispersal and establishment limitation for for each

unqiue combination of species ́ plot (i.e., for each species at each successional stage), to

assess how abiotic filtering and density-dependent dynamics might play out over our

successional/land-use gradient. Recruitment limitation calculations follow Muller-Landau

et al. (2002). For each species in each plot, dispersal limitation refers to the proportion of

seed traps that did not receive seeds, and establishment limitation refers to the proportion

of stations that received seeds but that did not have a juvenile. Thus, dispersal limitation for

species !was calculated as

1 −
$stationsreachedbyseedsofspecies!

totalnumberofstationsinplot

Establishment limitation was calculated as

1 −
$stationswithbothseedsandjuvenilesofspecies!

$stationswithseedsofspecies!

To further decompose recruitment limitation into that arising from limited numbers of

seeds/juveniles and that arising from the limited distribution of available seeds/juveniles

(Muller-Landau et al., 2002), we compared observed recruitment limitation to expected

recruitment limitation under a stochastic uniform distribution of seeds/juveniles. Expected

limitation was calculated as the mean recruitment limitation of 1000 simulated distributions

of seeds and juveniles at stations based on a Poisson distribution with an equal expectation

at all stations that is equal to the mean abundance of that species in the plot (following

Norden, et al. (2009b), further details given in Box S2.2). The diference between observed

and expected limitation is given as ∂ recruitment limitation. ∂ recruitment limitation varies

from -1 to 1; positive values indicate a species is more limited than expected, and vice versa

for negative values.

To assess whether deviations from expected dispersal, and establishment limitation were

linked to species’ traits and/or driven by density dependent processes, ∂dispersal limitation and

∂establishment limitation were modelled as a function of functional traits and conspecific

abundance (of seeds, juveniles and adults). Abundance data were corrected for diferences
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in the sampled area to scale counts of seeds, juveniles and adults to one hectare (Marques

& Burslem, 2015). Only biologically relevant a priori hypotheses were tested. For example,

only maximum height and seed mass were used as predictor traits for ∂dispersal limitation, as

leaf traits like SLA and phenological habit were not expected to impact dispersal. Response

variables were bounded between 0 and 1 and so were modelled using generalised linear

mixed models (GLMM) with a zero-inflated beta error distribution, with species as a random

efect. Where the random efect had a variance of 0, it was removed from the model to avoid

a singular model fit. The marginal and conditional R2 for mixed models were calculated

following Nakagawa & Schielzeth (2013). We first tested for interactions between plot and

predictor variables in modelling ∂dispersal and ∂establishment limitation values with mixed-efects

two-way ANOVAs (Type-III). We then tested for diferences in ∂dispersal and ∂establishment limitation

values with mixed-efects one-way ANOVAs (Type-II to account for the unbalanced number

of species in each plot) for each predictor variable.

2.3 Results

2.3.1 Species identification and diversity.

We recorded 15,665 seeds of 65 morphospecies, of which 23 were identified to species

(35.4%) and two were identified to genus (3.1%), representing 96.2% of all seeds collected.

No unidentified morphospecies were used in the analyses except in the estimation of

species richness. We recorded 2,610 juveniles of 65 morphospecies, of which 61 were

identified to species (93.8%) and one was identified to genus (1.5%), together representing

98.7% of individuals. We recorded 531 adults of 35 morphospecies, of which 31 were

identified to species (88.6%), with one identified to genus (2.9%), representing 99.1% of

individuals.

Observed species richness was significantly diferent among plots for all three ontogenetic

stages (seed F2,72 = 23.7, p < 0.001; juvenile F2,159 = 99.14, p < 0.001; adult F2,72 = 259.2, p <

0.001). Rarefied seed species richness was estimated to be intermediate (mean: 40; 95% CI:

23 – 80) in the early successional plot, lowest (32; 20 – 52) in the mid successional plot and

highest (45; 37 – 61) in the late successional plot. Rarefied juvenile species richness
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increased almost six-fold on average across the successional gradient: it was estimated to

be lowest (17; 13 – 26) in the early successional plot, intermediate (60; 35 – 98) in the mid

successional plot, and highest (99; 43 – 168) in the late successional plot. Similarly,

estimated adult species richness increased over three-fold from 10 (9 – 16) in the mid

successional plot to 36 (30 – 52) in the late successional plot. There were no adult trees in

the sampling stations in the early successional plot.

2.3.2The taxonomic and functional composition of both adult and juvenile tree communities

changed with secondary succession.

The juvenile (Fig. 2.2A & C) and adult (Fig. 2.2B & D) communities associated with early, mid,

and late-successional plots form clearly distinct groups (Juvenile community PERMANOVA:

taxonomic F2,130 = 42.76, p = 0.001; functional F2,130 = 46.27, p = 0.001; p = 0.003 for all

pairwise comparisons. Adult PERMANOVA: taxonomic F1,42 = 23.65, p = 0.001; functional F1,40

= 68.52, p = 0.001). Earlier successional communities are more dispersed in taxonomic and

functional space than late successional communities (Box S2.1). Both taxonomic and

functional composition change directionally along the NMDSaxes with succession, and this

is particularly apparent for the juvenile community (Fig. 2.2A). The correlation of specific

functional traits with the overall functional ordinations (arrows, Fig. 2.2C & D) suggests that,

with succession, the juvenile community becomes increasingly dominated by evergreen

species with greater maximum height and larger seeds. Species with greater maximum

height also become increasingly important in the adult community, as well as species with

simple leaves, and no ability to fix nitrogen.
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Figure 2.2 The taxonomic (A juveniles; B adults) and functional (C juveniles; D adults)

composition of the tree community changed with secondary succession. Non-metric

multidimensional scaling (NMDS) of (A & B) species composition based on the Chao

dissimilarity index (Chao et al., 2005); (C & D) functional composition based on the Gower

dissimilarity index. Stress of the unconstrained ordinations was A = 0.06, B = 0.08, C = 0.11,

D = 0.05. Blue squares are early successional quadrats, green triangles are mid-

successional quadrats, red circles are late successional quadrats. The cluster of points was

magnified in A for clarity. Covariation of individual functional traits with overall functional
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dissimilarity is indicated by arrows in C & D, where longer arrows indicate a stronger

association.

2.3.3 Juvenile tree community composition appeared to be taxonomically stochastic but

functionally deterministic.

There were no clear patterns in the taxonomic composition of plant assemblages over the

successional chronosequence. The proportion of individuals in each taxonomic (species)

group was significantly diferent between each pair of communities. (Fig. 2.3A). However,

when exploring functional groups defined by species’ traits, a clear pattern emerged. The

juveniles of a plot belonging one successional stage showed diferent functional

composition to the adult community preceding them but very similar functional

composition to the adult community following them (Fig. 2.3B – D).



53

Figure 2.3 Community assembly was (A) taxonomically stochastic but (B – D)

functionally deterministic for selected functional traits during secondary succession.

Each community contained a diferent number of total individuals, so the relative

abundance of each species within each community was calculated to make composition

comparable between communities. Species are grouped and coloured by (A) species-level

taxonomic identity, (B) leaf phenological habit, (C) leaf type, and (D) biological nitrogen
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fixation ability. Within a community (defined by the unique combination of ontogenetic and

successional stage), species are separated by white lines, and where the same species is

found in two adjacent communities, this is indicated by a flow between them. Fisher’s Exact

Test was used to test the null hypothesis that the proportion of individuals in each group was

the same between the juvenile and adult communities along the successional gradient.

Significance of Fisher’s Exact Test for each pair of communities is indicated in the figure: p <

0.05 *, p < 0.01 **, p < 0.001 ***.

In ecological trajectory analyses (ETA), both the taxonomic and functional trajectories

moved consistently in one direction along the first PCoA axis with succession (Figure 2.4),

suggesting a deterministic successional trajectory. The first two PCoA axes captured 77% of

the variation in taxonomic composition (Fig. 2.4A) and 92% of the variation in functional

composition (Fig. 2.4B). The taxonomic trajectory was composed of three compositional

shifts of roughly equal magnitude between the early juvenile, mid adult, mid juvenile and late

adult communities (Fig. 2.4A; 33.4%, 30.8% and 29.2% respectively of the total trajectory

length). The compositional change between late successional adults and late successional

juveniles (the presumed ofspring of those adults) only represented 6.6% of the total

trajectory length, reflecting the higher number of shared species between these two

communities (Fig. 2.4A). By contrast, the magnitude of the shifts in functional composition

varied along the trajectory (Fig. 2.4B). The shift from the early juvenile community to the mid

adult community formed only 9.4% of the total trajectory length. In contrast, the shift from

the mid adult community to the mid juvenile community represented 43.5% of the total

trajectory length. This result for overall functional dissimilarity is consistent with the pattern

observed for leaf phenological habit, leaf type and nitrogen fixation ability (Fig. 2.3B-D),

whereby adult communities are more functionally similar to the juvenile community

preceding them than the juvenile community following them, indicating that the major

changes in functional composition occur during recruitment. However, the pattern was not

observed later in succession, where the shifts between the mid juvenile community, late
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adult community and late juvenile community are of a similar magnitude (23.2% and 23.9%

of total trajectory length respectively).

Figure 2.4 Trajectories of (A) taxonomic and (B) functional composition were both

directional with succession, but the major shifts in functional composition took place

during recruitment. The length of each segment as a percentage of total trajectory length is

shown, as taxonomic and functional trajectories were based on Chao and Gower

dissimilarity matrices respectively, and as such the lengths are not directly comparable.

Communities are ordered by their position within the successional chronosequence: it

begins with juveniles in the earliest successional plot (where there are no adults) and ends

with the juveniles of the late-successional plots (presumed to be the ofspring of the adults

currently growing there).

2.3.4 Plant communities spanned a strong resource availability gradient

Canopy openness was significantly diferent between all successional stages and

decreased as succession progressed (Fig. 2.5A). Soil texture and pH did not difer between

mid and late succession, but in early succession soil pH (Fig. 2.5B) and sand and silt content
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(Fig. 2.5E & G) was higher, while clay content (Fig. 2.5F) was significantly lower. Soil carbon

content was higher in late succession than in early or mid succession (Fig. 2.5C) and soil

nitrogen content was lower in mid succession than in early or late succession (Fig. 2.5 D).

Figure 2.5 Light availability decreased with succession, while water availability was

lowest early in succession. All measured abiotic variables difered significantly across the

successional gradient (ANOVA: canopy openness F2,159= 824.30, p < 0.001; pH F2,159= 303.20,

p < 0.001; % carbon F2,159 = 28.51, p < 0.001; % nitrogen F2,159 = 28.51, p < 0.001; % sand F2,48
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= 28.17, p < 0.001; % clay F2,48 = 35.41, p < 0.001; % silt F2,48 = 27.25, p < 0.001). Significance

of pairwise comparisons is indicated in figure: p < 0.05 *, p < 0.01 **, p < 0.001 ***.

2.3.5 Changes to functional composition occurring at the stage of juvenile recruitment

showed evidence of biotic drivers

The unit of analysis in our analysis of recruitment limitation was the unique combination of

species identity and successional stage, i.e., ‘Croton arboreus in the early successional

plot’. Recruitment limitation was widespread among identified species, and this was

consistent across successional stages. For 21 of the 37 cases for which dispersal limitation

was calculated, species were significantly more dispersal limited than the null expectation

(Table S2.2). In the remaining instances, dispersal limitation did not difer from the null

expectation and ∂dispersal limitation was not negative in any instance. Establishment

limitation, which was consistently high across species and successional stage (³0.77

across all instances), was significantly greater than expected for 9 of the 22 cases for which

it was calculated, and did not difer from the null cases in the remaining instances (Table

S2.3).

Surprisingly, variation in ∂dispersal limitation and ∂establishment limitation was not explained by

successional stage, selected functional traits, or any interaction between the two (Table

S2.4). ∂establishment limitation was influenced by the interaction between seed mass and

successional stage, where ∂establishment limitation increased with seed mass in the late

successional plot but not in the early or mid successional plots (Fig. S2.1). However, this

interaction was not significant when a potential outlier species (Gymnopodium floribundum)

was removed and therefore was not considered robust.

In contrast to the weak impacts of functional traits, variation in ∂ recruitment limitation was

well-explained by the abundance of conspecifics in the same ontogenetic stage. ∂dispersal

limitation was best explained as a quadratic function of log-transformed conspecific seed

abundance (Fig. 2.6A; c2
df = 1 = 33.87, p < 0.001), indicating that ∂dispersal limitation peaked at
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intermediate conspecific seed abundances. ∂establishment limitation increased linearly with log-

transformed conspecific juvenile abundance (Fig. 2.6B; c2
df = 1 = 101.85, p < 0.001).

Figure2.6∂ recruitment limitation respondedto abundance of conspecifics at the same

ontogenetic stage. (A) ∂dispersal limitation increased with conspecific seed abundance up to

an abundance of approximately 2,600 seeds per hectare, after which ∂dispersal limitation

decreased with increasing conspecific seed abundance. (B) ∂establishment limitation increased

linearly with conspecific juvenile abundance. Shaded area indicates 95% confidence

interval.

2.4 Discussion

We have demonstrated that the composition of juvenile and adult tree communities

changes both taxonomically and functionally with secondary succession. We further

explored the assembly processes that have generated these compositional changes and

assessed whether the same processes drive the changes in both taxonomic and functional

composition. Below, we discuss how both abiotic and density-dependent processes

influence plant communities in regenerating tropical dry forest, and how these patterns

might shed light on the best ways to restore this vulnerable ecosystem.
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2.4.1 Secondary succession was taxonomically stochastic but functionally deterministic

Moving along a successional gradient from a recently abandoned pasture to a > 30-year-old

forest stand, both juvenile and adult tree communities became markedly more diverse. The

taxonomic composition of both juvenile and adult tree communities also exhibited

pronounced diferences among plots, and the magnitude of the change in taxonomic

composition was roughly equal between each stage in our chronosequence. Despite this

high species turnover, we found a clear pattern in functional composition. Early in

succession, communities were dominated by deciduous, nitrogen-fixing species with

compound leaves, which were replaced throughout succession by simple-leaved evergreen

and brevi-deciduous species with large seeds and a high maximum height, consistent with

other studies in this forest type (Lohbeck et al., 2015). There was a striking similarity in

functional composition between each adult community and the juvenile community in the

prior successional stage. This suggests that these adult and juvenile communities, though

temporally and spatially distinct, were likely recruited under similar abiotic conditions that

deterministically shaped their functional composition. Following a similar logic, Norden et

al., (2009b) found that the taxonomic composition of adult trees in old stands of tropical

rainforests was similar to that of young trees in secondary forests, which the authors also

interpreted as deterministic taxonomic succession. In contrast to the functional similarity

we observed between juveniles and adults across plots, the juvenile and adult tree

communities within the same plot always exhibited a clearly diferent functional

composition. This pattern is consistent with a model of succession in which adult trees

modify abiotic conditions, and those conditions deterministically create a diferent

functional composition in the juvenile trees that recruit under them (Werden et al., 2020a).

These results also suggest that processes acting during the recruitment of juveniles, as

opposed to those acting on growth and survival as juveniles become adults, have the

greatest impact on the functional trajectory of a regenerating forest stand.

The functional similarity between each adult community and the preceding juvenile

community, despite the diferent land use histories of each plot, suggests that deterministic

secondary succession can overcome land use legacies. This remains a controversial topic
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in the literature; for example, Jakovac et al. (2021) describe several cases in which land use

legacies lead to alternative successional pathways that can persist for decades, due to

feedbacks between the initial species composition and the abiotic environment it creates.

Although we found that the functional composition of the community was largely

determined by successional stage, the species identities of individuals in each adult

community were mostly diferent from the preceding juvenile community, potentially

reflecting ecological contingencies.

The successional pattern we observed – where species composition is variable, yet

functional trait composition is predictable – has been found in other ecosystems. For

example, Capers et al. (2005) observed taxonomically distinct tree communities in four

secondary forests 13 – 26 years post abandonment that did not converge over 5 years of

sampling, while the functional composition, in terms of the proportion of trees, shrubs,

palms, and lianas,did.We do, however, note an apparent contradiction in our results relating

to the level of determinism in taxonomic succession. The taxonomic composition appeared

to follow a deterministic ecological trajectory with succession in the ecological trajectory

analysis (ETA), despite the taxonomic composition of each community appearing unrelated

in Figure 2.3A. The highly multidimensional nature of community data means that such

patterns can be dificult to distinguish visually but are revealed by analyses such as ETA that

are designed to summarise such data. It remains an open question whether taxonomic

composition follows a stochastic trajectory with secondary succession, as found by Capers

et al. (2005) and Chazdon et al. (2007), or whether taxonomic composition is also

deterministic (Lebrĳa-Trejos et al., 2010a; Norden et al., 2009b). Nonetheless, our finding of

deterministic functional traits assembly along the successional gradient is significant

because the functional composition of a forest community is more important for the

provision of ecosystem goods and services than the particular taxonomic identity of its

components (Cadotte et al., 2011).

2.4.2 Abiotic resource gradients occurred with succession, but abiotic filtering during

recruitment was not explained by light or water-related functional traits
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The shifts in plant community functional traits across the successional gradient may be

driven by the availability of water, light, and soil nutrients, which also change over the course

of succession. Direct measurements of the abiotic environment revealed two resource

gradients: light availability decreased with succession, while water may be most limited

early in succession in this seasonally dry system. We infer a gradient of water availability as

the sandier soils found in the early successional plot have higher hydraulic conductivity,

meaning water is more easily lost from the soil, and water availability is lower (Suganuma et

al., 2018). These results are consistent with previous research in tropical dry forests that

have found that the important resource gradient in TDF secondary succession is the

increasing availability of water, as opposed to decreasing light availability with succession

in wet tropical forests (Borchert, 1994; Lohbeck et al., 2015; Werden et al., 2020a, though

the latter identified a more complex relationship between water availability and succession

due to interseasonal diferences).

It is important to note that in our study area, successional stage was confounded with

intensity of previous land use. This is a common phenomenon across the tropics, as more

intensively used lands are presumably more productive and less likely to be abandoned

(Chazdon & Guariguata, 2016; Jakovac et al., 2021). Therefore, the abiotic conditions are a

product of both successional stage and land use history. As such, several factors may have

caused the diference in the state of soil properties: the intensity of previous land use, the

impact of successional vegetation, or geological diferences between the plots. Equally, the

degree of canopy closure can reflect a balance between previous removal of trees by

humans and recovery through secondary succession. It is not possible to distinguish

between these factors with the low plot-level replication of this study.

If the changes in functional community composition observed during recruitment of the

juvenile community do reflect an abiotic resource gradient, we would expect relevant

functional traits to predict changes to recruitment limitation along the resource gradient.

Surprisingly, no single functional trait showed a significant interaction with successional

stage in any of our models of ∂dispersal or ∂establishment limitation (Table S2.4; see below for

exceptions). This was unexpected because such interactions have been found by previous
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studies. For example, Werden et al. (2020b) found that establishment limitation was highest

in reference forests for small-seeded and early successional species and Muscarella et al.

(2013) found a negative relationship between seed mass and ∂establishment limitation but not

∂dispersal limitation. We also found that ∂establishment limitation increased with seed mass only in

the late successional plot (Table S2.4), but that this relationship was dependant on one

species (Gymnopodium floribundum)and the interaction disappeared when it was removed.

Such interactions suggest that the relationship between seed size, successional stage and

∂ recruitment limitation is context-specific, and further investigation would be required to

determine when ∂recruitment limitation is predictable.

The apparent contradiction between the recruitment limitation analysis (which suggests

limited importance of species’ traits) and our other results (which suggest abiotic filtering

based on traits) may be related to the scale of the analysis. While our plot-level

measurements indicate a gradient of abiotic conditions with succession that determinedthe

functional composition of the recruited community at the hectare scale, the recruitment

limitation analysis instead focused on the spatial dynamics of recruitment within a plot. It is

possible that there was not enough variation in abiotic conditions within each plot to afect

recruitment limitation dynamics at this scale. Indeed, many studies have found that habitat

filtering only emerges at larger spatial scales that encompass more environmental

heterogeneity (Chase, 2014; Davies et al., 2005; Gómez-Aparicio et al., 2005; Nishizawa et

al., 2022; Townsend et al., 2008 but see Götzenberger et al., 2012; Lundholm, 2009). At our

study site, functional shifts from deciduous nitrogen-fixers to evergreen species occurred

along the landscape-scale successional gradient, supporting the hypothesis that resource

availability shaped trait distributions at this scale. For example, legumes are likely very

abundant in early successional TDF because their small leaflets and high tissue nitrogen

content enable them to tolerate drought stress (Gei et al., 2018). In our system this was most

pronounced in the recently abandoned pasture. Thus, our recruitment limitation analyses

reiterate the finding that community assembly was relatively predictable at the functional

guild level and at large spatial grains, but more stochastic at the individual species level and

at smaller spatial scales.
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2.4.3 Evidence for density-dependent processes as drivers of community assembly during

succession

We found the level of ∂ recruitment limitation was significantly predicted by the abundance

of conspecifics in the same ontogenetic stage. The increase in ∂establishment limitation with

increasing conspecific juvenile abundance suggests conspecific negative density

dependence (CNDD) is acting during establishment, consistent with the finding that

seedling mortality is higher in sites with high conspecific seedling density (Norden et al.,

2009a). Similarly, ∂dispersal limitation peaked with conspecific seed abundance of

approximately 2,600 seeds per hectare, after which it appeared to decrease. It is unclear

why seed abundance would afect the spatial distribution of seed dispersal in this way. One

potential explanation is that the more abundant seeds are those that have a mother tree in

the plot, so dispersal was highly spatially clustered around the mother tree. We did not

survey all adult trees in the plot, so it was not possible to test this hypothesis. It is interesting

that these relationships between conspecific abundance and recruitment limitation held for

all successional stages, as previous studies have suggested that the strength of CNDD may

either decrease (Wang et al., 2016) or increase (Kulikowski et al., 2022) with succession.

CNDD is dependent on the biotic neighbourhood of individuals (Comita & Hubbell, 2009),

and its importance for within-plot recruitment limitation dynamics is consistent with the

argument that biotic processes play a greater role in community assembly at smaller spatial

scales. We have therefore found that both abiotic and biotic processes were important

during the assembly of recruiting tree communities, but that the spatial scale of the analysis

may determine which is given more weight.

CNDD processes may have a greater impact on taxonomic community composition, while

habitat filtering is more closely linked to functional community composition. Schweizer et

al. (2013) found that whether a neighbouring adult was a conspecific or not was the main

predictor of seedling growth and survival, while the degree of phylogenetic relatedness of

the heterospecific neighbour did not otherwise have a significant efect. The authors

predicted that closely related species would also cause negative density dependence (NDD)

due to phylogenetic conservatism of traits and natural enemies, but did not find this.
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Furthermore,Sorensen,(2006)found that the level of NDD experienced by seedlings was not

related to their functional trait grouping (based on shade tolerance). CNDD may therefore

act in a trait-blind way to prevent any one species from excluding all others (but see Zhu et

al. (2018) for an interaction between CNDD and functional traits), leading to the stochastic

taxonomic turnover at small within-plot spatial scales, while the species pool at the plot

level is determined by abiotic conditions, leadingto the functional determinism we observed

at the larger spatial scale.

2.4.4 Implications for restoration practitioners

Our results have implications for the management of forest restoration projects in tropical

dry forest ecosystems. Many projects define a target state by its taxonomic composition,

often based on a reference forest. However, natural secondary succession can follow

multiple successional trajectories in terms of taxonomic community composition, and the

chosen reference forest represents just one possible outcome of that process(Norden et al.,

2015; Rodrigues et al., 2011). Our results indicate that functional composition is more

deterministic during secondary succession and we therefore concur with Brancalion & Holl

(2016) in suggesting that the functional composition of old-growth forests may represent a

more appropriate target state for restoration projects than species composition.

Our results also suggest a potential method of achieving such a target. The functional

composition of the adult tree community appeared to be mostly determined by processes

acting during recruitment of the juvenile community, so management activities are likely to

be most efective if implemented at the dispersal and establishment stages of community

assembly. Such actions could include, for example, planting trees with large fleshy fruit to

attract the animal dispersers of zoochorous species, or planting nurse trees to create a

suitable microclimate for the seedlings and saplings of target species. Consistent with these

arguments, both Li et al. (2018) and Werden et al. (2022b) found that active restoration

interventions such as tree planting accelerated the recovery of functional diversity in

recruiting tree communities. Li et al. (2018) further demonstrated taxonomic stochasticity in

that the taxonomic composition of recruits was not related to the taxonomic composition of



65

the planted trees, indicating that recruits grew from seeds in the soil seed bank or dispersed

from mother trees outside of planted plots. In other words, rather than attempting to

recreate mature or “climax” tree communities by directly plantinglate successional species,

our data and that of Li et al. (2018) and Werden et al. (2022b) suggest that restoration

practitioners should focus on facilitating the natural processes that drive the early stages of

TDF succession.

2.5 Conclusions

Our results demonstrated that secondary succession in a tropical dry forest ecosystem has

created successional communities with a predictable functional composition through

deterministic community assembly processes that took place during recruitment. While

land use history may lead to diferences in secondary forests in terms of their taxonomic

composition, we argue that the reassembly of functional community composition without

further human intervention is promising for the recovery of ecological functions and

processes. We have also highlighted that abiotic filtering was an important determinant of

functional composition at a landscape scale, while biotic assembly processes played a

greater role at smaller spatial scales. Therefore, practitioners and land managers should aim

to promote both types of diversity-generating processes within restoration projects.
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Chapter 3: The role of small-scale environmental

heterogeneity in the restoration of tropical dry forests

3.1 Introduction

Large-scale forest restoration targets have been set at regional, national and international

levels (e.g., the Bonn Challenge, https://www.bonnchallenge.org/) to mitigate land

degradation, biodiversity loss and climate change. Achieving these goals requires restored

forests to have both longevity and resilience over multiple centuries (Mackey et al., 2013;

Mori et al., 2017), which depends on the successful recruitment of a diverse tree seedling

community following diferent restoration interventions (Holl et al., 2017; Oliveira et al.,

2019; Trevor Caughlin et al., 2019). Tree diversity is often associated with improved

ecosystem multifunctionality, productivity and resilience (Lohbeck et al., 2016; Messier et

al., 2019, 2021; Rodrigues et al., 2011; Steur et al., 2020). It has been suggested that one

potential way to increase the diversity of tree seedling recruitment during forest restoration

is through the promotion of environmental heterogeneity (Helbach et al., 2022; Holl et al.,

2013, 2022). The hypothesis that plant diversity is increased by environmental heterogeneity

has its roots in well-established ecological concepts, including niche and coexistence

theory, but the empirical evidence is mixed and very few projects to date have attempted to

leverage environmental heterogeneity in forest restoration.

3.1.1 Why does theory predict positive heterogeneity-diversity relationships (HDRs)?

Environmental heterogeneity refers here to spatial variation in the abiotic environment.

Based on the classical theory of species coexistence (Chesson, 2000), Hutchinson (1957)

proposed that an increase in the niche space hypervolume (either an increased number or

length of niche axes) will increase the number of species that can coexist (Ben-Hur &

Kadmon, 2020; Stein et al., 2014). In other words, environmental heterogeneity is expected

to increase species richness by increasing the number of available niches for species to sort
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into (Lundholm, 2009; Wilson, 2000), creating a positive heterogeneity-diversity relationship

(HDR).

When assessing whether an HDR exists, the impacts of heterogeneity must be separated

from those of mean resource availability (i.e., resource levels integrated over the discrete

patches that generate heterogeneity). The average quantity of a given resource available for

plant uptake can itself impact diversity via several mechanisms. Firstly, some species are

better able to exploit resources when they are supplied in excess, leading to competitive

exclusion and reducing diversity (Balvanera & Aguirre, 2006). Second, increasing resource

availability has been shown to increase species richness entirely through the increase in the

number of stems that can be supported (the “density efect” sensu Denslow, 1995). A

consensus is beginning to form around a hump-shaped relationship between resource

availability and diversity (Reich et al., 2012) that arises from the density efect at lower

absolute resource levels and competitive exclusion at higher absolute resource levels

(Balvanera & Aguirre, 2006). However, it is unclear what relationship would be expected

when stem number (i.e., plant density) is controlled for. These findings suggest that both the

mean availability of resources and their spatial variation can afect species diversity, so

empirical tests of HDRs must separate the two mechanisms.

3.1.2 Empirical evidence for and against HDRs

In a review and meta-analysis of the evidence for and against HDRs in plant communities,

Lundholm (2009) found that positive HDRs were often found in observational studies but not

inexperimental studies, and that most studies of HDRs have been done in grasslands. Plants

utilise a limited number of resources (water, soil nutrients, light and space), so some authors

have questioned whether these resources could be partitioned into suficient discrete

niches to support the high plant diversity of ecosystems like tropical forests (Helbach et al.,

2022; Huston, 1979; Silvertown, 2004). In our study we focus on two of these resources: soil

and light.

Many studies have described significant soil-plant associations that can be interpreted as

species sorting along edaphic gradients (Condit et al., 2013; John et al., 2007; Peña-Claros
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et al., 2012; Powers et al., 2009; Sorensen, 2006; Werden et al., 2018b), which is a possible

driver of the HDR. In contrast, experimental manipulations of soil heterogeneity have had

positive (Baer et al., 2020; Gundale et al., 2006; Williams & Houseman, 2014), neutral (Gazol

et al., 2013; Reynolds et al., 2007), and negative (Baer et al., 2004, 2005; Gazol et al., 2013)

impacts on plant diversity. Positive relationships are found more frequently at large spatial

scales (Davies et al., 2005; Lundholm, 2009; Powers et al., 2009), though soil can show a

high amount of variation even at very small spatial scales (Waring et al., 2016, 2021), so

small-scale soil-plant HDRs are plausible.

The evidence for an efect of light heterogeneity on plant diversity is weaker. Many studies

have found that diferent plant species cannot partition gradients of light availability

(Beckage & Clark, 2003; Brokaw & Busing, 2000; Dalling & Hubbell, 2002; Denslow &

Guzman G., 2000) and in one study where light heterogeneity was experimentally induced, it

did not increase recruit diversity (Holl et al., 2013). It has been suggested that partitioning of

light gradients is possible if relative species performance rankings change (Kobe, 1999), but

this mechanism has only been empirically demonstrated for guilds segregating over a very

broad light gradient (Balderrama & Chazdon, 2005; Clark et al., 1993; Kobe, 1999;

Markesteĳn et al., 2007; though see Sorensen (2006) for within-guild segregation).

Furthermore, in dry tropical forests, deciduous tree species lose their leaves during the dry

season, so most recruits need to be able to survive in a wide range of light levels (Ceccon et

al., 2003), further reducing the plausibility of species sorting based on light levels.

Four explanations have been suggested for the failure of many studies to detect an HDR.

Firstly, an HDR requires that all species are able to reach all available patches (Lundholm,

2009), so dispersal limitation can preclude an HDR. This mechanism has been invoked by

Holl et al. (2013) to explain the lack of HDRs early in tropical forest succession. Secondly,

mass efects can maintain populations of a species in unsuitable sites through continued

dispersal from a source population (Lundholm, 2009). Thirdly, it has been suggested by

multiple authors that experimental manipulations of environmental heterogeneity may not

be experienced as heterogeneous by the focal organism, either because the wrong

resources have been manipulated, the environmental gradient created is not extensive
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enough, or the scale of the patches created is not suitable (Baer et al., 2016; Williams &

Houseman, 2014). Finally, it has been widely agreed that spatial scale is crucially important

for HDRs, and at very small scales stochastic demographic processes such as ecological

drift may obscure HDRs (Nishizawa et al., 2022). It is therefore important to carefully

consider the appropriate spatial scale (or scales) at which environmental heterogeneity

should be promoted in forest restoration.

3.1.3 The role of HDRs and beta diversity in forest restoration

It is critical to accurately assess the importance of HDRs in maintaining plant diversity, as

land use and land use intensity alter the magnitude and spatial scale of soil and light

variation (Nicotra et al., 1999; Powers, 2006). It has been suggested that forest restoration

activities may in fact risk reducing the environmental heterogeneity of landscapes due to

similarities in the species planted and interventions implemented at diferent sites (biotic

homogenisation, sensu Holl et al., 2022). This would result in reductions in beta diversity.

Beta diversity has two distinct components that can occur simultaneously and/or

independently (Graco-Roza et al., 2021). The first, species turnover, refers to changes in

species composition from site to site. This component of beta diversity is expected to arise

under the HDR hypothesis, as species sort into the diferent niches created by

environmental conditions in each patch. The second, nestedness, refers to beta diversity

that arises through changes in species richness, where the species in one patch are a subset

of the species in another patch. At landscape scales, beta diversity may be increased by

promoting large-scale environmental heterogeneity through landscape-wide land use

planning that allows multiple land uses and forest management approaches to coexist, an

approach known as Forest Landscape Restoration (FLR; Sayer et al., 2013).

While the concept of beta diversity is generally applied to landscapes or regions, it is also

useful for assessing the possibility of leveraging HDR theory at smaller spatial scales

(Balvanera et al., 2002). Restoration sites often lack small-scale environmental

heterogeneity due to previous homogenising disturbances (Holl et al., 2022; Robertson et

al., 1993) and even-aged stands of planted trees may not be efective at recovering small-
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scale heterogeneity (Oliveira et al., 2019). At these scales, the promotion of site-level recruit

alpha diversity by increasing environmental heterogeneity would also be expected to

increase within-site species turnover and nestedness (i.e., beta diversity) if species sort into

smaller within-site patches defined by, for example, high soil nutrient availability or a canopy

gap. Few practitioners have explicitly attempted to manipulate small-scale environmental

heterogeneity to increase tree recruit diversity in their forest restoration projects. One

exception to this is Holl et al. (2013), who attempted to increase environmental

heterogeneity by planting trees in clusters (the applied nucleation method). This

successfully increased variation in canopy openness and soil base saturation, but did not

increase the richness of tree recruits over that of a conventional spatially uniform planting

design. Alternatively, many authors have advocated for a high number of native tree species

to be included in traditional restoration plantations (Messier et al., 2021; Rodrigues et al.,

2011), sometimes explicitly invoking the impact this is expected to have on environmental

heterogeneity in the understorey and therefore recruit diversity (de la Peña-Domene et al.,

2013). Finally, it has also been suggested that heterogeneity can be better achieved by

allowing natural forest regeneration, as the stochastic assembly processes of secondary

succession create spatial and temporal heterogeneity (Chazdon & Guariguata, 2016).

We used two restoration interventions implemented across a mosaic tropical dry forest

landscape to address three questions: 1) How does the type of restoration intervention

(conventional tree plantation versus natural regeneration) impact the recovery of small-

scale environmental heterogeneity? We expected natural regeneration to generate more

environmental heterogeneity than tree plantations due to the greater influence of stochastic

processes (Chazdon & Guariguata, 2016). 2) Does small-scale environmental heterogeneity

increase tree recruit diversity at the restoration plot level? We predicted that small-scale soil

heterogeneity would have a positive relationship with the diversity of tree recruits, as the

magnitude of variation in soil variables can be large even at small spatial scales (Waring et

al., 2016, 2021), but that light heterogeneity would not, as light patches are transient

(Ceccon et al., 2003). 3) Does large-scale environmental heterogeneity increase tree recruit

diversity at the landscape level? We predicted that the implementation of a range of
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restoration interventions across the landscape would increase compositional turnover

among recruited tree communities, and therefore result in higher landscape-level beta

diversity (Holl et al., 2022).

3.2 Methods

3.2.1 Study site

The study was conducted in a tropical dry forest landscape adjacent to the Calakmul

Biosphere Reserve in Campeche, Mexico (18°40'46.2"N, 90°08'24.4"W), described in detail

in section 1.5 (Main introduction).

The site covers an area of approximately 1,800 hectares (ha) and has been used for large-

scale forest restoration by Plant-for-the-Planet Mexico A.C. since 2021. The landscape is a

mosaic of areas historically used to graze cattle that have either 1) been left to regenerate

naturally without any intervention (hereafter ‘natural regeneration’) or 2) have been subject

to assisted recovery in the form of planting native tree species (hereafter ‘planted’).

Restoration interventions have not been randomly applied to the landscape due to the

practical considerations of restoration practice; natural regeneration was more likely to be

applied to areas that had been used less intensively and that had more remnant vegetation,

while the plantation approach was more likely to be applied to intensively used areas. All

areas are naturally short-statured semi-evergreen forest (selva baja inundable) growing on

Vertisols with high clay content, which swells during the rainy season, resulting in flooding

(Werden et al., 2018a). We used a stratified random approach to place a roughly equal

number of plots (planted N = 6, natural regeneration N = 7) at random locations within each

restoration intervention.

To select reference forest sites, we used historical satellite imagery to identify areas of forest

that had continuous closed canopy cover for at least 30 years. In a study in the adjacent

Calakmul Biosphere Reserve, the largest protected tropical area in Mexico, adult tree

species richness in “primary” forest was reported as 211 – 244 species ha-1 (Bohn et al.,

2014). In our “reference” site we reported 270 species ha-1 from surveys of juvenile trees and
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120 species ha-1 from surveys of adult trees (Gee et al., 2025; all aforementioned values

assume a linear species-area relationship; Bohn et al. censused 900 m2 and we censused

2500 m2). Our reference forest also hosted species such as Manilkara zapota, which was

identified as typical of primary forest in Bohn et al. (2014). We therefore considered the

identified forests to be appropriate reference sites for this landscape, though we

acknowledge that both the undisturbed forests in our study site and the “primary” forest in

Calakmul Biosphere Reserve likely have a history of Ancient Mayan influence (Sorensen,

2006). Plots were also placed at random locations within these reference forests (N = 7).

Plot age was defined as time since abandonment for the natural regeneration plots, and time

since planting for the planted plots. Time since abandonment was estimated from Google

Earth historical satellite imagery and verified by field staf at Plant-for-the-Planet México.

Time since planting was sourced from data kept by restoration mangers at Plant-for-the-

Planet México. The mean age of natural regeneration plots was 4.6 years (range 2.0 – 5.7),

while the mean age of planted plots was 1 year (0.2 – 1.5; Table S3.1).

3.2.2 Vegetation survey design

All data was collected during two dry season survey periods in March – April 2022 and

January – March 2023.
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Figure 3.1 Design of one large circular plot. Tree recruits were surveyed in quadrats,

indicated by rectangles. Sampling points for environmental variables are indicated by stars;

17 points along the four cardinal directions were fixed and consistent across plots, 8 points

were along bearings that were randomly generated for each plot.

20 circular plots (radius = 15 m) were established across the landscape, at a minimum

distance of 15 m from one another (median pairwise distance was 1.81 km). Each plot

contained four 15 m ´2 m transects, and each transect was divided up into fifteen 1 m ´2

m quadrats which were the units of analysis for seedling diversity surveys. Each plot also

contained 25 samplingpoints at defined distances alongthe four cardinal directions and two

random bearings (Fig. 3.1), at which environmental parameters were measured to estimate
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their mean and variance within the plot. The plots were designed to allow us to investigate

diversity and environmental heterogeneity at two spatial scales: small-scale (< 30 m;

between quadrats, N = 1,200, and between sampling points, N = 500) and large-scale (0.5 –

6 km; between plots, N = 20).

The tree recruit community was surveyed along the four 15 m transects in the four cardinal

directions from the centre of each plot. Four plots did not contain any recruits and so could

not be included in analyses of species richness and composition. As described above, each

transect was separated into 1 m increments to give fifteen 1 ́ 2 m quadrats per transect with

a known bearing and distance from the plot centre. Within each quadrat, we censused all

woody plants 1 – 200 cm in height, surveying 16,855 recruits in total. In this ecosystem we

were able to identify most of the very small recruits (< 5 cm) as the dominant species had

distinctive leaves from germination (36 very small individuals that could not be identified or

assigned to morphospecies were removed from the analysis). Individuals were identified to

species in the field. Where identification in the field was not possible, leaves and stems were

saved in a plant press and identified after the census using published local guides. We

identified 4 liana species, 1 palm species, and 71 tree species, but henceforth refer to all

woody plants as “trees” for brevity. Where species could not be identified they were given a

unique morphospecies identity. This included 23 unidentified morphospecies (159

individuals), which made up 0.9% of all individuals. Morphospecies were included in all

analyses. We repeated the analyses with unidentified morphospecies removed, which did

not afect any of our conclusions. In all cases, taxonomic names follow the World Flora

Online (WFO) Plant List as of 20/11/2024.

Importantly, in the planted plots we only censused natural recruits, and did not include the

trees that had been planted. The diversity and composition of planted trees in these plots is

entirely determined by restoration managers and is not expected to respond to

environmental heterogeneity.

3.2.3 Environmental variables
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In each plot, soil samples and hemispherical photos were taken at the 25 sampling points

(17 fixed points at 0.5, 2.5, 10 and 15 m along the transects, and 8 points at 0.25, 1.5, 6 and

12.5 m along two random bearings). At each sampling point we took a 360° hemispherical

photosphere using the Google Street View app (Google LLC) and a smartphone camera on a

1 m high tripod. Raw canopy photos were processed using the Python-3 and scikit-image

tool Cano.py (Waring et al., 2024) to calculate percent canopy openness. In brief, images

were converted to hemispherical through polar projection, then automatically binarised with

a threshold of 0.8. To ensure the binarisation step was completed correctly, we checked

each image for clouds that were misclassified as canopy and manually brightened them.

Canopy openness is the area of the sky hemisphere that is not canopy and was calculated

following ter Steege (2018).

We also took 3 soil cores to 15 cm depth as close as possible to each sampling point and

combined the three cores into one sample. Soil samples were air-dried and sieved (2 mm).

Soil pH was measured on a 1:5 solution of soil: deionised water using a Hanna HI5222 bench

pH meter. Soil samples were then ground to fine powder, acidified with addition of 6% H2SO3

to remove carbonates, oven-dried at 65°C, and analysed for total organic carbon and

nitrogen content (%) on a ThermoFlash EA 1112 Elemental Analyser.

3.2.4 Statistical analysis

All statistical analysis was done using R version 4.2.3 (R Core Team, 2023) and the vegan

package (Oksanen et al., 2024) was used for all analyses unless otherwise noted. For ease

of reference, Table 3.1 defines the terms used in our statistical analyses.

Term Definition Analyses

Small-scale

heterogeneity

Heterogeneity within a large circular plot

(radius = 15 m). Each quadrat (seedling

survey) or sampling point (environmental

survey) is considered a ‘patch’.

Mean and CV of

environmental

variables, partial

regressions, small-
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scale (partial) Mantel

tests and PERMANOVA

Large-scale

heterogeneity

Heterogeneity across the study landscape (~

3 ´6 km). At this scale, each large circular

plot represents a ‘patch’.

Large scale (partial)

Mantel tests and

PERMANOVA

Incidence-based A metric of alpha diversity which uses the Partial regressions

Coverage

Estimator (ICE)

incidences of infrequent species to predict

species richness. It is therefore highly

sensitive to the presence of rare species.

Community

dissimilarity

A measure of the species turnover

component of beta diversity; nestedness is

the other component. Calculated as Bray-

Curtis dissimilarity between communities of

tree recruits. This metric is less sensitive to

the presence of rare speciesbecause shared

common species contribute more to

compositional similarity.

(Partial) Mantel tests,

PERMANOVA and

variance partitioning

Table 3.1 Definitions of terms used in Chapter 3.

3.2.4.1 Does restoration intervention impact the level of small-scale environmental

heterogeneity?

To find the magnitude ofsmall-scale (i.e.,within-plot)heterogeneity, we calculated the mean

and coeficient of variation (CV) for canopy openness and soil variables for each plot. We

modelled the mean and CV of each environmental variable as a linear function of

intervention type and plot age. We took this approach (rather than comparing treatment-

level means) because restoration treatment is confounded with plot age, as natural

regeneration plots were 2 – 6 years old, while planted plots were 0 – 2 years old (Table S3.1).

We then performed Type III ANOVA on these models to account for the non-independence

of the two explanatory variables (car package; Fox et al., 2024). Reference forests were not
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included in this analysis as their age is unknown, but their mean and CV is included in Figure

3.2 for comparison. Diagnostic plots were inspected to check that model assumptions

(normality of residuals and homogeneity of variance) were met.

3.2.4.2 Does small-scale environmental heterogeneity increase recruit diversity at the plot

level?

We used two diferent measures of diversity that are diferentially sensitive to rare species

to explore how patterns of small-scale alpha and beta diversity are driven by species

turnover and nestedness (Table 3.1). As a metric of species richness (alpha diversity) we

used the Incidence-based Coverage Estimator (ICE) as recommended by Chazdon et al.

(1998) for seedling communities in tropical forests. Species richness metrics are highly

sensitive to rare species, as all species contribute equally to species richness regardless of

their abundance, and the ICEmetric is particularly sensitive to the incidence of rare species,

which it weighs more strongly in its estimation of species richness. Species turnover (one

component of beta diversity) was measured as community dissimilarity, calculated using

the Bray-Curtis dissimilarity index (Bray & Curtis, 1957). This index is less sensitive to rare

species than more modern indices (e.g., the Chao dissimilarity index; Chao et al., 2005), but

we chose to use Bray-Curtis to emphasise the diference between the species richness and

compositional dissimilarity indices, thereby exploring the efect that rare species have on

the diversity patterns observed.

We tested for HDRs by modelling plot-level ICE (alpha diversity) as a function of the plot-

level CV of environmental variables. Stem number has a known efect on species richness

(the “density efect” sensu Denslow, 1995), so we corrected for this by including plot-level

stem number as a covariate in the models (full model: ICE ~ variable CV + stem number).

Mean plot-level stem number was 216.67 in the planted plots (range: 27 – 329), 441.0 (69 –

677) in the natural regeneration plots and 2139.67 (768 – 3252) in the reference plots. In all

cases, adding stem number improved the model performance (indicated by AIC). Previous

studies have suggested that mean resource levels also impact species richness (Balvanera

& Aguirre, 2006; Lundholm, 2009) and can be confounding with resource CV, so we also
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modelled ICE as a function of mean plot-level values of environmental values, both

independently and in combination with the CV, again correcting for stem number (ICE ~

variable mean + stem number; ICE ~ variable mean + variable CV + stem number). We used

partial regression plots to visualise the relationships between ICE and the CV and mean of

environmental variables, correcting for stem number by plotting the residuals of each

variable following independent regressions against stem number (Balvanera & Aguirre,

2006). We found the percentage of the variance in ICE explained by each explanatory

variable by calculating a Type-II analysis of variance table for the model and calculating the

sum of squares (SSQ) of the explanatory variable as a percentage of the total SSQ.

We then tested for relationships between small-scale environmental heterogeneity and

between-quadratspecies turnover (small-scalebeta diversity). Weperformed partial Mantel

tests to see whether distance decay of Bray-Curtis dissimilarity within plots (between

quadrats) was correlated with environmental distance after correcting for spatial

autocorrelation (Legendre & Fortin, 1989). The environmental distance matrix was

calculated using both Euclidean and Manhattan distances, which produced qualitatively

identical results, so results using Euclidean distance are reported. A separate partial Mantel

test was run for each plot, so p-values were Bonferroni corrected to account for the inflated

Type I error risk. We performed the partial Mantel tests using an environmental distance

matrix constructed using all environmental variables together, as well as separate tests for

canopy openness and soil variables to explore the importance of above- and below-ground

heterogeneity separately.

We also performed PERMANOVA on the Bray-Curtis dissimilarity matrix for all quadrats to

test whether quadrat-level environmental conditions directly predicted community

composition in that quadrat. Permutations were restricted to within-plots, to test whether

between-quadrat variability in environmental conditions at these small spatial scales

explained community composition. Then, we tested whether quadrat-level environmental

variables predicted quadrat-level species richness. All stems in a quadrat were recorded, so

there is no need to estimate quadrat-level richness with ICE. For all quadrats that also
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contained a sampling point (N = 194), we modelled species richness as a function of

quadrat-level values for all environmental variables.

3.2.4.3 Does large-scale heterogeneity increase recruit diversity at the landscape level?

To test whether compositional dissimilarity (the species turnover component of large-scale

beta diversity) between plots (N = 16) was correlated with environmental dissimilarity

between plots, we performed another partial Mantel test. Community composition data

within each plot was pooled before calculating the Bray-Curtis dissimilarity matrix. We

tested whether this dissimilarity matrix was correlated with the distance matrix for mean

environmental variables of each plot after correcting for spatial autocorrelation. We again

performed the partial Mantel tests using an environmental distance matrix constructed

using all environmental variables together, as well as separate tests for canopy openness

and soil variables.We alsorepeated thePERMANOVA, butrestricted permutationsto within-

intervention type (allowing between-plot permutations), to test whether the combination of

between-quadrat and between-plot variability in environmental variables explained

community composition.

Finally, we explored how much of the variation in community composition and

environmental variables occurred within-plots, between-plots or between-intervention

types. We used nested ANOVA to partition the variance in community composition and

environmental variables into these hierarchical nested scales. For environmental variables,

the proportion of variance explained by intervention type, plot and residual variance was

found by dividing the sum of squares for each scale by the total sum of squares. For

community composition, we performed two (partial) constrained ordinations on the data. To

find the variance explained by intervention type we constrained by type. To find the variance

explained by plot we constrained by plot and conditioned by type to remove its efect. The

proportion of variance explained by each scale was calculated as the sum of eigenvalues for

the ordination constrained by that scale, divided by the sum of all eigenvalues.
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3.3 Results

3.3.1 How does restoration intervention (tree planting versus natural regeneration) impact

the level of small-scale environmental heterogeneity?

Figure 3.2 Mean and CV of environmental variables by intervention type and plot age.

Planted N = 6, natural regeneration N = 7, reference N = 7. Closed symbols represent plot-

level mean values, open symbols represent plot-level CV. Shaded area indicates the 95%

confidence interval.

No environmental variable was predicted by intervention type after plot age was adjusted for

(Table 3.2). Mean canopy openness declined substantially with plot age, dropping from over
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0.99 (nearly completely open) to 0.20, representing an 80% reduction (Fig. 3.2A). Soils also

became slightly more acidic with age, as mean pH dropped from 7.98 to 6.59 (Fig. 3.2G). The

only measure of environmental heterogeneity that changed significantly between plots was

the CV of canopy openness, which increased by three orders of magnitude from 0.06% to

77.02% over the first 6 years post-restoration (Fig. 3.2B).

Explanatory variable

Intervention type Plot age

Response variable F value P value F value P value

Openness mean 1.85 0.20 103.65 < 0.01

Openness CV 0.01 0.94 15.91 < 0.01

Soil carbon mean 0.78 0.40 2.99 0.11

Soil carbon CV 0.07 0.80 1.97 0.19

Soil nitrogen mean 0.30 0.59 0.74 0.41

Soil nitrogen CV 0.07 0.80 1.94 0.19

Soil pH mean 0.43 0.53 9.06 0.01

Soil pH CV 0.88 0.37 0.46 0.51

Table 3.2 Type III ANOVA results. All linear models included the additive efects of both

explanatory variables; F-values and p-values are reported for each model coeficient in the

Type III ANOVA performed on these linear models. Significant results at a= 0.05 are

highlighted in bold.

3.3.2 Does small-scale environmental heterogeneity increase tree seedling diversity?

3.3.2.1 Species richness (alpha diversity)
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Figure 3.3 Partial regressions of species richness (ICE) against the mean (closed

symbols) and CV (open symbols) of environmental variables (canopy openness, soil

carbon, soil nitrogen, and soil pH) after correcting for stem number. Partial regression
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plots show the residuals of each variable from independent regressions against stem

number. Model coeficients, adjusted R2 and p-value are reported for the explanatory

variable after adjusting for stem number. Shaded area indicates the 95% confidence

interval.

The CV of canopy openness was positively associated with species richness at the within

plot scale (N = 16), after adjusting for stem number (Fig. 3.3B), indicating a positive

relationship between heterogeneity and recruit diversity. By contrast, mean canopy

openness had a consistently negative relationship with species richness, even after

adjustingfor stem number(Fig.3.3A).Mean canopy openness was negatively correlated with

the CV of canopy openness (Pearson’s r = - 0.63); more open plots had lower variation in

canopy cover. Furthermore, when both mean and CV of openness were included in the same

model (adjusted for stem number), CV of canopy openness explained almost no variation in

species richness, as most of the variance previously attributed to the CV was instead

attributed to the mean of canopy openness (CV: 2%, mean: 33%, stem number: 13%). The

relationship between species richness and CV was therefore no longer significant when

mean openness was also included in the model (CV: p = 0.57; mean: p < 0.05; stem number:

p = 0.11; model Adj. R2 = 0.70).

Species richness was also positively associated with mean soil carbon content after

adjusting for stem number (Fig. 3.3C) but did not respond to the mean or CV of any other soil

variables (Fig. 3.3D – H).
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Figure 3.4 Quadrats with a less open canopy had higher species richness in natural

regeneration plots. Only quadrats that also contained an environmental sampling point

were included (N = 194). Shaded area indicates the 95% confidence interval.

To see if mean resource levels impacted plant alpha diversity at small scales as well as at

the whole-plot scale, we investigated relationships between species richness and

environmental variables at the quadrat level (N = 194). There was a negative relationship

between quadrat-level canopy openness and quadrat species richness (i.e., more shaded

quadrats had higher species richness) in the natural regeneration plots (coeficient estimate

= -2.95, p < 0.001, Adj. R2 = 0.13), but not in the planted plots or reference plots (Fig. 3.4).
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Quadrat species richness was also positively related to quadrat soil C and N content in the

reference plots only (carbon coeficient estimate = 0.52, p < 0.01, Adj. R2 = 0.12; nitrogen

coeficient estimate = 7.32, p < 0.01, Adj. R2 = 0.07), and was negatively related to quadrat

soil pH in the natural regeneration plots only (coeficient estimate = -1.94, p < 0.001, Adj. R2

= 0.15).

3.2.2 Compositional turnover (beta diversity)

Partial Mantel tests within each plot showed no significant correlations between

compositional dissimilarity (Bray-Curtis dissimilarity) and overall environmental distance at

small scales (i.e., within each plot), except for one plot in the reference forest (plot 14; Table

S3.2). Dissimilarity in environmental conditions between quadrats was therefore mostly not

correlated with dissimilarity in community composition at the within-plot scale. These

results were qualitatively the same when only testing for a correlation with distance of soil

variables (Table S3.3), and no correlations were significant with distance of canopy

openness (Table S3.4). Similarly, quadrat-level environmental conditions did not predict

quadrat-level species composition when permutations were restricted to within-plots

(PERMANOVA: F4,182 = 11.94, p = 0.07, R2 = 0.21). All the environmental variables together

explained 21% variation in community composition.

3.3.3 Does large-scale environmental heterogeneity increase tree seedling diversity at the

landscape level?

At the landscape scale (i.e., using whole plots as the unit of replication), compositional

dissimilarity (Bray-Curtis dissimilarity) was also not correlated with overall environmental

distance after correcting for geographic distance (Pearson’s r = -0.04, p = 0.59). However, the

correlation was significant for distance of canopy openness only (r = 0.61, p = 0.001), but not

significant for distance of soil variables (r = -0.07, p = 0.71). Diferences in mean light levels

between plots were therefore correlated with diferences in recruit community composition,

while diferences in mean soil conditions were not.

Quadrat-level environmental conditions did predict quadrat-level species composition

when permutations were restricted to within-intervention type (i.e., permutations between
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plots were permitted; PERMANOVA: F4,182 = 11.94, p = 0.001, R2 = 0.21) and the marginal

efects were significant for all environmental variables except for soil pH (openness: p =

0.001; carbon: p = 0.001; nitrogen: p = 0.002; pH p = 0.44).

Figure 3.5 The proportion of variance in recruit community composition and

environmental variables explained by the nested hierarchical factors of quadrat within

plot withininterventiontype.Most of the variation in communitycomposition wasbetween

quadrats, while environmental variables showed more variation at larger spatial scales.

The nested variance partitioning analyses (Fig. 3.5) showed that more of the variance in

environmental variables occurred at larger scales than did variance in recruit composition.

Soil carbon and nitrogen content varied most from quadrat to quadrat (within plots) but also

showed a lot of variation from plot to plot (between plots). Soil pH and canopy openness
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varied most between intervention type (natural regenerationversusplantedversusreference

forest). In contrast, mostof the variance inrecruitcommunity composition occurred at small

spatial scales (between quadrats, within plots).

3.4 Discussion

We have demonstrated that, in our study site, time since disturbance was a key driver of

changes to the mean availability and spatial variability of key plant resources, and that this

had consequences for the diversity and composition of tree recruits. Unexpectedly, we

found no relationship between soil heterogeneity and tree recruit diversity, but we did find a

positive relationship between the heterogeneity of canopy openness and recruit diversity.

Whole-plot mean canopy closure explained recruit community composition at large spatial

scales. Within plots, common species in the recruit community were found across all levels

of canopy openness in small-scale patches, while rare species appeared to respond to

small-scale variation in canopy openness. Therefore, the overwhelming importance of the

light environment for recruit diversity was supported at multiple spatial scales. Below, we

discuss how spatial scale, mean site conditions, and dispersal limitation all afect whether

a HDR is observed, and how such information might be leveraged to restore tree recruit

diversity in this vulnerable tropical dry forest ecosystem.

3.4.1 How does restoration intervention impact the level of small-scale environmental

heterogeneity?

Small-scale heterogeneity in canopy openness (CV) increased by three orders of magnitude

over the first 6 years of restoration, concurrent with an 80% decrease in mean canopy

openness. In our study, restoration intervention was confounded with plot age, and there

was no efect of intervention treatment on the mean or CV of canopy openness after

adjusting for plot age. This suggests that it is the stage of secondary succession, rather than

the method of forest establishment, that dictates patterns of light availability and variability.

It is interesting that the CV of canopy openness appeared to increase linearly towards the

mid-successional stage in this dry tropical forest, as this contrasts with the 4-phase model

of succession in wet tropical forests where homogeneous canopy closure in mid-succession
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reduces light heterogeneity (Denslow & Guzman G., 2000). Surprisingly, small-scale soil

heterogeneity did not respond to intervention type or plot age. Our results indicate that

natural regeneration did not increase soil heterogeneity within 6 years, consistent with

Veldkamp et al. (2020) who found that the efects of anthropogenic degradation on soil are

very slow to be reversed. Soil carbon and nitrogen content did show significant small-scale

within-plot heterogeneity that was not related to plot age or intervention type, and also

showed a lot of variation between plots, highlighting the multi-scale nature of soil

heterogeneity in tropical forest ecosystems (Powers, 2006).

3.4.2 Does small-scale environmental heterogeneity increase tree recruit diversity?

3.4.2.1 Plot-level species richness

At the whole-plot scale, recruit species richness was positively correlated with the CV of

canopy openness and negatively correlated with the mean of canopy openness. However,

when both mean and CV of openness were included in the same model, only mean

openness significantly predicted species richness, suggesting that mean light levels exert an

overwhelming influence on recruit diversity. The importance of low mean light levels for high

species richness of tropical forest tree recruits was also found by Holl et al. (2013).

In our study system, mean and CV of openness were negatively correlated, so the positive

relationship between CV of openness and species richness may in part be an artefact of this

relationship. A consequence of this confounding of CV and mean canopy openness is that

mean resource levels can obscure HDRs, or otherwise suggest HDRs that are caused by

variation in mean resource levels. This is a well-known challenge for experiments that

manipulate heterogeneity of soil resources by adding fertiliser, as, without proper controls,

the “heterogeneity” treatment can also increase the mean amount of fertiliser in the plot,

often resulting in competitive exclusion by the species most able to exploit the high-nutrient

environment (Baer et al., 2004). Studies of HDRs that include light heterogeneity should also

take care to control for the confounding efect of mean light levels in their analyses.

Theory predicts that relationships between mean resource levels and species richness are

driven by the density efect (Denslow, 1995), so it is surprising that we found positive efects
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of mean canopy closure and soil carbon on species richness even after adjusting for stem

number. One possible explanation is that, in this region, the species pool of closed-canopy

specialists is larger than the pool of light-tolerant and light-demanding species, so the high

temperatures and light levels associated with open-canopy conditions excluded most

species. This interpretation was also considered by Holl et al. (2013), who argued that mean

environmental conditions may be more important than variation in those conditions early in

succession.

The observed relationships between canopy openness and recruit diversity were

unexpected, as we predicted that canopy openness would be too temporally variable in this

ecosystem to have a consistent efect on tree recruits. We are aware of only one study that

found a positive relationship between light heterogeneity and plant diversity after controlling

for mean light levels (Helbach et al., 2022), but this correlation was only found under certain

conditions. In addition, we are not aware of any studies that have demonstrated a

relationship between mean light availability and plant diversity while fully controlling for

stem number (Hubbell et al., 1999). While the density efect is clearly strong and pervasive,

our results highlight an additional mechanism that may drive relationships between

resource availability and diversity: diferently sized species pools. Furthermore, as noted by

Lundholm(2009), if a homogeneous environment is colonised by species from a rich species

pool and a heterogeneous environment is colonised by species from both a rich and a poor

species pool, the heterogeneous environment may have lower overall species richness if the

patches suitable for the rich species pool cover less area overall and are more isolated from

one another. This shows that ecological processes such as the HDR must be considered in

the context of the phylogeographic assembly processes (speciation, extinction and

migration) that generate the species pool that is available to local community assembly

processes (Götzenberger et al., 2012; Murphy & Smith, 2021; Nishizawa et al., 2022).

3.4.2.2 Within-plot community dissimilarity

We also did not find any evidence that small-scale environmental heterogeneity is

associated with compositional turnover within our plots, as measured by Bray-Curtis
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dissimilarity between quadrats (‘patches’). Between-quadrat compositional dissimilarity

was not explained by environmental distance (except by soil variable distance in one plot)

and quadrat composition was not explained by any environmental conditions in the patch.

Community dissimilarity indices are strongly influenced by shared common species. This

may therefore imply that the common species in the tree recruit community were found

across all levels of environmental variables in small-scale patches. Rare species, however,

did respond to small-scale environmental variation. Notably, in the natural regeneration

plots, more shaded quadrats had higher species richness. These results suggest that

patches of shade in the natural regeneration plots, which are those currently transitioning

from an open to a closed canopy and span the full range of canopy cover from full sun to full

shade, allowed rare closed-canopy specialists to co-occur with the common species

community. This had the ef ect of increasing species richness while not impacting

compositional dissimilarity indices. For example, in the natural regeneration plots, Bonellia

flammea and Talisia floresii were only found in the quarter of quadrats that had the most

closed canopy, and only in very small numbers (1 and 2 individuals respectively). Both

species are more common in the reference forest plots and are typical of wet tropical forests,

which tend to have dense closed canopies and dark understoreys. This finding is consistent

with the theory advanced by Yang et al. (2015) and Heidrich et al. (2020) that HDRs emerge

under harsh mean environmental conditions because they create more benign patches that

can provide a refuge from the adverse conditions (Stein et al., 2014).

By considering two diferent measures of diversity that are diferentially sensitive to rare

species, and by analysing the same data at multiple nested scales, we were able to uncover

the mechanisms driving the positive HDR that we observed between small-scale

heterogeneity in canopy openness and species richness. Closed canopies were found to

increase recruit richness at both the plot and the quadrat scale. When these small, shaded

patches were found in the high-light matrix of an early successional forest, it increased both

light heterogeneity and species richness. Therefore, while the two are correlated, it would be

misleading to say that light heterogeneity per se increases species richness, as this

relationship depends on the surrounding context (i.e., species richness only increased
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because the baseline richness in the high-light matrix was low). In other words, we found a

positive relationship between small-scale environmental heterogeneity and the nestedness

component of beta diversity, but not the speciesturnovercomponent.This is consistent with

Balvanera & Aguirre (2006), who found a positive HDR between heterogeneity in water

availability and tree beta diversity that was partially caused by species turnover and partially

caused by the exclusion of many species from the driest patches (i.e., nestedness).

3.4.3 Does large-scale environmental heterogeneity increase tree recruit diversity at the

landscape level?

For landscape-scale heterogeneity, each large circular plot can be considered a ‘patch’.

Compositional dissimilarity of tree recruits between these patches was correlated with

cross-plot variation in canopy openness but not soil variation. Furthermore, environmental

variables (canopy openness, soil carbon and nitrogen content) predicted recruit community

composition in quadrats when permutations were allowed between plots, but not when

permutations were restricted to within plots. Therefore, environmental conditions

(especially canopy closure) appeared to dictate community structure when considering

large spatial scales, but not at small spatial scales. Species-environment relationships are

often found to be scale-dependent, and this is usually attributed to small spatial scales

encompassing less variation in environmental variables (Balvanera & Aguirre, 2006; Davies

et al., 2005; Garzon-Lopez et al., 2014; Nishizawa et al., 2022). For example, Freestone &

Inouye (2006) found that community dissimilarity was correlated with diferences in

environmental variables only at the larger scales that encompassed a broader gradient in

those variables. However, other studies have shown that scale is inherently important for the

emergence of species-environment relationships. Gómez-Aparicio et al. (2005) found that

soil and light variables predicted seedling performance at a larger spatial scale but not a

smaller spatial scale, even though the magnitude of variation for soil variables was the same

at both scales. Many soil variables can vary with the same magnitude across multiple

diferent scales; Palmer & Dixon (1990) found that variance in soil pH on a scale of less than

5 m was almost as great as the variance within 20 ́ 50 m plots. Scale-dependency has also

been hypothesised to arise due to an increased importance of stochasticity at smaller
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scales (Bongalov et al., 2019; Garzon-Lopez et al., 2014; Lundholm, 2009). The scale-

dependency observed in our results is possibly a combination of both mechanisms, as

canopy openness and soil pH did indeed seem to vary most over larger spatial scales, while

just over half of the variation in soil carbon and nitrogen content and nearly two-thirds of the

variation in recruit community composition occurred at the within-plot scale.

Overall, our results suggest that between-plot environmental heterogeneity is an important

driver of variation in tree recruit species composition at the landscape level. However, most

of the variance in community composition was found within plots, also highlighting the

importance of stochastic processes that operate at smaller scales for community

composition.

3.4.4 Implications for restoration practice

Here we consider the relevance of our findings to two diferent conceptual approaches to

restoration. Many projects aim to recreate a “climax” community with a species composition

guided by a reference forest. To achieve this, practitioners may plant late-successional tree

species or attempt to create the same environmental conditions that are found in the

reference forest. On the other hand, some researchers have argued that ecological

functionality and resilience should be the ultimate goals of restoration, instead of the

recreation of a specific reference community (Bullock et al., 2022). Such an approach would

likely emphasise increasing species richness, as functionality and resilience are often

emergent properties of diversity (Bullock et al., 2022; Mori et al., 2017), and may place

emphasis on creating heterogeneity in the abiotic environment to promote co-existence.

Indeed, Hernández-Stefanoni et al. (2011) have advocated for low-intensity land use to

increase environmental heterogeneity and therefore species diversity.

Our results suggest that attempting to increase recruit diversity by creating environmental

heterogeneity at small scales (~ 1 -2 m2) may only appear to be efective, in that it creates

patches that can support the larger pool of late successional species in sites that are

otherwise unsuitable. We found that uniformly shaded sites had both the highest species

richness and the environmental conditions typical of a reference forest. In cases where
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financial restrictions or site conditions limit the success of traditional large-scale plantings,

applied nucleation may allow available resources to be concentrated on ensuring the

success of tree islands, which can act as refugia for low-light specialists (Derroire et al.,

2016b; Holl et al., 2020). We note, however, that the planted plots also contained some

shaded quadrats in a high-light matrix, but these did not have higher species richness. This

could be because dispersal limitation prevented rare species from arriving at these patches

(Holl et al., 2013), or possibly because the adult trees that provide shade are more likely to

be deciduous species early in tropical dry forest succession (Lohbeck et al., 2015), which

provide less of a refuge to shade-tolerant species (Derroire et al., 2016b; 2016c).

At the landscape scale, we found that increased environmental heterogeneity was

associated with increased beta diversity due to compositional turnover. This suggests that

Forest Landscape Restoration (FLR) approaches, which advocate for the coexistence of

multiple diferent forest management approaches within a landscape (Sayer et al., 2013),

should increase the landscape-level beta diversity of tree recruits.

3.5 Conclusion

Our results are consistent with Holl et al. (2013) in highlighting that mean canopy openness

is a strong predictor of recruit diversity and community composition in tropical forest

restoration, as would be expected if microclimatic conditions drive vegetation dynamics

(Werden et al., 2018b). This explains why recruit species richness was correlated with mean

canopy openness across plots, species turnover was correlated with canopy openness

across plots, and, even within plots, more shaded quadrats had higher species richness.

Despite this, most of the variation in recruit community composition occurred at the within-

plot level, at a scale smaller than the dominant spatial grain of environmental variation, and

was not explained by the environmental variables we measured. Only rare species appeared

to respond to small-scale heterogeneity in the light environment. This suggests a large role

of stochastic processes in community assembly.
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There is therefore potential for environmental variation to be leveraged by restoration

practitioners to enhance treerecruit diversity, for example by creatingshadedpatches where

rare shade-tolerant specialists, often absent in secondary forests, can coexist with the more

generalist tree community, or by using diferent restoration interventions across the

landscape to increase large-scale heterogeneity.
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Chapter 4: Interacting abiotic and biotic gradients during

tropical dry forest succession: natural enemy pressure

increases seedling mortality most in the low-resource

environment of late succession

4.1 Introduction

Secondary tropical forests are becoming increasingly widespread, covering up to 28% of the

lowland Latin American tropics (Chazdon et al., 2016) as socio-economic changes lead to

land abandonment (Chazdon & Guariguata, 2016; Poorter et al., 2021; Wright & Muller-

Landau, 2006). Secondary forests recover through the process of secondary succession,

which follows the rules of ecological community assembly (Chazdon & Guariguata, 2016;

Norden et al., 2009b), so understanding how these rules operate in anthropogenic

landscapes will improve our ability to predict the outcomes of forest recovery. According to

one model of community assembly,the tree species that make up the new forest community

following a disturbance are those that are able to pass through a series of hierarchical filters

(Götzenberger et al., 2012). In this model, each filter removes some species from the

species pool, either due to some feature of the species that prevents it from passing through

a specific filter, or due to random chance (Lebrĳa-Trejos et al., 2010b; Norden et al., 2015).

For example, if a species arrives at a site as a seed, but the site lacks the environmental

conditions required for it to germinate, it has passed through the dispersal filter but been

limited by the establishment filter. These filters may be created by both the abiotic and biotic

environment (Lebrĳa-Trejos et al., 2010b), and much of contemporary community assembly

research attempts to resolve the relative balance of abiotic and biotic filters across gradients

of succession (Bhaskar et al., 2014; Martínez-Ramos et al., 2021), disturbance (Ding et al.,

2012; Döbert et al., 2017) and spatial scale (Götzenberger et al., 2012). Most of this research

has taken place in wet tropical forests, so community assembly processes in tropical dry

forests (TDF), which represent 42% of tropical forests globally(Murphy & Lugo, 1986), remain
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relatively understudied (Guariguata & Ostertag, 2001; Jakovac et al., 2021). Long-term

experiments and chronosequence studies, mainly in the TDF of Costa Rica (Becknell &

Powers, 2014; Buzzard et al., 2016; Werden et al., 2018b, 2020a) and Mexico (Bravo-Monzón

et al., 2022; Dupuy et al., 2012; Lebrĳa-Trejos et al., 2010a; Martínez-Ramos et al., 2021;

Saynes et al., 2005), have gone some way to redressing this imbalance (Derroire, 2016;

Derroire et al., 2016a). This developing body of research has highlighted multiple abiotic

filters that change with TDF succession, but studies have not found consistent correlations

with plant functional trait turnover. Resolving this inconsistency requires mechanistic

experiments that link these abiotic gradients to the demographic processes (growth and

survival) that arise from community assembly filtering. In addition, attempts to disentangle

the importance of abiotic versus biotic filtering using functional trait responses are limited

by correlations and trade-ofs between traits related to each type of filter (Box 1.1; Kraft et

al., 2015). Experimental manipulations of biotic conditions are therefore essential to

determine the combined efects of both abiotic and biotic filters on demographic processes

throughout succession.

There are three major abiotic resource availability gradients that correlate with TDF

succession: water, light, and soil nutrients. Water availability increases with succession

(Pineda-García et al., 2013; Werden et al., 2020a) as an increasingly closed canopy

increases soil and air humidity in the understory, though this may only be the case during the

dry season (Derroire, 2016; Werden et al., 2020a). Light levels decrease with succession

(Lebrĳa-Trejos et al., 2010b), though the light availability gradient is less steep than in wet

tropical forests(Lebrĳa-Trejos et al., 2011; Lohbeck et al., 2013). There is no generally agreed

pattern of soil nutrient availability with succession. Soil nutrient levels early in succession

are highly dependent on prior land use, which often depletes nutrients (Gei et al., 2018;

Jakovac et al., 2021) but can increase nutrient levels (Aguilar-Peralta et al., 2020; Saynes et

al., 2005). As a consequence, soil nitrogen (N) availability has been found to be limiting in

both early successional (Ceccon et al., 2003) and old-growth forests (Bravo-Monzón et al.,

2022). Water availability is thought to be the most important of these abiotic gradients for

vegetation turnover with succession (Borchert, 1994; Lohbeck et al., 2015), though all three
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gradients may contribute to species compositional turnover independently and/or in

combination (Lebrĳa-Trejos et al., 2011).

Species turnover along abiotic successional gradients is mediated by plant functional traits,

which dictate species’ survival and competitive ability in a given water, light, or nutrient

environment. The resource economics spectrum places species along a continuum from

resource-conservative, with higher survival in low-resource environments (e.g., low-light,

low-nutrients), to resource-acquisitive, with faster growth in high-resource conditions

(Reich, 2014). It is unclear, however, whether the resource economics spectrum adequately

captures trade-ofs in plant traits relevant to drought strategy, as represented by leaf

phenological habit. In TDF, drought-deciduous trees are generally thought to have an

acquisitive suite of traits. They grow rapidly during high-resource wet periods and then avoid

drought stress during dry periods by shedding their leaves. In contrast, evergreen species

have high wood density and greater resistance to cavitation, so are able to retain their leaves

during drought, but at the cost of more resources invested in drought-resilience and slower

growth (Méndez-Alonzo et al., 2012). Poorter & Markesteĳn (2008) explained 69% of

interspecific variation in seedling drought survival with phenological habit. However,

Lohbeck et al. (2015) found that, while TDF succession was associated with a shift from

drought-avoiding deciduous species to drought-tolerant evergreen species, this shift was

independent of the resource economics spectrum that governs plant strategies for

intercepting light and soil nutrients. Furthermore, Werden et al. (2018b) and Werden et al.

(2020a) found that resource use traits (e.g., high LDMC, thought to indicate drought

tolerance) were mostly not correlated with successional gradients. The weak link between a

species’ position on the resource economics spectrum, its drought tolerance/avoidance

strategy, and its successional status in TDF may be further exacerbated by the combination

of both conservative and acquisitive traits within the same species (Werden et al., 2018a).

This is particularly notable for N-fixing species in the Fabaceae family; Gei et al. (2018)

showed that biological nitrogen fixation (BNF) confers an additional advantage in early

successional TDF due to their ability to fix N during extreme drought, even though many TDF

legumes are also deciduous with low wood density (Palomo-Kumul et al., 2021). Thus, more
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work is needed to determine how traits related to drought tolerance/avoidance and resource

acquisition are linked along successional gradients in TDF.

Biotic assembly filters also change with secondary succession, including pressure from

natural enemies (e.g., insect herbivores, fungal or bacterial pathogens). The frequency and

impact of attack by natural enemies can vary due to their population dynamics, intrinsic

plant traits (i.e., resistance), and environmental conditions (Aguilar-Peralta et al., 2020).

Plant resistance can be achieved by escape (e.g., growing out of reach, dormancy), direct

defences (e.g., secondary metabolites, trichomes), indirect defences (e.g., ant symbionts),

and tolerance (Boege & Marquis, 2005). Natural enemy populations tend to be larger in early

successional or disturbed forests (Jakovac et al., 2021; Pablo-Rodríguez et al., 2023; Poorter

et al., 2004) but the negative impact of natural enemies on plant performance tends to be

more severe and/or more species-specific in late successional forests (Bagchi et al., 2010;

Krishnadas et al., 2018; Kulikowski et al., 2022). This may be because the species that are

associated with late successional environments invest more in defence traits, thus requiring

increased specialisation by natural enemies (Kulikowski et al., 2022; Mariano et al., 2018;

Poorter et al., 2004), or it may be driven by interactions between natural enemies and abiotic

conditions. For example, efective specialisation of natural enemies on hosts can be driven

by the efect of the abiotic environment on the fitness of both pathogens and host plants

(Benítez et al., 2013; Hersh et al., 2012). The impact of succession on the turnover of

functional traits associated with natural enemy resistance is therefore complex.

Further complexity lies in the way that the resource use traits and the natural enemy

resistance traits of plants may interact. Some have suggested that there is a positive

correlation between drought-tolerance and natural enemy resistance, whereby resource-

conservative species with high wood density also tend to have direct defences against insect

herbivores and pathogens, and are better able to compartmentalise natural enemy damage

(Poorter et al., 2014). However, a negative correlation between shade-tolerance and natural

enemy defence has also been proposed, as phytochemicals are involved in both tolerance

of high radiation levels and chemical defence (Bravo-Monzón et al., 2022). Therefore, if the

forest microclimate becomes both more humid and more shaded with succession, it is
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unclear what indirect consequences this may have on the natural enemy resistance of the

plants associated with late successional environments. Perhaps more importantly than

resistance to attack, the ability to recover lost biomass (i.e., resilience) also determines a

species’ ability to pass through this biotic filter (DeWalt et al., 2004). Allocation of resources

to defence requires a trade-of with growth (Poorter & Kitajima, 2007), so plants generally

follow a slow-growth, high-defence strategy or a fast-growth, low-resistance strategy

(Krishnadas et al., 2020). This trade-of has been shown to modify observed associations

between species and the abiotic environment (Fine et al., 2004). This means that natural

enemy pressure can reduce a species’ realised niche relative to the range of abiotic

conditions in which it could potentially survive in the absence of natural enemies

(fundamental niche), so that apparent abiotic filtering may in fact be caused by the

combined efects of both abiotic and biotic processes (Kraft et al., 2015). Overall, resource-

use traits may afect both the resistance and resilience of plants to natural enemy attack.

Understanding the relationships among plant traits related to drought tolerance/avoidance,

resource acquisition, and natural enemy resistance has important practical applications in

the context of restoration ecology. Community assembly research is increasingly integrated

into restoration projects (Wainwright et al., 2018), allowing large-scale tests of successional

theory (Werden et al., 2020a), as well as contributing to national and international

restoration targets (e.g., the Bonn Challenge, https://www.bonnchallenge.org/). Such work

has revealed that the main causes of seed and seedling mortality in active restoration

programs of TDF are both abiotic (i.e., desiccation) and biotic (i.e., herbivory; Cárdenas et

al., 2022). The species that are planted in (or recruited to) a restored site must therefore have

a suite of functional traits that will enable them to tolerate both their biotic and abiotic

environment (Werden et al., 2018a). Depending upon the successional context of the site

being restored, restoration projects may need to overcome strong abiotic filters associated

with early successional habitats (as when tree seedlings are planted in former cropland or

pasture). Alternatively, site managers may need to focus on protecting restored vegetation

from natural enemies (e.g., if underplanting is used). However, species selection based on

one set of traits (e.g., drought tolerance) could have unintended implications for the
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community response to other stressors, such as disease – and these trait correlations

continuously change over the course of succession. Furthermore, forest restoration projects

must also restore the processes of non-random mortality and interspecific competitive

dynamics that promote species coexistence to ensure that restored forests are able to self-

propagate diversity into the future. It is therefore important to address unresolved questions

about the relative importance of diferent community filters along successional gradients in

TDF, and the role of functional traits in coordinating plant responses to both abiotic and

biotic stressors.

We established a large-scale experiment to explore the efect of these abiotic and biotic

successional gradients, as well as potential interactions between them, on tree seedling

growth and survival in a TDF ecosystem in southern Mexico. Ten species with varying

functional trait profiles were planted in early, middle, and late-successional habitat, with

and without natural enemy exclusion, and monitored to determine growth and survival over

fifteen months. The study was designed to address three hypotheses:

Hypothesis 1: Species performance (growth and survival) rankings change with water

availability along a successional gradient

1a: Drought-tolerant evergreen species have higher survival later in succession.

1b: Drought-avoidant deciduous species have faster growth early in succession.

Hypothesis 2: The impact of natural enemy exclusion varies with the successional

environment

2a: The frequency of natural enemy attack (extent of leaf damage) is higher on all

species in early successional environments, because natural enemy populations are

larger.

2b: The negative impact of natural enemy attack on seedling performance (growth

and survival) is higher in late successional environments, because plant-natural

enemy interactions are more specialised, and plant resources are more limited.
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Hypothesis 3: Abiotic (water availability) and biotic (natural enemy) filters interact to drive

species turnover along successional gradients

3a: Natural enemy exclusion is more beneficial to drought-avoidant deciduous

species because drought-tolerance traits are also natural enemy resistance traits.

4.2 Materials and methods

4.2.1 Study system

The experiment took place from December 2022 to March 2024 at a site adjacent to the

Calakmul Biosphere Reserve in Campeche, Mexico (18°40'46.2"N, 90°08'24.4"W),

described in detail in section 1.5 (Main introduction).

The experiment was situated within a landscape with a mosaic of land use intensity, duration

and time since abandonment. Land use ranges from historical slash-and-burn agriculture

by the Mayan civilisation, present from approximately 2,000 BCEto 900 CE, to contemporary

clearances for cattle ranching and agriculture (Bohn et al., 2014; Ceccon et al., 2004;

Veldkamp et al., 2020). We established nine 10 ´4 m plots in this landscape, with three

replicate plots situated within forests at three stages of secondary succession (early, mid

and late). Potential forests were initially identified based on visual assessment of a map of

Normalised Diference Vegetation Index (NDVI) from May 2021 (late dry season) across the

site (Hartter et al., 2008), followed by field visits and examination of satellite images to verify

successional stage. The early successional forest had been used for rice cultivation and,

later, cattle pasture for over 30 years, up until abandonment 3 years before the experiment

began (O. E. Verduzco-Salazar, pers. obs.). Based on Google Earth historical satellite

photography, the mid successional forest was cleared and briefly used for cattle grazing 6

years before the experiment began. Occasional larger trees were left standing, and the area

was not used further and has been naturally regenerating since that time. The late

successional forest has continuously remained closed-canopy forest for at least the past 30

years, based on historical Google Earth satellite imagery, and only a few trees have been

removed (pers. obs.). Three plots were randomly located within each of these successional
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environments. The average distance between plots within a successional environment was

161 m, and the average distance between plots in diferent successional environments was

1806 m. The early and mid successional plots were both ~ 1 km from the late successional

plots, and ~ 2 km from one another, and both surrounded by a similar landscape

configuration and forest cover.

4.2.2 Experiment design and installation

The experiment used a split-split-plot design with three treatments (forest successional

environment, natural enemy exclusion, and species identity) to explore how tree seedling

growth and survival changed with the abiotic and biotic gradients associated with TDF

secondary succession (Fig. 4.1). The successional environment treatment had three levels

(Early, Mid, and Late) and was applied at the whole-plot scale. The natural enemy exclusion

treatment had two levels (Control and Exclusion, via insecticide and fungicide spraying) and

was applied at the sub-plot scale. The species treatment had 10 levels and was applied at

the sub-sub-plot (quadrat) scale.
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Figure 4.1 Design of the split-split-plot experiment. (+) indicates natural enemies present

(control), (-) indicates natural enemies excluded. Dots within each quadrat represent

individual tree seedlings. Three whole plots were randomly located within each of three

successional environment treatments (Early, Mid, or Late) and were > 50 m apart. Bold lines

indicate 1 m walkways dividing subplots.

Each whole plot was divided into four subplots (5 ́ 2 m each). Two subplots per plot were

randomly allocated to the natural enemy exclusion treatment (- plots in Fig. 4.1), while the

other two plots were used as controls (+ plots in Fig. 4.1). Each subplot was further divided

into ten sub-sub-plots (1 ́ 1 m quadrats). Each quadrat was randomly allocated to one of
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ten tree species selected for the experiment (see section 4.2.3 for more detail on species

selection), and ten individuals of that species were planted in the quadrat, with a minimum

spacing of 20 cm. Existing vegetation was left in place as much as possible to create an

environment representative of each successional stage, though some vegetation removal

and cutting of larger shrubs was necessary to facilitate planting.

The total number of trees at the start of the experiment was 3,600 in 360 quadrats. Tree

seedlings were planted over a 1.5 month period during the growing season from 28/09/2022

to 19/11/2022. Of the trees initially planted, 19% died due to transplant shock within the first

~ 1 month. These were replanted in the two weeks between 22/11/2022 and 05/12/2022.

Each individual tree was tagged with a unique number to facilitate measurement of survival

and growth. Mean initial seedlingheight was 34.83 cm, and thestandard deviation was 27.10

cm.

4.2.3 Species selection

Ten native tree species were chosen (Table 4.1) to encompass a gradient from drought-

avoidance (characterised by deciduous phenology) to drought-tolerance (characterised by

evergreen phenology). This was found of be the main axis of functional trait variation with

TDF succession by Lohbeck et al. (2015). While species have been assigned to binary

categories, these represent the extremes of a spectrum of leaf retention times, which often

show intraspecific variation due to climatic diferences within a species’ range (Méndez-

Alonzo et al., 2012); for example, P. yucatanum has been variously categorised as both

evergreen (Huechacona-Ruiz et al., 2020) and deciduous (Ochoa-Gaona et al., 2018). We

have therefore based our categorisations on observations within our study system or the

most geographically proximate literature source. We further note that these categorisations

are often based on adult trees and may not represent the drought strategy of seedlings,

which are generally less able to cope with drought due to small root systems and lack of

storage tissues (Poorter & Markesteĳn, 2008).



105

Species Family Nursery Phenology Successional

status

Cordia dodecandra Boraginaceae Private Deciduous Generalist

Crescentia cujete Bignoniaceae Commercial Evergreen Late

Gliricidia sepium Fabaceae Commercial Deciduous Early

Guazuma ulmifolia Malvaceae Commercial (Brevi)

Deciduous

Early

Haematoxylum

campechianum

Fabaceae Commercial Evergreen Mid - Late

Leucaena leucocephala Fabaceae Private (Brevi)

Deciduous

Early

Lysiloma latisiliquum Fabaceae Commercial Deciduous Generalist

Piscidia piscipula Fabaceae Private Deciduous Generalist

Platymiscium yucatanum Fabaceae Private Evergreen Late

Tara vesicaria Fabaceae Private Evergreen Early

Table 4.1 Species used in the experiment. Phenology data from Huechacona-Ruiz et al.

(2020),Ochoa-Gaona et al.(2018); Pennington & Sarakhán(2005),Powers & Tifin(2010)and

Verduzco-Salazar, O. E., pers. obs. Successional status data from Cárdenas et al. (2022),

Estrada-Medina et al. (2013), Pineda-García et al. (2013), Sorensen (2006), Villanueva

(2016), and Verduzco-Salazar, O. E., pers. obs.

4.2.4 Natural enemy exclusion

The subplots allocated to the natural enemy exclusion treatment were sprayed with an

insecticide and a fungicide. This has been used as an efective natural enemy exclusion

treatment by Bagchi et al. (2010), DeWalt et al. (2004), Krishnadas et al. (2018, 2020), and

the global research network BugNet (https://www.bug-net.org). We chose pesticides based

on the criteria of low toxicity to non-target organisms, systemic action, and long-lasting

efects (Krishnadas et al., 2018). The pesticides and spraying schedule were developed in

consultation with a local agrochemical expert and BugNet researchers. The fungicide
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(BAYER PREVICURâENERGY) contains propamocarb 530 g L-1 and fosetyl 310 g L-1 and was

applied at a rate of 1 L per hectare. It is a systemic fungicide efective against oomycetes.

The insecticide (BAYER Muralla Maxâ) contains imidacloprid 19.6% and beta-cyfluthrin

8.4% and was applied at a rate of 3 L per hectare. Imidacloprid is a systemic insecticide and

beta-cyfluthrin is a non-systemic contact insecticide. The treatment was applied every other

month during the wet season and every four months during the dry season. Application was

by knapsack sprayer following BugNet (2021). Each application took place over two days,

with the fungicide applied on the first day and the insecticide applied on the second day. The

pesticides were mixed with a non-ionic surfactant (COSMOCELâInex-A) and water to

achieve the target dosage. The control subplots were sprayed with an equal volume of water

containing the same volume of surfactant. 1 m walkways were left between each subplot

(indicated by bold lines in Fig. 4.1) to facilitate access and to minimise drift of pesticides into

the control subplots.

4.2.5 Data collection

The first full tree census took place in December 2022 and was repeated every four months

until the end of the experiment in March 2024. In each census, we determined survival and

measured the height (at the apical meristem) of all planted trees. Seedlings were assumed

to be dead if they lacked leaves and had a completely dry stem.

In December 2023 (after 12 months of the experiment) we estimated natural enemy damage

on a stratified random sample of the planted trees followingBruna et al.(2024). We randomly

selected three individual seedlings per quadrat (or all individuals if three or fewer had

survived) for estimates of leaf damage. We recorded the percentage of the 60 uppermost

fully expanded leaves that had insect damage, fungal damage, or both, and pooled these

into one metric (percentage of leaves damaged). We also estimated the percentage of leaf

surface area that had been damaged by natural enemies. Both observers were trained to

estimate leaf area by ZAX Herbivory Trainer (Xirocostas et al., 2022) until a ten-leaf running

accuracy of 98% was achieved. Six individuals per plot were randomly selected and
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assessed by both observers independently to allow estimates of observer accuracy. We

found high inter-observer validity (Fig. S4.2).

4.2.6 Statistical analysis

All statistical analysis was done using R version 4.2.3 (R Core Team, 2023).

4.2.6.1 Response variables

We used the percentage of leaves damaged as our metric of leaf damage. The unit of

replication was the individual (N = 282; data missing from 78 quadrats with no surviving

individuals at 12 months), and values were Box-Cox transformed (l= 2.63) to improve

normality of model residuals. The unit of replication for survival and growth was the quadrat

(N= 360).We calculated quadrat-level survival as the proportion of the 10 individuals in each

quadrat that remained alive at the end of the 16-month experiment. Survival proportion was

logit transformed to improve the normality of model residuals, where:

logit (survival) = log (survival/1-(survival)).

We calculated therelative growth rate (RGR)of plant heightin mmper dayfor each individual

over the 16 month (480 day) experiment period using the classic RGRequation (Hofmann &

Poorter, 2002):

ln (height final) – ln (height initial) / (dayfinal - day initial).

Negative growth rates were either due to measurement error or because the plant was dying

from the tip downwards, so RGRwas set to 0 to indicate that the plant had stopped growing.

We then averaged RGRover each quadrat. If all plants in a quadrat died, RGRwas also set to

0 to indicate that all plants stopped growing. RGR values were square root transformed to

improve the normality of model residuals.

We tested for relationships between both measures of leaf damage and RGR using linear

regression. It was not possible to examine the relationship between leaf damage and survival

because leaf damage could only be measured on individuals that had survived to 12 months.

4.2.6.2 Split-split-plot models
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All response variables were modelled using linear mixed-efects models (lme4 package;

Bates et al.,2025). The modelsof leaf damage and RGRincluded successionalenvironment,

natural enemy treatment, and species identity as fixed efects, and whole plot and nested

whole plot: subplot identity as random efects. All two-way and three-way interactions

between fixed efects were also included:

Leaf damage or RGR ~ successional environment ´natural enemy exclusion ´

species + (1|plot code) + (1|plot code: subplot code).

The model of survival included the same fixed efects and an additional fixed efect of

average initial seedling height in the quadrat:

Survival ~ successional environment ́ natural enemy exclusion ́ species + initial

height + (1|plot code) + (1|plot code: subplot code).

Diagnostic plots were visually assessed to ensure the assumptions of homogeneity of

variance and normality of residuals and random efects were met, and conditional and

marginal R2 was calculated following Nakagawa & Schielzeth (2013).

Five species were sourced from a commercial tree nursery and five were sourced from a

private restoration nursery (Table 4.1). We tested for an efect of nursery source by including

it as a fixed efect in our models (with species as a random efect) and in all cases it was not

significant and the model marginal R2 decreased, so there was no evidence that the nursery

that seedlings were sourced from impacted the results.

4.2.6.3 Planned contrasts and post hoc analyses

We performed planned contrasts to address three of our hypotheses. Hypotheses 1

predicted that species’ drought strategy (deciduous versus evergreen) would predict

changes in survival and growth rankings across successional environments, and Hypothesis

3a predicted that drought strategy would explain changes between levels of the natural

enemy treatment. We therefore contrasted survival and growth of deciduous versus

evergreen species at each level of the successional environment and natural enemy

exclusion treatments. Hypothesis 2b predictedthat natural enemy exclusion would increase
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growth and survival more in the late successional forest than the early successional forest

due to a stronger biotic filter at that late stage, so we contrasted survival and growth in

control versus exclusion treatments at each level of the successional environment

treatment. Planned contrasts were performed using estimated least-square means

(emmeans package; Lenth et al., 2024). Contrasts between drought strategy groups were

performed by weighting species in the evergreen group by negative 0.25 (so that the weights

of the four species in this group summed to negative 1) and species in the deciduous group

by 0.16 or 0.17 (so that the weights of the six species in this group summed to positive 1).

Changes in logit survival were converted to the odds ratio for interpretation by calculating

;!"#$%&'$)'$*+&$).This indicates the change in the odds of survival under the contrasting

treatments.

We also performed post hoc analyses of the interactions between successional

environment or natural enemy treatment and species identity in the full split-split-plot

models. For each treatment, we used pairwise comparisons (Tukey corrected) of estimated

least-square means to perform pairwise comparisons between each pair of treatment levels

for each species. For example, for the successional environment treatment, this post hoc

analysis compared Early – Mid, Early – Late, and Mid – Late estimated means for each

species, and p-values were adjusted using the Tukey method for comparing a family of three

estimates. We considered a post hoc comparison to be statistically significant if the

adjusted p-value was < 0.05.

4.3 Results

4.3.1 Species’ growth and survival rankings change with successional environment, and this

is partially predicted by drought strategy (Hypothesis 1)

4.3.1.1 Hypothesis 1a: Drought-tolerant evergreen species have higher survival later in

succession

Seedling survival in each quadrat (N = 360) ranged from full mortality (all 10 individuals in a

quadrat died) to full survival (all 10 individuals survived) in every successional environment
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and both natural enemy treatments. Overall, an average of 42.8% of individuals in a quadrat

survived to the end of the experiment, although this decreased by more than half across the

full successional gradient, dropping from 60.6% early in succession to 44.0% in mid

succession and further to 23.6% in late succession (Table 4.2).

Fixed ef ects NumDF DenDF F value P value

Successional environment 2 5.96 11.57 < 0.001

Natural enemy exclusion 1 24.00 1.85 0.19

Species 9 270.96 15.19 < 0.001

Initial height 1 291.23 14.64 < 0.001

Successional environment ́ natural enemy exclusion 2 24.06 4.45 0.02

Successional environment ́ species 18 269.34 13.62 < 0.001

Natural enemy exclusion ́ species 9 269.11 0.41 0.93

Successional environment ́ natural enemy exclusion ́

species
18 269.07 0.68 0.83

Table 4.2 Type III ANOVA Table for linear mixed-ef ects model of seedling survival. Fixed

efects that were significant at a= 0.05 are highlighted in bold.

68% of the variation in survival was explained by the mixed efects model, and most of this

was attributed to the fixed efects (R2
c = 0.68, R2

m = 0.61). Survival was predicted by initial

height, as well as by two independent two-way interactions: successional environment ´

natural enemy exclusion (see section 4.3.2), and successional environment ́ species (Table

4.2). The interaction between successional environment and species identity demonstrated

that species survival rankings changed along the successional gradient (Fig. 4.2A),

supporting Hypothesis 1. Survival of most species decreased along the successional

gradient, though there were exceptions to this. Survival of C. cujete remained constant

across the successional gradient, such that it had the highest survival in the late

successional plot. P. yucatanumhad a peak in survival in mid-succession, but survival rates

were equal early and late in succession.
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Figure 4.2 (A) Survival across the successional gradient was species-specific, such that

species survival rankings changed with succession. (B) Survival decreased with

succession for the deciduous species group more than the evergreen species group. In

(A) solid lines indicate significantly diferent survival of a species between successional

environments at a= 0.05. In (B) p-values are shown for planned contrasts between drought

strategy groupings in each successional environment with ± SE bars, * p < 0.05, ** p < 0.01,

*** p < 0.001.

The decrease in survival with succession difered in magnitude between drought strategy

groups (Fig. 4.2B), consistent with Hypothesis 1a. In early successional environments there

was no diference in survival between deciduous and evergreen species (t ratio = 1.55, p =

0.12), but evergreen species had higher survival in mid (t ratio = -10.40, p < 0.001) and late (t

ratio = -4.65, p < 0.001) successional environments. This is because the survival of

deciduous species decreased more with succession than the survival of evergreen species

(Fig. 4.2B). The diference between deciduous and evergreen species appears to be driven

by the high survival of C. cujete and P. yucatanum (both evergreen species) in the later
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successional environments. The remaining evergreen species (T. vesicaria and H.

campechianum) did not fit this pattern (Fig. 4.2A).

4.3.1.2 Hypothesis 1b: Drought-avoidant deciduous species have faster growth early in

succession

Relative Growth Rate (RGR) at the quadrat level (N = 360) ranged from 0 – 5.4 ´10-3 mm d-1,

with a mean of 8.0 ´10-4 mm d-1. Average RGR was six to eleven times higher early in

successional environments (mean: 1.9 ́ 10-3; range: 0 –5.4 ́ 10-3) than in mid (2.8 ́ 10-4; 0 –

1.3 ́ 10-3), and late succession (1.7 ́ 10-4; 0 – 1.5 ́ 10-3), respectively (Table 4.3).

Fixed ef ects NumDF DenDF F value P value

Successional environment 2 6 61.13 < 0.001

Natural enemy exclusion 1 24 5.22 0.03

Species 9 270 12.33 < 0.001

Successional environment ́ natural enemy exclusion 2 24 0.88 0.43

Successional environment ́ species 18 270 6.46 < 0.001

Natural enemy exclusion ́ species 9 270 1.51 0.14

Successional environment ´natural enemy exclusion ́

species
18 270 0.93 0.54

Table 4.3 Type III ANOVA Table for linear mixed-ef ects model of seedling RGR. Fixed

efects that were significant at a= 0.05 are highlighted in bold.

The mixed-efects model explained 76% of the variation in RGR, and of which 72% was

explained by the fixed efects (R2
c = 0.76, R2

m = 0.72). RGR was predicted by a main efect of

natural enemy treatment (see section 4.3.2) and a two-way interaction between

successional environment ´species identity (Fig. 4.3A), supporting the hypothesis that

species RGR rankings change with succession (Hypothesis 1).
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Figure 4.3 RGR of all species (A) and both drought strategy groups (B) was highest in the

early successional forest. (B) The RGR of deciduous species decreased more over the

successional gradient than the RGR of evergreen species, so that deciduous species

had higher RGR early in succession, but evergreen species had higher RGR in mid and

late succession. In (A) solid lines indicate significantly diferent RGR of a species between

successional environments at a= 0.05. In (B) p-values are shown for planned contrasts

between drought strategy groupings in each successional environment with ± SE bars, * p <

0.05, ** p < 0.01, *** p < 0.001.

Variation in RGR with succession was partially explained by drought strategy. Consistent

with Hypothesis 1b, deciduous species had slightly higher RGRthan evergreen species early

in succession (t ratio = 2.06, p = 0.04), whereas evergreen species had higher RGR in mid (t

ratio = -5.74, p < 0.001) and late (t ratio = -3.51, p = < 0.001) succession (Fig. 4.3B).

4.3.2 Natural enemy exclusion impacts vary with succession, although attack rate does not

(Hypothesis 2)
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4.3.2.1 Hypothesis 2a: The frequency of natural enemy attack is higher on all species in early

successional environments

We quantified leaf damage both to ensure that our natural enemy exclusion treatment had

its intended efect, and to assess whether the level of damage depended upon the

successional environment, as predicted by Hypothesis 2a. Observed leaf damage from

natural enemies was variable, but generally high. It ranged from 0 – 100% leaves damaged,

with an average of 82.85% leaves damaged; the mixed-efects model explained just 43% of

the variation in observed leaf damage, with 33% attributed the fixed efects (R2
c = 0.43, R2

m =

0.33). Unexpectedly, mean leaf damage was consistent across the levels of the natural

enemy exclusion treatment; 83.93% in the control and 81.85% when natural enemies were

excluded (Table4.4).Mean leaf damagechangedin the direction expected under Hypothesis

2a, decreasing from 86.46% early in succession, to 81.60% in mid successional forest and

78.91% in late successional forest, but the main efect of successional environment was not

significant (Table 4.4).

Fixed ef ects NumDF DenDF F value P value

Successional environment 2 33.15 0.87 0.43

Natural enemy exclusion 1 33.99 0.03 0.87

Species 9 199.01 7.32 < 0.001

Successional environment ́ natural enemy exclusion 2 33.15 1.00 0.38

Successional environment ́ species 18 198.50 2.23 < 0.01

Natural enemy exclusion ́ species 9 199.01 2.05 0.04

Successional environment ´natural enemy exclusion ́

species
18 198.50 0.97 0.50

Table 4.4 Type III ANOVA Table for linear mixed-ef ects model of leaf damage. Fixed

efects that were significant at a= 0.05 are highlighted in bold.

The absence of treatment and successional environment main efects is likely due to strong

species-specific interactions within these treatments. The percentage of leaves damaged
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was predicted by independent two-way interactions between successional environment ´

species (Table 4.4, Fig. 4.4A) and between natural enemy exclusion ́ species (Table 4.4, Fig.

4.4C). There was no significant change in the percentage of leaves damaged across the

successional gradient for most species (Fig. 4.4A). The overall interaction was driven by just

two significant successional environment ́ species interactions: C. cujete had on average

19% lower leaf damage in early successional forest than late in succession (t ratio = -2.50, p

= 0.03), andG. ulmifoliahadon average 19% higherdamageinearlysuccessional forestthan

late in succession (t ratio = 3.05, p < 0.01). There was also no diference in the percentage of

leaves damaged when natural enemies were excluded compared to the control for most

species (Fig. 4.4B). The two exceptions were H. campechianum, which had on average 14%

lower leaf damage when natural enemies were excluded (t ratio = 2.71, p < 0.01), and C.

cujete, which saw a surprising increase in leaf damage of 14% when natural enemies were

excluded (t ratio = -2.43, p = 0.02).

Figure 4.4 (A) Leaf damage by natural enemies was universally high across successional

environments and (B) did not change with natural enemy exclusion. Percentage of leaves

damaged was measured of the 60 uppermost fully expanded leaves of up to three individuals
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per quadrat (N= 282).Solid lines indicate significantly diferent survival of a species between

(A) successional environments and (B) levels of the natural enemy exclusion treatment at a

= 0.05.

4.3.2.2 Hypothesis 2b: The impact of natural enemy attack on seedling growth and survival

is higher in late successional environments

Survival increased with natural enemy exclusion in mid and late successional environments,

but not in the early successional forest environment (Fig. 4.5A), resulting in an interaction

between successional environment ́ natural enemy exclusion (Table 4.2) consistent with

Hypothesis 2b. When natural enemies were excluded, the odds of survival were ~ 1.94 times

greater than the control in late succession (t ratio24 = 2.12, p = 0.04) and ~ 1.80 times greater

in mid succession (t ratio24 = 1.88, p = 0.07), but the odds of survival with natural enemy

exclusion were just ~ 0.6 times that of the control in early succession (t ratio24 = -1.65, p =

0.11). RGR also increased by 5.25 ´10-3 with natural enemy exclusion in the late

successional environment (t ratio24 = 2.36, p = 0.03), but did not change with natural enemy

exclusion in the early (t ratio24 = 0.54, p = 0.59) or mid (t ratio24 = 1.06, p = 0.30) successional

environments (Fig. 4.5B), though the interaction between successional environment ´

natural enemy exclusion was not significant in the full split-split-plot model of RGR (Table

4.3).
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Figure 4.5 (A) Survival and (B) growth rates increased significantly with natural enemy

exclusion in thelate successional environment, but not intheearly or midsuccessional

environments. Planned contrasts were performed between levels of natural enemy

treatment within each successional environment, solid lines indicate significant contrasts

at a= 0.05, error bars show ± SE.

There was no relationship between the percentage of leaves damaged on an individual

seedling and its RGR (p = 0.26, Adj. R2 = 0.001). We also measured the average area of each

leaf that was damaged, and this metric did have a weak negative correlation with RGR (Fig.

S4.3; p < 0.01, Adj. R2 = 0.03).

4.3.3 Hypothesis 3a: Natural enemy exclusion is more beneficial to drought-avoidant

deciduous species because drought-tolerance traits are also natural enemy resistance traits

As predicted by Hypothesis 3a, deciduous species showed more leaf damage than

evergreen species across all successional environments (Fig. 4.6A) and levels of the natural

enemy exclusion treatment (Fig. 4.6B). Furthermore, a planned contrast of deciduous and

evergreen species groups at each level of the natural enemy exclusion treatment revealed

that natural enemy exclusion increased the survival and RGR of deciduous species slightly
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more than evergreen species. The impact on survival rates was very small; the survival odds

for deciduous species were ~ 21% that of evergreen species in the control (t ratio275 = -5.46,

p < 0.001) and ~ 24% that of evergreen species when natural enemies were excluded (t

ratio275 = -5.09, p < 0.001; Fig. 4.6C). The impact on RGR was clearer; evergreen species had

a higher RGRthan deciduous species by 5.1 ́ 10-3 on average in the control (t ratio270 = -3.37,

p < 0.001), but by only 3.8 ́ 10-3 on average in the exclusion treatment (t ratio270 = -2.50, p =

0.01; Fig 4.6D).
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Figure 4.6 Leaf damage was highest on deciduous species across (A) successional

stages and (B) levels of natural enemy treatment. (C) Survival and (D) growth rates of

evergreen species were always higher than deciduous species but natural enemy
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exclusion reduced the magnitude of the dif erence. P-values are shown for planned

contrasts between drought strategy groupings in (A) each successional environment and (B,

C & D) each level of the natural enemy exclusion treatment with ± SE bars, * p < 0.05, ** p <

0.01, *** p < 0.001.

4.4 Discussion

Overall,our results show that abiotic and biotic successional gradients interact to determine

seedling survival and growth. The successional gradient encompasses multiple abiotic

gradients, in terms of water, light, and nutrient availability, as well as biotic gradients, in

terms of natural enemy pressure and competition from adult trees. We were able to untangle

these various drivers of seedling performance by examining the responses of diferent

functional trait groupings and the efects of natural enemy exclusion.

Changes to the relative growth and survival rankings of the ten species planted in the

experiment across the successional gradient indicated habitat filtering (Hypothesis 1), as

diferent species attained the highest performance in diferent abiotic environments.

Drought-strategy groups partially explained these species-environment associations;

drought-avoidant deciduous species showed higher mortality (Hypothesis 1a) and lower

growth rates (Hypothesis 1b) than drought-tolerant evergreen species later in succession.

Frequency of natural enemy damage did not change with succession (Hypothesis 2a), but

natural enemy pressure had a greater impact late in succession (Hypothesis 2b); exclusion

of natural enemies increased average survival and RGRin late succession only. This suggests

that seedlings are not able to regrow biomass following natural enemy damage in the low-

light environment of late succession, so the impact of natural enemy damage on survival is

more severe. Natural enemy exclusion also increased the growth rates of deciduous species

more than evergreen species, possibly because evergreen species have intrinsic natural

enemy defence traits (Hypothesis 3a). Together, these results suggest that the fundamental

successional niches of these ten species, as defined by drought-strategy traits, was further
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reinforced by natural enemy pressure, thereby defining the realised successional niches

(Kraft et al., 2015).

4.4.1 Abiotic successional gradients impacted seedling survival and growth

Relative growth rates were highest early in succession for all species. This is consistent with

Werden et al. (2020a), who found that seedlings had dramatically higher growth rates in an

early successional environment. Early successional TDF tends to have higher light

availability (Lebrĳa-Trejos et al., 2010b) and possibly higher nutrient availability (Aguilar-

Peralta et al., 2020; Bravo-Monzón et al., 2022; Saynes et al., 2005). Werden et al. (2020a)

were able to attribute the diferent growth rates to microclimatic conditions and/or

surrounding vegetation, ruling out edaphic diferences because the early successional

vegetation was created experimentally. Furthermore, despite clear gradients of nutrient

availability between environments, Holl (1999) and Holl et al. (2011) did not find that soil

nutrients limited seedling growth, and Werden et al. (2018b) found that successional status

was not related to soil nutrient niche. Finally, direct measures of soil samples across our

successional gradient demonstrated that soil carbon and nitrogen content was highest in

the late successional forest, while soil pH was highest in the early successional forest

(section 1.5). We therefore consider it more likely that light limitation, rather than nutrient

limitation, explains the low growth rates of seedlings later in succession.

4.4.2 Drought-strategy groups explained species performance with succession

Drought-strategy categories (deciduous versus evergreen phenology) were good predictors

of the changes in growth and survival across the successional gradient, consistent with

Poorter & Markesteĳn (2008). Growth and survival rates decreased more with succession for

deciduous species than evergreen species, thereby creating a large fitness gap between

these categories later in succession. The diference between deciduous and evergreen

species may be related to both the light and water availability gradients; low light levels later

in succession reduce the ability of deciduous species to regrow leaves every season, and

alleviation of water limitation reduces the need for drought-avoidance through leaf drop

(Lohbeck et al., 2013; Pineda-García et al., 2013). Furthermore, Werden et al. (2020a) found
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that early successional TDF growing on Vertisols had lower soil moisture than mid

successional TDFin the dry season, but higher soil moisture in the rainy season, which might

promote drought-avoidant strategies that are more resource-acquisitive and able to take

advantage of the high-resource rainy season. This is consistent with multiple studies of TDF

succession that have found a shift from deciduous to evergreen species with succession

(Gee et al., 2025; Lohbeck et al., 2015). This suggests that the performance of seedlings

planted during TDF restoration will be enhanced by matching of drought-strategy categories

to successional environments, i.e., planting drought-deciduous species in early

successional environments and drought-tolerant evergreen species in later successional

environments.

4.4.3 The biotic filter was stronger in the late successional forest than in the mid and early

successional forests

Notably, natural enemy exclusion improved survival and growth rates in late succession, but

not in early succession. This supports our hypothesis that the biotic filter is stronger later in

succession (Martínez-Ramos et al., 2021). It was surprising that, like Lohbeck et al. (2014),

we found no diference in absolute levels of leaf damage along the successional gradient.

We note that growth rates were highest early in succession and natural enemy exclusion only

increased survival and growth late in succession. These results are consistent with a model

in which species had fewer resources to regrow lost biomass in the low light of the late

successional environment (Aguilar-Peralta et al., 2020), so mortality from natural enemy

damage was higher even though absolute levels of damage didn’t change (Poorter et al.,

2004). The increased impact of natural enemy pressure in low resource environments has

been found by several other studies in a range of wet and dry tropical forest ecosystems

(Bravo-Monzón et al., 2022; Derroire et al., 2016c; DeWalt et al., 2004; Fine et al., 2004) and

should therefore be considered a widespread driver of species-habitat associations, which

are often attributed to abiotic conditions alone.

4.4.4 Drought-strategy categories partially explained di_erences in the impact of natural

enemy exclusion
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The drought-strategy categories were less useful for explaining changes to growth and

survival with natural enemy exclusion. It has been suggested that drought-tolerant evergreen

species are also more resistant to natural enemy pressure (Bravo-Monzón et al., 2022;

Poorter, 2009; Poorter et al., 2014). Our results partially supported this theory. Leaf damage

was always higher on deciduous species, and natural enemy exclusion appeared to benefit

deciduous species slightly more than evergreen species (though the diferences were very

small).

Early successional growth and survival was high for legumes.Gei et al. (2018)have identified

multiple traits of the Fabaceae that promote their dominance in early successional TDF

systems (Maza-Villalobos et al., 2020). We included 7 species from the Fabaceae and 3

species from other families in this experiment and so were unable to perform a robust

analysis of the efect of BNF ability on performance. However, early successional RGR was

also high for the non-leguminous species C. dodecandra and C. cujete, and early

successional survival was high for C. dodecandra and G. ulmifolia. While legume traits can

be beneficial in the low-water, low-nutrient, high-light environment of early succession,

there are alternative strategies that allow non-legume species to perform well in these

conditions. Disturbed TDF ecosystems are often dominated by legumes, which can

competitively exclude other species, so these results suggest that planting of non-legumes

species with alternative drought-tolerance strategies may help to counteract this

dominance and increase tree diversity.

4.5 Conclusions

We have demonstrated that abiotic and biotic filters interact to determine seedling growth

and survival across a gradient of TDF succession, with consequences for community

assembly and restoration outcomes. Planting suitable drought-tolerant species in early

successional high-resource environments is likely to lead to rapid growth and may help to

establish a closed canopy, under which the combined efects of natural enemy pressure and

resource limitation can promote species turnover towards the development of tree seedling

communities that are more typical of mature forests. Specifically, recruitment of evergreen
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species under the closed canopy could be monitored to indicate whether these later

successional community assembly processes have recovered in restored forests.

Our results suggest that the amelioration of drought stress is a key abiotic driver of species

turnover with TDF succession, inferred from the increasing performance of evergreen

species relative to deciduous species later in succession. However, there are also resources

that decrease with succession (light and possibly soil nutrients), which may prevent

seedlings from recovering from natural enemy damage later in succession, such that the

impact of natural enemy pressure on seedling survival is more severe. Therefore, species

turnover with TDF succession results from an interaction of abiotic resource availability with

biotic natural enemy pressure; natural enemies reinforce species-habitat associations and

make existing successional abiotic gradients more divergent.
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Chapter 5: Main Discussion

5.1 Overview

The research presented in this thesis contributes to the ecological understanding of the

recovery of tropical dry forests (TDF), a vulnerable but understudied ecosystem type. The

focus is on testing fundamental ecological theories that are applicable to the practice of

forest restoration.

Forest restoration can be thought of as making deliberate interventions in the process of

secondary forest succession, guiding or assisting the natural community assembly

mechanisms. These interventions fall along a continuum from minimal human involvement

(i.e., unassisted recovery) to major landscape modification (i.e., intensively assisted

recovery sensu Chazdon et al., 2024). Identifying the appropriate intervention level and type

requires an understanding of the community assembly processes being modified, and how

these are related to the site history and the phylogeographic and landscape context.

This thesis addresses TDF succession along three interrelated community assembly

continua: deterministic versus stochastic assembly (Chapter 2; Chapter 3), abiotic versus

biotic filtering (Chapter 2; Chapter 4), and dispersal versus establishment limitation

(Chapter 2; Chapter 3). Below I highlight my findings about the roles of successional stage,

land use intensity, spatial scale and tree ontogeny in determining how local communities

assemble from the regional pool. I next link these findings to their practical application in

restoration. My results suggest that the target community should be defined by its functional

composition, rather than its taxonomic composition, that restoration interventions will be

most efective when targeted at the recruitment stage in tree ontogeny, and that restoration

projects must consider the larger phylogeographic and landscape contexts that they are

working in.
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5.2 The balance of community assembly processes changes with:

a) Succession

Community assembly processes determine the trajectory of secondary succession, but the

balance of these processes also changes depending on the successional stage. Early

successional assembly processes create the early successional tree community at a site,

which in turn creates the conditions for mid successional assembly processes to act, and

so on. In other words, the balance of community assembly processes is both a cause and a

consequence of the progression of succession, and this positive feedback loop is inherent

to the powerful ability of succession to transform a site with highly disturbed and diminished

vegetation into a mature secondary forest that can provide multiple ecosystem goods and

services (Poorter et al., 2021).

I found strong gradients of resource availability and variability with succession. Light

availability decreased substantially from early to mid succession (Chapter 2; Chapter 3), but

became more spatially variable (Chapter 3). Conversely, water availability tended to

increase with succession, though strong interseasonal variability in early successional

environments (Werden et al., 2020a) may have promoted the drought-avoidant, resource-

acquisitive strategy of deciduous species (Chapter 4). Indeed, both juvenile and adult tree

communities shifted from deciduous nitrogen-fixing species with compound leaves to

simple-leaved evergreen and brevi-deciduous species with large seeds and a high maximum

height (Chapter 2; Chapter 4).

The magnitude of the change in functional community composition was greatest in the

earlier stages of succession (Chapter 2). While this could be interpreted as a greater

influence of abiotic filtering in early succession, as suggested by Bhaskar et al. (2014),

Lohbeck et al. (2014), and Maza-Villalobos et al. (2020), my results provide mixed evidence

for this. I did indeed find that the biotic filter had a greater impact on tree seedling

performance later in succession (Chapter 4), though it does not necessarily follow that the

abiotic filter is stronger early in succession. Furthermore, there was no evidence that

functional traits related to resource use explained patterns of dispersal or establishment
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limitation at any successional stage (Chapter 2). Levels of dispersal and establishment

limitation were high throughout succession, and variation between species was instead

explained by conspecific density across all successional environments (Chapter 2).

Furthermore, natural enemy pressure limited seedling growth and survival in the late

successional environment only, possibly due to a lack of resources to enable plants to

recover lost biomass (Chapter 4). Tree recruitment is a combination of dispersal,

establishment and survival, and I have shown that the biotic environment (in terms of

conspecific density and natural enemy pressure) is important for all three of these

demographic processes.  Overall, my results show that both the abiotic and biotic

environments change with succession due to the development of closed canopy vegetation,

and that these gradients interact to afect the community assembly processes involved in

tree recruitment, such that it is dificult to infer these processes from patterns of functional

traits alone (Kraft et al., 2015; Kraft & Ackerly, 2010; Li et al., 2015). The experimental

approach taken in Chapter 4 was necessary to demonstrate the interaction between abiotic

and biotic filtering, so observational research (e.g., Chapters 2 and 3) is limited by the

potential for misinterpretation of patterns that arise from multiple interacting mechanisms.

b) Land use intensity

The successional gradient across my study site was confounded with a gradient of prior land

use intensity. This is a common phenomenon in human-modified landscapes, as the least

productive or accessible sites are likely to both be used less intensively and be abandoned

first (Chazdon & Guariguata, 2016; Jakovac et al., 2021). Additionally, restoration

interventions had been applied non-randomly across the landscape, as less disturbed sites

were prioritised for natural regeneration, while more disturbed sites were planted with a

native species mix. Therefore, both historical and contemporary human land use may have

influenced community assembly processes.

I identified some changes to community assembly processes that are likely attributable to

diferences in land use intensity.  For example, a positive relationship between light

heterogeneity and tree recruit diversity was caused by shaded patches within a high-light
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matrix that provided refugia for species from therichershade-tolerant species pool (Chapter

3). However, this did not occur in all cases, possibly because extreme dispersal limitation,

caused by the loss of nearby closed-canopy forest to act as a propagule source (Holl, 1999),

prevented species from reaching all sites with a suitable light environment. This suggests

that positive heterogeneity-diversity relationships (HDRs) are more likely to emerge in sites

with intermediate levels of disturbance, where the abiotic environment is more

heterogeneous, but suficient seed sources remain to overcome dispersal limitation.

However, my research overall suggests that successional gradients overcame any

diferences in land use intensity across this landscape to determine the functional

composition of the tree community. While the taxonomic composition of juvenile and adult

tree communities was generally stochastic (Chapter 2; Chapter 3) and may partially reflect

ecological contingencies created by land use legacies, there was clear functional similarity

between each adult community and the juvenile community that preceded it in a

successional chronosequence despite diferent land use histories (Chapter 2). This

indicates that deterministic functional secondary succession overcame land use legacies.

c) Spatial scale

Spatial scale repeatedly emerged as a key factor that determined the balance of community

assembly processes observed across the study landscape. Deterministic assembly was

detected at larger spatial scales (where study extent was 0.5 – 6 km) but not at small spatial

scales (wherestudy extentless than140 m; Chapter 2;Chapter 3).Large-scale deterministic

assembly of the recruit community was likely caused by filtering by the abiotic environment,

which resulted in a predictable community composition in terms of functional traits and a

positive relationship between landscape scale environmental heterogeneity and beta

diversity of recruits through compositional turnover (Chapter 2; Chapter 3).

The abiotic environment exhibited variation at multiple scales, and there was a remarkable

amount of variation in soil carbon and nitrogen content even at spatial scales below 30 m.

There was also a lot of species turnover at these small spatial scales. Despite this, recruit

community composition and species turnover was mostly not explained by the abiotic
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environment at small spatial scales (Chapter 3). Instead, conspecific negative density

dependence was found to predict species’level of dispersal and establishment limitation at

smaller spatial scales (Chapter 2). Overall, community assembly processes tended to be

more deterministic and abiotic filtering dominant at larger spatial scales, but more

stochastic and with an increasing importance of biotic filters at smaller spatial scales.

d) Ontogenetic stage

While community assembly processes can act at multiple ontogenetic stages of the tree

community (Marques & Burslem, 2015), the focus of this thesis was on tree recruitment.

While there is no generally accepted definition of when a tree can be considered to be

“recruited” (Oliveira et al., 2019), the focus on the earliest ontogenetic stages (specifically

dispersal, establishment, and seedling growth and survival) is justified as this is when most

non-random mortality occurs (Green et al., 2014). Indeed, I showed that the deterministic

processes that created a predictable functional community composition occurred between

the reproductive adult stage and the juvenile stage, defined here as trees between 10 – 200

cm tall (Chapter 2).

Dispersal and establishment limitation were found to be strong and pervasive throughout

succession (Chapter 2) and mediated the emergence of patterns such as HDRs that are

predicted by ecological theory (Chapter 3). In Chapter 4, I used a planting experiment to

overcome dispersal limitations and explore post-germination assembly processes. Growth

and survival of the planted seedlings responded to the independent and combined efects

of both abiotic and biotic filters. Specifically, the performance of deciduous species

decreased with succession more than evergreen species. This occurred even though all

species have a poor ability to cope with drought when small (Poorter & Markesteĳn, 2008).

When dispersal limitation was not controlled for, functional traits did not predict

establishment limitation (Chapter 2), and small-scale species-habitat associations did not

appear (Chapter 3). This highlights the importance of strong dispersal limitation in

community assembly, which may preclude the action of other assembly mechanisms later

in tree ontogeny.
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5.3 Implications for TDF restoration

There are increasing calls for the practice of forest restoration to be improved through the

application of ecological theory (Wainwright et al., 2018). This is of particular concern in

tropical dry forest (TDF) ecosystems; nearly 90% of TDF globally has been disturbed by

agriculture or ranching, and 70% of the pre-Hispanic TDF in Mexico has been deforested

(Mesa-Sierra et al., 2022). The negative consequences of such forest loss for ecosystem

services like soil fertility and the regulation of climatic and hydrological systems have led to

national and international ecosystem restoration commitments, which cover 8 million

hectares in Mexico alone (Mesa-Sierra et al., 2022). My research successfully utilised the

infrastructure of a large-scale forest restoration project to test community assembly

hypotheses within a restoration framework. The following recommendations for restoration

best practice have emerged from my work:

1. Define the target community by its functional composition, rather than

its taxonomic composition

Restoration projects often select one (or several) reference site(s) that help to define the

target species composition for the project (Nelson et al., 2024; Rodrigues et al., 2011). This

approach has the advantage of ensuring that the restored vegetation is appropriate to the

climatic and edaphic conditions of the site and can help to ensure that targets are

suficiently ambitious, for example in terms of species richness. However, there are

drawbacks to this approach. Firstly, the goals of restoration projects, which should be

developed in meaningful consultation with all relevant stakeholders (Nelson et al., 2024),

may require the landscape to provide additional or alternative ecosystem goods and

services to those provided by the reference ecosystem (Lamb, 2005, 2018; Martin et al.,

2021). Secondly, climate and environmental change may mean that conditions are no longer

suitable for species that historically existed at a site (Howe, 2014). Thirdly, identification of a

suitable reference site is dificult, as 91% forests have experienced the impacts of some

form of anthropogenic disturbance (Grantham et al., 2020) over the many centuries of

human-forest interactions, so establishing a baseline “undisturbed” condition is often
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impossible in practice. For example, the impacts of extensive deforestation and forest

management by the Mayan civilisation until 1,100 years ago (Bohn et al., 2014; Vester et al.,

2007) still afect the vegetation and soil of the forests of southern Mexico and northern

Guatemala (Chazdon et al., 2007; Veldkamp et al., 2020). Finally, natural succession can be

highly stochastic, and the chosen reference forest represents just one possible outcome of

that natural process (Norden et al., 2015; Rodrigues et al., 2011).

Instead of defining the target of a restoration project based on the taxonomic composition of

a reference forest, I concur with Brancalion & Holl (2016) that the functional composition of

late-successional forests may represent a moreappropriate target. This would address each

potential drawback of the reference forest approach. Firstly,functional traits that provide the

desired ecosystem goods and services can be actively promoted (Meli et al., 2014).

Secondly, functional redundancy means that multiple species fulfil the same functional role

in a forest (Cadotte et al., 2011), so a species that is expected to be suited to future climatic

and environmental conditions may be a functional substitute for a climatically obsolete

species. Thirdly, a focus on the functional composition of a forest reduces the need to

identify appropriate baseline sites or historical periods. Finally, my own work in Chapter 2

demonstrated that TDF succession was functionally deterministic, despite stochasticity in

the taxonomic trajectories of diferent sites.  The functional composition of the tree

community is more important for ecosystem functioning (Cadotte et al., 2011), and as such

should be the focus of applied restoration work.

2. Identify and remove barriers to natural regeneration at the recruitment

stage

Natural regeneration (i.e., unassisted recovery) has multiple benefits as an approach to

forest restoration (Chazdon & Guariguata, 2016). Consistent with this argument, I found that

natural regeneration restored the functional composition of the secondary forest studied in

this thesis (Chapter 2) and appeared to increase environmental heterogeneity over time

(Chapter 3). However, natural regeneration may be limited, leading to a state of arrested

succession (Chazdon et al., 2007; Chazdon & Guariguata, 2016). To overcome arrested
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succession, the barriers preventing natural regeneration must be identified and removed.

Chapter 2 identified that processes acting during tree recruitment mostly determined the

functional composition of the adult tree community, so management interventions are likely

to be most efective if targeted at this stage in tree ontogeny.

For example, Chapter 3 suggested that strong dispersal limitation prevented shade-tolerant

specialists from growing in environmentally suitable patches in early successional or highly

disturbed areas. In TDF, shade-tolerant late-successional tree species tend to have large

zoochorous seeds (Lohbeck et al., 2013, 2015). Therefore, planting trees with fleshy fruits to

attract animal dispersers may help to reduce this dispersal limitation (Derroire et al., 2016b;

Parrotta, 1995; Reid et al., 2015; Sansevero et al., 2011).

My results also suggest that establishment of some species was limited by light availability

(Chapter 3; Chapter 4). The open canopy of early succession promoted the growth and

survival of the ten species planted in the experiment (Chapter 4), but high radiation levels

and temperatures can also be damagingto shade-tolerant species (Chapter 3;Bazzaz, 1979;

Benítez-Malvido et al., 2005; Bonilla-Moheno & Holl, 2010; Holl et al., 2011).Therefore, while

open canopy conditions may be best for the growth and survival of planted trees in this

ecosystem (Werden et al., 2020a), recovery of all functional groups may be promoted by the

re-establishment of a closed canopy (Bourgeois et al., 2016; Viani et al., 2017).

3. Consider the phylogeographic context

Götzenberger et al.  (2012) use the term “phylogeographic assembly” to refer to the

processes that define the regional species pool, which is the species pool that ecological

assembly rules (the focus of this thesis) act upon. Phylogeographic assembly processes are

speciation, extinction and migration. Restoration projects rarely consider such processes

(Hamilton et al., 2020), but in Chapter 3 I demonstrated the relevance ofthe phylogeographic

context to patterns of tree recruitment at a landscape scale. An apparently positive HDR

between heterogeneity in canopy openness and recruit species richness was caused by the

colonisation of abiotic patches by species from diferently sized species pools. A common

aim of restoration projects is to increase the alpha diversity of tree recruits, and these results
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suggest that one way to achieve this is to create the appropriate abiotic conditions for the

largest regional species pool.

There are also ways in which restoration can increase the size of the regional species pool

by ensuring there is suficient genetic diversity to provide the material for speciation (Kardos

et al., 2021). In other words, the maintenance or restoration of diversity-promoting

processes should be encouraged. This research identified two diversity-promoting

processes: conspecific negative density dependence (CNDD; Chapter 2) and species-

specific natural enemy pressure (Chapter 4). CNDD has been shown to enhance diversity at

multiple ontogenetic stages, including during dispersal (Chapter 2; Hille Ris Lambers et al.,

2002), across the seed to seedling transition (Harms et al., 2000), and during the juvenile

stages (Chapter 2; Green et al., 2014; LaManna et al., 2017; Webb & Peart, 1999). I found

that CNDD acted during dispersal and establishment in all successional environments,

though it has been suggested that CNDD is eroded in disturbed or early successional

habitats (Pillay et al., 2018). In contrast,the results of Chapter 4 did show that natural enemy

pressure only impacted seedling growth and survival in a late successional environment,

suggesting that the diversity-promoting efects of species-specific natural enemy pressure

may not act earlier in succession or in disturbed environments (in accord with Krishnadas et

al., 2018 and Kulikowski et al., 2022).

It is also important for restoration planners and practitioners to ensure that they do not afect

speciation, extinction and migration in ways that may decrease the size of the regional

species pool. There is a risk that restoration work leads to biotic homogenisation (Holl et al.,

2022). For example, a limited number of species are commonly planted in restoration

projects because they are easier to propagate and have a record of successful

establishment (Holl et al., 2022). The ten species planted in the experiment in Chapter 4

illustrate this point well; they were chosen based on availability in local plant nurseries,

suggesting they are commonly planted. However, many of these species are likely to

regenerate naturally anyway, and so plantingwill further exacerbate their existingdominance

in disturbed landscapes. A clear example of this is Guazuma ulmifolia, which is commonly

found in abandoned pastures and thrives in anthropogenic landscapes (Griscom & Ashton,
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2011; Holl et al., 2022; Jakovac et al., 2022), but is also the 18th most commonly planted

species by tree planting organisations in the tropics and subtropics (Martin et al., 2021) and

the most commonly planted species in reported TDF restoration projects in Mexico (Mesa-

Sierra et al., 2022). The widespread propagation and promotion of such species risks

reducing genetic, functional and phylogenetic diversity (Holl et al., 2022) and therefore the

potential for adaptation to changing climatic conditions, or even speciation.

4. Think at a landscape scale

Restoration projects often focus on increasing alpha diversity, but less attention is paid to

beta or gamma diversity, with potential negative consequences for landscape

multifunctionality and resilience (Holl et al., 2022). Forest Landscape Restoration (FLR)

approaches aim to counter this by promoting landscape-level planning that incorporates

multiple land uses and forest management approaches (Sayer et al., 2013). My results in

Chapter 3 suggested that a combination of diferent restoration interventions across the

landscape was associated with high compositional turnover of recruits (i.e., beta diversity).

FLR approaches may therefore be efective in promoting landscape scale beta diversity of

tree recruits and may have the additional benefits of increasing landscape-level resilience

through redundancy efects and moving towards the systemic experimental restoration

advocated by Howe & Martínez-Garza (2014).

5.4 Future work

Here I suggest future research that could be conducted to fill knowledge gaps that were not

resolved in this thesis, or to address new questions raised by the work presented here.

Overcoming the limitations of large-scale observational plant surveys

There were three aspects of the design of my research that limited my ability to draw robust

conclusions or make statements about the wider applicability of my results: the replication-

scale trade-of, the confounding of successional stage with disturbance history, and the

confounding of restoration plot age with restoration intervention type. Here I address each

of these limitations and suggest how they could be overcome in future work.



135

In Chapter 1, I conducted spatially explicit nested surveys of the seed, juvenile and adult tree

communities across three 1-hectare plots, each of which represented a diferent

successional stage. Due to the time required to intensively survey such a large area (I

surveyed a total of 19,465 juvenile and 879 adult trees), I was not able to increase the

number of replicate plots within each successional stage. Such a trade-of between plot size

and plot replication has been made in several studies (Capers et al., 2005; Huang et al.,

2022; Norden et al., 2009b; Powers, 2006) but has clear disadvantages for the replicability

and applicability of the results. It is therefore vital that future studies leverage opportunities

to increase plot-level replication, while also using large, intensively surveyed plots, without

which I would not have been able todemonstrate the scale-dependency of abiotic and biotic

community assembly processes. It has been suggested that large-scale forest restoration

projects could represent one such opportunity (Howe & Martínez-Garza, 2014); many

projects globally are already planting trees across large areas, and some are monitoring the

outcomes (Schubert et al., 2024). These planting designs and monitoring plans could be

adapted to allow restoration-focused projects to also act as large-scale experimental tests

of ecological theory, as demonstrated by Werden et al. (2020a) and Chapter 4 of this thesis.

Increased replication would also help to address the issues with confounded variables in

this research. Firstly, the successional gradient explored in Chapters 2 and 4 was

confounded with land use history, as is common in human-modified landscapes (Jakovac et

al., 2021). This meant I was not able to attribute observed changes in the abiotic and biotic

environment to either secondary succession or disturbance intensity. For example, the level

of canopy openness, which was repeatedly identified as a key factor in tree recruitment, is a

result of the balance of tree removal by humans and canopy recovery through secondary

succession. Future research into secondary succession in TDF should either control for

diferences in historical land use intensity or include well replicated plots where land use

intensity and successional stage vary orthogonally, so that their relative efects can be

evaluated statistically. This could be used to test the hypothesis that diferent land use

histories send secondary forests along diferent successional trajectories, for which the

evidence is currently mixed (Derroire et al., 2016a; Estrada-Villegas et al., 2020; Guariguata
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& Ostertag, 2001; Jakovac et al., 2021, 2022; Lebrĳa-Trejos et al., 2010a; Norden et al.,

2009b, 2015; Rozendaal et al., 2019).

Similarly, the confounding of plot age with restoration intervention type in Chapter 3 meant

that I was unable to identify the independent efects of diferent restoration interventions.

This further highlights the value of long-term experimental restoration projects (e.g., Holl et

al., 2020). However, there is tension between the need for randomisation in the application

of restoration interventions as experimental treatments and the need to tailor the

intervention to the site. In my study site, plot age and intervention type were confounded

because natural regeneration (i.e., unassisted recovery) was more appropriate in less

intensively used sites that had more remnant vegetation, while tree planting (i.e.,moderately

assisted recovery sensu Chazdon et al., 2024) was more appropriate in more intensively

used sites, as per restoration best practice guidelines (Chazdon, 2013). This is a clear

limitation to the use of restoration projects to experimentally test ecological theories, and in

each case the trade-of should be made clear to all relevant stakeholders and decisions

made based on the circumstances and aims of each project. In addition, some ecological

research may require vegetation removal (e.g., Werden et al., 2020a) to disentangle the

efects of diferent community assembly processes(Götzenberger et al., 2012;experimental

removal of conspecific seeds or juveniles may have helped to uncover the mechanistic

causes of the relationships between conspecific abundance and recruitment limitation in

Chapter 2), which may be antithetical to the goal of increasing woody plant biomass through

forest restoration. Communication and collaboration between projects (e.g., The Atlantic

Forest Restoration Pact; Viani et al., 2017) may further allow for coordination to ensure that

both restoration and research aims are met, and are each pursued in the most appropriate

sites.

Selection and measurement of relevant functional traits

In Chapter 2, I was unable to explain variation in recruitment limitation by functional traits.

This was unexpected because the study site encompassed strong abiotic gradients and

clear changes to the functional composition of juvenile and adult communities. I attributed
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this result to the spatial scale of the analysis, but it must also be considered that the

selection of relevant functional traits is challenging (de Bello et al., 2021). It has been

suggested that easy to measure “soft” traits are less relevant for growth and survival of

seedlings in TDF than ecophysiological “hard” traits, and that hard and soft traits are

generally uncorrelated (Werden et al., 2020a). Similarly, drought strategy categories of

species were based on their phenological categories in Chapter 3. However, these binary

categories did explain variation in natural enemy damage, growth and survival, even though

deciduous and evergreen phenological habit can also be considered to be two extremes of

a continuum of leaf retention time (Lohbeck et al., 2015; Méndez-Alonzo et al., 2012). There

may therefore be a trade-of between the ease of measurement of a functional trait and its

relevance to community assembly processes, and the appropriate amount of efort put into

measuring functional traits will depend on the aims of future research.

5.5 Summary

In conclusion, I have shown that the ecological community assembly rules that act during

tree recruitment changed throughout secondary succession of a TDF. Abiotic filtering

dominated earlier in succession (Chapter 2; Chapter 4), leading to predictable changes in

the functional community composition of recruits, while biotic filters provided important

diversity-promoting mechanisms in late successional forests (Chapter 2; Chapter 4). My

results further demonstrated that deterministic abiotic filtering only emerged between

patches 0.5 – 6.0 km apart (Chapter 2; Chapter 3), suggesting that landscapes should be

managed to promote environmental heterogeneity at larger spatial scales. By testing

community reassembly theories in a relatively understudied tropical dry forest ecosystem, I

have produced results that can be applied to the restoration of this ecosystem and

suggested how such large-scale restoration work could be leveraged to further test

hypotheses generated by classical ecological theory.



138

6. References
Aguilar-Peralta, J. S., González-Rodríguez, A., Maldonado-López, Y., Fagundes, M., Faria, M.

L., Ávila-Cabadilla, L. D., Álvarez-Añorve, M. Y., & Cuevas-Reyes, P. (2020). Contrasting

patterns of morphology, fluctuating asymmetry and leaf herbivory in three plant species of

diferent successional stages of a tropical dry forest. Trees, 34(4), 1075–1086.

https://doi.org/10.1007/s00468-020-01982-z

Aide, T. M., Clark, M. L., Grau, H. R., López-Carr, D., Levy, M. A., Redo, D., Bonilla-Moheno,

M., Riner, G., Andrade-Núñez, M. J., & Muñiz, M. (2013). Deforestation and Reforestation of

Latin America and the Caribbean (2001–2010). Biotropica, 45(2), 262–271.

https://doi.org/10.1111/j.1744-7429.2012.00908.x

Almazán-Núñez, R. C., Arizmendi, M. del C., Eguiarte, L. E., & Corcuera, P. (2012). Changes

in composition, diversity and structure of woody plants in successional stages of tropical dry

forest in southwest Mexico. Revista Mexicana de Biodiversidad, 83(4), 1096–1109.

https://doi.org/10.7550/rmb.30403

Alvarez-Loayza, P., & Terborgh, J. (2011). Fates of seedling carpets in an Amazonian

floodplain forest: Intra-cohort competition or attack by enemies? Journal of Ecology, 99(4),

1045–1054. https://doi.org/10.1111/j.1365-2745.2011.01835.x

Anderson, M. J. (2006). Distance-based tests for homogeneity of multivariate dispersions.

Biometrics, 62(1), 245–253. https://doi.org/10.1111/j.1541-0420.2005.00440.x

Arroyo-Mora, J. P., Sánchez-Azofeifa, G. A., Kalacska, M. E. R., Rivard, B., Calvo-Alvarado, J.

C., & Janzen, D. H. (2005). Secondary Forest Detection in a Neotropical Dry Forest

Landscape Using Landsat 7 ETM+ and IKONOS Imagery. Biotropica, 37(4), 497–507.

Baer, S. G., Adams, T., Scott, D. A., Blair, J. M., & Collins, S. L. (2020). Soil heterogeneity

increases plant diversity after 20 years of manipulation during grassland restoration.

Ecological Applications, 30(1), e02014. https://doi.org/10.1002/eap.2014



139

Baer, S. G., Blair, J. M., & Collins, S. L. (2016). Environmental heterogeneity has a weak efect

on diversity during community assembly in tallgrass prairie. Ecological Monographs, 86(1),

94–106. https://doi.org/10.1890/15-0888.1

Baer, S. G., Blair, J. M., Collins, S. L., & Knapp, A. K. (2004). Plant community responses to

resource availability and heterogeneity during restoration. Oecologia, 139(4), 617–629.

https://doi.org/10.1007/s00442-004-1541-3

Baer, S. G., Collins, S. L., Blair, J. M., Knapp, A. K., & Fiedler, A. K. (2005). Soil Heterogeneity

Efects on Tallgrass Prairie Community Heterogeneity: An Application of Ecological Theory

to Restoration Ecology. Restoration Ecology, 13(2), 413–424. https://doi.org/10.1111/j.1526-

100X.2005.00051.x

Bagchi, R., Swinfield, T., Gallery, R. E., Lewis, O. T., Gripenberg, S., Narayan, L., & Freckleton,

R. P. (2010). Testing the Janzen-Connell mechanism: Pathogens cause overcompensating

density dependence in a tropical tree. Ecology Letters, 13(10), 1262–1269.

https://doi.org/10.1111/j.1461-0248.2010.01520.x

Bakker, M. A., Carreño-Rocabado, G., & Poorter, L. (2011). Leaf economics traits predict litter

decomposition of tropical plants and difer amongland use types.Functional Ecology,25(3),

473–483. https://doi.org/10.1111/j.1365-2435.2010.01802.x

Baldeck, C. A., Harms, K. E., Yavitt, J. B., John, R., Turner, B. L., Valencia, R., Navarrete, H.,

Bunyavejchewin, S., Kiratiprayoon, S., Yaacob, A., Supardi, M. N. N., Davies, S. J., Hubbell, S.

P., Chuyong, G. B., Kenfack, D., Thomas, D. W., & Dalling, J. W. (2013). Habitat filtering across

tree life stages in tropical forest communities. Proceedings of the Royal Society B: Biological

Sciences, 280(1766), 20130548. https://doi.org/10.1098/rspb.2013.0548

Balderrama, S. I. V., & Chazdon, R. L. (2005). Light-dependent seedling survival and growth

of four tree species in Costa Rican second-growth rain forests. Journal of Tropical Ecology,

21(4), 383–395. https://doi.org/10.1017/S026646740500235X

Balvanera, P., & Aguirre, E. (2006). Tree Diversity, Environmental Heterogeneity, and

Productivity in a Mexican Tropical Dry Forest. Biotropica, 38(4), 479–491.



140

Balvanera, P., Lott, E., Segura, G., Siebe, C., & Islas, A. (2002). Patterns of β-diversity in a

Mexican tropical dry forest. Journal of Vegetation Science, 13(2), 145–158.

https://doi.org/10.1111/j.1654-1103.2002.tb02034.x

Banin, L. F., Raine, E. H., Rowland, L. M., Chazdon, R. L., Smith, S. W., Rahman, N. E. B.,

Butler, A., Philipson, C., Applegate, G. G., Axelsson, E. P., Budiharta, S., Chua, S. C., Cutler,

M. E. J., Elliott, S., Gemita, E., Godoong, E., Graham, L. L. B., Hayward, R. M., Hector, A., …

Burslem, D. F. R. P. (2022). The road to recovery: A synthesis of outcomes from ecosystem

restoration in tropical and sub-tropical Asian forests.Philosophical Transactions of the Royal

Society B: Biological Sciences, 378(1867), 20210090.

https://doi.org/10.1098/rstb.2021.0090

Bates, D., Maechler, M., Bolker [aut, B., cre, Walker, S., Christensen, R. H. B., Singmann, H.,

Dai, B., Scheipl, F., Grothendieck, G., Green, P., Fox, J., Bauer, A., simulate.formula), P. N. K.

(shared copyright on, Tanaka, E., & Jagan, M. (2025). lme4: Linear Mixed-E_ects Models

using “Eigen” and S4 (Version 1.1-36) [Computer software]. https://cran.r-

project.org/web/packages/lme4/index.html

Bazzaz, F. A. (1979). The Physiological Ecology of Plant Succession. Annual Review of

Ecology and Systematics, 10(1), 351–371.

https://doi.org/10.1146/annurev.es.10.110179.002031

Beckage, B., & Clark, J. S. (2003). SEEDLING SURVIVAL AND GROWTH OF THREE FOREST

TREE SPECIES: THE ROLE OF SPATIAL HETEROGENEITY. Ecology, 84(7), 1849–1861.

https://doi.org/10.1890/0012-9658

Becknell, J. M., & Powers, J. S. (2014). Stand age and soils as drivers of plant functional traits

and aboveground biomass in secondary tropical dry forest. Canadian Journal of Forest

Research, 44(6), 604–613. https://doi.org/10.1139/cjfr-2013-0331

Ben-Hur, E., & Kadmon, R. (2020). Heterogeneity–diversity relationships in sessile

organisms: A unified framework. Ecology Letters, 23(1), 193–207.

https://doi.org/10.1111/ele.13418



141

Benítez, M.-S., Hersh, M. H., Vilgalys, R., & Clark, J. S. (2013). Pathogen regulation of plant

diversity via efective specialization. Trends in Ecology & Evolution, 28(12), 705–711.

https://doi.org/10.1016/j.tree.2013.09.005

Benítez-Malvido, J., Martínez-Ramos, M., Camargo, J. L. C., & Ferraz, I. D. K. (2005).

Responses of Seedling Transplants to Environmental Variations in Contrasting Habitats of

Central Amazonia. Journal of Tropical Ecology, 21(4), 397–406.

Bhaskar, R., Dawson, T. E., & Balvanera, P. (2014). Community assembly and functional

diversity along succession post-management. Functional Ecology, 28(5), 1256–1265.

https://doi.org/10.1111/1365-2435.12257

Boege, E. (1995). The Calakmul Biosphere Reserve: Mexico (No. 13; South-South

Cooperation Programme on Environmentally Sound Socio-Economic Development in the

Humid Tropics: Working Papers). United Nations University, Third World Academy of

Sciences.

https://unesdoc.unesco.org/ark:/48223/pf0000113906/PDF/113906engo.pdf.multi

Boege, K., & Marquis, R. J. (2005). Facing herbivory as you grow up:  The ontogeny of

resistance in plants. Trends in Ecology & Evolution, 20(8), 441–448.

https://doi.org/10.1016/j.tree.2005.05.001

Bohn, J. L., Diemont, S. A. W., Gibbs, J. P., Stehman, S. V., & Mendoza Vega, J. (2014).

Implications of Mayan agroforestry for biodiversity conservation in the Calakmul Biosphere

Reserve, Mexico. Agroforestry Systems, 88(2), 269–285. https://doi.org/10.1007/s10457-

014-9674-9

Bongalov, B., Burslem, D. F. R. P., Jucker, T., Thompson, S. E. D., Rosindell, J., Swinfield, T.,

Nilus, R., Clewley, D., Phillips, O. L., & Coomes, D. A. (2019). Reconciling the contribution of

environmental and stochastic structuring of tropical forest diversity through the lens of

imaging spectroscopy. Ecology Letters, 22(10), 1608–1619.

https://doi.org/10.1111/ele.13357



142

Bonilla-Moheno, M., & Holl, K. D. (2010). Direct Seeding to Restore Tropical Mature-Forest

Species in Areas of Slash-and-Burn Agriculture.  Restoration Ecology, 18(s2), 438–445.

https://doi.org/10.1111/j.1526-100X.2009.00580.x

Borchert, R. (1994). Soil and Stem Water Storage Determine Phenology and Distribution of

Tropical Dry Forest Trees. Ecology, 75(5), 1437–1449. https://doi.org/10.2307/1937467

Botzat, A., Fischer, L., & Farwig, N. (2015). Regeneration potential in South African forest

fragments: Extinction debt paid of or hampered by contemporary matrix modification?Plant

Ecology, 216(4), 535–551. https://doi.org/10.1007/s11258-015-0457-9

Bourgeois, B., Vanasse, A., González, E., Andersen, R., & Poulin, M. (2016). Threshold

dynamics in plant succession after tree planting in agricultural riparian zones. Journal of

Applied Ecology, 53(6), 1704–1713. https://doi.org/10.1111/1365-2664.12675

Bradshaw, A. D. (1987). Restoration: An acid test for ecology. In W. R. Jordan III, M. E. Gilpin,

& J. D. Aber (Eds.), Restoration ecology: A synthetic approach to ecological research (pp. 23–

30). Cambridge University Press.

Brancalion, P. H. S., & Holl, K. D. (2016). Functional composition trajectory: A resolution to

the debate between Suganuma, Durigan, and Reid. Restoration Ecology, 24(1), 1–3.

https://doi.org/10.1111/rec.12312

Bravo-Monzón, Á. E., Montiel-González, C., Benítez-Malvido, J., Arena-Ortíz, M. L., Flores-

Puerto, J. I., Chiappa-Carrara, X., Avila-Cabadilla, L. D., & Alvarez-Añorve, M. Y. (2022). The

Assembly of Tropical Dry Forest Tree Communities in Anthropogenic Landscapes: The Role

of Chemical Defenses. Plants, 11(4), Article 4. https://doi.org/10.3390/plants11040516

Bray, J. R., & Curtis, J. T. (1957). An Ordination of the Upland Forest Communities of Southern

Wisconsin. Ecological Monographs, 27(4), 325–349. https://doi.org/10.2307/1942268

Brokaw, N., & Busing, R. T. (2000). Niche versus chance and tree diversity in forest gaps.

Trends in Ecology & Evolution, 15(5), 183–188. https://doi.org/10.1016/S0169-

5347(00)01822-X



143

Bruna, E. M., Wetzel, W., Underwood, N., Cacho, I., Abbot, K., Dyer, L., Hahn, P., &

Whitehead, S. (2024). HerbVar: Project Manual and Field protocols (Version v0.9.0). Zenodo.

https://doi.org/10.5281/zenodo.14232308

BugNet. (2021). Detailed protocol: Preparation and application of pesticides—BugNet.

https://www.bug-net.org/detailed-protocol-preparation-and-application-of-pesticides/

Bullock, J. M., Fuentes-Montemayor, E., McCarthy, B., Park, K., Hails, R. S., Woodcock, B. A.,

Watts, K., Corstanje, R., & Harris, J. (2022). Future restoration should enhance ecological

complexity and emergent properties at multiple scales. Ecography, 2022(4).

https://doi.org/10.1111/ecog.05780

Buzzard, V., Hulshof, C. M., Birt, T., Violle, C., & Enquist, B. J. (2016). Re-growing a tropical dry

forest: Functional plant trait composition and community assembly during succession.

Functional Ecology, 30(6), 1006–1013. https://doi.org/10.1111/1365-2435.12579

Cadotte, M. W., Carscadden, K., & Mirotchnick, N. (2011). Beyond species: Functional

diversity and the maintenance of ecological processes and services. Journal of Applied

Ecology, 48(5), 1079–1087. https://doi.org/10.1111/j.1365-2664.2011.02048.x

Capers, R. S., Chazdon, R. L., Brenes, A. R., & Alvarado, B. V. (2005). Successional dynamics

of woody seedling communities in wet tropical secondary forests. Journal of Ecology, 93(6),

1071–1084. https://doi.org/10.1111/j.1365-2745.2005.01050.x

Cárdenas, C. D., Varón-García, D., Suárez-Rodríguez, F., & Pizano, C. (2022). Overcoming the

regeneration barriers of tropical dry forest: Efects of water stress and herbivory on seedling

performance and allocation of key tree species for restoration. Journal of Tropical Ecology,

38(4), 210–218. https://doi.org/10.1017/S0266467422000074

Cazzolla Gatti, R., Castaldi, S., Lindsell, J. A., Coomes, D. A., Marchetti, M., Maesano, M., Di

Paola, A., Paparella, F., & Valentini, R. (2015). The impact of selective logging and

clearcutting on forest structure, tree diversity and above-ground biomass of African tropical

forests. Ecological Research, 30(1), 119–132. https://doi.org/10.1007/s11284-014-1217-3



144

Ceccon, E., Huante, P., & Campo, J. (2003). Efects of nitrogen and phosphorus fertilization

on the survival and recruitment of seedlings of dominant tree species in two abandoned

tropical dry forests in Yucatán, Mexico. Forest Ecology and Management, 182(1–3), 387–402.

https://doi.org/10.1016/S0378-1127(03)00085-9

Ceccon, E., Huante, P., & Rincón, E. (2006). Abiotic factors influencing tropical dry forests

regeneration. Brazilian Archives of Biology and Technology, 49(2), 305–312.

https://doi.org/10.1590/S1516-89132006000300016

Ceccon, E., Sánchez, S., & Campo, J. (2004). Tree seedling dynamics in two abandoned

tropical dry forests of difering successional status in Yucatán, Mexico: A field experiment

with N and P fertilization. Plant Ecology, 170(2), 277–285.

https://doi.org/10.1023/B:VEGE.0000021699.63151.47

Chang-Yang, C.-H., Needham, J., Lu, C.-L., Hsieh, C.-F., Sun, I.-F., & McMahon, S. M. (2021).

Closing the life cycle of forest trees: The dificult dynamics of seedling-to-sapling transitions

in a subtropical rainforest. Journal of Ecology, 109(7), 2705–2716.

https://doi.org/10.1111/1365-2745.13677

Chao, A., Chazdon, R. L., Colwell, R. K., & Shen, T.-J. (2005). A new statistical approach for

assessing similarity of species composition with incidence and abundance data. Ecology

Letters, 8(2), 148–159. https://doi.org/10.1111/j.1461-0248.2004.00707.x

Chase, J. M. (2014). Spatial scale resolves the niche versus neutral theory debate. Journal of

Vegetation Science, 25(2), 319–322. https://doi.org/10.1111/jvs.12159

Chase, J. M., & Leibold, M. A. (2003). Ecological niches: Linking classical and contemporary

approaches. The University of Chicago Press.

Chaturvedi, R. K., Raghubanshi, A. S., & Singh, J. S. (2014). Relative efects of diferent leaf

attributes on sapling growth in tropical dry forest. Journal of Plant Ecology, 7(6), 544–558.

https://doi.org/10.1093/jpe/rtt053



145

Chazdon, R. L. (2008). Beyond Deforestation: Restoring Forests and Ecosystem Services on

Degraded Lands. Science, 320(5882), 1458–1460. https://doi.org/10.1126/science.1155365

Chazdon, R. L. (2013). Making Tropical Succession and Landscape Reforestation

Successful. Journal of Sustainable Forestry, 32(7), 649–658.

https://doi.org/10.1080/10549811.2013.817340

Chazdon, R. L., Broadbent, E. N., Rozendaal, D. M. A., Bongers, F., Zambrano, A. M. A., Aide,

T. M., Balvanera, P., Becknell, J. M., Boukili, V., Brancalion, P. H. S., Craven, D., Almeida-

Cortez, J. S., Cabral, G. A. L., de Jong, B., Denslow, J. S., Dent, D. H., DeWalt, S. J., Dupuy, J.

M., Durán, S. M., … Poorter, L. (2016). Carbon sequestration potential of second-growth

forest regeneration in the Latin American tropics. Science Advances, 2(5), e1501639.

https://doi.org/10.1126/sciadv.1501639

Chazdon, R. L., Colwell, R. K., Denslow, J. S., & Guariguata, M. R. (1998). Statistical methods

for estimating species richness of woody regeneration in primary and secondary rain forests

of Northeastern Costa Rica. https://hdl.handle.net/10568/17965

Chazdon, R. L., Falk, D. A., Banin, L. F., Wagner, M., J. Wilson, S., Grabowski, R. C., & Suding,

K. N. (2024). The intervention continuum in restoration ecology: Rethinking the active–

passive dichotomy. Restoration Ecology, 32(8), e13535. https://doi.org/10.1111/rec.13535

Chazdon, R. L., & Guariguata, M. R. (2016). Natural regeneration as a tool for large-scale

forest restoration in the tropics: Prospects and challenges. Biotropica, 48(6), 716–730.

https://doi.org/10.1111/btp.12381

Chazdon, R. L., Letcher, S. G., van Breugel, M., Martínez-Ramos, M., Bongers, F., & Finegan,

B. (2007). Rates of change in tree communities of secondary Neotropical forests following

major disturbances. Philosophical Transactions of the Royal Society B: Biological Sciences,

362(1478), 273–289. https://doi.org/10.1098/rstb.2006.1990

Chesson, P. (2000). Mechanisms of Maintenance of Species Diversity. Annual Review of

Ecology and Systematics, 31, 343–366.



146

Clark, D. B., Clark, D. A., & Rich, P. M. (1993). Comparative Analysis of Microhabitat

Utilization by Saplings of Nine Tree Species in Neotropical Rain Forest. Biotropica, 25(4),

397–407. https://doi.org/10.2307/2388863

Comita, L. S., & Hubbell, S. P. (2009). Local neighborhood and species’ shade tolerance

influence survival in a diverse seedling bank. Ecology, 90(2), 328–334.

https://doi.org/10.1890/08-0451.1

Condit, R., Engelbrecht, B. M. J., Pino, D., Pérez, R., & Turner, B. L. (2013). Species

distributions in response to individual soil nutrients and seasonal drought across a

community of tropical trees. Proceedings of the National Academy of Sciences, 110(13),

5064–5068. https://doi.org/10.1073/pnas.1218042110

Connell, J. H. (1971). On the role of natural enemies in preventing competitive exclusion in

some marine animals and in rain forest trees. In P. J. Den Boer & G. R. Gradwell (Eds.),

Dynamics of Numbers in Populations (pp. 298–312). PUDOC.

Cottenie, K. (2005). Integrating environmental and spatial processes in ecological

community dynamics. Ecology Letters, 8(11), 1175–1182. https://doi.org/10.1111/j.1461-

0248.2005.00820.x

Dalling, J. W., & Hubbell, S. P. (2002). Seed size, growth rate and gap microsite conditions as

determinants of recruitment success for pioneer species. Journal of Ecology, 90(3), 557–

568. https://doi.org/10.1046/j.1365-2745.2002.00695.x

Davies, K. F., Chesson, P., Harrison, S., Inouye, B. D., Melbourne, B. A., & Rice, K. J. (2005).

Spatial Heterogeneity Explains the Scale Dependence of the Native-Exotic Diversity

Relationship. Ecology, 86(6), 1602–1610.

de Bello, F., Carmona, C. P., Dias, A. T. C., Götzenberger, L., Moretti, M., & Berg, M. P. (2021).

Handbook of Trait-Based Ecology: From Theory to R Tools. Cambridge University Press.

https://doi.org/10.1017/9781108628426



147

De Cáceres, M., Coll, L., Legendre, P., Allen, R. B., Wiser, S. K., Fortin, M.-J., Condit, R., &

Hubbell, S. (2019). Trajectory analysis in community ecology. Ecological Monographs, 89(2),

e01350. https://doi.org/10.1002/ecm.1350

de la Peña-Domene, M., Martínez-Garza, C., & Howe, H. F. (2013). Early recruitment

dynamics in tropical restoration. Ecological Applications, 23(5), 1124–1134.

Denslow, J. S. (1995). Disturbance and Diversity in Tropical Rain Forests: The Density Efect.

Ecological Applications, 5(4), 962–968. https://doi.org/10.2307/2269347

Denslow, J. S., & Guzman G., S. (2000). Variation in Stand Structure, Light and Seedling

Abundance across a Tropical Moist Forest Chronosequence, Panama. Journal of Vegetation

Science, 11(2), 201–212. https://doi.org/10.2307/3236800

Dent, D. H., DeWalt, S. J., & Denslow, J. S. (2013). Secondary forests of central Panama

increase in similarity to old-growth forest over time in shade tolerance but not species

composition. Journal of Vegetation Science, 24(3), 530–542. https://doi.org/10.1111/j.1654-

1103.2012.01482.x

Derroire, G. (2016). Secondary Succession in Tropical Dry Forests. Bangor University &

Swedish University of Agricultural Sciences.

Derroire, G., Balvanera, P., Castellanos-Castro, C., Decocq, G., Kennard, D. K., Lebrĳa-

Trejos, E., Leiva, J. A., Odén, P.-C., Powers, J. S., Rico-Gray, V., Tigabu, M., & Healey, J. R.

(2016a). Resilience of tropical dry forests – a meta-analysis of changes in species diversity

and composition during secondary succession. Oikos, 125(10), 1386–1397.

https://doi.org/10.1111/oik.03229

Derroire, G., Coe, R., & Healey, J. R. (2016b). Isolated trees as nuclei of regeneration in

tropical pastures: Testing the importance of niche-based and landscape factors. Journal of

Vegetation Science, 27(4), 679–691. https://doi.org/10.1111/jvs.12404

Derroire, G., Powers, J. S., Hulshof, C. M., Cárdenas Varela, L. E., & Healey, J. R. (2018).

Contrasting patterns of leaf trait variation among and within species during tropical dry



148

forest succession in Costa Rica. Scientific Reports, 8(1), Article 1.

https://doi.org/10.1038/s41598-017-18525-1

Derroire, G., Tigabu, M., Odén, P. C., & Healey, J. R. (2016c). The Efects of Established Trees

on Woody Regeneration during Secondary Succession in Tropical Dry Forests. Biotropica,

48(3), 290–300. https://doi.org/10.1111/btp.12287

DeWalt, S. J., Denslow, J. S., & Ickes, K. (2004). Natural-Enemy Release Facilitates Habitat

Expansion of the Invasive Tropical Shrub Clidemia Hirta. Ecology, 85(2), 471–483.

https://doi.org/10.1890/02-0728

Ding, Y., Zang, R., Letcher, S. G., Liu, S., & He, F. (2012). Disturbance regime changes the trait

distribution, phylogenetic structure and community assembly of tropical rain forests. Oikos,

121(8), 1263–1270. https://doi.org/10.1111/j.1600-0706.2011.19992.x

Dirzo, R., Mendoza, E., & Ortíz, P. (2007). Size-Related Diferential Seed Predation in a Heavily

Defaunated Neotropical Rain Forest. Biotropica, 39(3), 355–362.

Döbert, T. F., Webber, B. L., Sugau, J. B., Dickinson, K. J. M., & Didham, R. K. (2017). Logging

increases the functional and phylogenetic dispersion of understorey plant communities in

tropical lowland rain forest. Journal of Ecology, 105(5), 1235–1245.

https://doi.org/10.1111/1365-2745.12794

Downey, H., Lewis, O. T., Bonsall, M. B., Fernandez, D. C., & Gripenberg, S. (2018). Insect

herbivory on seedlings of rainforest trees: Efects of density and distance of conspecific and

heterospecific neighbors. Ecology and Evolution, 8(24), 12702–12711.

https://doi.org/10.1002/ece3.4698

Dupuy, J. M., & Chazdon, R. L. (2006). Efects of Vegetation Cover on Seedling and Sapling

Dynamics in Secondary Tropical Wet Forests in Costa Rica. Journal of Tropical Ecology,

22(1), 65–76.

Dupuy, J. M., Hernández-Stefanoni, J. L., Hernández-Juárez, R. A., Tetetla-Rangel, E., López-

Martínez, J. O., Leyequién-Abarca, E., Tun-Dzul, F. J., & May-Pat, F. (2012). Patterns and



149

Correlates of Tropical Dry Forest Structure and Composition in a Highly Replicated

Chronosequence in Yucatan, Mexico. Biotropica, 44(2), 151–162.

Estrada-Medina, H., Santiago, L. S., Graham, R. C., Allen, M. F., & Jiménez-Osornio, J. J.

(2013). Source water, phenology and growth of two tropical dry forest tree species growing

on shallow karst soils. Trees, 27(5), 1297–1307. https://doi.org/10.1007/s00468-013-0878-9

Estrada-Villegas, S., Bailón, M., Hall, J. S., Schnitzer, S. A., Turner, B. L., Caughlin, T., & van

Breugel, M. (2020). Edaphic factors and initial conditions influence successional trajectories

of early regenerating tropical dry forests. Journal of Ecology, 108(1), 160–174.

https://doi.org/10.1111/1365-2745.13263

FAO. (2020). Global Forest Resources Assessment 2020: Main report.

https://doi.org/10.4060/ca9825en

Fine, P. V. A., Mesones, I., & Coley, P. D. (2004). Herbivores Promote Habitat Specialization

by Trees in Amazonian Forests. Science, 305(5684), 663–665.

Forrister, D. L., Endara, M.-J., Younkin, G. C., Coley, P. D., & Kursar, T. A. (2019). Herbivores as

drivers of negative density dependence in tropical forest saplings. Science (New York, N.Y.),

363(6432), 1213–1216. https://doi.org/10.1126/science.aau9460

Fox, J., Weisberg, S., Price, B., Adler, D., Bates, D., Baud-Bovy, G., Bolker, B., Ellison, S., Firth,

D., Friendly, M., Gorjanc, G., Graves, S., Heiberger, R., Krivitsky, P., Laboissiere, R., Maechler,

M., Monette, G., Murdoch, D., Nilsson, H., … R-Core. (2024). car: Companion to Applied

Regression (Version 3.1-3) [Computer software]. https://cran.r-

project.org/web/packages/car/index.html

Freestone, A. L., & Inouye, B. D. (2006). Dispersal Limitation and Environmental

Heterogeneity Shape Scale-Dependent Diversity Patterns in Plant Communities. Ecology,

87(10), 2425–2432. https://doi.org/10.1890/0012-9658(2006)87[2425:DLAEHS]2.0.CO;2

Gann, G. D., McDonald, T., Walder, B., Aronson, J., Nelson, C. R., Jonson, J., Hallett, J. G.,

Eisenberg, C., Guariguata, M. R., Liu, J., Hua, F., Echeverría, C., Gonzales, E., Shaw, N.,



150

Decleer, K., & Dixon, K. W. (2019). International principles and standards for the practice of

ecological restoration. Second edition. Restoration Ecology, 27(S1), S1–S46.

https://doi.org/10.1111/rec.13035

García Gil, G., Palacio Prieto, J. L., & Ortiz Pérez, M. A. (2002). Reconocimiento

geomorfológico e hidrográfico de la Reserva de la Biosfera Calakmul, México.

Investigaciones Geográficas, Boletin del Instituto de Geografia, UNAM, 48, 7–23.

Garzon-Lopez, C. X., Jansen, P. A., Bohlman, S. A., Ordonez, A., & Olf, H. (2014). Efects of

sampling scale on patterns of habitat association in tropical trees. Journal of Vegetation

Science, 25(2), 349–362. https://doi.org/10.1111/jvs.12090

Gavlak, D. R., Horneck, D. D., & Miller, D. R. O. (2005). SOIL, PLANT AND WATER REFERENCE

METHODS FOR THE WESTERN REGION 3rd Edition. WREP-125.

Gazol, A., Tamme, R., Price, J. N., Hiiesalu, I., Laanisto, L., & Pärtel, M. (2013). A negative

heterogeneity–diversity relationship found in experimental grassland communities.

Oecologia, 173(2), 545–555. https://doi.org/10.1007/s00442-013-2623-x

Gee, A., Werden, L., Verduzco-Salazar, O. E., Nie, R., & Waring, B. G. (2025). Secondary

succession of a seasonally dry tropical forest is taxonomically stochastic but functionally

deterministic. [Manuscript Submitted for Publication].

Gei, M., Rozendaal, D. M. A., Poorter, L., Bongers, F., Sprent, J. I., Garner, M. D., Aide, T. M.,

Andrade, J. L., Balvanera, P., Becknell, J. M., Brancalion, P. H. S., Cabral, G. A. L., César, R.

G., Chazdon, R. L., Cole, R. J., Colletta, G. D., de Jong, B., Denslow, J. S., Dent, D. H., …

Powers, J. S. (2018). Legume abundance along successional and rainfall gradients in

Neotropical forests. Nature Ecology & Evolution, 2(7), Article 7.

https://doi.org/10.1038/s41559-018-0559-6

Gibson, L., Lee, T. M., Koh, L. P., Brook, B. W., Gardner, T. A., Barlow, J., Peres, C. A., Bradshaw,

C. J. A., Laurance, W. F., Lovejoy, T. E., & Sodhi, N. S. (2011). Primary forests are irreplaceable

for sustaining tropical biodiversity. Nature, 478(7369), 378–381.

https://doi.org/10.1038/nature10425



151

Gilbert, B., Wright, S. J., Muller-Landau, H. C., Kitajima, K., & Hernandéz, A. (2006). Life

History Trade-Ofs in Tropical Trees and Lianas. Ecology, 87(5), 1281–1288.

https://doi.org/10.1890/0012-9658(2006)87[1281:LHTITT]2.0.CO;2

Gilroy, J. J., Woodcock, P., Edwards, F. A., Wheeler, C., Baptiste, B. L. G., Medina Uribe, C. A.,

Haugaasen, T., & Edwards, D. P. (2014). Cheap carbon and biodiversity co-benefits from

forest regeneration in a hotspot of endemism. Nature Climate Change, 4(6), 503–507.

https://doi.org/10.1038/nclimate2200

Global Forest Resources Assessment 2020. (2020). FAO. https://doi.org/10.4060/ca8753en

Gómez-Aparicio, L., Valladares, F., Zamora, R., & Luis Quero, J. (2005). Response of tree

seedlings to the abiotic heterogeneity generated by nurse shrubs: An experimental approach

at dif erent scales. Ecography, 28(6), 757–768. https://doi.org/10.1111/j.2005.0906-

7590.04337.x

Götzenberger, L., de Bello, F., Bråthen, K. A., Davison, J., Dubuis, A., Guisan, A., Lepš, J.,

Lindborg, R., Moora, M., Pärtel, M., Pellissier, L., Pottier, J., Vittoz, P., Zobel, K., & Zobel, M.

(2012). Ecological assembly rules in plant communities—Approaches, patterns and

prospects. Biological Reviews, 87(1), 111–127. https://doi.org/10.1111/j.1469-

185X.2011.00187.x

Graco-Roza, C., Soininen, J., Corrêa, G., Pacheco, F. S., Miranda, M., Domingos, P., &

Marinho, M. M. (2021). Functional rather than taxonomic diversity reveals changes in the

phytoplankton community of a large dammed river. Ecological Indicators, 121, 107048.

https://doi.org/10.1016/j.ecolind.2020.107048

Granados, A., Brodie, J. F., Bernard, H., & O’Brien, M. J. (2017). Defaunation and habitat

disturbance interact synergistically to alter seedling recruitment. Ecological Applications,

27(7), 2092–2101. https://doi.org/10.1002/eap.1592

Grantham, H. S., Duncan, A., Evans, T. D., Jones, K. R., Beyer, H. L., Schuster, R., Walston, J.,

Ray, J. C., Robinson, J. G., Callow, M., Clements, T., Costa, H. M., DeGemmis, A., Elsen, P. R.,

Ervin, J., Franco, P., Goldman, E., Goetz, S., Hansen, A., … Watson, J. E. M. (2020).



152

Anthropogenic modification of forests means only 40% of remaining forests have high

ecosystem integrity. Nature Communications, 11(1), Article 1.

https://doi.org/10.1038/s41467-020-19493-3

Green, P. T., Harms, K. E., & Connell, J. H. (2014). Nonrandom, diversifying processes are

disproportionately strong in the smallest size classes of a tropical forest. Proceedings of the

National Academy of Sciences of the United States of America, 111(52), 18649–18654.

Grime, J. P. (1973). Competitive Exclusion in Herbaceous Vegetation. Nature, 242(5396),

344–347. https://doi.org/10.1038/242344a0

Grinnell, J. (1917). Field Tests of Theories Concerning Distributional Control. The American

Naturalist, 51(602), 115–128. https://doi.org/10.1086/279591

Griscom, H. P., & Ashton, M. S. (2011). Restoration of dry tropical forests in Central America:

A review of pattern and process. Forest Ecology and Management, 261(10), 1564–1579.

https://doi.org/10.1016/j.foreco.2010.08.027

Groenendyk, D. G., Ferré, T. P. A., Thorp, K. R., & Rice, A. K. (2015). Hydrologic-Process-Based

Soil Texture Classifications for Improved Visualization of Landscape Function. PLOS ONE,

10(6), e0131299. https://doi.org/10.1371/journal.pone.0131299

Grubb, P. J. (1977). The Maintenance of Species-Richness in Plant Communities: The

Importance of the Regeneration Niche. Biological Reviews, 52(1), 107–145.

https://doi.org/10.1111/j.1469-185X.1977.tb01347.x

Guariguata, M. R. (1998). Response of forest tree saplings to experimental mechanical

damage in lowland Panama. Forest Ecology and Management, 102(2), 103–111.

https://doi.org/10.1016/S0378-1127(97)00137-0

Guariguata, M. R., & Ostertag, R. (2001). Neotropical secondary forest succession: Changes

in structural and functional characteristics.Forest Ecology and Management,148(1–3), 185–

206. https://doi.org/10.1016/S0378-1127(00)00535-1



153

Gundale, M. J., Metlen, K. L., Fiedler, C. E., & DeLuca, T. H. (2006). Nitrogen Spatial

Heterogeneity Influences Diversity following Restoration in a Ponderosa Pine Forest,

Montana. Ecological Applications, 16(2), 479–489.

Haddad, N. M., Brudvig, L. A., Clobert, J., Davies, K. F., Gonzalez, A., Holt, R. D., Lovejoy, T.

E., Sexton, J. O., Austin, M. P., Collins, C. D., Cook, W. M., Damschen, E. I., Ewers, R. M.,

Foster, B. L., Jenkins, C. N., King, A. J., Laurance, W. F., Levey, D. J., Margules, C. R., …

Townshend, J. R. (2015). Habitat fragmentation and its lasting impact on Earth’s ecosystems.

Science Advances, 1(2), e1500052. https://doi.org/10.1126/sciadv.1500052

Hamilton, J., Flint, S., Lindstrom, J., Volk, K., Shaw, R., & Ahlering, M. (2020). Evolutionary

approaches to seed sourcing for grassland restorations. New Phytologist, 225(6), 2246–

2248. https://doi.org/10.1111/nph.16427

Hammond, D. S. (1995). Post-dispersal seed and seedling mortality of tropical dry forest

trees after shifting agriculture, Chiapas, Mexico. Journal of Tropical Ecology, 11(2), 295–313.

https://doi.org/10.1017/S0266467400008762

Harms, K. E., Wright, S. J., Calderón, O., Hernández, A., & Herre, E. A. (2000). Pervasive

density-dependent recruitment enhances seedling diversity in a tropical forest. Nature,

404(6777), Article 6777. https://doi.org/10.1038/35006630

Hartter, J., Lucas, C., Gaughan, A. E., & Lizama Aranda, L. (2008). Detecting tropical dry forest

succession in a shifting cultivation mosaic of the Yucatán Peninsula, Mexico. Applied

Geography, 28(2), 134–149. https://doi.org/10.1016/j.apgeog.2007.07.013

Heidrich, L., Bae, S., Levick, S., Seibold, S., Weisser, W., Krzystek, P., Magdon, P., Nauss, T.,

Schall, P., Serebryanyk, A., Wöllauer, S., Ammer, C., Bässler, C., Doerfler, I., Fischer, M.,

Gossner, M. M., Heurich, M., Hothorn, T., Jung, K., …Müller, J.(2020). Heterogeneity–diversity

relationships difer between and within trophic levels in temperate forests. Nature Ecology

& Evolution, 4(9), 1204–1212. https://doi.org/10.1038/s41559-020-1245-z

Helbach, J., Frey, J., Messier, C., Mörsdorf, M., & Scherer-Lorenzen, M. (2022). Light

heterogeneity afects understory plant species richness in temperate forests supporting the



154

heterogeneity–diversity hypothesis. Ecology and Evolution, 12(2), e8534.

https://doi.org/10.1002/ece3.8534

Hernández-Stefanoni, J. L., Dupuy, J. M., Tun-Dzul, F., & May-Pat, F. (2011). Influence of

landscape structure and stand age on species density and biomass of a tropical dry forest

across spatial scales. Landscape Ecology, 26(3), 355–370. https://doi.org/10.1007/s10980-

010-9561-3

Hersh, M. H., Vilgalys, R., & Clark, J. S. (2012). Evaluating the impacts of multiple generalist

fungal pathogens on temperate tree seedling survival. Ecology, 93(3), 511–520.

https://doi.org/10.1890/11-0598.1

Hille Ris Lambers, J., Clark, J. S., & Beckage, B. (2002). Density-dependent mortality and the

latitudinal gradient in species diversity. Nature, 417(6890), 732–735.

https://doi.org/10.1038/nature00809

Hofmann, W. A., & Poorter, H. (2002). Avoiding Bias in Calculations of Relative Growth Rate.

Annals of Botany, 90(1), 37–42. https://doi.org/10.1093/aob/mcf140

Holl, K. D. (1999). Factors Limiting Tropical Rain Forest Regeneration in Abandoned Pasture:

Seed Rain, Seed Germination, Microclimate, and Soil. Biotropica, 31(2), 229–242.

Holl, K. D., Luong, J. C., & Brancalion, P. H. S. (2022). Overcoming biotic homogenization in

ecological restoration. Trends in Ecology & Evolution, 37(9), 777–788.

https://doi.org/10.1016/j.tree.2022.05.002

Holl, K. D., Reid, J. L., Chaves-Fallas, J. M., Oviedo-Brenes, F., & Zahawi, R. A. (2017). Local

tropical forest restoration strategies afect tree recruitment more strongly than does

landscape forest cover. Journal of Applied Ecology, 54(4), 1091–1099.

https://doi.org/10.1111/1365-2664.12814

Holl, K. D., Reid, J. L., Cole, R. J., Oviedo-Brenes, F., Rosales, J. A., & Zahawi, R. A. (2020).

Applied nucleation facilitates tropical forest recovery: Lessons learned from a 15-year study.

Journal of Applied Ecology, 57(12), 2316–2328. https://doi.org/10.1111/1365-2664.13684



155

Holl, K. D., Stout, V. M., Reid, J. L., & Zahawi, R. A. (2013). Testing heterogeneity–diversity

relationships in tropical forest restoration. Oecologia, 173(2), 569–578.

https://doi.org/10.1007/s00442-013-2632-9

Holl, K. D., Zahawi, R. A., Cole, R. J., Ostertag, R., & Cordell, S. (2011). Planting Seedlings in

Tree Islands Versus Plantations as a Large-Scale Tropical Forest Restoration Strategy.

Restoration Ecology, 19(4), 470–479. https://doi.org/10.1111/j.1526-100X.2010.00674.x

Howe, H. F. (2014). Diversity Storage: Implications for tropical conservation and restoration.

Global Ecology and Conservation, 2, 349–358. https://doi.org/10.1016/j.gecco.2014.10.004

Howe, H., & Martínez-Garza, C. (2014). Restoration as experiment. Botanical Sciences,

92(4), 459–468.

Hsieh, T. C., Ma, K. H., & Chao, A. (2016). iNEXT: An R package for rarefaction and

extrapolation of species diversity (Hill numbers). Methods in Ecology and Evolution, 7(12),

1451–1456. https://doi.org/10.1111/2041-210X.12613

Huang, T.-H., Huang, C.-L., Lin, Y.-C., & Sun, I.-F. (2022). Seedling survival simultaneously

determined by conspecific, heterospecific, and phylogenetically related neighbors and

habitat heterogeneity in a subtropical forest in Taiwan. Ecology and Evolution, 12(1), e8525.

https://doi.org/10.1002/ece3.8525

Hubbell, S. P. (2001). The Unified Neutral Theory of Biodiversity and Biogeography. Princeton

University Press.

Hubbell, S. P., Foster, R. B., O’Brien, S. T., Harms, K. E., Condit, R., Wechsler, B., Wright, S. J.,

& de Lao, S. L. (1999). Light-Gap Disturbances, Recruitment Limitation, and Tree Diversity in

a Neotropical Forest. Science, 283(5401), 554–557.

https://doi.org/10.1126/science.283.5401.554

Huechacona-Ruiz, A. H., Dupuy, J. M., Schwartz, N. B., Powers, J. S., Reyes-García, C., Tun-

Dzul, F., & Hernández-Stefanoni, J. L. (2020). Mapping Tree Species Deciduousness of



156

Tropical Dry Forests Combining Reflectance, Spectral Unmixing, and Texture Data from

High-Resolution Imagery. Forests, 11(11), Article 11. https://doi.org/10.3390/f11111234

Hurtt, G. C., & Pacala, S. W. (1995). The consequences of recruitment limitation: Reconciling

chance, history and competitive diferences between plants. Journal of Theoretical Biology,

176(1), 1–12. https://doi.org/10.1006/jtbi.1995.0170

Huston, M. (1979). A General Hypothesis of Species Diversity. The American Naturalist,

113(1), 81–101.

Hutchinson, G. E. (1957). Concluding Remarks. Cold Spring Harbor Symposia on

Quantitative Biology, 22, 415–427. https://doi.org/10.1101/SQB.1957.022.01.039

Jakovac, C. C., Junqueira, A. B., Crouzeilles, R., Peña-Claros, M., Mesquita, R. C. G., &

Bongers, F. (2021). The role of land-use history in driving successional pathways and its

implications for the restoration of tropical forests. Biological Reviews, 96(4), 1114–1134.

https://doi.org/10.1111/brv.12694

Jakovac, C. C., Meave, J. A., Bongers, F., Letcher, S. G., Dupuy, J. M., Piotto, D., Rozendaal, D.

M. A., Peña-Claros, M., Craven, D., Santos, B. A., Siminski, A., Fantini, A. C., Rodrigues, A.

C., Hernández-Jaramillo, A., Idárraga, A., Junqueira, A. B., Zambrano, A. M. A., de Jong, B. H.

J., Pinho, B. X., … Poorter, L. (2022). Strong floristic distinctiveness across Neotropical

successional forests. Science Advances, 8(26), eabn1767.

https://doi.org/10.1126/sciadv.abn1767

Janzen, D. H. (1970). Herbivores and the Number of Tree Species in Tropical Forests. The

American Naturalist, 104(940), 501–528. https://doi.org/10.1086/282687

Janzen, D. H. (1988). Management of Habitat Fragments in a Tropical Dry Forest: Growth.

Annals of the Missouri Botanical Garden, 75(1), 105–116. https://doi.org/10.2307/2399468

John, R., Dalling, J. W., Harms, K. E., Yavitt, J. B., Stallard, R. F., Mirabello, M., Hubbell, S. P.,

Valencia, R., Navarrete, H., Vallejo, M., & Foster, R. B. (2007). Soil Nutrients Influence Spatial



157

Distributions of Tropical Tree Species. Proceedings of the National Academy of Sciences of

the United States of America, 104(3), 864–869.

Kardos, M., Armstrong, E. E., Fitzpatrick, S. W., Hauser, S., Hedrick, P. W., Miller, J. M.,

Tallmon, D. A., & Funk, W. C. (2021). The crucial role of genome-wide genetic variation in

conservation. Proceedings of the National Academy of Sciences, 118(48), e2104642118.

https://doi.org/10.1073/pnas.2104642118

Kattge, J., Bönisch, G., Díaz, S., Lavorel, S., Prentice, I. C., Leadley, P., Tautenhahn, S.,

Werner, G. D. A., Aakala, T., Abedi, M., Acosta, A. T. R., Adamidis, G. C., Adamson, K., Aiba,

M., Albert, C. H., Alcántara, J. M., Alcázar C, C., Aleixo, I., Ali, H., …Wirth, C. (2020). TRYplant

trait database – enhanced coverage and open access. Global Change Biology, 26(1), 119–

188. https://doi.org/10.1111/gcb.14904

Kobe, R. K. (1999). Light Gradient Partitioning Among Tropical Tree Species Through

Diferential Seedling Mortality and Growth. Ecology, 80(1), 187–201.

https://doi.org/10.1890/0012-9658(1999)080[0187:LGPATT]2.0.CO;2

Kraft, N. J. B., & Ackerly, D. D. (2010). Functional trait and phylogenetic tests of community

assembly across spatial scales in an Amazonian forest. Ecological Monographs, 80(3), 401–

422.

Kraft, N. J. B., Adler, P. B., Godoy, O., James, E. C., Fuller, S., & Levine, J. M. (2015). Community

assembly, coexistence and the environmental filtering metaphor. Functional Ecology, 29(5),

592–599. https://doi.org/10.1111/1365-2435.12345

Krishnadas, M., Agarwal, K., & Comita, L. S. (2020). Edge efects alter the role of fungi and

insects in mediating functional composition and diversity of seedling recruits in a

fragmented tropical forest. Annals of Botany, 126(7), 1181–1191.

https://doi.org/10.1093/aob/mcaa138

Krishnadas, M., Bagchi, R., Sridhara, S., & Comita, L. S. (2018). Weaker plant-enemy

interactions decrease tree seedling diversity with edge-efects in a fragmented tropical

forest. Nature Communications, 9(1), 4523. https://doi.org/10.1038/s41467-018-06997-2



158

Kulikowski, A. J., Zahawi, R. A., & Holl, K. D. (2022). Efects of insect herbivory on seedling

mortality in restored and remnant tropical forest. Restoration Ecology, 30(1).

https://doi.org/10.1111/rec.13467

LaManna, J. A., Mangan, S. A., Alonso, A., Bourg, N. A., Brockelman, W. Y., Bunyavejchewin,

S., Chang, L.-W., Chiang, J.-M., Chuyong, G. B., Clay, K., Condit, R., Cordell, S., Davies, S. J.,

Furniss, T. J., Giardina, C. P., Gunatilleke, I. A. U. N., Gunatilleke, C. V. S., He, F., Howe, R. W.,

… Myers, J. A. (2017). Plant diversity increases with the strength of negative density

dependence at the global scale. Science, 356(6345), 1389–1392.

https://doi.org/10.1126/science.aam5678

Lamb, D. (2005). Restoration of Degraded Tropical Forest Landscapes. Science, 310(5754),

1628–1632. https://doi.org/10.1126/science.1111773

Lamb, D. (2018). Undertaking large-scale forest restoration to generate ecosystem services.

Restoration Ecology, 26(4), 657–666. https://doi.org/10.1111/rec.12706

Lebrĳa-Trejos, E., Bongers, F., Pérez-García, E. A., & Meave, J. A. (2008). Successional

Change and Resilience of a Very Dry Tropical Deciduous Forest Following Shifting

Agriculture. Biotropica, 40(4), 422–431. https://doi.org/10.1111/j.1744-7429.2008.00398.x

Lebrĳa-Trejos, E., Meave, J. A., Poorter, L., Pérez-García, E. A., & Bongers, F. (2010a).

Pathways, mechanisms and predictability of vegetation change during tropical dry forest

succession. Perspectives in Plant Ecology, Evolution and Systematics, 12(4), 267–275.

https://doi.org/10.1016/j.ppees.2010.09.002

Lebrĳa-Trejos, E., Pérez-García, E. A., Meave, J. A., Bongers, F., & Poorter, L. (2010b).

Functional traits and environmental filtering drive community assembly in a species-rich

tropical system. Ecology, 91(2), 386–398. https://doi.org/10.1890/08-1449.1

Lebrĳa-Trejos, E., Pérez-García, E. A., Meave, J. A., Poorter, L., & Bongers, F. (2011).

Environmental changes during secondary succession in a tropical dry forest in Mexico.

Journal of Tropical Ecology, 27(5), 477–489.



159

Legendre, P., & Fortin, M. J. (1989). Spatial pattern and ecological analysis. Vegetatio, 80(2),

107–138. https://doi.org/10.1007/BF00048036

Lenth, R. V., Banfai, B., Bolker, B., Buerkner, P., Giné-Vázquez, I., Herve, M., Jung, M., Love, J.,

Miguez, F., Piaskowski, J., Riebl, H., & Singmann, H. (2024). emmeans: Estimated Marginal

Means, aka Least-Squares Means (Version 1.10.6) [Computer software]. https://cran.r-

project.org/web/packages/emmeans/index.html

Levine, J. M., & HilleRisLambers, J. (2009). The importance of niches for the maintenance of

species diversity. Nature, 461(7261), 254–257. https://doi.org/10.1038/nature08251

Lewis, S. L., Edwards, D. P., & Galbraith, D. (2015). Increasing human dominance of tropical

forests. Science, 349(6250), 827–832.

Li, L., Cadotte, M. W., Martínez-Garza, C., de la Peña-Domene, M., & Du, G. (2018). Planting

accelerates restoration of tropical forest but assembly mechanisms appear insensitive to

initial composition. Journal of Applied Ecology, 55(2), 986–996.

https://doi.org/10.1111/1365-2664.12976

Li, S., Cadotte, M. W., Meiners, S. J., Hua, Z., Jiang, L., & Shu, W. (2015). Species colonisation,

not competitive exclusion, drives community overdispersion over long-term succession.

Ecology Letters, 18(9), 964–973. https://doi.org/10.1111/ele.12476

Lohbeck, M., Bongers, F., Martinez-Ramos, M., & Poorter, L. (2016). The importance of

biodiversity and dominance for multiple ecosystem functions in a human-modified tropical

landscape. Ecology, 97(10), 2772–2779. https://doi.org/10.1002/ecy.1499

Lohbeck, M., Lebrĳa-Trejos, E., Martínez-Ramos, M., Meave, J. A., Poorter, L., & Bongers, F.

(2015). Functional Trait Strategies of Trees in Dry and Wet Tropical Forests Are Similar but

Difer in Their Consequences for Succession. PLOS ONE, 10(4), e0123741.

https://doi.org/10.1371/journal.pone.0123741

Lohbeck, M., Poorter, L., Lebrĳa-Trejos, E., Martínez-Ramos, M., Meave, J. A., Paz, H., Pérez-

García, E. A., Romero-Pérez, I. E., Tauro, A., & Bongers, F. (2013). Successional changes in



160

functional composition contrast for dry and wet tropical forest. Ecology, 94(6), 1211–1216.

https://doi.org/10.1890/12-1850.1

Lohbeck, M., Poorter, L., Martínez-Ramos, M., Rodriguez-Velázquez, J., van Breugel, M., &

Bongers, F. (2014). Changing drivers of species dominance during tropical forest succession.

Functional Ecology, 28(4), 1052–1058. https://doi.org/10.1111/1365-2435.12240

Lundholm, J. T. (2009). Plant species diversity and environmental heterogeneity: Spatial

scale and competing hypotheses. Journal of Vegetation Science, 20(3), 377–391.

https://doi.org/10.1111/j.1654-1103.2009.05577.x

Mackey, B., Prentice, I. C., Stefen, W., House, J. I., Lindenmayer, D., Keith, H., & Berry, S.

(2013). Untangling the confusion around land carbon science and climate change mitigation

policy. Nature Climate Change, 3(6), Article 6. https://doi.org/10.1038/nclimate1804

Mardero, S., Schmook, B., Christman, Z., Metcalfe, S. E., & De la Barreda-Bautista, B. (2020).

Recent disruptions in the timing and intensity of precipitation in Calakmul, Mexico.

Theoretical and Applied Climatology, 140(1–2), 129–144. https://doi.org/10.1007/s00704-

019-03068-4

Mariano, N. A., Martínez-Garza, C., & Alcalá, R. E. (2018). Diferential herbivory and

successional status in five tropical tree species. Revista Mexicana de Biodiversidad, 89(4),

Article 4. https://doi.org/10.22201/ib.20078706e.2018.4.2347

Markesteĳn, L., Poorter, L., & Bongers, F. (2007). Light-dependent leaf trait variation in 43

tropical dry forest tree species. American Journal of Botany, 94(4), 515–525.

https://doi.org/10.3732/ajb.94.4.515

Marques, M. C. M., & Burslem, D. F. R. P. (2015). Multiple stage recruitment limitation and

density dependence efects in two tropical forests. Plant Ecology, 216(9), 1243–1255.

https://doi.org/10.1007/s11258-015-0505-5

Martin, M. P., Woodbury, D. J., Doroski, D. A., Nagele, E., Storace, M., Cook-Patton, S. C.,

Pasternack, R., & Ashton, M. S. (2021). People plant trees for utility more often than for



161

biodiversity or carbon. Biological Conservation, 261, 109224.

https://doi.org/10.1016/j.biocon.2021.109224

Martínez-Ramos, M., Barragán, F., Mora, F., Maza-Villalobos, S., Arreola-Villa, L. F., Bhaskar,

R., Bongers, F., Lemus-Herrera, C., Paz, H., Martínez-Yrizar, A., Santini, B. A., & Balvanera, P.

(2021). Diferential ecological filtering across life cycle stages drive old-field succession in a

neotropical dry forest. Forest Ecology and Management, 482, 118810.

https://doi.org/10.1016/j.foreco.2020.118810

Maza-Villalobos, S., Ackerly, D. D., Oyama, K., & Martínez-Ramos, M. (2020). Phylogenetic

trajectories during secondary succession in a Neotropical dry forest: Assembly processes,

ENSO efects and the role of legumes. Perspectives in Plant Ecology, Evolution and

Systematics, 43, 125513. https://doi.org/10.1016/j.ppees.2020.125513

McCarthy-Neumann, S., & Kobe, R. K. (2010). Conspecific plant–soil feedbacks reduce

survivorship and growth of tropical tree seedlings. Journal of Ecology, 98(2), 396–407.

https://doi.org/10.1111/j.1365-2745.2009.01619.x

McLaren, K. P., McDonald, M. A., Hall, J. B., & Healey, J. R. (2005). Predicting Species

Response to Disturbance from Size Class Distributions of Adults and Saplings in a Jamaican

Tropical Dry Forest. Plant Ecology, 181(1), 69–84. https://doi.org/10.1007/s11258-005-3497-

8

Meli, P., Martínez-Ramos, M., Rey-Benayas, J. M., & Carabias, J. (2014). Combining

ecological, social and technical criteria to select species for forest restoration. Applied

Vegetation Science, 17(4), 744–753. https://doi.org/10.1111/avsc.12096

Méndez-Alonzo, R., Paz, H., Zuluaga, R. C., Rosell, J. A., & Olson, M. E. (2012). Coordinated

evolution of leaf and stem economics in tropical dry forest trees. Ecology, 93(11), 2397–

2406. https://doi.org/10.1890/11-1213.1

Mesa-Sierra, N., de la Peña-Domene, M., Campo, J., & Giardina, C. P. (2022). Restoring

Mexican Tropical Dry Forests: A National Review. Sustainability, 14(7), 3937.

https://doi.org/10.3390/su14073937



162

Messier, C., Bauhus, J., Doyon, F., Maure, F., Sousa-Silva, R., Nolet, P., Mina, M., Aquilué, N.,

Fortin, M.-J., & Puettmann, K. (2019). The functional complex network approach to foster

forest resilience to global changes. Forest Ecosystems, 6(1), 21.

https://doi.org/10.1186/s40663-019-0166-2

Messier, C., Bauhus, J., Sousa-Silva, R., Auge, H., Baeten, L., Barsoum, N., Bruelheide, H.,

Caldwell, B., Cavender-Bares, J., Dhiedt, E., Eisenhauer, N., Ganade, G., Gravel, D.,

Guillemot, J., Hall, J. S., Hector, A., Hérault, B., Jactel, H., Koricheva, J., …Zemp, D. C. (2021).

For the sake of resilience and multifunctionality, let’s diversify planted forests! Conservation

Letters, n/a(n/a), e12829. https://doi.org/10.1111/conl.12829

Mori, A. S., Lertzman, K. P., & Gustafsson, L. (2017). Biodiversity and ecosystem services in

forest ecosystems: A research agenda for applied forest ecology. Journal of Applied Ecology,

54(1), 12–27. https://doi.org/10.1111/1365-2664.12669

Muller-Landau, H. C., Wright, S. J., Calderón, O., Hubbell, S. P., & Foster, R. B. (2002).

Assessing recruitment limitation: Concepts, methods and case-studies from a tropical

forest. In D. J. Levey, W. R. Silva, & M. Galetti (Eds.), Seed dispersal and frugivory: Ecology,

evolution and conservation. Third International Symposium-Workshop on Frugivores and

Seed Dispersal, São Pedro, Brazil, 6-11 August 2000 (1st ed., pp. 35–53). CABI Publishing.

https://doi.org/10.1079/9780851995250.0035

Murphy, P. G., & Lugo, A. E. (1986). ECOLOGY OF TROPICAL DRY FOREST. Annual Review of

Ecology, Evolution, and Systematics, 17, 67–88.

https://doi.org/10.1146/annurev.es.17.110186.000435

Murphy, S. J., & Smith, A. B. (2021). What can community ecologists learn from species

distribution models? Ecosphere, 12(12), e03864. https://doi.org/10.1002/ecs2.3864

Muscarella, R., Lohbeck, M., Martínez-Ramos, M., Poorter, L., Rodríguez-Velázquez, J. E., van

Breugel, M., & Bongers, F. (2017). Demographic drivers of functional composition dynamics.

Ecology, 98(11), 2743–2750. https://doi.org/10.1002/ecy.1990



163

Muscarella, R., Uriarte, M., Forero-Montaña, J., Comita, L. S., Swenson, N. G., Thompson, J.,

Nytch, C. J., Jonckheere, I., & Zimmerman, J. K. (2013). Life-history trade-ofs during the

seed-to-seedling transition in a subtropical wet forest community. Journal of Ecology,

101(1), 171–182. https://doi.org/10.1111/1365-2745.12027

Nakagawa, S., & Schielzeth, H. (2013). A general and simple method for obtaining R2 from

generalized linear mixed-efects models. Methods in Ecology and Evolution, 4(2), 133–142.

https://doi.org/10.1111/j.2041-210x.2012.00261.x

Nelson, C. R., Hallett, J. G., Romero Montoya, A. E., Andrade, A., Besacier, C., Boerger, V.,

Bouazza, K., Chazdon, R., Cohen-Shacham, E., Danano, D., Diederichsen, A., Fernandez, Y.,

Gann, G. D., Gonzales, E. K., Gruca, M., Guariguata, M. R., Gutierrez, V., Hancock, B.,

Innecken, P., … Weidlich, E. W. A. (2024). Standards of practice to guide ecosystem

restoration. FAO; SER; IUCN CEM. https://doi.org/10.4060/cc9106en

Newbold, T., Hudson, L. N., Contu, S., Hill, S. L. L., Beck, J., Liu, Y., Meyer, C., Phillips, H. R.

P., Scharlemann, J. P. W., & Purvis, A. (2018). Widespread winners and narrow-ranged losers:

Land use homogenizes biodiversity in local assemblages worldwide. PLOS Biology, 16(12),

e2006841. https://doi.org/10.1371/journal.pbio.2006841

Nicotra, A. B., Chazdon, R. L., & Iriarte, S. V. B. (1999). Spatial Heterogeneity of Light and

Woody Seedling Regeneration in Tropical Wet Forests. Ecology, 80(6), 1908–1926.

https://doi.org/10.2307/176668

Nishimura, T. B., & Suzuki, E. (2001). Allometric Diferentiation among Tropical Tree

Seedlings in Heath and Peat-Swamp Forests. Journal of Tropical Ecology, 17(5), 667–681.

Nishizawa, K., Shinohara, N., Cadotte, M. W., & Mori, A. S. (2022). The latitudinal gradient in

plant community assembly processes: A meta-analysis. Ecology Letters, 25(7), 1711–1724.

https://doi.org/10.1111/ele.14019

Norden, N., Angarita, H. A., Bongers, F., Martínez-Ramos, M., Granzow-de la Cerda, I., van

Breugel, M., Lebrĳa-Trejos, E., Meave, J. A., Vandermeer, J., Williamson, G. B., Finegan, B.,

Mesquita, R., & Chazdon, R. L. (2015). Successional dynamics in Neotropical forests are as



164

uncertain as they are predictable. Proceedings of the National Academy of Sciences,

112(26), 8013–8018. https://doi.org/10.1073/pnas.1500403112

Norden, N., Chave, J., Belbenoit, P., Caubère, A., Châtelet, P., Forget, P.-M., Riéra, B., Viers,

J., & Thébaud, C. (2009a). Interspecific variation in seedling responses to seed limitation and

habitat conditions for 14 Neotropical woody species. Journal of Ecology, 97(1), 186–197.

https://doi.org/10.1111/j.1365-2745.2008.01444.x

Norden, N., Chazdon, R. L., Chao, A., Jiang, Y.-H., & Vílchez-Alvarado, B. (2009b). Resilience

of tropical rain forests: Tree community reassembly in secondary forests. Ecology Letters,

12(5), 385–394. https://doi.org/10.1111/j.1461-0248.2009.01292.x

Norden, N., & Stevenson, P. R. (2015). Influence of frugivore activity on the species

abundance of seedlings and saplings in a lowland tropical forest in Colombia. Journal of

Tropical Ecology, 31(4), 291–303.

Ochoa-Gaona, S., Ruíz Conzález, H., Álvarez Montejo, D., Chan Coba, G. J., & de Jong, B. H.

J. (2018). Árboles de Calakmul. El Colegio de la Frontera Sur.

Oksanen, J., Simpson, G. L., Blanchet, F. G., Kindt, R., Legendre, P., Minchin, P. R., O’Hara, R.

B., Solymos, P., Stevens, M. H. H., Szoecs, E., Wagner, H., Barbour, M., Bedward, M., Bolker,

B., Borcard, D., Carvalho, G., Chirico, M., Caceres, M. D., Durand, S., …Weedon, J. (2024).

vegan: Community Ecology Package (Version 2.6-6.1) [Computer software]. https://cran.r-

project.org/web/packages/vegan/index.html

Oliveira, C. D. C. de, Durigan, G., & Putz, F. E. (2021). Thinning temporarily stimulates tree

regeneration in a restored tropical forest. Ecological Engineering, 171, 106390.

https://doi.org/10.1016/j.ecoleng.2021.106390

Oliveira, C. D. C. de, Oliveira, I. R. C. de, Suganuma, M. S., & Durigan, G. (2019). Overstory

trees in excess: A threat to restoration success in Brazilian Atlantic forest. Forest Ecology

and Management, 449, 117453. https://doi.org/10.1016/j.foreco.2019.117453



165

Olvera-Vargas, M., Figueroa-Rangel, B. L., & Guzmán, R. C. (2014). Environmental filters and

patterns of tree regeneration in high altitude sub-tropical Quercus-dominated forests.

Ecological Research, 29(4), 711–721. https://doi.org/10.1007/s11284-014-1163-0

Pablo-Rodríguez, J. L., Bravo-Monzón, Á. E., Montiel-González, C., Benítez-Malvido, J.,

Álvarez-Betancourt, S., Ramírez-Sánchez, O., Oyama, K., Arena-Ortiz, M. L., Alvarez-Añorve,

M. Y., & Avila-Cabadilla, L. D. (2023). Linking Anthropogenic Landscape Perturbation to

Herbivory and Pathogen Leaf Damage in Tropical Tree Communities. Plants, 12(3839).

https://doi.org/10.3390/plants12223839

Paine, C. E. T., Harms, K. E., & Ramos, J. (2009). Supplemental Irrigation Increases Seedling

Performance and Diversity in a Tropical Forest. Journal of Tropical Ecology, 25(2), 171–180.

Palmer, M. W., & Dixon, P. M. (1990). Small-scale environmental heterogeneity and the

analysis of species distributions along gradients. Journal of Vegetation Science, 1(1), 57–65.

https://doi.org/10.2307/3236053

Palomo-Kumul, J., Valdez-Hernández, M., Islebe, G. A., Cach-Pérez, M. J., & Andrade, J. L.

(2021). El Niño-Southern Oscillation afects the water relations of tree species in the

Yucatan Peninsula, Mexico. Scientific Reports, 11(1), Article 1.

https://doi.org/10.1038/s41598-021-89835-8

Parrotta, J. A. (1995). Influence of overstory composition on understory colonization by

native species in plantations on a degraded tropical site. Journal of Vegetation Science, 6(5),

627–636. https://doi.org/10.2307/3236433

Peña-Claros, M., Poorter, L., Alarcón, A., Blate, G., Choque, U., Fredericksen, T. S.,

Justiniano, M. J., Leaño, C., Licona, J. C., Pariona, W., Putz, F. E., Quevedo, L., & Toledo, M.

(2012). Soil Efects on Forest Structure and Diversity in a Moist and a Dry Tropical Forest.

Biotropica, 44(3), 276–283. https://doi.org/10.1111/j.1744-7429.2011.00813.x

Pennington, T. D., & Sarakhán, J. (2005). Árboles Tropicales de México. Manual para la

indentificación de las principales especies. (3a ed.). UNAM.



166

Pérez-Harguindeguy, N., Díaz, S., Garnier, E., Lavorel, S., Poorter, H., Jaureguiberry, P., Bret-

Harte, M. S., Cornwell, W. K., Craine, J. M., Gurvich, D. E., Urcelay, C., Veneklaas, E. J., Reich,

P. B., Poorter, L., Wright, I. J., Ray, P., Enrico, L., Pausas, J. G., de Vos, A. C., …Cornelissen, J.

H. C. (2013). New handbook for standardised measurement of plant functional traits

worldwide. Australian Journal of Botany, 61(3), 167. https://doi.org/10.1071/BT12225

Pillay, R., Hua, F., Loiselle, B. A., Bernard, H., & Fletcher Jr, R. J. (2018). Multiple stages of tree

seedling recruitment are altered in tropical forests degraded by selective logging. Ecology

and Evolution, 8(16), 8231–8242. https://doi.org/10.1002/ece3.4352

Pineda-García, F., Paz, H., & Meinzer, F. C. (2013). Drought resistance in early and late

secondary successional species from a tropical dry forest: The interplay between xylem

resistance to embolism, sapwood water storage and leaf shedding. Plant, Cell &

Environment, 36(2), 405–418. https://doi.org/10.1111/j.1365-3040.2012.02582.x

Poorter, L. (2009). Leaf traits show diferent relationships with shade tolerance in moist

versus dry tropical forests. New Phytologist, 181(4), 890–900.

https://doi.org/10.1111/j.1469-8137.2008.02715.x

Poorter, L., Craven, D., Jakovac, C. C., Sande, M. T. van der, Amissah, L., Bongers, F.,

Chazdon, R. L., Farrior, C. E., Kambach, S., Meave, J. A., Muñoz, R., Norden, N., Rüger, N.,

Breugel, M. van, Zambrano, A. M. A., Amani, B., Andrade, J. L., Brancalion, P. H. S.,

Broadbent, E. N., …Hérault, B. (2021). Multidimensional tropical forest recovery. Science.

https://doi.org/10.1126/science.abh3629

Poorter, L., & Kitajima, K. (2007). Carbohydrate Storage and Light Requirements of Tropical

Moist and Dry Forest Tree Species. Ecology, 88(4), 1000–1011.

Poorter, L., & Markesteĳn, L. (2008). Seedling Traits Determine Drought Tolerance of Tropical

Tree Species. Biotropica, 40(3), 321–331. https://doi.org/10.1111/j.1744-7429.2007.00380.x

Poorter, L., McNeil, A., Hurtado, V.-H., Prins, H. H. T., & Putz, F. E. (2014). Bark traits and life-

history strategies of tropical dry- and moist forest trees. Functional Ecology, 28(1), 232–242.

https://doi.org/10.1111/1365-2435.12158



167

Poorter, L., Rozendaal, D. M. A., Bongers, F., de Almeida-Cortez, J. S., Almeyda Zambrano, A.

M., Álvarez, F. S., Andrade, J. L., Villa, L. F. A., Balvanera, P., Becknell, J. M., Bentos, T. V.,

Bhaskar, R., Boukili, V., Brancalion, P. H. S., Broadbent, E. N., César, R. G., Chave, J.,

Chazdon, R. L., Colletta, G. D., … Westoby, M. (2019). Wet and dry tropical forests show

opposite successional pathways in wood density but converge over time. Nature Ecology &

Evolution, 3(6), Article 6. https://doi.org/10.1038/s41559-019-0882-6

Poorter, L., van de Plassche, M., Willems, S., & Boot, R. G. A. (2004). Leaf Traits and Herbivory

Rates of Tropical Tree Species Difering in Successional Status. Plant Biology, 6(6), 746–754.

https://doi.org/10.1055/s-2004-821269

Powers, J. S. (2006). Spatial variation of soil organic carbon concentrations and stable

isotopic composition in 1-ha plots of forest and pasture in Costa Rica: Implications for the

natural abundance technique. Biology and Fertility of Soils, 42(6), 580–584.

https://doi.org/10.1007/s00374-005-0054-5

Powers, J. S., Becknell, J. M., Irving, J., & Pèrez-Aviles, D. (2009). Diversity and structure of

regenerating tropical dry forests in Costa Rica: Geographic patterns and environmental

drivers. Forest Ecology and Management, 258(6), 959–970.

https://doi.org/10.1016/j.foreco.2008.10.036

Powers, J. S., & Tifin, P. (2010). Plant functional type classifications in tropical dry forests in

Costa Rica: Leaf habit versus taxonomic approaches. Functional Ecology, 24(4), 927–936.

https://doi.org/10.1111/j.1365-2435.2010.01701.x

Queenborough, S. A., Burslem, D. F. R. P., Garwood, N. C., & Valencia, R. (2009). Taxonomic

scale-dependence of habitat niche partitioning and biotic neighbourhood on survival of

tropical tree seedlings. Proceedings of the Royal Society B: Biological Sciences, 276(1676),

4197–4205. https://doi.org/10.1098/rspb.2009.0921

R Core Team. (2023). R: A language and environment for statistical computing [Computer

software]. RFoundation for Statistical Computing. https://www.R-project.org/



168

Ramage, B. S., Johnson, D. J., Gonzalez-Akre, E., McShea, W. J., Anderson-Teixeira, K. J.,

Bourg, N. A., & Clay, K. (2017). Sapling growth rates reveal conspecific negative density

dependence in a temperate forest. Ecology and Evolution, 7(19), 7661–7671.

https://doi.org/10.1002/ece3.3298

Reich, P. B. (2014). The world-wide ‘fast–slow’ plant economics spectrum: A traits manifesto.

Journal of Ecology, 102(2), 275–301. https://doi.org/10.1111/1365-2745.12211

Reich, P. B., Frelich, L. E., Voldseth, R. A., Bakken, P., & Adair, E. C. (2012). Understorey

diversity in southern boreal forests is regulated by productivity and its indirect impacts on

resource availability and heterogeneity. Journal of Ecology, 100(2), 539–545.

https://doi.org/10.1111/j.1365-2745.2011.01922.x

Reid, J. L., Holl, K. D., & Zahawi, R. A. (2015). Seed dispersal limitations shift over time in

tropical forest restoration. Ecological Applications, 25(4), 1072–1082.

Reynolds, H. L., Mit℡bach, G. G., Darcy-Hall, T. L., Houseman, G. R., & Gross, K. L. (2007).

No efect of varying soil resource heterogeneity on plant species richness in a low fertility

grassland. Journal of Ecology, 95(4), 723–733. https://doi.org/10.1111/j.1365-

2745.2007.01252.x

Robertson, G. P., Crum, J. R., & Ellis, B. G. (1993). The Spatial Variability of Soil Resources

following Long-Term Disturbance. Oecologia, 96(4), 451–456.

Rodrigues, J. L. M., Pellizari, V. H., Mueller, R., Baek, K., Jesus, E. d. C., Paula, F. S., Mirza, B.,

Hamaoui, G. S., Tsai, S. M., Feigl, B., Tiedje, J. M., Bohannan, B. J. M., & Nusslein, K. (2013).

Conversion of the Amazon rainforest to agriculture results in biotic homogenization of soil

bacterial communities. Proceedings of the National Academy of Sciences, 110(3), 988–993.

https://doi.org/10.1073/pnas.1220608110

Rodrigues, R. R., Gandolfi, S., Nave, A. G., Aronson, J., Barreto, T. E., Vidal, C. Y., & Brancalion,

P. H. S. (2011). Large-scale ecological restoration of high-diversity tropical forests in SE

Brazil. Forest Ecology and Management, 261(10), 1605–1613.

https://doi.org/10.1016/j.foreco.2010.07.005



169

Rozendaal, D. M. A., Bongers, F., Aide, T. M., Alvarez-Dávila, E., Ascarrunz, N., Balvanera, P.,

Becknell, J. M., Bentos, T. V., Brancalion, P. H. S., Cabral, G. A. L., Calvo-Rodriguez, S., Chave,

J., César, R. G., Chazdon, R. L., Condit, R., Dallinga, J. S., de Almeida-Cortez, J. S., de Jong,

B., de Oliveira, A., … Poorter, L. (2019). Biodiversity recovery of Neotropical secondary

forests. Science Advances, 5(3), eaau3114. https://doi.org/10.1126/sciadv.aau3114

Russell-Smith, J. (1996). Regeneration of monsoon rain forest in northern Australia: The

sapling bank.Journal of Vegetation Science,7(6), 889–900. https://doi.org/10.2307/3236464

Saavedra, F., Hensen, I., Apaza Quevedo, A., Neuschulz, E. L., & Schleuning, M. (2017).

Seed-deposition and recruitment patterns of Clusia species in a disturbed tropical montane

forest in Bolivia. Acta Oecologica, 85, 85–92. https://doi.org/10.1016/j.actao.2017.09.013

Sansevero, J. B. B., Prieto, P. V., de Moraes, L. F. D., & Rodrigues, P. J. P. (2011). Natural

Regeneration in Plantations of Native Trees in Lowland Brazilian Atlantic Forest: Community

Structure, Diversity, and Dispersal Syndromes. Restoration Ecology, 19(3), 379–389.

https://doi.org/10.1111/j.1526-100X.2009.00556.x

Sayer, J., Sunderland, T., Ghazoul, J., Pfund, J.-L., Sheil, D., Meĳaard, E., Venter, M.,

Boedhihartono, A. K., Day, M., Garcia, C., van Oosten, C., & Buck, L. E. (2013). Ten principles

for a landscape approach to reconcilingagriculture, conservation, and other competingland

uses. Proceedings of the National Academy of Sciences, 110(21), 8349–8356.

https://doi.org/10.1073/pnas.1210595110

Saynes, V., Hidalgo, C., Etchevers, J. D., & Campo, J. E. (2005). Soil C and N dynamics in

primary and secondary seasonally dry tropical forests in Mexico. Applied Soil Ecology, 29(3),

282–289. https://doi.org/10.1016/j.apsoil.2004.11.007

Schubert, S. C., Battaglia, K. E., Blebea, C. N., Seither, C. J. P., Wehr, H. L., & Holl, K. D. (2024).

Advances and shortfalls in applying best practices to global tree-growing eforts.

Conservation Letters, n/a(n/a), e13002. https://doi.org/10.1111/conl.13002



170

Schweizer, D., Gilbert, G. S., & Holl, K. D. (2013). Phylogenetic ecology applied to enrichment

planting of tropical native tree species. Forest Ecology and Management, 297, 57–66.

https://doi.org/10.1016/j.foreco.2013.02.012

Shoo, L. P., & Catterall, C. P. (2013). Stimulating Natural Regeneration of Tropical Forest on

Degraded Land: Approaches, Outcomes, and Information Gaps: Stimulating Natural

Regeneration on Degraded Land. Restoration Ecology, 21(6), 670–677.

https://doi.org/10.1111/rec.12048

Silvertown, J. (2004). Plant coexistence and the niche. Trends in Ecology & Evolution, 19(11),

605–611. https://doi.org/10.1016/j.tree.2004.09.003

Slot, M., & Winter, K. (2018). High tolerance of tropical sapling growth and gas exchange to

moderate warming. Functional Ecology, 32(3), 599–611. https://doi.org/10.1111/1365-

2435.13001

Smith, P., House, J. I., Bustamante, M., Sobocká, J., Harper, R., Pan, G., West, P. C., Clark, J.

M., Adhya, T., Rumpel, C., Paustian, K., Kuikman, P., Cotrufo, M. F., Elliott, J. A., McDowell,

R., Grifiths, R. I., Asakawa, S., Bondeau, A., Jain, A. K., …Pugh, T. A. M. (2016). Global change

pressures on soils from land use and management. Global Change Biology, 22(3), 1008–

1028. https://doi.org/10.1111/gcb.13068

Sorensen, N. (2006). Regeneration and Growth of Several Canopy Tree Species in the Maya

Forest of Quintana Roo, Mexico: The Role of Competition and Microhabitat Conditions.

Stein, A., Gerstner, K., & Kreft, H. (2014). Environmental heterogeneity as a universal driver

of species richness across taxa, biomes and spatial scales. Ecology Letters, 17(7), 866–880.

https://doi.org/10.1111/ele.12277

Steur, G., Verburg, R. W., Wassen, M. J., & Verweĳ, P. A. (2020). Shedding light on

relationships between plant diversity and tropical forest ecosystem services across spatial

scales and plot sizes. Ecosystem Services, 43, 101107.

https://doi.org/10.1016/j.ecoser.2020.101107



171

Subedi, S. C., Ross, M. S., Sah, J. P., Redwine, J., & Baraloto, C. (2019). Trait-based

community assembly pattern along a forest succession gradient in a seasonally dry tropical

forest. Ecosphere, 10(4), e02719. https://doi.org/10.1002/ecs2.2719

Suganuma, M. S., Torezan, J. M. D., & Durigan, G. (2018). Environment and landscape rather

than planting design are the drivers of success in long-term restoration of riparian Atlantic

forest. Applied Vegetation Science, 21(1), 76–84. https://doi.org/10.1111/avsc.12341

Sunderland, T., Apgaua, D., Baldauf, C., Blackie, R., Colfer, C., Cunningham, A. B., Dexter, K.,

Djoudi, H., Gautier, D., Gumbo, D., Ickowitz, A., Kassa, H., Parthasarathy, N., Pennington, R.

T., Paumgarten, F., Pulla, S., Sola, P., Tng, D., Waeber, P., & Wilm , L. (2015). Global dry

forests: A prologue. International Forestry Review, 17(2), 1–9.

https://doi.org/10.1505/146554815815834813

Swenson, N. G., & Enquist, B. J. (2009). Opposing assembly mechanisms in a Neotropical

dry forest: Implications for phylogenetic and functional community ecology. Ecology, 90(8),

2161–2170. https://doi.org/10.1890/08-1025.1

Teegalapalli, K., Hiremath, A. J., & Jathanna, D. (2010). Patterns of seed rain and seedling

regeneration in abandoned agricultural clearings in a seasonally dry tropical forest in India.

Journal of Tropical Ecology, 26(1), 25–33. https://doi.org/10.1017/S0266467409990344

ter Steege, H. (2018). Hemiphot.R: Free R scripts to analyse hemispherical photographs for

canopy openness, leaf area index and photosynthetic active radiation under forest canopies.

Tilman, D. (1982). Resource Competition and Community Structure. (MPB-17), Volume 17.

Princeton University Press. https://doi.org/10.2307/j.ctvx5wb72

Toledo-Aceves, T., Purata-Velarde, S., & Peters, C. M. (2009). Regeneration of commercial

tree species in a logged forest in the Selva Maya, Mexico. Forest Ecology and Management,

258(11), 2481–2489. https://doi.org/10.1016/j.foreco.2009.08.033



172

Townsend, A. R., Asner, G. P., & Cleveland, C. C. (2008). The biogeochemical heterogeneity

of tropical forests. Trends in Ecology & Evolution, 23(8), 424–431.

https://doi.org/10.1016/j.tree.2008.04.009

Trevor Caughlin, T., de la Peña-Domene, M., & Martínez-Garza, C. (2019). Demographic costs

and benefits of natural regeneration during tropical forest restoration. Ecology Letters, 22(1),

34–44. https://doi.org/10.1111/ele.13165

Umaña, M. N., Forero-Montaña, J., Muscarella, R., Nytch, C. J., Thompson, J., Uriarte, M.,

Zimmerman, J., & Swenson, N. G. (2016). Interspecific Functional Convergence and

Divergence and Intraspecific Negative Density Dependence Underlie the Seed-to-Seedling

Transition in Tropical Trees. The American Naturalist, 187(1), 99–109.

https://doi.org/10.1086/684174

Vargas-Rodriguez, Y. L., Vázquez-García, J. A., & Williamson, G. B. (2005). Environmental

Correlates of Tree and Seedling–Sapling Distributions in a Mexican Tropical Dry Forest. Plant

Ecology, 180(1), 117–134. https://doi.org/10.1007/s11258-005-3026-9

Velázquez, E., Kazmierczak, M., & Wiegand, T. (2016). Spatial patterns of sapling mortality in

a moist tropical forest: Consistency with total density-dependent efects. Oikos, 125(6),

872–882. https://doi.org/10.1111/oik.02520

Veldkamp, E., Schmidt, M., Powers, J. S., & Corre, M. D. (2020). Deforestation and

reforestation impacts on soils in the tropics. Nature Reviews Earth & Environment, 1(11),

590–605. https://doi.org/10.1038/s43017-020-0091-5

Vellend, M., Verheyen, K., Flinn, K. M., Jacquemyn, H., Kolb, A., Van Calster, H., Peterken, G.,

Graae, B. J., Bellemare, J., Honnay, O., Brunet, J., Wulf, M., Gerhardt, F., & Hermy, M. (2007).

Homogenization of forest plant communities and weakening of species–environment

relationships via agricultural land use. Journal of Ecology, 95(3), 565–573.

https://doi.org/10.1111/j.1365-2745.2007.01233.x

Vester, H. F. M., Lawrence, D., Eastman, J. R., Turner, B. L., Calmé, S., Dickson, R., Pozo, C.,

& Sangermano, F. (2007). LAND CHANGE IN THE SOUTHERN YUCATÁN AND CALAKMUL



173

BIOSPHERE RESERVE: EFFECTS ON HABITAT AND BIODIVERSITY. Ecological Applications,

17(4), 989–1003. https://doi.org/10.1890/05-1106

Viani, R. A. G., Holl, K. D., Padovezi, A., Strassburg, B. B. N., Farah, F. T., Garcia, L. C., Chaves,

R. B., Rodrigues, R. R., & Brancalion, P. H. S. (2017). Protocol for Monitoring Tropical Forest

Restoration: Perspectives From the Atlantic Forest Restoration Pact in Brazil. Tropical

Conservation Science, 10, 1940082917697265.

https://doi.org/10.1177/1940082917697265

Vieira, D. L. M., & Scariot, A. (2006). Principles of Natural Regeneration of Tropical Dry Forests

for Restoration. Restoration Ecology, 14(1), 11–20. https://doi.org/10.1111/j.1526-

100X.2006.00100.x

Vieira, T. O., Degli-Esposti, M. S. O., Souza, G. M., Rabelo, G. R., Da Cunha, M., & Vitória, A.

P. (2015). Photoacclimation capacity in seedling and sapling of Siparuna guianensis

(Siparunaeae): Response to irradiance gradient in tropical forest.Photosynthetica,53(1), 11–

22. https://doi.org/10.1007/s11099-015-0073-x

Villanueva, L. S. (2016). VARIACIÓN SUCESIONAL Y ESPACIAL DE CARACTERES Y GRUPOS

FUNCIONALES DE PLANTAS LEÑOSAS EN UN BOSQUE TROPICAL SECO. Centro de

INvestigación Científica de Yucatán A.C.

Violle, C., Navas, M.-L., Vile, D., Kazakou, E., Fortunel, C., Hummel, I., & Garnier, E. (2007).

Let the concept of trait be functional! Oikos, 116(5), 882–892.

https://doi.org/10.1111/j.0030-1299.2007.15559.x

Wainwright, C. E., Staples, T. L., Charles, L. S., Flanagan, T. C., Lai, H. R., Loy, X., Reynolds,

V. A., & Mayfield, M. M. (2018). Links between community ecology theory and ecological

restoration are on the rise. Journal of Applied Ecology, 55(2), 570–581.

https://doi.org/10.1111/1365-2664.12975

Walker, L. R. (2000). Seedling and Sapling Dynamics of Treefall Pits in Puerto Rico.Biotropica,

32(2), 262–275.



174

Wang, X., Wiegand, T., Kraft, N. J. B., Swenson, N. G., Davies, S. J., Hao, Z., Howe, R., Lin, Y.,

Ma, K., Mi, X., Su, S.-H., Sun, I.-F., & Wolf, A. (2016). Stochastic dilution efects weaken

deterministic efects of niche-based processes in species rich forests. Ecology, 97(2), 347–

360. https://doi.org/10.1890/14-2357.1

Waring, B. G., Adams, R., Branco, S., & Powers, J. S. (2016). Scale-dependent variation in

nitrogen cycling and soil fungal communities along gradients of forest composition and age

in regenerating tropical dry forests. New Phytologist, 209(2), 845–854.

https://doi.org/10.1111/nph.13654

Waring, B. G., De Guzman, M. E., Du, D. V., Dupuy, J. M., Gei, M., Gutknecht, J., Hulshof, C.,

Jelinski, N., Margenot, A. J., Medvigy, D., Pizano, C., Salgado-Negret, B., Schwartz, N. B.,

Trierweiler, A. M., Van Bloem, S. J., Vargas G., G., & Powers, J. S. (2021). Soil biogeochemistry

across Central and South American tropical dry forests. Ecological Monographs, 91(3),

e01453. https://doi.org/10.1002/ecm.1453

Waring, B.  G., Lancastle, L., Bell, T., Bidartondo, M.  I., García-Díaz, P., Lambin, X.,

Vanguelova, E., & Windram, F. A. (2024). Windthrow disturbance impacts soil

biogeochemistry and bacterial communities in a temperate forest. Plant and Soil.

https://doi.org/10.1007/s11104-024-07086-8

Wearn, O. R., Carbone, C., Rowclife, J. M., Pfeifer, M., Bernard, H., & Ewers, R. M. (2019).

Land-use change alters the mechanisms assembling rainforest mammal communities in

Borneo. Journal of Animal Ecology, 88(1), 125–137. https://doi.org/10.1111/1365-

2656.12903

Webb, C. O., & Peart, D. R. (1999). Seedling Density Dependence Promotes Coexistence of

Bornean Rain Forest Trees. Ecology, 80(6), 2006–2017. https://doi.org/10.2307/176674

Werden, L. K., Alvarado J, P., Zarges, S., M, E. C., Schilling, E. M., L, M. G., & Powers, J. S.

(2018a). Usingsoil amendments and plant functional traits to select native tropical dry forest

species for the restoration of degraded Vertisols. Journal of Applied Ecology, 55(2), 1019–

1028. https://doi.org/10.1111/1365-2664.12998



175

Werden, L. K., Averill, C., Crowther, T. W., Calderón-Morales, E., Toro, L., Alvarado, J. P.,

Gutiérrez, L. M., Mallory, D. E., & Powers, J. S. (2022a). Below-ground traits mediate tree

survival in a tropical dry forest restoration. Philosophical Transactions of the Royal Society

B: Biological Sciences, 378(1867), 20210067. https://doi.org/10.1098/rstb.2021.0067

Werden, L. K., Becknell, J. M., & Powers, J. S. (2018b). Edaphic factors, successional status

and functional traits drive habitat associations of trees in naturally regenerating tropical dry

forests. Functional Ecology, 32(12), 2766–2776. https://doi.org/10.1111/1365-2435.13206

Werden, L. K., Calderón-Morales, E., Alvarado J., P., Gutiérrez L., M., Nedveck, D. A., &

Powers, J. S. (2020a). Using large-scale tropical dry forest restoration to test successional

theory. Ecological Applications, 30(6), e02116. https://doi.org/10.1002/eap.2116

Werden, L. K., Holl, K. D., Rosales, J. A., Sylvester, J. M., & Zahawi, R. A. (2020b). Efects of

dispersal- and niche-based factors on tree recruitment in tropical wet forest restoration.

Ecological Applications, 30(7), e02139. https://doi.org/10.1002/eap.2139

Werden, L. K., Zarges, S., Holl, K. D., Oliver, C. L., Oviedo-Brenes, F., Rosales, J. A., & Zahawi,

R. A. (2022b). Assisted restoration interventions drive functional recovery of tropical wet

forest tree communities. Frontiers in Forests and Global Change, 5.

https://www.frontiersin.org/articles/10.3389/fgc.2022.935011

Williams, B. M., & Houseman, G. R. (2014). Experimental evidence that soil heterogeneity

enhances plant diversity during community assembly. Journal of Plant Ecology, 7(5), 461–

469. https://doi.org/10.1093/jpe/rtt056

Wilson, S. D. (2000). Heterogeneity, diversity, and scale in plant communities. In M. J.

Hutchings, E. A. John, & A. J. Stewart (Eds.), Ecological consequences of habitat

heterogeneity (pp. 53–69). Blackwell.

Wright, S. J., & Muller-Landau, H. C. (2006). The Future of Tropical Forest Species.Biotropica,

38(3), 287–301. https://doi.org/10.1111/j.1744-7429.2006.00154.x



176

Wunderle, J. M. (1997). The role of animal seed dispersal in accelerating native forest

regeneration on degraded tropical lands. Forest Ecology and Management, 99(1–2), 223–

235. https://doi.org/10.1016/S0378-1127(97)00208-9

Xirocostas, Z. A., Debono, S. A., Slavich, E., & Moles, A. T. (2022). The ZAXHerbivory Trainer—

Free software for training researchers to visually estimate leaf damage. Methods in Ecology

and Evolution, 13(3), 596–602. https://doi.org/10.1111/2041-210X.13785

Yang, Z., Liu, X., Zhou, M., Ai, D., Wang, G., Wang, Y., Chu, C., & Lundholm, J. T. (2015). The

efect of environmental heterogeneity on species richness depends on community position

along the environmental gradient. Scientific Reports, 5(1), 15723.

https://doi.org/10.1038/srep15723

Zhu, Y., Comita, L. S., Hubbell, S. P., & Ma, K. (2015). Conspecific and phylogenetic density-

dependent survival difers across life stages in a tropical forest. Journal of Ecology, 103(4),

957–966. https://doi.org/10.1111/1365-2745.12414

Zhu, Y., Queenborough, S. A., Condit, R., Hubbell, S. P., Ma, K. P., & Comita, L. S. (2018).

Density-dependent survival varies with species life-history strategy in a tropical forest.

Ecology Letters, 21(4), 506–515. https://doi.org/10.1111/ele.12915



177

7. Supplementary Material

7.1 Main introduction

Table S1.2 Definitions of seedling, sapling and adult stages in tree ontogeny. All papers

on Web of Science returned from the search string "tropical forest seedling sapling" were

checked for a quantitative definition of a seedling, sapling, or adult tree.

Reference Seedling definition Sapling definition Adult definition
(Norden & < 170 cm height and < 1 cm 1 - 5 cm DBH
Stevenson,
2015)

DBH
> 10 cm DBH

(Vargas-
Rodriguez et al.,
2005)

< 130 cm height ≥ 130 cm height and < 2.5 cm
DBH

≥ 2.5 cm DBH

(Dupuy &
Chazdon, 2006)

20 - 100 cm height ≥ 100 cm height and < 5 cm DBH

(Russell-Smith,
1996)

≤ 200 cm or > 200 cm height but
< 5 cm DBH

(Slot & Winter,
2018)

30 - 250 cm height

(Chaturvedi et
al., 2014)

100 - 680 cm height and 3.6 -
9.6 cm stem diameter

(Ramage et al.,
2017)

1 - 5 cm DBH

(Walker, 2000) < 10 cm height 10 - 100 cm height
(Velázquez et al.,
2016)

1 - 4 cm DBH

(McLaren et al., 0 - 2 mm RCD
2005)

< 130 cm height and 2 - 20 mm
RCD

≥ 2 cm DBH

(Dent et al., 20 - 100 cm height
2013)

≥ 100 cm height and < 5 cm DBH ≥ 5 cm DBH

(Gilbert et al., ≤ 50 cm height
2006)

1 - 3.9 cm DBH

(Guariguata,
1998)
(Paine et al., 10 - 50 cm height
2009)

> 1 m height and ≤ 10 cm DBH

(Olvera-Vargas
et al., 2014)

< 130 cm height ≥ 130 cm height and < 5 cm DBH ≥ 5 cm DBH and ≥
130 cm height

(Toledo-Aceves
et al., 2009)

50 - 100 cm height > 100 cm height and ≤ 10 cm
DBH

(T. O. Vieira et < 50 cm height and < 2 cm 160 - 200 cm height and < 8 cm
al., 2015) diameter at ground level diameter at ground level
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(Nishimura &
Suzuki, 2001)

< 98 cm height > 15 cm DBH

(Krishnadas et
al., 2018)

1 - 5 cm DBH > 5 cm DBH

(Queenborough
et al., 2009)

> 1 cm height and < 1 cm
DBH

(Oliveira et al., < 1 cm DBH
2021)

1 - 5 cm DBH ≥ 5 cm DBH

(Chang-Yang et < 1 cm DBH
al., 2021)
(Saavedra et al., < 10 cm height
2017)

15 - 100 cm height

(Zhu et al., 2015) ≤ 20 cm height and < 1 cm 1 - 4.9 cm DBH
DBH

≥ 10 cm DBH

(Teegalapalli et
al., 2010)

< 25 cm height 25 - 100 cm height

(Botzat et al.,
2015)

≤ 1 cm diameter at base or ≤
75 cm height

≤ 5 cm diameter at base or ≥ 75
cm height

≥ 5 cm DBH

7.2 Chapter 2

Table S2.1 Functional traits of woody plant species surveyed. Traits used in this study:
Growth form; Maximum height (m); Leaf phenological habit; Seed mass (g); Petiole length
(mm); Leaf type; SLA (mg mm-2); Capable of biological nitrogen fixation (Y/N). Field
measurements were taken for the 10 species in bold, sources of trait data for all other
species are given in the reference list below.

Species Family Growth
form

Max
height

Leaf
Phenology

Seed
mass

Petiole
length

Leaf type SLA N
fix

Amyris elemifera Rutaceae Tree1 151 Evergreen8,9 0.0610 4011 Compound 97 .62 12 N1

3

Annona reticulata Annonaceae Tree1 101 Deciduous140.1910 205 Simple14 13.4214 N1

3

Aphelandra
scabra

Acanthaceae Shrub1 3.51 Evergreen15 55 Simple15 N1

3

Ateleia gummifera Fabaceae Tree1 151 Deciduous1 0.0210 25 Compound16 Y7

Bauhinia
divaricata

Fabaceae Tree/
shrub1

71 Deciduous2,30.0610 3717 Simple9 17.418 Y7

Bonellia flammea Primulaceae Tree/
shrub1

51 Evergreen3 2 Simple6 11.718 N1

3

Bursera simaruba Burseraceae Tree1 301 Deciduous3,1

9
0.114 110.532

0
Compound1418.518 N7

Byrsonima
bucidifolia

Malpighiaceae Tree1 151 Brevi-
deciduous2

Simple6 17.118 N1

3

Calophyllum
brasiliense

Calophyllaceae Tree1 201 Brevi-
deciduous19

2.54 155 Simple26 11.2326 N7

Cameraria
latifolia

Apocynaceae Tree/
shrub1

151 Deciduous2 527 Simple15 N1

3

Casearia
emarginata

Salicaceae Tree/
shrub1

61 Evergreen3 0.20 3 Simple6 18.15
(genus)

N1

3
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Cenostigma
gaumeri

Fabaceae Tree1 201 Deciduous1,3 Compound 612.47 21 Y2

2

Chamaedorea
seifrizii

Arecaceae Palm1 51 Evergreen2 20028 Compound 1515.11
(genus)

N1

3

Chloroleucon
mangense

Fabaceae Tree1 151 Deciduous3 0.0429 185 Compound1525.5730 Y7

Chrysobalanus
icaco

Chrysobalanac
-eae

Tree/
shrub1

101 Evergreen3 1.731 432 Simple15 N1

3

Coccoloba
acapulcensis

Polygonaceae Tree1 201 Deciduous2 Simple9 19.818 N1

3

Coccoloba
barbadensis

Polygonaceae Tree1 121 Deciduous2 0.0310 205 Simple15 9.6933 N7

Coccoloba
cozumelensis

Polygonaceae Tree/
shrub1

151 Deciduous2 Simple6 13.718 N1

3

Coccoloba spp Polygonaceae Tree/
shrub1

Deciduous2 0.056 Simple6 N1

3

Cochlospermum
vitifolium

Bixaceae Tree1 151 Deciduous1 0.0310 Simple1 16.6534 N

Cordia alliodora Boraginaceae Tree1 251 Deciduous190.0094 14.40 35Simple 26 12.2830 N7

Cordia
dodecandra

Boraginaceae Tree1 251 Deciduous 192.44 10 21.936 Simple15 8.686 N1

3

Coulteria mollis Fabaceae Tree1 251 Deciduous230.1210 Compound 613 .4 18 Y2

2

Crescentia
cujete

Bignoniaceae Tree1 101 Brevi-
deciduous19

0.0310 3.726 Simple15 6.656 N7

Croton arboreus Euphorbiaceae Tree/
shrub1

151 Deciduous2 0.036 Simple6 16.118 N1

3

Dalbergia glabra Fabaceae Liana5 517 Evergreen3 0.0410 2517 Compound 530 .49
(genus)

Y

Damburneya
salicifolia

Lauraceae Tree/
shrub

25 Evergreen3 Simple 11.718 N1

3

Diospyros
anisandra

Ebenaceae Tree/
shrub1

101 Evergreen3 0.1510 227 Simple15 11.14
(genus)

N1

3

Diospyros
bumelioides

Ebenaceae Tree/
shrub1

101 Evergreen36 0.51
(genus)

127 Simple6 11.14
(genus)

N1

3

Diospyros
salicifolia

Ebenaceae Tree/
shrub27

637 Brevi-
deciduous37

0.51
(genus)

4.7120 Simple20 11.318 N1

3

Diphysa
carthagenensis

Fabaceae Tree1 101 Evergreen3 0.0210 Compound 612.39 21 Y7

Ehretia tinifolia Boraginaceae Tree1 251 Brevi-
deciduous2

Simple15 5.70
(genus)

N1

3

Entada
polystachya

Fabaceae Liana32 1532 Brevi-
deciduous38

0.3010 7017 Compound1515.1212 Y7

Erythrostemon
yucatanensis

Fabaceae Tree/
shrub25

1025 Deciduous3 0.2110 Compound 67 .73 21 Y2

2

Erythroxylum
bequaertii

Erythroxylaceae Tree25 1025 Deciduous25 Simple6 N1

3

Erythroxylum
rotundifolium

Erythroxylaceae Tree/
shrub1

81 Deciduous2 0.0210 Simple15 6.8512 N1

3

Eugenia axillaris Myrtaceae Tree/
shrub25

916 Evergreen3 0.0810 Simple15 9.5212 N1

3

Eugenia capuli Myrtaceae Tree1 121 Brevi-
deciduous1

Simple6 12.7230 N1

3

Ficus cotinifolia Moraceae Tree5 205 Evergreen19 0 . 0 0 0 2 1 09 0 5 Simple15 N1

3

Gliricidia sepium Fabaceae Tree1 151 Deciduous14

,19
0.0839 29.646 Compound2

0
12.056 Y7

Guazuma
ulmifolia

Malvaceae Tree1 201 Deciduous14

,19
0.00429 15.056 Simple20 13.476 N7

Guettarda
gaumeri

Rubiaceae Tree/
shrub1

101 Deciduous2 0.036 727 Simple6 N1

3

Gymnopodium
floribundum

Polygonaceae Tree/
shrub1

121 Deciduous2,30.0036 Simple15 17.118 N7

Haematoxylum
campechianum

Fabaceae Tree1 181 Evergreen 190.02 10 8.096 Compound1

5
13.5518 N7

,24
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Hamelia patens Rubiaceae Tree/
shrub1

41 Deciduous2 0.000051

0
805 Simple26 51.7426 N7

Havardia albicans Fabaceae Tree1 101 Deciduous2,30.0710 2811 Compound1513.8721 Y7

Hiraea fagifolia Malpighiaceae Liana40 3.5 125 Simple15 N1

3

Hyperbaena
winzerlingii

Menispermace-
ae

Tree1 121 Evergreen2 105 Simple6 N1

3

Jatropha gaumeri Euphorbiaceae Tree/
shrub1

101 Deciduous2 125 Simple15 18.5821 N7

Leucaena
leucocephala

Fabaceae Tree/
shrub1

121 Evergreen6 0.0539 25.476 Compound1

5
12.626 Y7

Lonchocarpus
rugosus

Fabaceae Tree1 151 Brevi-
deciduous14

0.0810 3 8 . 0 1 2 0C o m p o u n d 2 01 9 . 7 1 8 Y2

4

Lysiloma
latisiliquum

Fabaceae Tree1 251 Dec iduous 190.03 25.436 Compound1

5
16.066 Y7

Machaerium
salvadorense

Fabaceae Shrub/
tree/
liana5

105 Compound2622.4226 Y2

4

Machaonia
lindeniana

Rubiaceae Tree/
shrub1

101 Evergreen3 527 Simple6 N1

3

Malpighia lundellii Malpighiaceae Tree/
shrub25

1025 Evergreen Simple6 N1

3

Malvaviscus
arboreus

Malvaceae Shrub1 51 Deciduous2 0.0510 46.37 20Simple 20 28.3420 N1

3

Manilkara zapota Sapotaceae Tree1 251 Evergreen19 0.1310 235 Simple15 10.118 N7

Mariosousa
dolichostachya

Fabaceae Tree41 15 Deciduous190.0410 Compound Y7

Metopium
brownei

Anacardiaceae Tree1 251 Deciduous19 Compound1515.218 N1

3

Mimosa
bahamensis

Fabaceae Tree/
shrub1

101 Deciduous2 0.0210 2011 Compound1510.618 Y7

Mosannona
depressa

Annonaceae Tree1 151 Deciduous2 0.364 Simple15 10.418 N1

3

Neea
psychotroides

Nyctaginaceae Tree/
shrub1

151 Evergreen3 0.244 2.0942 Simple1 18.043 N1

3

Parathesis
cubana

Primulaceae Tree/
shrub1

121 Evergreen2 0.086 225 Simple15 N1

3

Parmentiera
millspaughiana

Bignoniaceae Tree1 51 Deciduous3 40 Simple6 N1

3

Paullinia
bracteosa

Sapindaceae Liana32 Evergreen2 0.066 22032 Compound1519.4044 N1

3

Piscidia
piscipula

Fabaceae Tree1 201 Deciduous 450.02 10 Compound1

5
14.918 Y7

Pithecellobium
lanceolatum

Fabaceae Tree/
shrub1

51 Evergreen2 305 Compound1515.412 Y7

Platymiscium
yucatanum

Fabaceae Tree1 251 Evergreen2 0.0510 39.326 Compound1

5
12.526 Y2

4

Plumeria rubra Apocynaceae Tree27 2027 Deciduous190.0410 6027 Simple15 38.8546 N7

Pouteria
amygdalina

Sapotaceae Tree1 251 Evergreen2 2.04
(genus)

1927 Simple15 22.50
(genus)

N1

3

Psidium
oligospermum

Myrtaceae Tree27 3027 Brevi-
deciduous19

4.13
(genus)

332 Simple15 11.3930 N1

3

Randia aculeata Rubiaceae Tree/
shrub1

71 Deciduous2 0.1047

(genus)
132 Simple15 12.218 N7

Randia longiloba Rubiaceae Tree/
shrub

121 Evergreen3 0.1047

(genus)
Simple1 1418 N1

3

Rinorea
guatemalensis

Violaceae Tree6 12 Evergreen48 0.054 5.3849 Simple15 15.8749 N1

3

Roseodendron
donnell-smithii

Bignoniaceae Tree50 3550 Deciduous190.00610 260 Simple15 15.9830 N1

3

Sebastiania
glandulosa

Euphorbiaceae Tree6 101 Evergreen3 Simple14 N1

3

Semialarium
mexicanum

Celastraceae Tree1 201 Deciduous2 0.0810 3.1920 Simple20 13.5020 N1

3
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Senegalia gaumeri Fabaceae Tree/
shrub1

201 Deciduous2 0.0439 Compound 614.61 21 Y7

Senna racemosa Fabaceae Tree/
shrub1

101 Deciduous2 0.036 4517 Compound1512.5621 N7

Sideroxylon
salicifolium

Sapotaceae Tree1 251 Evergreen3 0.0710 1227 Simple1 N1

3

Simira
salvadorensis

Rubiaceae Tree1 251 Evergreen19 0.0310 4227 Simple15 N1

3

Solanum
erianthum

Solanaceae Tree/
shrub25

825 Deciduous2 0 . 0 0 0 8 5 11 0 0 5 Simple15 14.90
(genus)

N1

3

Spondias spp Anacardiaceae Tree/
shrub1

Deciduous3 1.09
(genus)

Compound1 N1

3

Tabernaemontana
alba

Apocynaceae Tree/
shrub5

105 Deciduous2 0.064 2527 Simple15 N1

3

Talisia floresii Sapindaceae Tree1 251 Evergreen2 65 Compound15 N1

3

Tara vesicaria Fabaceae Tree/
shrub5

95 Evergreen3 0.176 37.326 Compound 610 .81 6 N2

4

Terminalia
buceras

Combretaceae Tree1 301 Evergreen2 0.0110 125 Simple15 15.7112 N1

3

Trema
micranthum

Cannabaceae Tree1 101 Evergreen2 0.00229 1832 Simple6 20.5644 N7

Trichilia glabra Meliaceae Tree1 151 Deciduous2 Compound1416.0214 N1

3

Vachellia
cornigera

Fabaceae Tree/
shrub1

71 Deciduous2,30.084 105 Compound 615 .71 Y7

Wimmeria
bartlettii

Celastraceae Tree27 2527 Evergreen26 85 Simple26 11.8642 N1

3

Xylosma flexuosa Salicaceae Tree/
shrub1

51 Evergreen2 0.452 1.5220 Simple20 11.5420 N1

3

Zygia conzattii Fabaceae Tree6 155 Evergreen
(genus)3

0.336 35 Compound6 Y2

4
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Box S2.1 Tests of the assumption of equal variance among groups for
PERMANOVA

The early successional juvenile community had higher variance than the mid and late

successional juvenile communities (for taxonomic composition, a mean diference

with 95% CI of 0.16 (0.08 – 0.24) and 0.20 (0.13 – 0.28) respectively; for functional

composition, a mean diference of 0.09 (0.03 – 0.14) and 0.07 (0.02 – 0.13)

respectively). The mid successional adult community also had higher variance than

the late successional adult community for taxonomic composition (mean diference

of 0.28 (0.18 – 0.38) but not for functional composition (mean diference of 0.04 (-

0.04 – 0.11)).
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Box S2.2 Recruitment limitation calculations

For calculations of establishment limitation, the number of stations with seeds

present was multiplied by four to scale it to the same area as the area over which

juveniles were measured (as the juvenile quadrats are four times the area of the seed

traps; Werden et al., 2020b). This assumes that seeds would have been evenly

distributed across the area of the quadrats at the same density as they were found in

the traps. The establishment limitation calculation gives for each species the

proportion of stations that received seeds that did not then have a juvenile. It is

biologically impossible for a station to have juveniles but no seeds; any instances of

this were an artefact generated by the temporal disconnect of the surveys of diferent

life stages or the presence of seeds that were not caught in the seed traps, and were

removed from the dataset. Establishment limitation was only calculated for species

that had ³10 seeds in the plot to ensure the calculations had a suficiently high

denominator to be robust. All species were included in the calculations of dispersal

limitation, as rare seeds can be interpreted as highly dispersal limitated. Expected

dispersal limitation is also equal to source limitation, as it is the number of traps that

would be reached if the total number of seeds of a species in the plot were equally

distributed between traps (Muller-Landau et al., 2002).



185

Table S2.2 Observed and expected dispersal limitation
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Table S2.3 Observed and expected establishment limitation

Table S2.4 Table of results for models of ∂ recruitment limitation.

∂ dispersal limitation ∂ establishment

limitation

Explanatory variable DF c2 p-value c2 p-value

Successional stage 2 0.58 0.75 1.25 0.53

Successional stage * 2

Maximum height

21.71 <0.001† - -

Maximum height 1 - - 0.47 0.49

Successional stage * 2

Seed mass

- - 8.19 0.02

Seed mass 1 0.23 0.63 - -
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Leaf phenological

habit

3 - - 3.78 0.29

Leaf type 1 - - 1.19 0.28

SLA 1 - - 0.51 0.47

Nitrogen fixation 1 - - 0.72 0.40
† Fixed efects of model explained only 4% of variation (Marginal R2 = 0.04, conditional R2 =

0.22).

Figure S2.1 ∂establishmentlimitation increasedwith seed mass in the late-successional plot,

but not in the early or mid successional plots. Grey area indicates 95% confidence

interval.
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7.3 Chapter 3

Table S3.1 Intervention type and age of plots. Reference plots have been continuously

closed canopy for at least 30 years, and actual age is not known.
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Table S3.2 Within-plot partial Mantel tests of the correlation between compositional

dissimilarity and environmental distance (all environmental variables), correcting for

spatial autocorrelation.
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Table S3.3 Within-plot partial Mantel tests of the correlation between compositional

dissimilarity and environmental distance (soil variables only), correcting for spatial

autocorrelation.
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Table S3.4 Within-plot partial Mantel tests of the correlation between compositional

dissimilarity and environmental distance (canopy openness only), correctingfor spatial

autocorrelation.
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7.4 Chapter 4

Figure S4.1 Most growth happened in the early successional treatment during the wet

season (months 8–12).Season had a significant efect on growth. The fixed efect of season

alone explained 10% of the variation in RGR (R2
c = 0.28, R2

m = 0.10). The fixed efects of

season ́ successional environment explained 40% of the variation in RGR (R2
c = NA, R2

m =

0.40). There was a significant interaction between season and successional environment –

the fastest growth was in the early successional environment during the wet season.
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Figure S4.2 Observer accuracy for (A) the percentage of leaves with natural enemy

damage on each individual, and (B) average area of leaf surface with natural enemy

damage. Red points = Observer 1, blue points = Observer 2. Variation between groups was

significantly bigger than variation within groups (A: F= 7.95, p < 0.001; B: F= 11.47, p < 0.001).
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Figure S4.3 The average area of leaf that was damaged by natural enemies was

negatively correlated with RGR.


