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ABSTRACT

Increasing concentrations of nitrate (NOs} in groundwater, approaching or exceeding the
drinking water standard of 50 mg I'', have caused the Water Utilities to become progressively
more reliant on NOs removal methods. In situ biclogical denitrification (ISBD) is a prospective
NOa removal technology harnessing the denitrification potential of indigenous microbial
communities within aquifers to biochemically reduce NO3- to nitrogen (N2) gas. This approach
has not been adopted in the UK for the treatment of groundwater intended for drinking, due to
a reluctance to inject extraneous substances into potable supply aquifers (Dahab, 1993), and
a paucity of information on the effects of ISBD on other regulated water quality parameters
and on the aquifer environment. In the UK, a lack of confidence with regards to ISBD as a NOs

removal tfreatment is apparent.

A series of laboratory experiments were undertaken to examine the effects of stimulated
heterotrophic denitrification in aguifer rock on the chemical and biological quality of water
travelling through aquifer material, utilising a flow through microcosm apparatus to simulate the
sub-surface environment. Furthermore, the impacts of the organic carbon amendment on the
microbial community within the microcosms were assessed with regards to biofouling and

community structure.

Experimental results showed that under controlled C/N ratio, with an appropriate carbon
substrate, complete denitrification could be achieved in UK aquifer material, without
additional nutrient or bacterial inoculation requirements. Selection of carbon substrate was
critical in optimising the water quality of the denitrified water, with regards to residual chemical
species, bacterial concentrations or turbidity, for example. Acetic acid emerged as a superior
substrate in this respect, compared to glucose and acetate, and additionally, neutral pH
conditions were maintained when dcetic acid was used as the substrate. Therefore, water
treated by ISBD should not require additional post-abstraction treatment beyond the scope of

the usual groundwater treatments, prior to supply.

Biofouling within the porous sandstone matrix was not detected and the hydraulic conductivity
of the denitrifying microcosms, though slightly reduced, was stable over the duration of the
experimental incubations. Molecular microbiological examination techniques (PCR-DGGE)
provided insights into the microbial ecology of the enhanced aquifer community, reveadling
that the dominant species in both acetate- and glucose- supplied microcosms, were

facultative anaerobes, associated with denitrifying environments

The results demonstrate that ISBD is potentially an environmentally sustainable and economic
alternative to conventional NOs removal methods. The freatment technique is most likely to
be suited to aquifers with a homogenous granular matrix, such as the Triassic sandstone, since
uniform dispersion and mixing of injected carbon is paramount to achieving the desired C/N

ratio that ultimately controls the biochemical reaction and hence, water quality.
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1.1 INTRODUCTION

Nitrate (NOs) is commonly regarded as the most prevalent contaminant of global
groundwater rescurces. Over the last 30 years, growing frends in groundwater NOx
concentrations have raised concerns for health, environmental and economic
reasons (e.g. Korom, 1992; Spalding and Exner, 1993; Smith, 2001; EC DGENV, 2002).
Environmentally, groundwater NOz contributes to the eutrophication of surface
waters but health issues are of more immediate concern in the short term and have
associated economic impacts. For example, potable supply within the European
Union, regulated under the EU Drinking Water Directive (98/83/EC) (CEC, 1998).
stipulates a maximum admissible concentration (MAC) of 50 mg NQOs . As NOs
concentrations in many groundwater resources have begun to exceed this limit, the
affected abstraction facilities have had to secure low NOs- resources to blend with
the high NOs water, invest in additional NOs removal process or alternatively, be
abandoned. Since groundwater is ordinarily regarded as a pristine resource with
minimal freatment requirements compared to surface water, additional NOs removall
treatments have had considerable economic repercussions, particularly in regions

which rely heavily on groundwater resources.

In the UK, 30% of potable supply comes from groundwater, with regional variations;
for example up to 80% in the south east of England (Burt and Trudgill. 1993; Gooddy et
al., 2002). The concentration of NOs in the UK's three major aquifers is either
approaching or has exceeded the MAC during the last 20 years, as illustrated in

Figure 1.1.

90 4 —Triassic sandstons
B0 4 —Jurassic limestone
70 4 ——Chalk

60
50
40
30
20
10
0
1980 1982 1984 1986 1988 1900 1992 1994 1996 1998 2000

Year

Nitrate concentration (mg#)

Figure 1.1: NO3 conceniration in major UK aquifers, (Environment Agency, 2004}

Similar frends throughout Europe prompled adoption of ledisiation tackling NOz
pollution within European Union Member States including the Nitrates Directive (CEC,

1991), for example, and more recently, the Water Framework Directive (CEC, 2002).



However, these preventative sirategies do little to ameliorate existing contamination
problems owing fo the fime scales involved with implementing the policies and
moreover, the long residence times of groundwater in aquifers {CEC, 1997). In the
interim, increasing numbers of groundwater abstraction wells have been abandoned
or equipped with NOs removal technologies. The comparative expense and
inefficiency of traditional physicochemical NOz- removal methods have driven the
recent interest in biological denitrification. The United States and European countries
such as France and Germany in particular have pioneered development of
engineered biological denitrification for drinking water purposes. In the UK, water
utilities and regulators have approached such novel methods with caution, but the
increasing pressure on groundwater resources necessitates the evolution of biological
denitrification as a more sustainable and economically feasible treatment alternative
to ensure the future use of groundwater for potable resource. This Chapter reviews
contemporary literature on biological denitrification for drinking water remediation
and gives an account of the causes and effects of NOx pollution. The issues of
uncertainty concerning the application of this technology in the UK are summarised

and developed into the motivational issues and research themes for this PhD thesis.

1.2 NITRATE AS A GROUNDWATER CONTAMINANT

1.2.1 The Nitrogen Cycle and Groundwater Nitrate Contamination

The occurrence of N in the biosphere is described by the nitrogen cycle, as depicted
in Figure 1.2. Although N may exist as an element in molecular form (Nz2); in soil and
water environs, it typically combines with H or O to form molecules or ions with varying

oxidation states, as described in Table 1.1.

Table 1.1: Common N-species in soil and water Environs (Canter, 1997)

N-species Chemical Formula Oxidation State
Ammonia NH3 -3
Ammonium ion NH4* -3
Molecular Nitrogen (gas) N2 0
Nitrite ion NOz +3
Nitrate ion NOs- +5

Nitrate is naturally present in scils and sediments and is regarded as an integral
component in the microbial cycling of inorganic N. It is formed from NHs in the soil by

a two phase aerobic oxidation process; ‘nitrification,” as described by Hawker and

Linton {1971):



(i) 2ZNH4t + 302 — 2NO2» + 4H* + 2H.0
(ii) 2NOzr + 0Oz — 2NOs»

Nitrification is camied out by specidlised bacterial autotrophs: Nitrosomonas and

Nitrobacter respectively.

Aimospheric nitrogen

/N\
industrial Blologlcat
Fixstion Fixation
Volatilization
A
f

Livestock
Fertilizers !

o ‘lyl-—‘
‘;.: {7

Denitrification

Plant uptake

S M Ry
Yitrigeati®
&5

Groundwater Denitrification
Figure 1.2: Nitrogen Cycle (N fixation from lightenting not shown]j (Stevenson, 1991}.

Conversely, NOs is lost from the soil via denitrification reactions, which typically

convert NOz to N2 gas under soil conditions, where Oz supply is limited, described by

the equation:

SC + 4NOs —» 2Nz + 2H0 + 4HCOs + CO2 (Korom, 1992}



Nitrate is also subject to removal from soil via plant assimilation and physical
processes such as leaching fo the saturated zone. Consequently, although NOs
natually occurs in soils, its concentration is theoretfically low owing to these removal
processes. However, with additional NOs- loading to soils from anthropogenic
sources, the natural cycling processes; denitrification and assimilation, are unable to
remove the superflous NOs and so the quantity leached to groundwater courses

increases {(Korom, 1992; Canter, 1997).

Anthropogenic sources of NOs- loading to soils are of industrial, urban or agricultural
nature. Treated nitrogenous wastewater or effluents discharged directly to the
environment from industrial processes constitute industrial sources whilst treated
sewage effluents, leachates from landfill sites, seepage from storage facilities and run
off from hazardous sites have all been identified as significant urban sources of
anthropogenic N (Canter, 1997). The most widespread and significant source of
anthropogenic loading to soils, however, is from the agricultural sector (Korom, 1992;
Van der Voet et al., 1996; Canter, 1997; CEC 1997). The UK Department of Food and
Rural Affairs (DEFRA) estimates that 70 % of the NOs- occurring in ‘natural waters’ is of

agricultural origin (Lake et al., 2003).

1.2.2 Agricultural Nitrate Pollution

Within the European Union, the introduction of the Common Agricultural Policy (CAP)
in 1957 intensified operations in fisheries, livestock and arable industries, with the aim
of maximizing productivity. As a result, increases in chemical fertilizer use in addition
to manure, and concentrated livestock husbandry, have been observed during the
last 50 years, contributing significantly to the anthropogenic N load to soils (CEC,
1997; EC DGENYV, 2002). Similarly, in the US, the EPA identify chemical pesticides and
fertilizers together with the high volumes of wastes associated with Animal Feeding
Operations (AFO's), where animals are kept and raised in concentrated areas, as

major sources of anthropogenic N.

In 2002, the EC Directorate-General for the Environment (DGENV) reported annual
animal husbandry coniributions of approximately 8 milion t of N to EU agricultural
land (EC DGENY, 2002). In some areas of the EU, intensive livestock farming has lead
to the production of more manure than can be disposed of without creating NOa-
excess in the soil (CEC, 1997). The greater density of livestock operations has
reportedly resulted in strong NHz volatiization and subsequent atmospheric
deposition of N in neighbouring soils and waters (EC DGENV, 2002). In spite of this,
many authors regard fertilizer as the ultimate cause of groundwater NOs

contfamination (Van der Voet, 1994). In Western Europe, for example, the use of



chemical fertilizers increased exponentially between the 1950's and the 1980's. In the
UK, this increase was by an order of magnitude, from approximately 100,000 t in 1950
to 1.6 x 106 t in 1980 (Novotny, 1999). The EU as a whole, observed a peak in
inorganic N fertilizer consumption during 1985-87; at approximately 11 million t
annually (EC DGENV, 2002). In conjunction with increased fertilizer use, changes to
the farmed landscape since the introduction of the CAP, such as reduction in
permanent grassland areas and buffer zones (ditches and hedgerows), encourage
quicker drainage and run-off of fertilizer to adjacent watercourses. Moreover, timing
of fertilizer application, irrigation and tilage practices and the type of crop
cultivated, all influence NOs leaching from soils. In areas of high precipitation,
excessive irigation, or in soils that are well drained and permeable, NOz pollution
from fertilizer is compounded (US EPA, 2000).

The retention of pollutants in soil depends, to some extent, on the soil composition
(organic content, pH, clay and moisture contents, cation exchange capacity) and its
redox status. Once a soil has reached saturation with NOs, excess is leached to
groundwater. In such cases, there is a marked positive correlation between ‘excess’
NOs entering the soil and the groundwater concentration (Novotny, 1999).
Agricultural land use is frequently associated with high NOs- in the local groundwater
(Burt and Trudgill, 1993); alluvial and shallow aquifers, which experience considerable
agricultural leaching inputs during episodes of high rainfall, for example, are

particularly vulnerable (Kelly, 1997; Karaczun, 2003).

1.2.3 Influence of Aquifer Characteristics on Nitrate Contamination

Groundwater contamination is further influenced by the characteristics of the aquifer
itself. Unconfined aquifers, for example, are highly variable in their topography, but
are generally recharged regularly by water percolating from soils above (Burt and
Trudgill, 1993). Since the amount of recharge tends to show seasonal variation, so
does the groundwater NOz- content. Conversely, confined aquifers are much less
vulnerable to contamination from agricultural sources. Owing to their nature, they
are only recharged in small regions, usually receiving recharge from an adjacent
unconfined aquifer rather than from percolating water. Confined aquifers therefore
provide an important source of low NOgz water which is exploited to provide potable
water by blending with groundwater of high NOs concentration (Canter, 1997).
However, groundwater from confined aquifers is a finite resource; moreover, there is
concern that NOz contamination from unconfined aquifers may eventually migrate
to confined aquifers. This could be induced by pumping, for example, or by
gravitational flow as the quantity of groundwater in the confined aquifer is reduced
(Burt and Trudgill, 1993).



Within unconfined aquifers, distribution of NOs- in the saturated zone depends largely
on (Burt and Trudgill, 1993):

e depth of the overlying unsaturated zone
e the saturated hydraulic conductivity of the aquifer

¢ theinfluence of pumping and lithological variation within the aquifer

Dissolved NQOz is fransported throughout the aquifer by means of dispersion, which is
not uniform but affected by factors such as porosity and tortuosity of the rock matrix.
Flow through a porous medium is complex; it is defermined by hydraulic conductivity
and hydraulic gradient; the ability of the medium to transmit liquid, and the driving
force acting on the liquid respectively. Such physical characteristics vary spatially as

the rock composition of the aquifer changes.

Once NOs has reached the saturated zone, it may remain in the groundwater for
decades, accumulating and being transported over considerable distances.
Consequently, groundwater NOs- pollution is both long term and trans-boundary (Van
der Voet et al., 1996), necessitating integrated management approaches to preserve
groundwater as a drinking water resource and prevent further environmental impacts

such as eutrophication.

1.2.4 Effects of Nitrate Contamination in Groundwater: Health and Environmental
Considerations

Nitrate content of drinking water is regulated in the EU, under the Drinking Water
Directive (1998), which stipulates a MAC of 50 mg NOa ' (11.25 mg ' as N)(DWiI,
2000j}. This legislation aims to safeguard human health against ilness caused by NOs-
ingested from drinking water. The adverse health effects of NOs are controversial,
perhaps because they are indirect; the NOs ion itself is usually regarded as non-toxic
at groundwater concentrations (Gulis et al., 2002). Conversely, once ingested it may
be reduced to NO2, which is acutely toxic and essentially responsible for the illnesses
associated with NOsg-. The most familiar NOs/NOz related condition is
methaemoglobinaemia, which occurs when NO2 in the body oxidises the
haemoglobin found in red blood cells to methaemoglobin, a form which cannot
carry Q2. As a result, Oz supply to body tissues is restricted, leading to cellular anoxia
and clinical cyanosis (Canter, 1997). This illness may affect humans of all ages as the
reduction of ingested NOs occurs in human saliva, although infants less than 3
months old are especially vulnerable, hence the term ‘blue baby syndrome.' Further

transformation of NOs3/NOz2 in the gastrointestinal tract and bladder can produce N-



nitroso compounds; a potent group of chemical carcinogens. Whilst the toxicity of
these compounds is well documented, the epidemiological evidence linking cancer
with NOs- ingestion is somewhat more conflicting because of the different research
approaches, such as the use of mortality data compared to incidence data (Gulis,
2002). However, elevated NOg in drinking water has been previously associated with
non-Hodgkin Lymphoma, and cancers of the oesophagus, nasopharynx, bladder
and gastrointestinal tract (Canter, 1997, Gulis, 2002). More tenuously, NO3/NO2
toxicity has also been linked to defects of the central nervous system and high blood

pressure (Spalding and Exner, 1993).

Aside from the potential health effects, NOs contaminated groundwater s
considered hazardous to the environment as it is a plant nutrient and may cause
eufrophication of surface waters when in excess (Spalding and Exner, 1993). In
addition to the more documented relationship between P and eutfrophication, NOz
specifically has been identified as the main contributor to eutrophication in coastal
and inland water bodies throughout the EU, in particular the North and Baltic Seas
(Van der Voet et al., 1996). Increasingly sophisticated monitoring technology, such as
G.LS and improved sampling programmes has facilitated better documentation of

the environmental impacts of anthropogenic NOs-,

The rising costs of treating drinking water resources compromised by NO3, and the
cost of repairs to dams and coastal waters damaged in NOs related eutrophication
incidents has raised the profile of NOs pollution in Europe. An economic assessment
of groundwater protection commissioned by the EC DGENV observed that protection
measures are always cheaper than clean-up processes (BRGM ECOLOGIC, 2003},
hence EU Member States, though initially slow to act, are now actively engaged in
NOs management programmes as required by the EU Nitrates Directive (EC DGENYV,
2002).

1.3 MANAGEMENT AND TREATMENT OF NITRATE IN GROUNDWATER

1.3.1 Management Strategies: European Legislation

The amelioration of environmental NOs pollution in the long term requires
management strategies targeted towards minimising and controlling NOs pollution at
source. Within the EU, this is accomplished through environmental policies or
Directives that Member States are legally bound to adhere to, for example: the Urban
Wastewater Treatment Directive (CEC, 1991b}, regarding the regulation of NOs inputs
to surface waters via discharges/effluents; the Nitrates Directive (CEC, 1991q),

regarding the control and prevention of NOz pollution in water bodies from
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agricultural sources; and the recent Water Framework Directive (WFD) (CEC, 2000),
which is concerned with achieving ‘good status' in European waters on a river
catchment basis. The various directives require EU Member States to achieve specific
goals within specified time frames and fo provide evidence of continual monitoring.
European Union legislation is translated into law and implemented by individual
member states, which are subsequently accountable to the European Commission.
In cases where a Member State fails to comply with the EU directives to a
‘satisfactory’ level, prosecution and subsequent penalties may follow. The Nitrates
Directive is the most relevant to groundwater as it focuses on pollution from the
agricultural sector. Conversely, the Urban Wastewater Treatment Directive legislates
for N- emissions from urban wastewater, a major source of N pollution in surface
waters {Baumann ef al., 1997}. The more stringent controls on N-emissions under the
Urban Wastewater Treatment Directive led to the modernisation of wastewater
treatment plants (WWTPs} to inClude biological {secondary) freatments for nitrogen
removal, including denitrification.  Without reduction in nutrient (NOs-} losses from
agriculture, however, advances in wastewater freatment processes would be
ineffective, regarding the overall status of nutrient pollution in the environment (EC
DGENV, 2002}. Indeed the ongoing importance of the Nitrates Directive was
recognised in the extensive overhaul of European water policy of the 1990s, which
resulted in the adoption of the WFD (2000/60/EC}. In the review processes which
streamlined existing EU water policy, with the loss of seven previous water-directives, a
resolution was passed to uphold the full 'topicality’ of the Nitrates Directive without
revision {resolution. A5-0384/2000)}, in conjunction with the new WFD. Furthermore,
whilst the modernisation and gradual reform of the European CAP encourages better
agri-environmental practices, the regulation and control of NO3 emissions from

agriculture remains the principal concern of the Nitrates Directive (EC DGENV, 2002).

1.3.2 The EU Nitrates Directive and UK Implementation
The Nitrates Directive (21/676/EEC), passed into law European law in 1991, aims to
reduce existing water pollution “caused or induced by nitrates from agricultural
sources"” and prevent further such pollution (CEC, 1997}). The Directive has facilitated
a harmonised approach to ameliorating agricultural NOs- pollution through improved
farming practices and more comprehensive monitoring of water quality. Under the
Directive, Member States are required to achieve the following principal objectives:
i. ldentify waters which could be affected by NOs pollution and designate these
area as Vulnerable Zones,
i. Draw up Action Programmes for these Vulnerable Zones, containing mandatory
agricultural practices, including the stipulation of maximum amounts of manure

that may be applied to land per yedar,
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ii. Establish at least one code of “Good Agricultural Practice” to be mandatory

within the Vulnerable Zones, but implemented voluntarily outside of them.

In addition, the Member States are obliged to monitor the concentrations of NOs- in

water and thereby assess the impacts of measures put in place (CEC, 1997).

In the UK, implementation of the Niftrates Directive is currently managed by the
govemment Deparfment of Environment, Food and Rural Affairs (DEFRA}, with
monitoring work carried out by the Environment Agency. Initially, 66 Nitrate
Vulnerable Zones (NViIs) were identified throughout England in 1996, covering
approximately 8 % of England's land area, as depicted in Figure 1.3. The designation
of original NVZs was based primarily on catchments that provide drinking water
resources, however, in 2000, the European Court of Justice ruled that the UK had
failed to designate sufficient NVZs to protect 'all’ waters. Consequently, after an
open period of consultation and a more comprehensive process of identifying
surface and groundwaters which ‘are’ or 'could’ become polluted, the governnment
designated additional NVZs throughout England in 2002, as shown in Figure 1.3 (the
responsibility of designation in remaining areas of the UK falling to the devolved
pariamentary administrations)(DEFRA, 2002). An alternative approach to the
identification of individual NVZIs, adopted by many Member States including
Germany, Austria, Denmark and the Netherlands, is to designate the whole country
as an NVZ (CEC, 1997). This approach was not deemed appropriate in the UK as
extensive monitoring and modelling etc demonstrated that NOs pollution varied
regionally (MAFF, 1995q]).

Within the NVZs, farmers are required to keep formal records of cropping, livestock,
fertiiser and manure use for each field. Furthermore, the timing and rate of
application of nitrogen fertiliser and organic manure must also be controlled. In 1999,
the UK Environment Agency also enforced a “Closed Period,” where certain
practices such as application of slumy and liquid digested sewage sludge for
example, are prohibited during the months of August — October (with some
exceptions) (Environment Agency, 1999). Throughout the implementation of this
programme, the Environment Agency, the Ministry of Agriculture, Fisheries and Food
(MAFF) and now DEFRA have provided technical and financial support to farmers

affected by the NVZ scheme.

In addition to the fundamental changes to farming practices, the agrichemical
industry has also been under pressure to improve fertilizers and new formulations of

ferfilizer have emerged designed to minimise NOs leaching losses. For example,
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1.3.3 Nitrate Removal Treatments for Drinking Water Sources

Historically, remedial solutions for water resources that fail to comply with the NO3-
Drinking Water MAC have involved the blending of 'high’ NOs- water with local ‘low’
NOs supplies or NOs removal by physicochemical processes. Blending was in
widespread use in the UK during the 1990s as it offered an ‘easy-to-operate’ solution
to NO3 conftrol (Hall and Croll, 1993). However, this treatment is clearly unsustainable
as uncontaminated groundwater is a finite resource. Other disadvantages include:
potential infroduction of other water quality impairments via the ‘low NOsz' water;
and changes fo ionic composition of the water which may result in corrosion
problems in the water distribution network. Such factors may contribute to render the
blending option unsuitable and in some cases, the expense of equipment necessary
to deliver low NOs water to the contaminated source may be prohibitive and thus,

NOz- removal treatments must be used.

Nitrate removal from water is typically difficult and expensive because the NOsz- ion is
stable and highly soluble and therefore not easily precipitated out of solution or
adsorbed. Common chemical freatments used in water purification processes such
as coagulation and filiration are not successful in NOs removal and specialised
freatments are required (Luk and Au-Yeung, 2002). Established NOs removal
processes are either of a physico-chemical nature; ion exchange (IE), reverse osmosis

(RO), electrodialysis (EDJ; or involve some form of biological denitrification.

Physico-chemical processes essentially involve the separation of a concenfrated
stream of NOs3- away from the main body of water undergoing treatment. In IE, this is
achieved by passing the contaminated water through a bed of ion-exchange resin
beads. The resin absorbs NOs- ions in exchange for another anion - typically chloride,
and is functional until the exchange capacity of the resin is exhausted. The resin may
then be regenerated by backwashing with sodium chloride to refurn the resin to the
chloride form, producing a final waste ‘brine’ of concentrated NOs (Hall and Croll,
1993). Conventional ion exchange processes experiences two major disadvantages;
the preferential uptake of sulphate (SO4%) ions over NOsz ions and the intrinsic
production of concentrated waste brines on regeneration of the resin, which required
further disposal. However, the advent of 'nitrate-to-sulphate-selective’ (NSS) resins
has improved the efficiency of the process so that > 90% NOs- removal is achieved,
even in ‘'high sulphate' groundwaters (Bae et al, 2002; Hall and Croll, 1993).
Regarding the issue of brine disposal, modern ion exchange plants have evolved to
incorporate further brine ‘polishing’ so that recycling may be an option. Biological
denitrification reactors may be coupled to the main body of the ion exchange plant,

enabling brine denitrification to give better quality waste water. Furthermore, the
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considerable quantities of sulphate that accumulate when NSS resins are used can
also be freated in sulphate reducing reactors added to the brine processing phase.
Finally, granular activated carbon (GAC) treatment is typically employed to remove
suspended solids such as bio-polymers and organics that are produced in the

biological brine-tfreatment (Bae ef al., 2002).

Similarly, reverse osmosis (RO) and electrodialysis (ED) are physico-chemical
processes in which NOs- is separated from the freated water via the filtering action of
a membrane. During RO, hydraulic pressure is used to force the water undergoing
freatment across a semi-permeable membrane, leaving salts (including NOz)
deposited on one side. The resulting proportions of freated water to concentrated
waste are determined by the pressure differential across the membrane (Hall and
Croll, 1993). Aliernatively ED uses stacked membranes, alternafing in anion and
cation permeability, which dllow ions to pass through but not water. An electric
current carries ions through the membranes, producing streams of treated water and
concentrated waste. Nitrate selective membranes are available for RO and ED
which improve cost efficiency by reducing the overall power requirement per unit of
NOs removed (Hall and Croll, 1993). Inherently, as with IE, both membrane
separation processes generate concentrated waste streams which require further
disposal. Since the costs of RO and ED are already relatively high, and the power
demand to drive the processes is high; the additive cost of waste disposal prohibits
application and examples of use in drinking water treatment are scarce. Reverse
osmosis has specifically been advocated for small agricultural communities in
developing countries based on experimental trials in South Africa. Here, the feasibility
of applying RO in rural vilages where the local community could be frained to
operate the plants and wastes could be used for stock-watering was demonstrated
{Schoeman and Steyn, 2003). However, of all three processes, only IE has been
employed on any considerable scale (Dahab, 1993). In spite of the relatively high
cost of using NOs- selective resins and the additional freatment/disposal requirements
of the brine, the IE process is considered fast, efficient, easily automated, unaffected
by seasonal temperature changes (in the ordinary operating range) and has
conventionally been recommended for small-medium sized plants (Luk and Au-

Yeung, 2002).

Currently, the most efficient NO3- removal process for treating large volumes of water
is biological denitrification, which is a relatively stable process that can achieve 100 %
NOs removal (described in section 1.4). However, although biological denitrification
is widely acknowledged as a superior treatment method compared to existing

physico-chemical processes; pioneers of novel electro-chemical technologies do not
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view biological denitrification as the future of NOs removal for drinking water
treatment. Criticisms of biological denitrification include: the comparatively long start
up and process fimes; the production of microbial waste products and partially
degraded N- or organic carbon compounds in the treated water; limited operational
temperature; extensive process-maintenance, including precise monitoring of the
carbon source in heterotrophic examples and limited opportunity for automation (Luk
and Au-Yeung, 2002; Berndt et al., 2001; Horold et al., 1993; Peel et al., 2003). As an
alternative, electro/chemical processes such as chemical-, catalytic- and electro-

catalytic NOs reduction, are in development. Briefly:

+ Chemical NOs reduction involves the abiotic reduction of NOs- in solution by
a zero-valent metal, which may reduce anions owing to their electron-
donating tendency (Shrimali and Singh, 2001). Chemical reduction of NOs
has been successfully achieved using zero-valent iron {Fe?) (Huang et al.,
1998; Hu et al., 2001; Devlin ef al., 2000) and also aluminium powder (Luk and
Au-Yeung, 2002).

o Catalytic NOs reduction involves the use of a bimetallic catalyst such as
palladium-copper or palladium-tin which can be used to catalyse the
hydrogenation of NOs to form N2 {Horold et al., 1993; Berndt ef al., 2001) or
potentially, the reduction of NOs by formic acid (Prusse ef al., 2000).

s Flectro-catalysis, a more efficient catalytic process, uses a small, direct
electric current delivered via an electrode such as rhodium-coated carbon

cloth to catalyse NOs reduction (Reddy and Lin, 2000; Peel et al., 2003).

Abiotic processes such as these provide a relatively pure water-product in time scales
of minutes to hours and do not have the post-denitrification treatment requirements
associated with biologically denitrified water. Furthermore, they do not generate the
concentrated waste brines inherent to physico-chemical processes. Reported NOs
removal efficiencies vary between 60-99.9 % and therefore such novel technologies
appear promising. However, these processes are all currently at laboratory scale and
thus far, observed disadvantages include: difficulties in operational control, fouling of
catalyst, sensitivity o environmental conditions, and preferential production of NH4*
rather than Nzin the case of catalytic NOs reduction (Horold et al., 1993; Berndt ef al.,
2001; Luk and Au-Yeung, 2002). In chemical reduction processes with zero-valent
metals, observed disadvantages include a very strong pH-dependence, which
necessitates the addition of either a strong base, or strong acid, in order to maintain
the narrow operational pH ranges in zero-valent aluminium and iron processes,
respectively. Moreover, significant amounts of NHz may be produced, and residues

of soluble ferrous iron (Fe?*) and suspended aluminium can accumulate in the
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denitrified product, although these could be easily removed with filtration and settling
phases (Huang ef al., 1998; Luk and Au-Yeung, 2002). Extensive process engineering
is required to optfimise these abiotic NOs removal technologies, with regards fo
reactor designs and raw materials. [t is uncertain how long it would take to fully
engineer these processes for field scale application, indeed, in the case of NOs
reduction with zero-valent metals, the mechanism for the reaction has not yet been
fully defined. Therefore, these processes cannot be considered as NOs removal
treatments at present and biological denitrification continues to be the most efficient

alfernative method to IE for NO3 removal from drinking water resources.

1.4 BIOLOGICAL DENITRIFICATION

Biological denitrification refers to the microbially mediated process of dissimilatory
reduction of NOs to N2 gas via a series of intermediate N-oxides. It is a well
documented process that occurs naturally in soils and water, as depicted by the N
cycle (Figure 1.2). The reaction is of economic and historical importance, harnessed
as a treatment for the removal of N from wastewater as early as the 1800s (Van
Loosdrecht and Jetten, 1998). Recently, biological denitrification has also gained

attention for groundwater NOs removal treatment (Bhatti et al., 2001).

Dissimilatory NOz reduction is a method of bacterial respiration, the process by which
non-photosynthetic bacteria generate energy. Cellular respiration involves the
transfer of electrons from a donor to an acceptor via an electron transport chain,
generating cellular energy compounds such as adenosine tri-phopshapte (ATP),
(Mateju et al., 1992). Bacterial respiration may utilise a variety of electron acceptors
including oxygen, N-oxides, and inorganic iohs such as Mn4+, Fed+ and SO42. Because
these molecules/ions are final in the respiratory electron transport chain, they are
usually referred to as ‘Terminal Electron Acceptors,’ (TEA] (e.g. Chapelle, 2001). In
biological denitrification, NOs- acts as the TEA and must receive 5 electrons to be fully
reduced to N, in conjunction with the oxidation of an electron donor, which loses 5
electrons. Organic carbon or various inorganic substances may act as the eleciron
donor in the case of heterotrophic and autofrophic denitrification, respectively.
Since the electron donor becomes oxidised in the reaction, and the electron
acceptor is reduced, biological denitrification is an oxidationreduction (redox)

reaction, which can be mediated biochemically.

Denitrification is generally taken to be an anaerobic reaction since facultative
anaerobic bacteria will preferentially use O2 as the terminal electron acceptor in

respiration rather than NOs because of the higher amount of energy released
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(discussed in section 1.5.1). When denitrification conditions occur, the necessary
denitrification enzymes are synthesised in a highly regulated process (Mateju et dl.,
1992), where individua!l enzymes are not induced simultaneously, but sequentially
(Baumann et al., 1997). The step-wise denitrification reaction proceeds via a series of
N-oxides; each reaction step representing the further reduction of the original NOs-

ion, as described, for example, by Bates et al. (1998):

NO3-(+3) - NO2-(+3) - NO*2) - N2O(+1) - N2(©
Nitrate reductase Nitrite reductase Nitric Oxide reductase Nitrous Oxide reductase

{Nitrogen oxidation state indicated in superscript)

Whilst both heterotrophic and autotrophic denitrification may occur in the natural
environment, engineered biological denitrification processes have previously
focussed on heterotrophic denitrification rather than autotrophic denitrification, as
autotrophic bacteria are typicadlly slower-growing and denitrification rates are lower
(Mateju ef al., 1992). However, the potential presence of bacterial wastes and
partially degraded organics in the denitrified effluent/water during heterotrophic

denitrification has lead to increased interest in the autotrophic process.

1.4.1 Avutotrophic Denitrification

Autotrophic denitrification refers to dissimilatory NOs- reduction by an inorganic ion
which serves as an electron donor, whilst an inorganic carbon such as COz or HCQOs- is
assimilated for growth (Hall and Croll, 1993). In general, bacteria of the genera
Paracoccus, Thiobacillus and Thiosphaera, for instance, can denifrify using hydrogen
or reduced sulphur compounds as the electron donor; alternately, Ferrobacillus,
Gallionella, Leptothrix and Sphaerotillus species can utilise ferrous iron (Mateju, 1992).
Natural denitrification in aquifers is frequently driven by autotrophic bacteriq, since
the organic carbon content of un-amended/uncontaminated agquifers is typically
very low. Case studies have reported examples of nhatural aquifer denitrification with
ferrous iron (Fe?*) and ferrous disulphide (FeS: - pyrite), by indigenous bacterial
species Gallionella ferruginea and Thiobacillus denitrificans respectively, (Korom,
1992). The most commonly employed reaction for engineered autotrophic
denitrification is the oxidation of elemental sulphur by Thiobacillus denitrificans, as

defined by Soares (2002), for example:

550 + 6NOsx + 2H:0 — 58042 + 3N2 + 4H*

The use of elemental § is popular for denitrification of contaminated groundwaters

owing to its widespread availability, comparatively low cost, non-toxicity and stability
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under ambient conditions (Soares, 2002). Inorganic carbon for biomass assimilation,
in the form of HCOs can be added or a solid calcareous material such as limestone,
which additionally provides the support matrix, can be used. A pH buffer is typically
required as the overall reaction consumes alkalinity, resulting in decreased pH. If not
buffered, the pH falls below the optimal range for biomass growth; Thiobacillus
denitrificans has an optimal growth range of pH 6.8 - 8.2 (Liu and Koeing, 2002). If
limestone is used as the inorganic C source or biofim support, no additional buffer is
required as the limestone dissolves in proportion to pH decrease, with the effect of
raising pH and thus maintaining pH equilibrium (Liu and Koeing, 2002). However,
Soares (2002) reported that during treatment of NOs contaminated groundwater
using reactors containing only granular elemental sulphur with  Thiobacillus

denitrificans, the reaction had negligible affect on pH, and no buffer was required.

Elemental S and limestone reactors using Thiobacillus denitificans have reported
denitrification efficiencies of 75 — 100 % and have demonsirated good stability of
operation, including oxygen folerance, low temperature capacity (10 °Cj, and
extended operational periods before washing is required (24 days compared to 2
days in typical heterotrophic denitrification reactors) (Kuai and Verstrate, 1999; Trouve
and Chazal, 1999). However, a potentiadl disadvantage of elemental sulphur and
other reduced sulphur compounds for autofrophic denitrification is the formation of
sulphate as areaction product, since sulphate is a regulated water quality parameter
(DWI, 2000). This could prohibit elemental sulphur denitrification, for instance in

groundwater sources where there is already a high sulphate content (Soares, 2002).

Alternatively, hydrogenotrophic bacteria, which can use H2 as an electron donor,
have dlso been studied with regard to engineered autotrophic denitrification.
Indeed, hydrogen is one of the most thermodynamically favourable electron donors

for autotrophic denitrification, as described by Till et al.. {1998):
2NOs  + 5Ha —- N2 + 4H0 + 20H

in spite of this, engineered H: denitrification has been constrained by ifs relatively high
cost and difficulties associated with the storage and handling of H2 as a consumable
resource, notably its low solubility, and its hazardous (explosive) properties (Tl et al.,
1998I; Devlin at al., 2000). Surrogate methods of supplying hydrogen are curmrently
under experimentation, for example the evolution of cathodic hydrogen from iron

corrosion, according to Till ef al. (1998):

Fe® + 2HO0 — Ho + Fer + 20H



19

Although it has been demonstrated that cathodic hydrogen generated by iron
corrosion could support autotrophic denitrification, research is currently at laboratory
scale and it remains unclear whether this technique could be developed into an

engineered process.

The most advanced autotrophic denifrification currently involves elemental
sulphur/limestone reactors, which have been advocated for use particularly in smali
scale wastewater and groundwater applications (Kuai and Verstraete, 1999; Trouve
and Chazal, 1999; Soares, 2002). This technology is also being further developed in
conjunction with electrochemical freatments, to provide two-phase denitrification
(Wang and Qu, 2003).

In the long term, autotrophic denitrification offers an attractive alternative to the use
of heterotrophic denitrification in freatment plants because of its comparative
simplicity, and its ability to remove NOs more cleanly, with less organic residual in the
denitrified product. However, the low reaction rates compared to heterotrophic
denitrification, would lead to increased process times, or perhaps larger reactor size,
to achieve the equivalent amount of treatment as heterotrophic systems. Such
factors could result in higher capital costs, ultimately prohibiting the use of
autotrophic methods on any considerable scale and limit application to small/rural
freatment plants only (Hall and Crol, 1993). In the interim, heferotrophic
denitrification has become an established freatment for potable water (Hamon and
Fustec, 1991).

1.4.2 Heterotrophic Denitrification and Dissimilatory Reduction of Nitrate to
Ammonium
Heterofrophic denitrification refers to the dissimilatory reduction of NOs- to N2 gas,
where an organic carbon substrate is used both as electron donor and for biomass
assimilation. It is thought that most denitrifying bacteria are heterotrophic, commonly
of the Pseudomonas, Alcaligenes and Flavobacterium genera (Kesseru et al., 2002;
Green and Shelef, 1994). Some bacterial species may perform complete
denitrification, whilst others may only perform one stage of the step-wise reaction,
thus, heterotrophic denitrification is commonly described as a community function
(Green and Schelef, 1994). Similarly to autotrophic denitrification, the heterotrophic
reaction occurs naturally in aquifers and is the principal method of NOs removal in

engineered biological denitrification, described by the basic reaction:

5C + 4NOzy + 2HO — 2N2 + 4HCOsx + CO2 {e.g. Korom, 1992)
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The electron donor is generically denoted as ‘C," and the equation simply describes
the oxidation of 5§ moles of organic carbon, which would supply the 20 electrons

needed to fully reduce 4 moles of NOa-.

Many different sources of organic carbon (OC) can be 'degraded’' by denitrifying
microbial communities, ranging from complex organics typically occurring in natural
environments to more simple molecules such as sugars and alcohols, commonly used
in treatment processes. The OC substrate, together with dissolved oxygen (DO)
concenfration and the speciation of the denitrifying population exert a critical
influence over the dynamics of the heterotrophic reaction; hence optimal conditions

are necessary to achieve maximum denitrification vield.

Under suboptimal conditions, denitrification may proceed at a lower rate. Moreover,
the sequential NOs reduction may be arrested at one of the intermediate products in
the reaction chain, resulting in the evolution of nitrite (NOz}, a toxic ion, or nitrous
oxide (N20}, a madjor greenhouse gas and catalyst of stratospheric Ozone depletion
(Otte et al., 1996; Baumann et al., 1997; Cavigelli and Robertson, 2001). These
intermediates are inherently produced in the natural environment although NO»
would be quickly re-oxidised back to NOs by ubiquitous nitrifying bacteria. The
formation of NO2- in engineered denitrification plants however, represents a serious
water/effluent quality concemn, as its toxicity means it is more stringently regulated
than NOs (e.g. MAC for drinking water = 0.5 mg NO2 ' compared to 50 mg NOs- I').
Emission of N2O from denitrification plants, on top of natural N2O evolution would
have serious implications for global air quality, particularly with regard to ozone

depletion and climate change.

In addition to the intermediate N-oxides, ammonium (NH4*) may also be formed
during NOs- reduction as an alternative final product of the dissimilatory reaction.
Dissimilatory reduction of nitrate to ammonium (DNRA} occurs in similar conditions to
those required for dissimilatory NOs reduction to Nz (denifrification), and the two
processes may occur simultaneously, although bacteria capable of DNRA are
thought to be fermentative rather than respiratory (Yin, et al., 2002; Fazzolari et al.,
1998). Whilst denitrification is a well documented reaction, DNRA is cumently less
defined particularly with regards to factors affecting the partition between
denitrification and DNRA as pathways of NOs reduction. It is proposed that OC
supply and relative abundance of ammonifying bacteria are the determining factors
of DNRA activity (Fazzolari et al., 1998; Bengtsson and Bergwall, 1999; Yin ef al., 2002).
In particular, DNRA appears to be favoured by OC rich environments, reportedly

occurring under C/N regimes in excess of 5.0 (Fazzolari et al., 1998).
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Dissimilatory reduction of nitrate to ammonium could therefore be a potential NOs-
reduction pathway in C-amended biological denitrification processes. This has
implications for in sifu denitrification schemes, where high quality potable water is
desired as an end product, dlthough there has been little attention devoted to this in
previous in situ trials. Therefore, DNRA cannot be dismissed as a potential outcome of
NOs reduction, even though it is generally considered that denitrification is the
dominant dissimilatory process (Yin et al., 2002). An understanding of the parameters
influential to denitrification dynamics, including the formation of intermediate N-
oxides and NH4* would facilitate greater process control and increase process-

stability.

1.5 CRITICAL ENVIRONMENTAL PARAMETERS IN HETEROTROPHIC DENITRIFICATION

1.5.1 Oxygen Concentiration

Denitrification is generally described as an anaerobic activity, inhibited in the
presence of oxygen (02). Tiedje (1988) proposed that O2 inhibition of denitrification
might follow a threshold model, where denitrification would be completely inhibited
once the Oz concentration had reached a critical threshold (Oh and Silverstein,
1999}). Since the mgjority of denitrifying bacteria are facultative anaerobes, there
must be a point at which O2 becomes inhibitory to denitrification activity. However,
this is not universal and the point at which O2 concentration affects denitrification
activity in cultures varies between organisms depending on: species, strain, culture
medium, physical structure of the culture and culture history (Korom, 1992; Otte et al.,
1996; Oh and Silverstein, 1999; Gomez, 2002). Denitrification activity has been
reported at Oz concentrations as high as 3.5 mg ' in WWTPs, and several researchers
have noted pure strains growing on O2 and NOs simultaneously in culture (Oh and
Silverstein, 1999). It is important to recognise the differential Oz-sensitivity of the
facultative denitrifiers, but fundamentally O2 has a negative affect on denitrification.
There are no dall-encompassing correlations between the O2 concentration and
denitrification rate, but optimal concentrations are generally < 2.0 mg Oz ' (Hamon
and Fustec, 1991; Bates and Spalding, 1998; Oh and Silverstein, 1999; Gomez, 2002).
The inhibitory mechanism of Qs is apparent on two levels; from a holistic perspective,
Q2 prevents denitrification by competitive inhibition, whereas at a cellular level, O
interferes with the synthesis and activity of denitrification enzymes (Hernandez and

Rowe, 1987; Gomez, 2002).

Competitive inhibition of denitrification by O2 occurs because O: yields a higher

amount of energy in bacterial respiration compared to NOz. For example, the
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oxidation of glucose using O: yields 686 Kcal mol' compared to 570 Kcal mol! from

glucose oxidation with NOs-, as described by Green and Shelef (1994):

i) oxygen respiration:
CeHi2Os + 602 — 6CO2 + 6H0

AG = -686 kcal / mol glucose

ii} nitrate respiration:
S5CsH1206 + 24KNOs — 30CO2 + 18H20 + 24KOH + 12N

AG =-570 kcal / mol glucose

Facultative anaerobes will therefore preferentially utilise O2 rather than NOs as a
terminal electron acceptor because it will provide more energy, per mole of OC
consumed. The enzymes involved in Oz respiration are thought to remain functional
within bacterial cells and therefore, in fluctuating aerobic/anaerobic conditions, it is
assumed that Oq respiration will immediately take precedence where conditions

permit.

Conversely, the various enzymes involved in denitrification are not all constitutively
present in bacterial cells and may have to be enduced. Denitrification involves a
series of enzymes, as described in Section 1.4: nitrate reductase (NaR); nitrite
reductase (NiR); nitric oxide reductase (NOR); and nitrous oxide reductase [N2OR).
The synthesis of these enzymes generally occurs under anaerobic conditions
(Baumann ef al., 1997) and initiation of enzyme synthesis in response to anaerobic
conditions may be further intensified by the presence of an N-oxide (Hemandez and
Rowe, 1987). In the presence of Oz synthesis may be repressed, although the
mechanism of this repression remains uncertain, particularly since sensitivity to Oz
varies between the different enzymes and the response of the same type of enzyme
may vary between species [Otte et al., 1996). Once synthesised, the activity of the
enzymes may dlso be repressed by Oz In spite of the ambiguities, it is generally
agreed that synthesis of the various enzymes is sequential and that imbalances in the
concentration/activity of the enzymes leads to incomplete denitrification with the
production of NO2 or N2O as the result (Otte et al., 1996; Baumann, 1997).

Mixed microbial communities may become increasingly acclimatised to fransient
oxygen concenirations, and small quantities of denitrification enzymes may remain
present, allowing an increasingly efficient response to the onset of denitrification
conditions (Ofte et al., 1996, Baumann, 1997). In engineered biological

denitrification, the removal of DO, for example by supplying a reducing reagent such
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as sodium sulphite (Naz2SQa), facilitates more efficient denitrification.  Alternately, this
could be achieved by increasing the OC dose so that there is enough electron
donor, i.e. OC, to reduce the O2 and subsequently NO3 (Gomez, 2002). Therefore,
the availability of OC is also critical in the control of denitrification activity, including

the regulation of Oz respiration.

1.5.2 Organic Carbon Substrate

Fundamentally, the OC substrate drives the denitrification reaction by supplying the
electrons required to reduce NOs- (and associated N-oxides). The dosing regime of
OC relative to N, the ‘C/N ratio," is of therefore primary importance in managing
biological denitrification systems (e.g. Hamon and Fustec, 1991). The reaction
stoichiomefry {(described in section 1.4.2) states that 5 moles of carbon reacts with 4
moles of NOs. In terms of mass, this gives a stoichiometric C/N ratio of 1.07.
Sfoichiometric C/N ratios such as this are typically used to define the dosing regime
for the specific OC subsirate in a biological denitrification reaction. If Oz is present,
an additional quantity of OC must be supplied to consume the O2, as previously
described, and further allowances must be made for some of the OC to be
consumed in biomass assimilation (e.g. Dodd and Bone, 1975; Gomez, et al., 2000,
2002). Empirically, the OC requirement is therefore higher than the theoretical
stoichiometric quantity, with the actual OC amendment dependant on initial NOx
concentration, DO and biomass assimilation factor. The amount of OC that is lkely to
be assimilated is difficult to predict at the outset of an experiment and reported
values range from 15-30 % (Dodd and Bone, 1975; Mateju et al., 1992; ITRC, 2002).
The biomass assimilation factor is typically estimated at the outset (ITRC, 2002),
inherently adding an element of ambiguity to the determination of a suitable OC

dose to achieve complete denitrification.

Denitrification yield increases linearly with increased C/N dose, until the optimum
dose to sustain complete denitrification is reached (Mateju et al., 1992; Her and
Huang, 1995). It has also been observed that the number of denitrifying bacteria
increases with increased C/N ratio; the affect being more pronounced with certain
types of substrate (Gomez et al., 2000). Once complete denitrification is achieved,
further OC addition may prove toxic to the microbes or render the process unstable,
although this appears to depend on type of substrate (Martienssen and Schops,
1997). Moreover, an excessive C/N ratio is likely to result in the enhancement of
biomass to the point of biofouling and continued decline in the redox status, so that
altemnative electron accepting processes may become a nuisance (further discussion

in Section 1.7.3).
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Conversely, it is imperative that enocugh OC is provided to achieve complete
denitrification, as deficiencies in this respect result in the formation and accumulation
of intermediate products: NO>» and N2O. In drinking water applications, NOz
accumulation is a particular concern and authors have noted that 100 %
denitrification efficiency must be realised to avoid sustained NOz production (e.g.
Hamon and Fustec, 1991). Electron limiting conditions leads to competitive inhibition
of NOz reduction, as the various N-oxides must effectively compete for electrons and
NO2> accumulates because NOz reductase is the least competitive of the

denitrification enzymes (e.g. Aimeida et al., 1995; Burns et al., 1994).

An efficiently managed denitrification system therefore has an optimised OC dose to
attain 100% denitrification, thus minimising intermediate production; whilst avoiding
OC-excess, which could lead to the breakthrough of influent OC into the effluent or
undesirable alternative electron accepting processes and biofouling. The type of OC
substrate is also important in this regard because the ease with which a substrate is
metabolised or assimilated, inherently affects the availability of electrons from that

substrate.

An important example of this is the use of fermentable substrates for biological
denitrification, which allow fermentative organisms to compete with denitrifying
organisms for the electron resource. Whilst fermentation may produce an organic
metabolite which could be used., secondarily in denitrification, it is generally
described as a process by which electrons are lost, and hence fermentable
substrates are not recommended for engineered denitrification (Mercado et al.,
1988; Devlin et al., 2000}. The selection of the OC substrate should therefore by

critically assessed (e.g. Wilderer et al., 1987).

An assortment of OC compounds have indeed been applied to biological
denitrification, in accordance with the diversity of biological denitrification
applications, including: remediation of poinf-source pollution, wastewater treatment,
in situ reactive barriers for aquifer remediation, and drinking water freatment. The
type of substrate may be a simple compound, such as an alcohol or an organic acid;
a waste product, particularly from the food processing industry, for example distillery
water; or a complex carbonaceous material such as cellulose. Methanol, ethanol,
acetate, acetic acid, benzoic acid, glucose, sucrose, formate, molasses, whey,
distillery stilage, natural gas, cotton, sawdust and leaf compost have all been
employed as OC substrates (Blaszczyk et al., 1980; Mateju et al., 1992; Robertson et
al., 2000; Her and Huang, 1995; Rajapakse, 1999; Gomez et al., 2000; Soares, 2000;

Smith et al,. 2001). A specific substrate is not necessarily suitable for all denitrification
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processes, and various selection criteria must be taken info account. Practical
criteria such as: operational suitability (handling, storage etc.), costs, resource
availability, and legality, are the foremost concern from a commercial perspective
and will render many subsfrates unsuitable. From a reduced list of practicable
substrates, further selections can be made on the grounds of denitrification efficiency
and treated water quality. For instance, drinking water treatments benefit from the
use of pure compounds such as alcohols or organic acids, because there are likely to
be a smaller variety of OC metabolites in the treated water and the denitrification
process is considered ‘cleaner.” Comparatively, WWITPs can operate denitrification
reactors using wastewater containing an array of different organics, because the
potential metabolites are of less importance in the treated effluent, compared to
drinking water. In drinking water applications, the use of simple organic substrates
facilitates control over the reaction stoichiometry. Examples of substrates previously
examined for drinking water denitrification are: methanol, ethanol, glucose, sucrose,
acetate and acetic acid (Mateju et al, 1992; Her and Huang, 1995; Gomez et dl.,
2000). In some EU countries, choice of substrate may be limited by legislation, for
example in France, only ethanol and acetic acid are authorised for use in biological

denitrification for drinking water.

The type of substrate used affects the overall efficiency of the denitrification reaction,
with some substrates linked to sustained NO2 production in place of complete
denitrification to N2, Stief {2001) observed that NOz accumulation was associated
with the differentfial biodegradability of the substrate, and found that glucose
experienced significant NO2- accumulation compared to methanol. Simple sugars
such as glucose and sucrose have commonly been associated with NOz
accumulation compared fo the alternative substrates for drinking water
denitrification; alcohols and organic acids (Blaszczyk et al., 1980; Mercado, 1988;
Mosheni-Bandpi ef al., 1999; Gomez, et al., 2000). This has been attributed to the
relative ease with which alcohols and organic acids may be metabolised, compared
to glucose and sucrose and additionally the availability of the substrate for
fermentation reactions. In this regard, fermentable substrafes such as glucose and
sucrose may be utilised in fermentative processes, creating competition for electrons
between respiring bacteria (denitrifiers) and fermentative bacteria. Furthermore, the
presence of fermentable substrates such as glucose and glycerol has been linked to
the establishnment of DNRA as the predominant pathway in a denifrification system

(Akunna et al., 1993).

The type of substrate used may also influence the potential for biofouling to occur in

the denitrification environment. Inherently, all denitrification systems may become
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fouled as the necessary enhancement of the biomass to achieve a sufficient level of
metabolism will also result in biomass proliferation. Biofouling has been reported in
engineered denitrification applications using ethanol (Hamon and Fustec, 1991;
Abdelouas et al., 1999), formate (Smith et al., 2001) and sucrose (Gomez et al., 2000):
whilst applications using acetate and acetic acid have fewer incidences reported in
the literature (although this may be due to a shortage of reported trials with acetate

and acetic acid overall).

Finally, the microbial community structure of the OC-enhanced biomass has also
been related to substrate. Gomez et al. (2000) reported higher ratios of denitrifying
bacteria to non-denitrifying bacteria in denitrification reactors fed with sucrose,
compared to methanol and ethanol. This supported earlier work by Blaszczyk et al.
(1980). who found that the proportion of denitrifiers in batch cultures with NOs- was
100 % with ethanol, compared to 42 % with acetic acid and only 5 % with glucose.
Inferestingly, cultures fed with methanol, often cited as the most superior substrate for
denitrification, only yielded a denitrifier population of 36 %. Isolates from these
cultures (inoculated from a single batch of wastewater) revealed that the denitrifying
community in the efthanol culture was composed of two denitrifying species,
compared to four species in the acetic acid culture whilst the glucose culture
contained only a single denitrifying species. The influence of substrate on bacterial
species selection and consequently denitrification activity has been frequently noted
(Dodd and Bone, 1975; Wilderer et al., 1987; Fourmentraux-Chevron et al., 1998;
Gomez ef al., 2000). Several authors specifically relate the predominance of
fermentative conditions with the selection of bacterial species capable of NOs
respiration (NOs reduction to NOz) at the expense of true denitrifiers, i.e. those
capable of NOs reduction to N2 (Wilderer et al., 1987; Devlin et al., 2000).

1.5.3 Microbial Community

Engineered biological denitrification processes may utilise naturally occurring.
environmental strains, or may be inoculated with specific cultured strains of bacteria,
for example. Once initiated, denitrification is a relatively stable process; however, this
depends on the development of a balanced denitrifying microbial community
(Baumann et al., 1997). The environmental conditions during ‘start up’ of
denitrification are crucial to the development of stable denitrification conditions, but
nonetheless, shifts in the bacterial population may occur over extended periods of
time.  Although community structure appears to stabilise under steady-state
conditions, it remains continually responsive to aberrations in the environment; for
example, seemingly established communities were found to alter in response to
changes in C/N ratio after 40 days (Martienssen and Schops, 1997). When an
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‘unbalanced’ community develops, it typically results in NO» accumulation and
diminishing denitrifying capacity.  Microbial community structure fhus exerts a
significant influence over the metabolic function, where population selection
mechanisms operate in response to the microbial environment. Species best
adapted to the specific conditions of the environment will effectively out-compete
less efficient species, although the biocommunity as a whole remains dynamic. In
addition to competitive inhibition processes, the microbial community structure will be
influenced by other environmental conditions such as oxygen concentration and pH

(e.g. Cavigelli and Robertson, 2000).

1.54 pH

The pH of a bacterial environment affects most biological processes, particularly in
sub-surface environs (Ellis ef al.,, 1998; Simek et al., 2002). The preferred pH of the
majority of heterotrophic soil microbes ranges from pH 5.5 to pH 8.0; pH outside of this
range may affect the microbe’s ability to metabolise C compounds and
contaminants (Rust ef al., 2000). Indeed, neufral to slightly alkaline conditions are
reportedly optimal for denitrification; between pH 7.0 and 8.0 for most denitrifying
strains (Daum and Schenk, 1998; Glass and Silverstein, 1998). However, the
relafionship between pH and denitrification activity remains uncertain, particularly
with regards to the mechanism by which pH influences denitrification (e.g. Almeida,
et al., 1995; Simek, 2002).

Speculatively, acidic-tending pH appears to slow denitrification activity overall, and
diminish the size of the denitrifying population. In particular, N2O-reductase activity
appears to be repressed in more acidic environments, as exhibited by an increased
N20/N2 rafio in gaseous emissions from denitrifying communities (Daum and Schenk,
1998; Eliis et al., 1998; Simek ef al., 2002). Alternatively, increasingly alkaline conditions
are associated with greater NO>» accumulation, although it appears that this is
mutually dependent on the presence of NOz, where increased pH coincides with
increased competitive inhibition of NO2> reductase by NOs (Almeida et al., 1995;
Glass and Silverstein, 1998; Jianping ef al., 2003). However, it has recently been
suggested that the response of denitrifying cultures to pH depends largely on the
previous culture/exposure history of the community. Simek et al. {2002} indicated that
a denitrifying soil community exhibited maximum denitrification capacity at the
native pH, and sudden pH increase or decrease retarded denitrification activity., The
authors concluded that there is no simple relationship between pH and
denitrification, and that longer incubation/experimental duration would result in the
acclimation of the biocommunity to pH conditions (Simek et al., 2002). This supported

the earlier suggestions of Eliis et al. {1998), who proposed that in soil communities,
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antecedent soil regimes could influence the pH affect on denitrification. The
mechanism by which pH influences denitrification activity is also ambiguous. although
it is acknowledged that the effect is likely to be on denitrifying enzyme activity
(Almeida ef al., 1995; Ellis et al., 1998; Jianping ef al,. 2003).

Therefore, it is imperative that pH in engineered denitrification systems is monitored,
thus allowing the use of buffers to maintain neutral pH where necessary, avoiding
production of reaction intermediates: NO2- and N20. In situ bioremediation schemes
often require an exiraneous buffer, as microbial degradation activity results either in
increased acidity, where CO: is evolved or increased alkalinity, where hydroxyl ions
are evolved. However, in some instances, the aguifer maitrix itself may act as a
buffer, depending on the dissolution equilibrium of the rock minerals; for example
calcareous rocks dissolve under increasingly acidic conditions, thereby releasing
calcite and buffering the pH increase (Dahab, 1993). Alterations to aquifer pH are

considered further in Section 1.7.3.

1.5.5 Nutrient Supply

In addition to the use of exiraneous buffers, it may be necessary to supplement the
water undergoing treatment with nutrients to support optimum microbial growth and
denitrification activity. D’Angelo and Reddy ({1999) demonstrated that nutrient
availability s usudlly correlated with microbial respiration rate. In this respect,
groundwater treatments may require additional nutrient supplies whilst surface and
wastewaters are more likely to contain sufficient nutrients. For instance, denitrification
experiments using chalk groundwaters found that micronutrients were lacking in the
aguifer and amendment of the natural groundwater significantly improved
heterotrophic denitrification in reactors using chalk from the aquifer (Fourmentraux-
Chevron ef al., 1998. In this example, P, NHs and various metals: Cu, Co, Mo and Fe,
were required to support bacterial growth. Some of these metals are essential co-
factors in denitrifying enzymes. Phosphate or phosphoric acid is commonly added in
conjunction with the OC amendment to supply the necessary P requirement for
bacterial growth (Mercado et al., 1988; Abdelouas, 1999). Cartmell (1997) defined a

generdal list of elements necessary to support bacterial growth:

¢ H,P,NandS$ as magjor elements

+ K, Na, Mg, Ca and Fe as minor elements

e Mn, In, Cu, Co, and Mo as frace elements
However, it may not be necessary to amend the raw groundwater with synthetic
nutrients for denitrification treatments in sifu. For example, there are many examples

of natural denitrification in aquifers (e.g. Korom, 1992) where only OC is a limiting
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factor, and therefore, it is assumed that the trace elements and nutrients required for

bacterial growth must be available from the groundwater or aquifer minerals.

1.5.6 Temperature

Temperature can be an important paramefer in managing engineered heterotrophic
denitrification.  The issue of ‘'low temperature’ denitrification is of considerable
economical impact in northern climates, where low temperatures {in the 0-10 °C
range] prevail in surface and wastewaters for up to nine months of the year and
groundwater is perpetually at a low temperature. Temperature influences the rate of
bacterial growth and metabolism, therefore can affect the volume and rate of
denifrification. Dawson and Murphy (1972) demonstrated that raising temperature
exponentially increased the denitrification rate over their experimental range of 5-27

oC. This exponential relationship is quantified by the Arrhenius equation:

d(nk)/dT = ERT (e.g. Mefcalf and Eddy, 2003)
Where: k& = reactionrate constant
T = temperature (K)
E = aconstant characteristic of the reaction (e.g. activation energy)
R = ideal gas constant (8.314 J/moalK])

When biological reactions in water-treatment processes are modelled, the effect of
temperature is commonly expressed as a ratio between reaction rate constants, for

example, as defined by Chapra (1997):

k(T)/k(T) = T

Where @represents the temperature activity coefficient and the cenfigrade scale is
used for temperature. The temperature activity coefficient essentially describes the
sensitivity of a reaction to temperature change; temperature coefficients for

denitrifying bacteria are reported in the range: 1.06-1.08 (Takai et al., 1997).

In practical terms, the effects of low temperatures on denitrification activity is relevant
tc UK groundwater (where a representative femp. = 10 °C} and decreasing
temperature (e.g. <15 °C} appears to lengthen the 'start up' time to denitrification
and reduce the amount of denitrification overall {e.g. Dawson and Murphy, 1972). In
addition, the influence of temperature on denitrification rate may be relatively
exaggerated outside of the ‘optimal’ range for bacterial activity of 25-35 oC (Metcalf

and Eddy, 2003). For example, Jianping et al. (2003) ncted that denitrification activity
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was largely unaffected by temperature increases within the range 20-35 °C, however,
their experimental data revealed significantly less activity at 15 oC and 40 oC. It is
thought that high temperatures may denature the protein structures of the enzymes
whilst low temperatures may inhibit enzyme activity, slowing metabolism overall. The
affects of temperature may be ameliorated in certain types of biocommunity, such
as biofims, where the structure of the extra cellular polymers encapsulating and

binding the biofilm may have protective, insulating properties (Jianping et al., 2003).

Although denitrification rate is slowed in the low temperature range, it is not inhibited
altogether. Indeed, the relative sensitivity of biodenitrification fo low temperatures
has been described as ‘weak’ (Cao et al., 2002; Welander and Mattiasson, 2003) and
there are several examples of groundwater denitrification in the 10-15 oC
temperature range (Janda ef al., 1988; Hamon and Fustec, 1991; Bates and Spalding,
1998). Indeed, denitrification processes are stable in this temperature range over

relatively long periods of time (Welander and Mattiasson, 2003).

The efficiency of denitrification is determined by the incumbent microbial community,
which is in turn influenced by environmental conditions as described. For
heterotrophic biological denitrification to be applied as an alternative NOz removal
method to ion exchange, it must produce water of a high quality to comply with
stringent drinking water regulations. The first approach adopted to engineer
biological denitrification for drinking water, was the adaptation of conventional

wastewater treatment processes.

1.6 BIOLOGICAL DENITRIFICATION REACTORS: PUMP AND TREAT APPLICATION

Bioreactors have been used for the freatment of wastewater for more than 100 years
(Langwaldt and Puhakka, 2000). Wastewater treafment plants commonly have
integrated nitrification and denitrification processes for complete N removal, where a
single reactor may be exposed to alternating nitrification and denitrification phases,
or separate nitrifying/denitrifying reactors are coupled together. Various designs of
bioreactor are used in WWIPs, depending on economic and practical criteria such as
location, type of wastewater and degree of N removal required. Reactors may vary
according to: flow characteristics, carbon source/supply method, the nature of the
microbial community and the method by which the wastewater requiring treatment
is brought into contact with the microbial community. The principles of wastewater
treatment have been applied in groundwater clean up to remove NOs and other
compounds, particularly organic contaminants arising from industrial pollution. For

example, biological reactors may be brought to a contaminated site, the polluted
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groundwater pumped from the aquifer and treated in the bioreactor before being
discharged back to the aquifer. This ‘pump and treat’ approach may additionally
used to treat groundwater intended for potable supply. Pump and treat reactors are
desighed according fo the nature of the contamination, fulfiling technical,
environmental and economic requirements. Factors particular to groundwater

remediation include:

o+ Comparatively low contaminant concentration at outset, which may present
problems for biomass accumulation, resulting in arelatively long start up phase;

» High remediation yield requirement, in order to meet regulatory water qudality
standards;

s Varying environmental conditions, which treatment processes must be able fo
accommodate;

= The remediation time scales typically last @ number of years, thus the treatment
facility must be amenable to long term operation. The remediation process must
therefore be environmentally sustainable and operationally durable, whilst

remaining economically sound over the long term.

A summary of aerobic reactor designs that can be adapted for groundwater
treatment is given in Table 1.2. For drinking water denitrification, many different
reactor processes have been proposed, but processes involving a fixed biofilm, such

as fluidised-bed, packed-bed and bicfilters are common (Mateju et al., 1992).

The pump and treat approach to drinking water denitrification has been pioneered in
Europe, and particularly in France and Germany. In 1983, two different types of
commercial processing facility; BIODENIT and NITRAZUR were opened in France. The
BIODENIT process consists of four, fixed-bed denitrification reactors and four post-
denitrification units. Contaminated groundwater is denitrified in reactors fed with
ethanol and phosphate, based on sand filter principles; water flows downwards
through a clayey medium under a slight pressure. The denitrified water is polished
using aeration, a sand and activated carbon filter to remove solids and organics and
finally disinfected using ozonation and chlorination (Green and Shelef, 1994). In the
NITRAZUR process, contaminated groundwater is passed through an up-flow reactor
filled with a granular biomass carrier (BIOLITE). Similarly fo the BIODENIT process,
ethanol is used as the OC substrate and phosphate s added. Post-treatments
included aeration, filfration through granular activated carbon (GAC) and
chlorination. Nitrite accumulation problems were not observed, although biofouling

was observed in the BIODENIT plant. This was resolved through the introduction of a
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backwashing cycle, typically carried out for 1 hour following 48 hours of denitrification
(Green and Shelef, 1994]).

Table 1.2: Summary of aerobic bioreactor designs that can be applied to pump and treat

groundwater freatment {Langwaldt and Puhakka, 2000}

REACTOR DESIGN

OPERATIONAL SUMMARY

Trickling Filter -
supported bacterial
growth

The bacteria are grown on a matrix formed by the support material (e.g. plastic,
rock, pumice), Water is allowed to trickle through from the top of the filter to the
bottom (under gravimetric force). The filter is aerated from the bottom by an air
blower or ambient air. This type of bioreactor has been used in full scale

operations but is not commonly reported in scientific literature.

Rotating Biological
Contactor -
supported bacterial

growth

Bacterial cells grow on the surface of rotating disks, which are partially immersed
in water and partially in contact with the atmosphere. When the discs are
rotated, the bacteria are alternately brought into contact with the water to be
treated and the air. This type of bioreactor is not commonly used in the case of

groundwater freatment.

Upflow Fixed-Fim
Reactor -
supported bacterial
growth

As with the frickling filter, the bacteria are grown on an inert support material,
which forms a matrix within the bioreactor. The water being treated is pumped
upwards through the matrix; if aerobic conditions are necessary then oxygen is
provided by air sparging. This treatment in particular is widely used for the
cleanup of contaminated groundwater; it has been successfully implemented at

bench, pilot and full scale.

Fluidized-Bed
Reactor -
supported bacterial

growth

In this type of bioreactor, the biomass is grown on a granular support material,
which is held in a fluidized bed. The influent contaminated groundwater is diluted
with re-circulation water and passed through the bed at a high re-circulation rate.
Aeration may be added to the influent line. The advantage of this scheme is that
high biomass concentrations may be achieved. Aerobic freatments are
successfully used for groundwater cleanup but ancerobic treatments have

currently only been used at bench scale.

Activated Sludge
Process -
bacteria grown in

suspension

The essential component of this process is an aeration basin where the activated
sludge may mix with the contaminated water and air is injected into the basin. In
addition, there is a settling tank where sludge is separated from the effluents and

recycled back into the aeration basin, leaving the treated water to be removed.

Upflow Anaerobic
Sludge Blanket
Reactor -
bacteria grown in

suspension

Upflow anacerobic sludge blanket reactors are similar to the activated sludge
process. Suspended granular biomass degrades contaminants by production of
methane and carbon dioxide. These reactors require elevated femperatures (> 28

°C) and high organic carbon concentration.

Presently, the BIODENIT and NITRAZUR processes are economically feasible and have

demonstrated good long-term operational stakility. The excellent results at full scale

have propagated the application of both processes throughout France (Mateju et

al., 1992). In Germany, the DENIPOR process has also been in operation since the

1980s. Denitrification is carmied out in a fixed-bed filter, packed with buoyant carriers

and supplied with ethanol and phosphate. The denitrified water is filtered through an
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aerated bed of anthracite and sand and subsequently chlorinated. The DENIPOR
process is also operating af full scale in plants throughout Germany (Green and
Shelef, 1994).

Heterotrophic biological denitrification in reactors of this nature represents one of the
most attractive drinking wafer treatments to date. High quality potable water may
be achieved with denitrification and post-treatments. Disadvantages include the
persistence of NOz, although this is an inherent risk to most denitrification processes,
potential biofouling, which causes pressure increase within the reactor and creates
preferential flow channels in the biclogical support matrix. Finally, biclogical reactor
denitrification requires continual maintenance of the reactor to control
environmental conditions such as femperature and pH and additionally to manage
the biomass and prevent biofouling. Investments in bioclogical denitrification reactors,
particularly with regard to the immobilisation/support of the microbial biomass,

continue to optimise the process.

However whilst the biological reactor process has been under development in the
last decade, an additional biological denitrification technology has evolved based
on the same principles, alternatively utilising the aquifer itself as a natural ‘bioreactor.’
In situ biological denitrification (ISBD) has not experienced the same level of attention
as biological reactor denitrification (Dahab, 1993) although the approach could offer

significant operational advantages.

1.7 IN SITU BIOLOGICAL DENITRIFICATION IN AQUIFERS

1.7.1 General Description

By the 1980s, pump-and-treat biological denitrification had become an established
NOs removal treatment for confaminated groundwater resources, however, the
economical implications of constructing and maintaining the necessary treatment
facilities proved prohibitive, particularly for small, rural communities (Hamon and
Fustec, 19921). As a less expensive alternative, the concept of using a portion of the
aquifer, adjacent to the abstraction well, as a natural bioreactor for denitrification

was proposed (Janda et al., 1988; Mercado et al., 1988).

Heterotrophic denitrification may occur naturdlly in soils, sediments, and wetlands
and has been widely studied in these environs (Hamon and Fustec, 1991; Dahab,
1993; Nutall et al., 1999). Natural denitrification has also been observed in aquifers,

but is poorly documented by comparison (Bates and Spalding, 1998; Korom, 1992).
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it is assumed that endogenous heterotrophic denitrification is extremely slow in
aquifers, owing to nutrient and OC limitation, and natural denitrification in aquifers is
thus regarded as insignificant (Mateju et al., 1992; Nutall et al., 1999; Devlin et al.,
2000). However, bacteria capable of denitrification are indigenous to most
groundwater environments and according to Korom (1992), the range of bacteria

that can inhabit aquifers is diverse and large populations may exist.

Under proposed ISBD schemes, an OC subsirate is injected into the aquifer via an
injection borehole adjacent to the abstraction well or using the abstraction well itself.
The OC stimulates growth of the indigenous bacterial community, resulting in
enhanced respiration rates. Once the DO in the aquifer has been consumed, NOx
will be consumed as the next preferred terminal electron acceptor and denitrification
can occur. Conceptudlly, a potential advantage of ISBD is the minimisation of post-
denitrification treatments (Mercado et al., 1988). The granular matrix of the aquifer
should exert some filtering action over the denitrified groundwater, retaining the
microbial biomass, and also adsorbing some of the soluble organics. Furthermore,
the groundwater could be re-oxygenated as it passes from the zone of denitrification
activity into the increasingly aerobic region of the abstraction well. The OC injection
would theoretically create a zone of biological activity in the immediate vicinity of
the injection borehole, as depicted in Figure 1.4. The mgjority of denitrification
activity should occur in the region closest to the injection borehole, and diminish with
increasing distance from the injection point, as the OC concentration decreases.
Pioneers of ISBD also proposed that residual organics and turbidity produced in the
denitrification zone should be further biodegraded, filtered or adsorbed by the
aquifer matrix, in a second zone, concenirically formed around the zone of
denitrification (Mercado et al., 1988). Finally, the denitrified water is denoted as a
third zone, which provides the potable resource (Figure 1.4). This zoned scheme forms
the basis of the various abstraction facilities engineered for ISBD (Mercado et al.,

1988).

1.7.2 ISBD Operational Schemes

In situ biological denitrification plants may be categorized into four operational
designs, which are based on the development of denitrification zones, as depicted in
Figure 1.4 and subsequent capture of the denitrified water via an abstraction well.
The common operational schemes are summarised in Table 1.3. In some ISBD
schemes, the abstraction well is operated intermittently, to allow denitrification to
proceed in a batch-lke process. Alterngtively, the groundwater flow induced by
pumping at the abstraction well can be used to maintain the boundaries of the

bioreactor in a flow-through process.
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Figure 1.4: Cross sectional schematic of ISBD carbon injection well, illustrating conceptual zones of

denitrification activity {adapted from Mercado et al., 1988)

Table 1.3: Operational schemes for ISBD (adapted from Mercado et al., 1988; Dahab, 1993)

ISBD
DESIGN

SUMMARY

Dual-
purpose

well

A single well is used alternately for recharge of aquifer with the OC amendment and pumping
of treated water. The system is operated intermittently, to allow time for the denitrification
reaction following recharge, before abstraction operation, after which, recharge may
continue, An extra well may be required to provide recharge water with which to mix the OC
amendment. Owing to the intermittent operation of individual dual- purpose wells, several
are necessary to permit continuous operation and to provide adequate yield of denitrified

water.

Horizontal
doublet

system

Two separate wells of the same depth are located 10-20 m apart. One well is used to inject
the OC, the other for abstraction of denitrified water. Supplementary wells are used to

provide polluted water with which to mix the OC amendment.

Vertical
doublet

system

This system is similar to the horizontal doublet design, except that the wells are driled to
different depths and the reaction zone is created in the vertical, rather than the horizontal
plane. The injection well is the shallower well and denitrified water is abstracted from the
deeper well. The wells are in close proximity to one another or may both be situated in a
single borehole of sufficiently large diameter. As with the horizontal doublet system, an extra

recharge well is required to provide mixing water for the OC substrate.

Daisy

system

A single abstraction well is encircled by several injection wells. Carbon is injected into the
aquifer and is diluted by the polluted groundwater as it flows towards the central abstraction
well (the OC may be mixed with recirculation water prior to injection). Denitrification activity
develops in plumes in the direction of flow - towards the abstraction well (see Figure 1.5).
Denitrification in this instance is largely governed by the number and spacing of the injection

wells and on the lateral dispersion of the substrate.
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Every scheme has various advantages and disadvantages; although empirical data
on the performance of each scheme is limited, the Daisy System has emerged as the
favourite approach. The Daisy System has lower projected costs, based on the
simplicity of design; faciliates mixing between denitrified and non-deniirified
groundwater at the abstraction well, allowing denitrified water to re-oxygenate; and
the denitrification efficiency can be maintained under various discharge rates,
without the need for changes to the number of injection boreholes (Mercado et al.,
1988). The Daisy scheme is designed to operate in a flow through manner and the
conceptual configuration of the denitrification plumes that develop are

characteristic of the petals of a daisy flower, as depicted in Figure 1.5,

Under the Daisy System design, the pumping of the abstraction well creates a circular
zone of flow from the aquifer into the abstraction well. Injection boreholes are
situated within the radius of the ‘zone of influence' of the abstraction well, so that the
OC amendment is injected info the flow path of the contaminated groundwater and
transported towards the abstraction well. The reaction zones defined in Figure 1.4
develop in the direction of flow, giving the overall system configuration a daisy-lke
pattern. The success of the system depends largely on the geometry of the OC
dispersion plumes and the mixing of OC with contaminated groundwater is critical
under this scheme, compared to the other plant designs, where a pulse of OC is
essentially passed between 2 adjacent points in the horizontal or vertical plane, or a

single well is used.

A summary of reported ISBD trials is given in Table 1.4; from the table, it is apparent
that little advance in field-scale ISBD has been made since the early examples of ISBD
in the late 1980s (Kruithof et al., 1985; Janda et al., 1988; Mercado ef al., 1988) and
more recent examples of ISBD in the late 1990s still report biofouling and NO-
problems (Khan and Spalding, 1998). The only well-documented application of full-
scale ISBD is the NITREDOX plant, which has been applied in at least one location in

Austria, as reported by Braester and Martinell (1988).

The NITREDOX system, based on the daisy design, was developed info a commercial
process by ‘Vyrmetoder AB.' It utilises two concentric rings of injection boreholes
around a central abstraction well; the OC is injected into the outer ring of the well,
creating a zone of denitrification, and the inner injection ring is used for air sparging
and release of gaseous products. The second 'oxygenation’ ring allows residual NOx
to be re-oxidised to NOs, the less harmful N-oxide, and N2 gas produced by
denitrification may be stripped off. In addition, any dissolved Fe or Mn ions may be

precipitated out as oxides at this stage, thereby removing them from the drinking
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water product. The injection of OC is operated in a cyclic pattern between adjacent
injection wells and incorporates a re-circulation element to dilute the subsirate.
NITREDOX plants have reportedly been used to reduce NOs concentrations of > 100
mg I'T to < 25 mg I, with NO2 concentrations < 0.02 mg I (Braester and Martinell,
1988). No incidence of biofouling or NO2 persistence were reported, although other
authors have observed that various water quality aspects pertinent to drinking water
supply, such as microbial quality, were not reported (Mateju ef al., 1992). Recent
information on NITREDOX plants could not be found and so it remains unclear
whether the plants continued to be successful over the long term. The only other full
scale ISBD for drinking water denitrification reported in the scientific literature is the

daisy system developed by Janda et al., (1988} in the Czech Republic.
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Figure 1.5: Conceptual zones of denitrification in a Daisy-scheme ISBD facllity: | = zone of
denitrification activity; | = zone of filtration; Il = NOs free zone (adapted from Mercado et al.,

1988)



Table 1.4: Summary of reported ISBD facilities published between 1988 and 2004 (Note

:‘ent’ = continuous, ‘recirc’ = recirculation)

Reference, Aquifer Carbon Operational Details Initial % NO2 Observations
treatment & type substrate NO: -N | reduced
locatlon injection injection abstraction mgl!
. regime boreholes rate
Kruithof et al. phreatic methanol ent. min of 3 - 19 30 -cnt. This method was found to remove NOg but NO2 accumulated. Also, clogging
(1985) & boreholes @ 50 - puised of aquifer was reported. Intermittent methanel dosing did not ameliorate
pulsed 10-25m radii clogging in this instance.
horizontal doublet
design,
Netherlands
Braester et al. sand & ethanol or cyclic 16 boreholes 5 MI/day 23 75 See section on NITREDOX method for further information,
(1988) gravel methanol pumping @ 18mradii
from
Daisy system, abstraction
Austria well
Mercado et al, hetero- sucrose pulsed 2 operational 1.2-1.4 Mli/day 14 10 Clogging was experienced in one of the wells, rendering it inoperable and low
(1988) genous boreholes @ denitrification yield was observed in the other borehole. Local clogging of
100m depth, substrate injection wells could be reduced by intermittent substrate injection.
Daisy system, 15-25m radii, Aquifer denitrification efficiency depended on hydrodynamic dispersion and
Israel rate = 0.048- local hydrogeological conditions. The authors recommended the use of maore
0.1 ML/day injection wells,
Jandaet al. (1988) | fine ethano! with | ent. ~ 4 boreholes @ | 0.5 Ml/day 25-27 20-30 no Intially, the trial was operated without the recirculation of groundwater. Under
gravel & 5% 17m depth recirc. this regime, inadequate mixing was demonstrated with very high carbon
Daisy system, sand methanol with and and 12-15m concentration in some parts, causing breakthrough, whilst in other parts,
Central Bohemia without radii 30.50 with groundwater was flowing through the system without exposure to carbon. The
recirc. recirc. change in operation to include the recirculation of some of the treated water
through the aquiferimproved overall efficiency. More boreholes were also
recommended to further improve efficiency.
Hamon & Fustec, shallow ethanol cnt. 15 boreholes 0.7 Mli/day 23 70 for both This was a successful field demonstration, lowering local NOs concentration to
(1991} alluvial & @ 25m radii cnt. & below the EC limit. Increasing no. of boreholes increased homogeneity of the
aquifer pulsed pulsed clean up. Clogging was limited by pulsing carbon supply {1 hour on/1 hour off),
Daisy system, of, when pumping was confinuous, using limiting carbon concentration).
France Recirculation of some of treated water also ameligrated clogging risks.
Khan & Spalding, sand & ethanol cnt. 8 boreholes @ | 6 Ml/day 40 35-cnt. This operation proved successful at pilot scale. The continuous regime gave
(1998} gravel & 12m depth higher denitrification efficiency than the pulse regime, but it also led to complete
pulsed and 12m radi, 90-100 - biofouling after 10 days. This could perhaps have been prevented by
Daisy system, rate = 0.065 pulsed recirculation of freated water through the system to dilute the high NOs water.
uUs Mi/day This system also used an inner oxidation ring @ ém radius {presumably to oxidise
any residual NOz).
Chevronet al. chalk ethanol - clusters of 3 - 226- 80 Natural in-situ denitrification was evident prior to remediation in this instance, but
{1998) boreholes. 565 was carbon limited. The pulse injection regime used depended on the fissuring
boreholes 3m of the chalk. Denitrification was achieved in long term
line of injection apart operation (450 days). Improvements to the system could have reduced this time
boreholes, period. Rates of denitrification were achieved when trace metals were supplied
France in conjunction with the carbon substrate.
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Mateju et al. (1992) reported that this plant had been successfully operating for more
than three years with no recorded incidents of biofouling or NOz persistence,
although the microbial counts were very close to the maximum permissible. Again,

updated information on the Czech ISBD plant is scarce in the literature.

The first wave of ISBD ftrials, including Janda et al. (1988); Mercado et al. (1988) and
Hamon and Fustec (1991) provided encouraging results for ISBD, however, the
process was not sufficiently optimised or manageable to be applied on a wider scale.
Indeed, the most recent guidelines for ISBD in the US, published in 2002 for aquifer
remediation, continue to cite biofouling as a problem (ITRC, 2002). In their review of
biological denitrification, Mateju et al. (1992) concluded that ISBD application was
problematic and that solutions were difficult to find, owing fo the low level of control
over essential denitrification parameters under aquifer conditions. Optimisation of the
ISBD process requires an understanding of how the critical parameters of
denitrification, as defined in Section 1.5, influence denitrification in the aquifer
environment. It is understood that biological denitrification in aquifers is additionally
affected by the hydrology and geology specific to the ISBD site, therefore, detailed
investigation of the immediate site hydrogeology is necessary (e.g. Mateju et al.,
1992). However, a more general understanding of the interactions between the
geochemistry of the aquifer and the microbial community under OC enhancement is

also necessary.

1.7.3 Aquifer Biogeochemisiry

Denitrification can be described as a microbially mediated redox reaction whereby
NOzs is degraded to N2, and acits as a TEA, as previously reviewed in Section 1.4.
There are a number of TEAs that may be used in microbial respiration; Oz, NOz, Mn#t,
Fe* and SO42- {e.g. Smith, 2002). From a microbial perspective, the terminal electron
accepting process (TEAP) which produces the highest amount of energy for the
organism is used preferentially and so, assuming that the TEAs are present in equal
amounts, the order in which they wil be consumed follows a thermodynamic

hierarchy, as described in Table 1.5.

In aquifer environs, the TEAs may be present in various concenirations according to
the geological composition and hydrology. Dissolved Oz and NOs typically enter
aquifers during recharge events; Fe and Mn are present in rock minerals such as
oxides/hydroxides, carbonates and sulphides; and sulphate occurs in inland
groundwaters via mineral dissolution or as a result of seawater intrusion in coastal

aquifers (Smith, 2002). The CO2 (or HCOz) produced as a result of these microbial
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processes may be further used as an electron acceptor itself, during the process of

methanogenesis.

In aquifers, the thermodynamic ordering of these TEAPs induces a spatial gradient of
microbial oxidation-reduction activity that develops in the direction of groundwater
flow {Smith, 2002). A succession of TEAPs occurs as the more energetically favourable
TEA species become depleted, illustrated in Figure 1.6. The redox {Eh) of the aquifer
becomes progressively more reducing with the succession towards methanogenesis,

also in the direction of flow.

Table 1.5: Hierarchy of terminal electron accepting processes following aerobic respiration
(adapted from Chapelle, 2001)

Process Oxidation/Reduction Reaction Potential Standard Free-
Energy (kj per mole of H)
Denitrification 2NOs3 + 5Ha + 2H* —» N2 + 6H0 224
Mn {IV) reduction MnOz + Hz —» Mn(OH)2 163
Fe (Ill) reduction 2 Fe(OH)a — 2 Fe(OH)2+ 2H20 50
Sulphate SO4Z + 4H20 + H*— HS- + 4H0 38
reduction
Methanogenesis HCOs + 4H2 + H* » CH4 + 3H20 34

Groundwater Eh may therefore provide a qudlitative indication of the antecedent
TEAPs, and the metabolic capacity of the aquifer (Smith, 2002). However, whilst the
distribution of TEAPs is largely determined by microbial activity, it is also significantly
influenced by aquifer geochemistry and hydrological flow/transport processes
{Ludvigsen et al., 1998; Smith, 2002). Severdl studies have found that more than one
TEAP may occur simultaneously in leachate plumes, for example, depending on the
availability of TEA species and the heterogeneity of the aquifer, which may harbour
locdlised zones of differing redox potential. Nonetheless, it appears that each TEAP
zone is dominated by one process (Ludvigsen et al., 1998; Groffman and Crossey,
1999).

Microbially mediated degradation of OC therefore has a significant effect on the
geochemical fransformations in the aquifer including: depletion of TEAs Oz, NO3s SO42;
reductive dissolution of iron and manganese (hydr)joxides; precipitation of carbonate
and sulphide minerals and changes to alkalinity and pH. The various biogeochemical
processes are interrelated, with one process initiating another and so on. The
infroduction of an extraneous OC substrate into a relatively pristine aquifer
environment therefore has consequences for the overall ecology of the aquifer,

potentially changing the characteristics of the aquifer imeversibly (Dahab, 1993). In
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Mn from the poorly crystalline mineral Fe3* and Mn# forms, to the soluble Fe2* and
Mn?* species, increases the concentration of these ions in groundwater. As a result,
the concentration of Fe2* and Mn2*in abstracted water may rise, impairing the quality
and potentially tainting the taste and odour of the water (e.g. Coates and
Achenbach, 2002}.

A more serious problem involving mobilised Fe?* is the re-oxidisation to Fe¥* in the
more aerobic zone of the ISBD abstraction well. Ferric ion (Fe3*) forms (hydr)oxides
and precipi’ro’rés out of solution, with deleterious operational consequences. The
development of solid Fe minerals at abstraction facilities is a commonly observed
phenomenon, causing the casing of the abstraction well to become clogged so that
it may no longer draw groundwater from the aquifer. Furthermore, the water quality
becomes impaired and corrosion problems may arise in the distribution network
(Coates and Achenbach, 2002). Indeed, ferrous iron (Fe?*} is one of the most
common problems for water abstraction facilities globally, and remediation of iron-
fouled wells is a major industry (McLaughlan, 1996; Coates and Achenbach, 2002).
The volume of biogenic Fe?* mobilised in the groundwater is relatively small, however,
and a greater portion is retained in solid form. For example, forming carbonate,
sulphide or silicaceous minerals: siderite (FeCQa), pyrite (FeSz), biotite ([(Mg, Fe2*)s
(SisAl}O10(OH)2]K); or bonding to the surface of crystalline Fe3+ oxide minerals (Coates
and Achenbach, 2002). Similarly, the reduced Mn2+ ion may be retained in the solid
phase of the aquifer by adsorbing to other minerals or forming oxides (e.g. MnzOa4} or
carbonates (e.g. MNnCQOs) (Gounot, 1994).

The dissolution and precipitation of minerals in the ISBD reaction zone is also related to
the pH, as well as the Eh of the environment (MclLaughlan, 1996}. Ordinarily,
groundwater pH is expected to be in the circum-neutral range necessary for optimal
denitrification activity, as discussed in Section 1.5.4. Changes in pH occur as a result
of microbial activity; denitrification is commonly associated with increasing alkalinity
(pH). as bicarbonate (HCO3) or hydroxide (OH} may be reaction products (Korom,
1992: ITRC, 2002). As a general observation, mineral phases of Fe and Mn tend to be
insoluble under alkaline conditions {e.g. Stumm and Morgan, 1981}). In order to
maintain the pH at natural aquifer conditions, a phosphate buffer may be added in
combination with the OC injection during bioremediation (Rust et al., 2000), however,
many authors report that the natural buffering capacity of the aquifer rock is
sufficient to compensate for changes in pH (Dahab, 1993; ITRC, 2002). Furthermore,
Nutall et al. {1999) reported that aquifer pH returned to pre-denitrification conditions

following a single well ISBD frial.



43

Clearly, an important aim of ISBD would be to minimise the inherent disruption of the
aquifer’s biogeochemical ecology caused by the OC injection, whilst still being able
to facilitate denitrification.  Ultimately, undesirable changes in the chemical
equilibrium of the aquifer will impinge on the quality of the denitrified water

abstracted from the ISBD plant.

1.8.2 Water Quality

As potable water, groundwater is conventionally regarded as a relatively clean
resource, compared to surface water sources. The high quality of groundwater
historically has meant that very few, if any post-abstraction treatments were
necessary. Biological denitrification improves the quality of the water with regards to
NOs contamination, but can impair the bacterial and chemical quality of the water.
Denitrified water may have low Oz content, depending on the amount of Oz diffusion
in the zone nearest the abstraction well and the presence of residual OC from the
substrate injection. Dissolved Mn and H2S have also been observed at the
abstraction well, as has OC residuals, Most authors therefore advocate the use of
filiration and aeration as post-treatments (Mercado et al., 1988; Hamon and Fustec,
1991, Dahab, 1993). Disinfection, however, is the most common requirement for
groundwater treated by ISBD, as high counts of bacterial cells are frequently reported
(e.g. Dahab, 1993).

1.8.3 Microbial Biofouling

Microbial cells adhere to any submerged surface in a natural aquatic environment,
initially associating with the surface via weak forces of attraction before cementing
more tenaciously to the surface with the aid of extracellular polymeric substances
(EPS) that extend from the cell. As more cells accumulate and extrude EPS, the fibres
lend structure to the assemblage, and a biofim is formed. Additionally, suspended
solids become trapped in the EPS and contribute to the biofilm structure (Characklis
and Cooksey, 1983). Biofilms are spatially and temporally heterogeneous structures
and the ecology of biofilms is complex. The volume of a biofim depends principally
on the rate of bacterial growth and product formation, relative to decay processes
such as cell death and biofilm detachment. In turn, these processes are influenced
by environmental conditions such as fluid dynamics and nutrient availability. Biofilms
are harnessed for several useful water treatment processes, including denitrification in
pump-and-treat reactors. The term ‘biofouling’ is used to describe the undesired
formation of biofims or the overgrowth of beneficial biofims (Characklis and
Cooksey, 1983). Bioflm morphology in porous media, such as aquifer matrices and
various water treatment reactors is considerably different to the formation of biofilms

on flat surfaces and is poorly understood in comparison (Paulsen ef al., 1997). On flat



44

surfaces, biomass essentially forms a continuous film, which may increase in thickness,
depending on nutrient loading and diffusivity in the biofim and fluid dynamics such
as turbulence. In confrast, biofilm development in porous media is thought to be
more web-like in strucfure, maintaining a large surface area and minimal depth
(Paulsen ef al., 1997). However, generalisations should be avoided, as several
contrasting reports of biofilm formation in porous media have been made. Some
authors have observed continuous biofilm formations, similar to more ‘classical’
biofilm morphology. whilst others described the formation of biofilm aggregates in
pore throats, lending a discontinuous, ‘patchy’ formation overall (Rittman, 1993).
Again, the factors influencing these distinct types of morphology are detailed and
complex, including: nufrient loading. size of constituent particles within the porous
medium and fluid conditions (Rittmann, 1993). In aquifers, it is proposed that biofim
distribution and morphology will be similar to that observed in drinking water
treatment biofilters, because the particle size and nutrient loading of the porous
media is similar, compared to wastewater treatment biofilters, where the medium size

is larger and the substrate loading is much higher (Rittmann, 1993).

In aquifers, clogging of the porous matrix is attributed to the proliferation of biomass
and consequently, accumulation of suspended solids trapped in the EPS, binding of
gas bubbles in the EPS and accumulation of clay within the EPS {Rinck-Pfeiffer et al.,
2000). In the first wave of ISBD field trials in the 1990's, clogging severely hampered
operation in most examples, even though the applications were for drinking water
purposes, where it can be assumed that the nutrient load was comparatively low
(e.g. Mercado et al., 1988; Hamon and Fustec, 1991; Dahab, 1993; Abdelouas et d!,,
1999). Although a common problem, biofouling is scarcely researched and
predictive mathematical/computer models generally fail to account for the
interaction between the biological phase and physical and chemical contributors,
such as filtering action and dissolution/precipitation of minerals. Moreover, laboratory
studies using actual materials taken from the aquifer, rather than synthetic porous

media and water, are rare (Baveye et al., 1998; Rinck-Pfeiffer et al., 2000).

In terms of biological clogging, the thickness/density of the biofilm growth is thought
to be related to physical factors such as sheer stress and turbulence in the fluid phase
{Characklis and Cooksey, 1983; Alves et al., 2002), although the proliferation of cells
and production of EPS is ullimately caused by the nutrient supply {e.g. Acuna et dl.,
2002). The production of EPS is critical in aquifer biofouling, as the fibrous web formed
may occupy a volume many times greater than the bacterial cells themselves
{Thompkins et al., 2001). However, increased EPS production is not simply a function

of increased cell number, but is also influenced by other factors such as the growth
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phase of the cell and nuirient availability. For example, more EPS may be produced
during the log phase of cell growth than by stationary phase cells, and C-limitation
may retard EPS formation whilst N-limitation typically promotes EPS synthesis
(Characklis and Cooksey, 1983). Furthermore, EPS production does not necessarily
contribute to clogging, since EPS exfruded from bacterial cells can take on different
forms; closely associated capsules that surround the cell, or loosely associated ‘slimes’
that may extend away from the cell. Vandevivere and Baveye (1992) observed that
in saturated porous media inoculated with different variants of an environmental
bacteria, non-mucoid sfrains did not produce any detectable EPS, capsule-
producing strains had little effect on the hydraulic conductivity {(analogous to
clogging) whilst sime-producing strains had a large impact on hydraulic conductivity.
In this case, the reduction in hydraulic conductivity was tentatively attributed to the

obstruction of flow channels with sime {Vandevivere and Baveye, 1992).

The restriction of flow channels by increasing biofim volume is the mechanism by
which aquifers may become clogged. Decreased cross sectional area of pores and,
to a lesser extent, increased frictional resistance of the rough biofilm surface
contribute to reduce the permeability of the porous media and hence, reduce the
hydraulic conductivity (Rittmann, 1993; Baveye et al., 1998). Under low substrate
loading conditions (e.g. aquifers), where biofim formation is thought to be
discontinuous, detachment proceéses play a large role in dispersing the biofim,
where the biofilm aggregates can be transported and deposited at a different pore
throat (Rittmann, 1993). The patchy biofims that develop in relatively homogenous
media such as sandstone offect the flow distribution throughout the mairix by
diverting flow from areas of initially high permeability to areas of initially low
pemeability (Paulsen et al., 1997). When the porous medium becomes completely
clogged, hydraulic conductivity becomes degraded until flow ceases. In ISBD
applications, clogging events almost universally occur in the region adjacent to the
nutrient injection point, where biomass proliferation is greatest and clogging may be
exacerbated by physical phenomena such as filtering of suspended solids. To a
lesser extent, clogging may dlso occur at the discharge point, although this is more
likely to be caused by chemical dissolution/precipitation of minerals (Dahab, 1993;
Rinck-Pfeiffer et al., 2000) {refer also to Section 1.8.1 on well fouling).

To combat biological fouling at nutrient injection wells, a commonly adopted
strategy is the intermittent injection of organic substrate in combination with recycled
water from the abstraction well (e.g. 10 % of total discharged volume) (e.g. Mercado
et al., 1988; Baveye et al., 1998). This strategy promotes increased distribution of the
organic substrate into the aquifer matrix. As a result, less substrate is consumed in the

vicinity of the injection borehole and the biomass is less concentrated. The increased
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travel of the substrate front into the aquifer matrix facilitates an increased biologically
active zone and can promote higher contaminant degradation rates (Peyton, 1996).
However, it is not clear whether substrate pulsing prevents clogging from occurring
completely, the implication being that hydraulic conductivity may still be severely
reduced at a point further away from the injection well (Baveye et al., 1998}, Indeed,
Hamon and Fustec (19921) had to terminate ISBD trials under comparatively low
nutrient loading, owing to aquifer clogging, even under intermittent substrate
injection. Alternatively, various biocides have been employed to temporarily relieve
clogging. in soils and sediments including chemical treatments such as hydrogen
peroxide, chlorine, sodium hypochlorite and various acids (Baveye et al., 1998),
although such treatments would clearly have to be compatible with drinking water
requirements (Hamon and Fustec, 1921}, In some instances biofilm sloughing, defined
as the random detachment of a large section of biofim (Characklis and Cooksey,
1983}, has been observed to reverse decreasing trends in hydraulic conductivity.
Biofilm sloughing is poorly understood, but has been attributed to a number of factors
including: increased sheer stress acting on the biofim in the reduced pore volume;
forces exerted by gaseous N2 bubbles in denitrifying biofilms; accumulation of toxic
metabolites; decomposition of biomass that weakens the adhesive forces in sessile
colonies; shifts in microbial flora. However, as previously described, biomass sloughing
may equally decrease permeability by drifting to an altemative location and re-

establishing (Baveye et al., 1998].

Biofouling is therefore, a complex and dynamic phenomenon, which is mutually
dependent on biological, physical and chemical clogging elements. Al present,
biological clogging cannot be reliably predicted in a given situation (Baveye et al.,
1998}, and proposed strategies for minimisation and amelioration are not completely
guaranteed. Biofouling may severely compromise bioremediation schemes including

ISBD., and is a subject for contfinued research.

1.9 DEVELOPMENTS IN ISBD

Field trials in the late 1980s to early 1990s (e.g. Janda et al., 1988; Mercado et al.,
1988, Hamon and Fustec, 1911; Dahab, 1993), revealed that ISBD had several
shortcomings, including presence of organic residues and bacterial cells in the
denitrified water and severe clogging around the injection wells. During the last
decade, there have been few reported advances in ISBD technology. Guidelines for
ISBD (field scale) of contaminated aquifers have been published in the US, but this

publication seems to be more geared towards remediation of contaminant plumes
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within large sections of aquifer, rather than ongoing treatment of drinking water using
an abstraction facility as a bioreactor (ITRC, 2002). Indeed, much of the work on
aquifer denitrification is conducted from a leachate-remediation perspective where
the NOs served as a reductant for organic pollutant plumes (e.g. Martienssen and
Schops. 1997; Spence et al., 2001). It appears that the majority of research over the
last decade has involved laboratory column studies and bioreactors, focussed almost
entirely on process optimisation with the primary objective of maximising
denitrification yield. Various attempts have been made to ascertain the affects of
DO, pH, temperature and carbon substrate on denitrification activity (as described in
Section 1.5). Carbon subsirate in particular has come under scrutiny, with much
attention devoted to the appraisal of different kinds of subsirate, C/N ratios and
optimisation of injection regimes (e.g. Her and Huang, 1995; Abdelouas et al., 1999;
Mosheni-Bandpi et al,. 1999; Rajapakse and Scutt, 1999; Devlin et al., 2000; Gomez et
al., 2000). The spate of laboratory experiments has lead to a better definition of the
parameters controlling denifrification including denitrification enzyme activity and
particularly reaction kinetics (e.g. Almeida et al., 1995; Burns et al., 1996; Glass and
Silverstein, 1998). This has lead to a flurry of models on biological denitrification in
laboratory columns {e.g. Lu et al., 1999; Bourrel et al. 2000: Cao et al., 2002; Strong
and Fillery, 2002).

The literature reviewed for this Chapter would suggest that research has moved
towards refined biological denitrification reactor processes for drinking water
treatment and autotrophic processes have also gained increased attention. Follow-
up publications from the oufhors of early ISBD field trials (Janda et dl., 1988; Hamon
and Fustec, 1991; Dahab. 1993) were not evident from the literature searches for this
review. The initial problems encountered with ISBD, such as aquifer clogging and
impacts on water quality may have deterred research from this approach to drinking
water freatment. However, now that biological denitrification is increasingly better
documented, it would be pertinent to readdress the potential application of ISBD for
drinking water treatment since it is estimated that ISBD is still economically favourable
compared to pump-and-treat, bioreactors, with cost-savings of a factor of five
predicted (Abdelouas et al., 1999).

1.10 SUMMARY

In-situ bicremediation technology has been used for several years in the clean-up of
point source pollution in the subsurface environment, particularly with regards to
hazardous chemical and oil spills. The degradation of contaminant plumes is

mediated by indigenous microbial communities, often involving the injection of TEAs
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fo remediate OC plumes. However, application of the same in situ bioremediation
principles for NOsx removal has been approached with scepticism.  Since
groundwater contaminated with NOs- is still a relatively pristine resource, there is a
reluctance to infroduce extraneous substances into the aquifer and alter the existing
equilibrium (Dahab, 1993). Likely perturbations resulting from ISBD include changes in
DO. pH, redox potential, and mineralogy. Furthermore, the quality of the denitrified
water under heterotrophic schemes may be altered with respect to bacterial count,
turbidity and residual organics and post treatments such as filtration, disinfection and
oxygenation may be necessary. The potential risk posed by biofouling, however, is
probably the most potential limitation fo the further development and application of
ISBD.

However, biological denitrification has undergone considerable process optimisation
and the interaction between biological, physical and chemical elements in the
aquifer is increasingly better defined. With the increased catalogue of knowledge,
ISBD could provide a competitive technology for drinking water treatment. The cost-
savings using ISBD are not disputed and the process may be easily automated with
fewer process engineering/control and maintenance requirements compared to
pump-and-treat technologies or conventional NOs removal processes such as [E. In
countries with large rural areas such as the US and France, ISBD could be particularly
advantageous to small communities with smaller budgets for municipal water supply
treatments (Hamon and Fustec, 1991) and in the UK, a regional Water Utility is has
expressed an interest in ISBD for NOz removal at a small rural town supply well, where
the groundwater has been affected by local farming land use (refer to Chapter 2,
Section 2.2.4.

To promote the further investigation of ISBD at field scale in the UK, research into the
quality of denitrified water produced under UK conditions is required, particularly with
regards to groundwater temperature and mineral composition of UK aquifers. In
addition, the risk of biofouling must be quantified and the affect of ISBD on the
microbial ecology of the aguifer better defined. To this end, a laboratory research
programme has been undertaken to demonstrate the practicality of biological
denitrification and assess denitrified water quality under UK—representative conditions.
The principal focus of the research program was to understand and control the
biochemical dynamics of NO2 production and guantification of the hydraulic
conductivity in the aguifer material, in relation to biological clogging. Attention was
also given to the potential affects of TEAPs and DNRA on water quality, and the
occurrence of OC residual. To facilitate the further development of microbial

ecology concepts in relation to ISBD, novel DNA techniques were applied to
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characterise the indigenous denitrifying community from three different geological
rock types, grown using two different carbon substrates. The experimental rational to

achieve these objectives is described in the following Chapter.
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CHAPTER 2
EXPERIMENTAL RATIONALE AND OBJECTIVES

2.1 DEVELOPMENT OF EXPERIMENTAL OBJECTIVES

2.2 RATIONALE FOR MICROCOSM TRIALS
2.2.1 MC TRIAL I: Laboratory Microcosm optimisation with Glucose supported Denitrification
222 MCTRIALIl: Denitrification using Sodium Acetate
223 MCTRIAL Il Denitrification in conjunction with Alternative Electron Accepting Reactions
2.24  MCTRIALIV: Denitrification using Greensand Aquifer Materials
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2.1 DEVELOPMENT OF EXPERIMENTAL OBJECTIVES

As demonstrated in the literature review, previous research on ISBD is process-orientated;
experimental studies have been dominated by denitrification kinetics and process
efficiency, especially regarding the electron donor (e.g. Hamon and Fustec, 1991;
Dahab, 1993; Devlin ef al., 2000). Much work on biological denitrification has been
published for wastewater treatment purposes, regarding the affects of alterations in key
parameters such as dissolved oxygen, temperature and pH on process outputs (e.g.
Dawson and Murphy, 1972; Glass and Silverstein, 1998; Oh and Silverstein, 1999). Such
information may be readily applied to biclogical reactors for ‘pump-and-treat’ biological
denitrification of groundwater for drinking, but is not so directly applicable to in situ
biodenitrification (ISBD).  Moreover, there is a scarcity of detailed quantitative
information on the long term operational success of ISBD, and its impacts on the local
aquifer conditions and abstracted groundwater has apparently detered Water Utilities in

the UK from pursuing ISBD as a NOs removal treatment.

Therefore, to better define the effects of ISBD on groundwater qudlity and aquifer
characteristics, with regards to potential gpplication in the UK, the following hypothesis

were investigated:

1. That NOz accumulation could be minimised by the selection of a substrate

other than glucose, previously proposed for use in UK ISBD trials;

2. That DNRA would not occur as a denitrification pathway, under the C/N

ratios used for ISBD;

3. That alternative electron accepting processes such as iron, manganese and
sulphate reduction would not compromise the qudlity of the abstracted

water;

4. That the quality of the denitrified water would not be compromised by
bacterial contamination resulting from enhanced biomass growth stimulated
by organic carbon (OC]) injection, commonly observed in biological

denitrification reactors.
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In addition, this project sought to define a quantitative relationship between biofouling
and nutrient loading concenirations (i.e. NOs and OC). Therefore, methods of soil
biomass quantification, including: measurement of ATP (adenosine tri phosphate) and
EPS (extracellular polymeric substances; and molecular, DNA-based techniques such as
PCR (polymerase chain reaction) and DGGE (denaturing gradient gel electrophoresis)

were developed for use with sandstone material.

2.2 RATIONALE FOR MICROCOSM TRIALS

The experimental hypotheses outlined above were addressed by observing water quality
and sandstone characteristics in denitrifying laboratory microcosms.  Microcosms are
typically employed in the study of biochemical aquifer processes because they are
considered sufficiently representative of aquifer conditions and afford precise control
over experimental parameters and surveilance of experimental outputs {Obenhuber
and Lowrance, 1991; Hamon and Fustec, 1991; Rinck-Pfeiffer et al., 2000). Various
configurations of microcosm assembly are documented, essentially comprising a
cylindrical container, filed with aquifer material with inlet/outlet ports to facilitate flow-
through capability. Additional ports for sampling and ‘on-line' monitoring devises may

also be incorporated.

The experimental programme presented here was based on quanfitative measurements
of biological denitrification in flow-through microcosms using a Triassic sandstone matrix
and indigenous bacterial community. The microcosms were continually supplied with
‘feed’ solutions and microcosm effluents were sampled throughout operation. Changes
between influent feed and effluent (denitrified water) were analytically quantified.
Nitrate and various OC substrates were supplied to the microcosms in pure water,
representing the contamination and lreatment, respectively. Biological nutrients
{essential for bacterial growth) were incorporated to ensure that denitrification was not
inhibited by nutrient deficiency. Feed solutions were simple in composition, to avoid
obscuring the denitrification data and to aid continuity throughout the trials.  All
microcosm treatments were performed in duplicate microcosms and controls were also
included. The microcosm frials were managed as discreet experiments, but the data
obtained were consolidated to facilitate integrated interpretation. The rationale for
individual trials and selection criteria for specific analytical methods are discussed in the

following Section.
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2.2,1 MCTRIAL (l): Laboratory Microcosm optimisation with Glucose supported
Denitrification

The principal objective of this frial was to demonstrate the performance of the
experimental system. The microcosm apparatus used for all frials was previously custom-
built and used in denitrification modelling studies camied out by Imperial College and
WRc plc (Cartmell et al., 1997, Tompkins et al., 2001). However, as part of this PhD
research, dlterations to the equipment and expermental methods were made,

including:

* Modifications to the influent delivery and effluent collection equipment;

s Incorporation of pressure transducers;

e Incorporation of custom-built redox probes;

e Changes to nutrient preparation and storage:

e Introduction of a more comprehensive range of analytical measurements: NH4*,

NO2, SO4Z, filterable Fe and Mn, bacterial counts, biomass determinations

The operation of the revised microcosm apparatus was assessed by a short denitrification
experiment using glucose as the OC substrate, according the previous experimentation
with the microcosm apparatus (Cartmell et al., 1997; Tompkins et al., 2001). The daily
observational record of the trials fogether with the data collected enabled the sampling
and analyses strategy to be optimised and refined for future trials and provided a set of

reference data.

A secondary aim of this trial was towards optimising the OC dose, (refer o Chapter 1).
The carbon dosage regime for this experiment was based on the stoichiometry for the
reaction of glucose with DO and subsequently the reaction of glucose with NOs-N. This
dosage was supplemented by 10% for biomass assimilation, based on conservative
estimates of biomass assimilation (e.g. ITRC, 2002} to amive at an estimated optimum OC
dose. Two further doses were also selected for experimentation; a ‘low' dose, at 50 % of
this optimum; and a 'high’' dose, which had twice the OC allowance for [denitrification +

deoxygenation], approximating to 177 % of the optimum.

222 MCTRIAL (Il): Denitrification using Sodium Acetate

The principal aim of the second experiment was to evaluate a non-fermentable carbon
substrate, sodium acetate, as an alternative to glucose for ISBD applications. Glucose s
generdlly regarded as a universally bioavailable substrate for microbial growth, and is

typically used as a model! substrate for microbial degradation activity, However, it has
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been repeatedly demonstrated that fermentable subsirates such as Sucrose and
Glucose are not suitable for ISBD applications, and are linked with biofouling and
significant NO2 production (described in Chapter 1). In spite of the majority of evidence
disapproving the use of Glucose in ISBD applications, preliminary investigations on UK
ISBD., jointly funded by the Environment Agency. Severn Trent Water and Hanson Waste
Management, (Cartmell et al., 2000}, continued to specify the use of glucose.
Apparently this was on the basis that its injection into the saturated zone would be

potentially authorised (Dr. S. R. Smith, pers. comm.).

Therefore, as part of the investigations for this PhD, microcosm trials were used to
demonstrate the feasibility of alternative OC substrates, with regards to denitrification

yield and quality of denitrified water.

Sodium acetate and ethanol were considered as alterative substrates but only one
could be selected as it was also desirable to include a glucose regime as a comparison.
Ethanol was rejected as previous comparison of these two substrates had favoured
acetate (Abdelouas et al., 1999), with biofouling experienced in the ethanol experiment.
Additionally, ethanol is less practical for ISBD as it has more COSHH (Control of
Substances Hazardous to Health) regulations for handling and storage (i.e. its high

flammability) and is also less economical.

The OC dosing regime for the glucose and sodium acetate was based on the reaction
stoichiometry, as described for MC Trial I, substituting acetate for glucose where

necessary.

2.2.3 MC TRIAL (lll); Denitrification in conjunction with Alternative Electron Accepting
Reactions

In this microcosm trial, the potential for altermative electron processes to compete for
electrons from the OC substrate was assessed, since it is known that reduction of Mn and
Fe may overlap with denitrification as TEAPs (refer to Chapter 1.7). Terminal electron
accepting substances Fe3+, Mn#* and SO42 {TEA's) which may be present in the relatively
pristine aquifers used for potable water, were incorporated during the experiment, in
addition to OC and NOs-.

Under natural UK groundwater conditions, Fe and Mn are present as insoluble minerals
contained in the aquifer rock, whereas SO42 typically disassociates from minerals such as

calcium sulphate (Gypsum) or magnesium sulphate (Epsomite} and is present as the
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soluble SO42 ion in groundwater (Kimblin, 1995). In this regard, three different types of
sandstone; Triassic sandstone, Lower Greensand and Devonian sandstone were used in
the microcosms to supply a gradient of mineral Fe and Mn contents, as described in
Table 2.1. Conversely, SO42 was dissolved into the microcosm feed solution from solid
calcium sulphate, a common source of soluble SO42 in aquifers (Czerewko et al., 2003).
Sulphate concentrations in groundwater vary but concenirations in the range
60-70 mg I are reported in UK aquifers {Thornton et al., 2000; Goody et al., 2002). In this

experiment, a median concentration of 65 mg SO42 I was used.

Sodium acetate was used as the OC substrate, at a dose of 35 mg C I' based on the

denitrification results of MC Trial Il

Table 2.1: Iron and manganese contents of three test sandstones used during Trial |l

(measurements are of total metals extracted from solid rock mass)

Sandstone Type Total Fe (mg kg-! dry wt) Total Mn {mg kg-! dry wt)

Triassic sandstone 2446 80
{Bumtstump, Nottingham)
Lower Greensand 11108 76

(Westerham, Kent)

Devonian sandstone 16756 455

(Forest of Dean, Gloucestershire)

2.24 MCTRIAL (IV): Denitrification using Greensand Aquifer materials

This experiment was caried out in conjunction with preliminary hydrogeological
investigations for a full scale ISBD trial for the water utility, Wessex Water, at the Fovant
Public Water Supply facility in Wiltshire (NGR: SU 013286). This is an important, isolated
local drinking water supply source with an abstraction licence of 2.07 Ml d' , but the
groundwater has exhibited increasing NOs- concentrations since the mid 1970s, (Figure
2.1), and has recently exceeded the EU MAC for NO3z {11.3 mg NOzN ).

The Fovant site is situated on a minor Upper Greensand aquifer, where the Greensand
layer comes to the surface, but is underlain by an aquiclude of impermeable Gaulf clay.
The abstraction boreholes draw water entirely from the Upper Greensand aquifer, which
varies between 25-40 m thick. The sandstone in the vicinity of the site is a mixture of
glauconitic sand and sandstones with hard, cemented sandstone, tending towards clay-

rich sandstone at a depth of >25 mbgl. There is a significant degree of fissuring at the
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The laboratory microcosm experiment described here was also reported in conjunction
with hydrogeological surveys and flow-modelling work as part of the preliminary
investigations into the feasibility of an ISBD plant at the Fovant abstraction facility {Clark
et al., 2004). Laboratory studies are frequently used prior to full scale aquifer remediation
treatment schemes to gain information about the potential impacts of the treatment on
the groundwater and the aquifer environment. Data from preliminary laboratory work is
typically used in the design of full-scale treatments tailored to the particular

hydrogeological parameters of the site.

The objectives of the laboratory trial were to optimise the OC dose, forecast the quality
of the treated water, and to assess potential biofouling of the aquifer material. Particular
attention was paid to NOz, a significant denitrification product in previous laboratory
experiements (refer to Chapters 4 and 5) and also to soluble Fe and Mn, since the Upper

Greensand aquifer contains a mixture of iron containing minerals such as Glauconite.

Prior to the laboratory work, glucose was proposed as the carbon substrate based on
previous drinking water treatment experiences of Wessex Water and it was therefore a
prerequisite that glucose be used in the microcosm trials. However, acetic acid was also
studied as an alternative. Acetic acid has been previously shown as a highly efficient
substrate for ISBD, and is one of only two authorised substrates for drinking water
treatment (biological reactors) in France (Discussed in Chapter 1). It was chosen for this
trial, however, mainly on the basis of the experimental results from the previous
microcosm ftrial (lll), in which sodium acetate had been used successfully, but had lead
to significant increases in pH. The increased pH was attributed to an accumulation in

hydroxyl ions (OH-), according to the reaction:

S5CHaCOO- + 8NOs — 4Nz + 10CO2 8HO + 130H (ITRC, 2002)

It was anticipated that acetic acid. which has an analogous functional group to
acetate (CH3OO), could give similar results without increasing the pH to the same exient;

for example, consider the reaction between acetic acid and NOs as defined by Mateju

(1992):

SCHsCOOH + 8NOx — 4N2 + B8HCOx + 2C0O2 + 6H0

Furthermore, the use of acetic acid would avoid the infroduction of sodium ions (Na*)

into the aquifer that is inherent when sodium acetate is used as the substrate and it is
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Details of

sandstone and groundwater collected from the site are given in Chapter 3.

All microcosm experiments are listed in Table 2.2, with a summary of the determinands

investigated in each microcosm trial is given in Table 2.3,

Table 2.2: Summary of operational detdails for all microcosm experiments

perational Delails L
L Nifrate input

" Nominat Input | -

e : - " Organice, - T :
MIgrocosm 1 ol S T : : S
“I"cvi‘e‘nﬂjﬂy No. ‘Sandstone type ¢ Carbon . -~ DOC cone. © “Comments. - -
; P S SN E R (| substrale. . (mgCI") ) N Lo
i 22 1 Triassic Sandstane 15 Glucose 220 Sterile cantrol
2 Triassic Sandstone 15 - 00 Autatrophic contral
3&4 Triassic Sandstane 15 Glucose 220 mid regime
5846 Triassic Sandstane 15 Glucase 10 low regime
7&8 Triassic Sandstane 15 Glucose 390 high regime
I 84 1 Triassic Sandstane 15 Sodium Acetate 220 Sterile control
2 Triassic Sandstane 15 - 0.0 Aulotrophic control
22.0 {d1- d60); 27.0
P {dé4 - d70]: 320 . .
334 Triassic Sandstone 15 Glucase o472-d78): 37.0 Opfimised regime for glucose C
(d79 - d84)
19.0 (d1- dé0): 24.0
o ' (dé4 - d70): 29.0 - )
584 Triassic Sandstane 15 Sadium Acetate 472 - 478): 340 Optimised regime for acetate C
{d79 - ds4]
Low regime acetate (similar to MC]
78&8 Triassic Sandstane 15 Sadium Acetate 11.0 [d1-d51) 5 & éin tlal ) - discontined early
as na denitrification was occuring
Weathered . 35.0 ([d1-37); .
n 55 1 Greensand 15 Sadium Acetate 50.0 (d 38- d55) Sterile control
Devonian " 35.0 [d1- 37); .
2 Sandstone 15 Sodium Acetate 50.0 (d 8- d55) Sterile control
Devonian o 350 (d1-37); High metal mineral cantent in
f
da4 Sandstone 15 Sodium Acefote 50.0 (d 38- d55) sand [Fe and Mn)
Weathered . 35.0 {d1-37): Medium metal mineral cantent in
t
586 Greensand 15 Sodium Acetale o o' 38- dss) sand {Fe and Mn)
- " 35.0 {d1-37); Low metal mineral content in sand
788 Triassic Sandstone 15 Sodium Acetate 50.0 {d 36- d55) (Fe and Mn)
v 32 1 Greensand 1523 - - Autotrophic control
2 Greensand 15+3 - - Autofrophic contral
3&4 Greensand 1543 Glucase 350 Optimised glucose regime
5 Greensand 153 Glucose 28.0 Low glucose regime
é Greensand 153 Glucase 440 High Glucose regime
— " N e T
788 Greensond 1543 Acetic acid 350 Opfimised acetic acid regime - fo

compare with MC 3 & 4




Table 2.3: Summary of experimental determinands measured at various times during Trials |-V

Experimental Trial | Trial | Trial | Trial | Method/Protocol Rationale
Determinand | Il 1 v (detaqils in Chapter 3)
NOs N v v v v | Autoanalyser — colorimetric reaction To indicate NOs consumption
NOx N v v v v Autoanalyser — colorimetric reaction To determine NOz production as a potential water contaminant
NH4* v v v Autoandilyser — colorimetric reaction To determine whether DNRA reaction competes with true denitrification
DOC v v v Persulphate oxidation To determine consumption of OC substrate
SO v Autoanalyser - colorimetric reaction To determine SO4% reduction as a potential TEAP
Dissolved v v Graphite Furnace Atomic Adsorption To determine Fe3* reduction as a potential TEAP
(filterable) Fe Spectrophotometry / Exfernal laboratory
Dissolved v v Graphite Furnace Atomic Adsorption To determine Mn#* reduction as a potential TEAP
{filterable) Mn Spectrophotometry / External laboratory
pH v v v pH Electrode To determine quality of treated water
DO DO Probe To determine qudlity of treated water
Redox v v v v ORP Electrode To monitor progression of redox conditions within microcosms as indicator
of TEAPs
Turbidity v v v Nephelometric method To determine quality of treated water
Bacterial quality v Heterotrophic Plate Count / To determine qudlity of treated water
of effluent Total Viable Cell count {external laboratory)
Pressure vk v Electronic fransducers To assess potential clogging of aquifer material within microcosm
Dye breakthrough v v Sodium fluorescein dye breakthrough To assess potential clogging of aquifer material within microcosm
curves
ATP v v v Cold agueous extraction + Bioluminescence Reaction To assess potential clogging of aquifer material within microcosm
EPS-c v'x Ve v Centrifugation with Formaldehyde exiraction + To assess potenfial clogging of aquifer material within microcosm
Dubois colorimetric method for Sugar determination
EPS-p Ve vk v Steaming extraction + Modified Lowry colorimetric To assess potential clogging of aquifer material within microcosm
method for protein determination
v v

Microbial Diversity

Extraction by bead-beater, PCR ampilification and
DGGE of DNA, sequencing at external laboratory

To assess feasibility of methods on environmental-type samples of low

anticipated biomass and o characterise microbial community

* Denotes that data for these determinands was lost due to failure in the experimental procedures, details given in Chapter 6
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3.1 MICROCOSM APPARATUS

The flow-through microcosm apparatus used in these experiments was previously
used for biological denitrification trials conducted by WRc plc and Imperial College
(Thompkins et al., 2001; Cartmell et al., 2000; Cartmell, 1997}. Individual microcosm
sections made from borosilicate glass (Soham Scientific, Ely UK) were assembled into
a completed microcosm using silicone grecse and plastic brackets, thus forming a
sealed biological reactor, as depicted in Figure 3.1. Eight microcosms were
assembled for each experiment and filed with sand (as described in section 3.3),
before being transferred to an incubator (Sanyo MIR253, Japan) where they were
maintained in darkness at constant temperature (10 °C}, to represent groundwater

temperature conditions.

sampling ports
ping p stainless steel outlet

tube
50
Borosilicate glass microcosm cm

segments (top, middle and
== [ov]

-~
/solution overlying sand ~ 25 mm depth

seal between microcosm segments —
silicon grease with bracket and wing nut
clamp

sampling port

sandstone

stainless steel inlet aquifer material

delivery tube

stainless steel inlet ports

feed sol. input iy
from pump :> v

Figure 3.1: Schematic of microcosm assemblage (nof scaled)

The solutions used to feed microcosms were held outside the incubator in 5 | vessels
covered with black plasfic to exclude light, at the ambient temperature (20-22 oC).
Feed solution was delivered to each microcosm via black Tygon tubing (Tygon R-
3400) through stainless steel inlets (I.D. approx. 1 mm). The Tygen tubing was cleaned

and disinfected regularly with Virkon to prevent biofim accumulation. A peristaltic
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Uy =U/(an,) equation 3.1
Where : Uy = flow velocity
U = microcosm pump flow rate (m3 d-1)
a = cross sectional area
ne = volumetric porosity

The corresponding aquifer flow velocity, for a laboratory pump rate of 1.45 ml min-' is
2.87 m d-!, arelatively fast aquifer flow velocity but still within the range of observed
flow rates for UK aquifers (Cartmell, 1997). Under this flow regime, however, the
hydraulic residence time within the microcosms was approximately 7 h which was

practical for operational and sampling purposes.

3.3 AQUIFER MATERIALS

3.3.1 Triassic Sandstone

The sandstone used in Microcosm Trials |, I, and for two microcosms of Trial lIl was
Triassic sandstone collected from the Triassic Sherwood Sandstone Group aquifer in
the UK Midlands. This is a major aquifer and the geological formation is comprised of
fine to medium grained, plain and cross-laminated red and brown sandstones that
are intercalated with mudstones and silt (Thornton ef al., 2000). Sandstone was
collected from Bumnistump Quarry, Nottingham (NGR: SK 589 502), a site that has
been extensively studied (Blakey and Towler, (1988), Lewin et dl., (1994), Young et al.,
(1994) as cited in Thornton et al., 2000). Sandstone from this sife had also been used

in the previous microcosm experiments of Cartmell (1997) and Thompkins ef al. (2001).

Burntstump Quarry is a working site and so fresh rock was removed directly from the
rock face and transported by quarry personnel to a safe area where it was
transferred to clean black bags and stored in cool boxes at ambient temperature. It
was not possible, therefore to collect the stone under sterile conditions, but efforts
were made to minimise contamination by handling the sandstone with clean utensils
and by wearing laboratory gloves. On return to the laboratory, the sandstone was

stored in tact (in the black bags) in a refrigerated cold store at 4 oC until use.

The Bumistump sandstone is un-cemented and friable (Thornton et al., 2000} and
consolidated portions were prepared for microcosms use by crumbling into loose
sand, sieving through 500 um and washing in pure laboratory water (Purite, reverse
osmosis water). This removed the silt and fine particulate fractions which had been

shown to wash out of the microcosms, interfering with turbidity measurements (this
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process did not appear to hamper biomass establishment). The sandstone was left to
drain in a fume cupboard and used to fill the microcosms whilst moist, as shown in
Figure 3.3. Samples of the washed and unwashed samples were sent for specialised
qualitative X-ray diffraction (XRD) analysis at the Natural History Museum, to

characterise the mineralogy of the sandstone.

3.3.2 Lower Greensand and Devonian Sandstone

In Microcosm Trial lll, two alternative sandstones were used; Lower Greensand and
Devonian Sandstone. The Lower Greensand was collected from a commercial
sandpit situated on the Lower Greensand of the Folkestone Beds, in Kent, UK (NGR: TQ
418 535). The greensand at this location is weathered and has a surface coating of
various iron oxides and was mixed with small pebbles of ironstone. The sandstone was
in free sand form, of a medium-coarse grain size, and a collection was made from a
resting sand pile, after removing the surface layer. The sand was collected and
stored following the procedure described for Triassic sandstone collection. Lower
Greensand was prepared for experiments by sieving and washing, similarly to the
Triassic sandstone (prepared sand shown in Figure 3.3) and packed into the

microcosms whilst moist.

The Devonian sandstone was collected from George Read Quarries, Gloucestershire,
UK {NGR: SO 616 150). The sandstone quarried from this region is a hard, red,
cemented calcareous sandstone, typically used as a building material, and so a
portion of freshly quarried rock had to be collected from the face and cut into small
‘boulders’ by quany personnel. The sandstone was fransported to the laboratory and

stored as previously described.

When preparing the Devonian sandstone, it was too hard to be crumbled into sand
by hand and was therefore crushed into pieces of approximately four inches
diameter using a hydraulic press and then milled using a rock miling machine. The
milling machine pressurises the rock between two jaws which effectively cause the
rock to implode or crumble. The miling was a graded process which produced small,
irregular fragments of rock, approximately 1-2 cm diameter after being passed
through the machine once (shown in Figure 3.4), and subsequently a fine, powder-
ke dry sediment following a second pass through the mill {Figure 3.3). It was
impossible to obtain a material of sand-like grain size, and so the sediment fraction
was used in the microcosm experiments, because the fragmented rock produced
after one round of miling was foo large and would have had resulted in a matrix

porosity that was too high.
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The Devonian sandstone dry sediment was collected and moistened to form wet
sediment, as shown in Figure 3.4, which was packed into the microcosms and

allowed to settle so that excess pore water came to the surface.

The physical characteristics of the processed Devonian sandstone were different from
the native rock but this was of little relevance as the geochemical composition of the

rock was the principal experimental interest.

3.3.3 Upper Greensand from Field Trial Site

Upper Greensand was collected from a drilling site at Fovant {refer to section 2.2.4) in
core form, obtained from the saturated zone at a depth of 21-26 mbgl {further detdails
are given in appendix 1). The cores were fransported from the site to the laboratory
in the plastic casing used by the driling contractor, where they were opened and the
core sections were washed to remove loose debris. The lithological profile of the core
was relafively heterogeneous (Figure 3.5}, ranging from friable green sandstone at the
fop of the core (21 mbgl) to more consolidated pebbles of weakly cemented
calcareous sandstone in the middle of the core, finishing in hard cemented,
calcareous sandstone at the bottom of the core [26.85 mbgl) which remained
undisturbed by the drilling process (refer to appendix 1 for lithological log). The cores

were re-cased and refrigerated until use.

The microcosms were packed with mixed sandstone taken from various sections of
the core to make the microcosm matrix as geo-chemically representative as possible
of the rock profile through the core. The hard consolidated sandstone had fo be
milled, as previously described, but owing to the clay content of the rock, which
plugged the machine, only one round of milling was possible, The pebbles produced
were subsequently dried in a fume cupboard to increase the brittleness, ground by
hand with a pestle and mortar and finally the various fractions of sandstone were
combined to provide a consistent and homogenous matrix. Samples were sent fo

the Natural History Museum for XRD analysis, as described for the Triassic sandstone.

The porosity of Trassic sandstone and Lower Greensand (which were not
mechanically ground) once packed into the microcosms was calculated as

described by Charbeneau (1999):

n=1-(py/ps) equation 3.2
Where : n = porosity
Po = bulk density of sandstone [mass/volume}

Ps = Sandstone particle density (taken as 2.65 g cm3-?, (CRC, 1992)
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3.4 MICROCOSM OPERATION

3.4.1 General Description

Packed microcosms were transfemred to an incubator connected to the influent
tubing. Reverse osmosis water was pumped into the microcosms with the ports at the
top initially left open to allow air to escape. Before the microcosms were completely
filled with water, oxidation-reduction-potential probes (ORP) (Sensorex, CA, US} and
pressure transducers (RS Components, UK} were fixed into microcosm ports fo
complete the apparatus set up. ORP probes were either immersed into effluent
overlying the sand column or into the interstitial microcosm solution via the side ports
and sedled into place using screw caps containing rubber o-rings.  Similarly, the
pressure transducers were immersed in the interstitial microcosm water filling the side
ports as demonstrated in Figure 3.6. The microcosms were sealed completely before

commencing pumping.

Under flow through operation, the peristaltic pump on the feed line was sufficient to
maintain flow and the effluent iine at the top of the microcosm remained opened to
allow effluent to collect in the Nalgene bottles as previously described. The volume
of effluent collected daily was measured before being discarded or sampled. The
microcosm feed solutions were replaced each day and there was a period of up to 4

h d-! where the pump was turned off to maintain the system.

3.4.2 Determination of Hydraulic Conductivity in the Microcosms

Hydraulic conductivity was calculated according to the Darcy expression:

K=Ql/Ah, equation 3.3
Where : K = hydraulic conductivity

Q = flow rate

A = cross sectional area

hy, = head loss

1 = length

The flow rate in the microcosms and the dimensions of cross sectional area and
length were constant throughout all experiments and therefore head loss was the
only variable which was detemined experimentally. The head loss (h) in the system
was calculated as the difference in pressure head (P1-P2), measured at the top and
bottom of the sand column, as depicted in Figure 3.7. The pressure head at P and P

was measured using pressure transducers (0-5 psi} which were connected to a multi
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Figure 3.7: Schematic representation of microcosm sand column showing parameters for

calculation of hydraulic conductivity

3.5 MICROCOSM FEED SOLUTIONS

3.5.1 Trials (1), (11} and (llI)
In Trials I, I and lll, all microcosm feed solutions were prepared in RO water and
included NaNQs and nutrients throughout, with additions of OC as appropriate.

Mercuric chloride was used as a sterilising agent in abiotic control microcosms.

Concentrated stock solutions of NO3y, OC, HgCl: and nutrients were prepared on a
weekly basis and stored at 4 oC, and were used to spike 5 | batches of microcosm
feed solution to the nominal concentration required. Feed solutions were not
sterilised as the volumes required made it impractical to filter-sterilise and autoclaving
caused precipitation of nutrient minerals. However, microbial growth in the feed
solutions was minimised by replacing every 24 h with fresh solutions in sterilised

containers.

Sodium nitrate was used as the source of NOs-N, at a nominal concentration of 15 mg

NOs-N I' and HgCl was used at a concentration of 100 mg Hg I (Cartmell, 1997).
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Both glucose and sodium acetate were used as OC substrates used in the Trials (1)-{Ill).

Details of the nutrient additions (all microcosm feeds) are given in Table 3.1.

Table 3.1: Final concentration of nutrients in microcosm feed solutions (adapted from Schlegel,
1991)

NUTRIENT CONCENTRATION TRACE NUTRIENT CONCENTRATION
(mgl) (wgI'')

KzHPQ4.3H20 1.0 InClh 0.14
MgS04.7H0 0.4 MnCl2.4H20O 0.2
FeS04.7H20 0.02 CoCl2.6H:0 0.04
CaClk.2H0 0.02 NiClz.6H20 0.2

NH4Cl 0.1 CuCl.2H:0 0.04

NaMo0O4.2H0 0.125
3.5.2 Trial (V)

In contrast to the previous microcosm experiments, trial IV received raw groundwater
taken from the Fovant Public Water Supply. Batches of groundwater were collected
in 25 | carboys on two occasions during the experiment and stored in a cold store {4
oC) prior to use. The concentration of NOs- in the water was approximately ? mg NOs-
N I, which was adjusted to 15 mg N 1 using NaNQs. Glucose or acetic acid was
added as necessary, but no nutrients were incorporated, since the water was from a

natural source.

3.6 SAMPLING PROCEDURES

During the first week of each experiment, samples were collected from the
microcosm effluent on a daily basis and thereafter ever other day {except Trial |,
where sampling was reduced to once per week); samples of the microcosm feed
solutions were always taken in conjunction with the effluent samples. The microcosm
sandstone was sampled after experiments in individual microcosms had terminated,

when the columns were dismantled.

The sampling method and subsequent handling of samples were deftermined
according to analytical protocol {described in section 3.7). Details of samples,
including manipulation and storage are given in Table 3.2. Redox measurements
were made twice per week by connecting a pH meter (Fisherbrand Hydrus Benchtop

500) to the ORP probes, which were sealed into the microcosms.
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Microcosm effluent was sampled from the effluent collection bottles, which were
shaken beforehand to mix. Sub samples of 250 ml were filtered through 0.45 um (to
remove biomass), into clean glass beakers. From the filtrate, 2 sets of effluent samples
were stored in 60 ml plastic bofttles; an undiluted set and a set of 1/10 dilutions
(prepared in RO water). These samples were stored at —20 oC prior to N (NOz/NO»
/NHs) and DOC analysis (filtration/dilution was necessary for analytical purposes). The
remaining filtered effluent was examined immediately to determine general water
quality parameters (pH, DO, turbidity, conductivity) and then discarded. The samples

of microcosm feed solution were treated similarly, but without filtration or dilution.

Samples of interstitial microcosm solution for Fe and Mn analysis were collected
throughout microcosm Trials lll and IV. During Trial lll, the microcosms were allowed to
drain (under gravitational force) into sample bottles, however this could take over an
hour. During Trial IV, therefore, samples were collected using a syringe to gently draw
the interstitial solution out from the microcosm side port. Under the drainage method
(trial 1), acid-rinsed glass Drescher bottles (100 ml), flushed with O2-free N2 gas were
connected to the side ports of the microcosm using silicon tubing. Clamps were
employed on the inlet/outlet of the bofttle to minimise the entry of air into the bottles.
When the silicon tubing was securely screwed into the microcosm side port, the
clamps were released and interstitial solution drained into the Drescher bottle,
displacing the N2 gas from the outlet. Once sufficient sample had been collected (50
ml), the clamps were closed, the bottle removed and the microcosm side ports re-
sealed. Once collected, the sample was subsequently syringe-filtered through 0.45
um (Whatman) and acidified with concentrated nitric acid (to concentration of 1 %
v/v). Acidified samples were stored at ambient conditions until analysis (< 1 month

storage time).

Samples of effluent collected for heterotrophic bacterial plate counts during trial [l
were stored in sterile 50 ml Sterilin centrifuge tubes before plating. The storage period

was < 4 h under refrigeration at 4 oC,

Sandstone samples were faken once the microcosm had been drained (under
gravitational force, < 5 h drainage time). Sandstone from top, middle and bottom
sections of the microcosms were fransfered into clean glass beakers and mixed to
homogenise. Approximately 4 cm depth of sand between each sampled section of
the microcosm was discarded to separate the sand into discreet, representative
regions. Homogenised sandstone was weighed into clean, labelled plastic bags and
stored in the freezer (-20 °C). Additionally, 5 g samples from each section were

weighed into foll containers for determination of dry weight.
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3.7 ANALYTICAL PROTOCOLS

3.7.1 Dissolved Oxygen, pH and Conductivity

Dissolved oxygen, conductivity and pH were measured using calibrated laboratory
meters: DO meter 970, Jenway, UK; Conductivity meter 470, Jenway, UK and a Hydrus
Benchtop 500 pH meter, Fisherbrand, Fisher Scientific UK. In each case, probes were
calibrated according to the manufacturer's instructions and sample readings were
taken by immersing the respective probes into a stired sample and manually

recording the readings.

3.7.2 Turbidity

Turbidity was measured using a HACH 2100A Turbidimeter, according to the
nephelometric method: 2130 B (APHA, 1995). The Turbidimeter was caliorated
throughout proceedings using Gelex Turbidity Standards.

3.7.3 Dissolved Organic Carbon

Effluent samples, filtered through 0.45 pm tfo remove un-dissolved carbonaceous
matter (necessary for dissolved OC measurement) and feed solution samples were
acidified (< pH 2.0} with orthophosphoric acid and analysed by the UV radiation
persulphate oxidation procedure (SCA, 1979} on a Dohrmann DC80 Carbon Andlyser.
Briefly, acidified samples were sparged with O2 gas in the presence of UV light to
remove inorganic carbon and the remaining organic carbon confent was oxidised
with persulphate to CO2. The converted CQO:z content of the sample was quantified
with aninfra red detector. The instrument, calibrated using potassium acid phthalate
standards, retained its calibration between analytical runs but as a qudlity conirol
(QC) procedure, a series of RO water and 10 mg I'' C standards were analysed prior
to each set of samples. In addition, two 10 mg I standards were analysed for every
10 samples on the sample carousel and the coefficient of variation was typically < 1
%.

3.7.4 Nitrate, Nitrite and Ammonia

Nitrate, NO2> and NHs+* were analysed colorimetrically on a Skalar SAN plus Analyser
(Skalar). Samples for auto-analysis were filtered at the sampling stage to remove
biclogical debris. In addition to the filtering step, it was necessary to prepare a
complete set of dilutions (1/10} for the effluent samples, to ensure that NOz
concentrations were within the analytical detection range of the instrument. Samples
were simultaneously analysed for NOz, NO2> and NH4* according to the following

colorimetric reactions:
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) NOz reacts quantitatively with sulphanilamide under acidic conditions to
form a diazonium compound. This reacts with a-naphthylethylenediamine
dihydrochloride to form a red-purple azo dye which is measured
spectrophotmetrically at 540 nm (method: 4500-NO2B; APHA, 1980).

. NOs is reduced to NOz using a cadmium column and then measured as
above (method: 4500-NOsF; APHA, 1980). Therefore, the NOs channel on
the instrument is actually measuring the sum of the NOs- and NO2 present in
the sample, referred to as the total oxidised nitrogen (TON). In samples
confaining NOs and NO2z, the NOs channel must be operated in
conjunction with the NO2 channel and the final NOs concentration was
obtained by subtracting NO2- from TON concentrations.

. NH4* analysis is based on o modified Berthelot reaction: NHst was
chlorinated to monochloramine and then reacted with salicylate to form 5-
aminosalicylate. The resulting blue-green colour was measured at 660 nm

{Krom, M., 1980; Searle, P. L., 1984; cited in Skalar SAN plus Analyser Manual).

The Skalar was calibrated at each analytical run and the methods included quality
confrol measures such as blank-wash correction and drift check over the duration of

the run (Skalar SAN plus Analyser Manual).

3.7.5 Sulphate

Sulphate was also measured colorimetrically using the Skalar SAN plus Analyser in
conjunction with the N analysis. Briefly, samples were passed through an ion
exchange column fo remove multivalent metal ions and then mixed with an
alcoholic solution of BaCla + methyl thymol blue indicator (grey colour) at pH 2.5-3.0,
whereon the SO42 in the sample forms BaSOs. The pH of the combined solution was
then increased to pH 12.5-13.0 with NaOH solution, where, under alkaline conditions,
excess Ba+ (not reacted with §0.42), chelates with the methyl thymol blue. The
chelated methyl thymol blue forms a blue colour whereas the un-chelated methyl
thymol blue is grey. The intensity of the grey colour was measured at 460 nm fo
quantify the amount of sulphate, according to a standard calibration (US Dept. of
Agriculture, 1962). Quality control measures as described for N analysis were also

employed during SO42 analysis.

3.7.6 Dissolved (Filterable) Iron and Manganese

Filtered acidified samples were analysed for Fe and Mn by graphite furnace atomic
absorption spectrophotometer (GFAAS). The acidification preserved the sample and
the filtration ensured that dissolved (filterable) rather than ‘Total' Fe/Mn was
quantified (method 303B; APHA, 1995).



Table 3.2: Summary of sampling details
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Sample Type / Analysis | Trial | Trial | Trial Sampling
Type I I m frequency Sample Manipulation/Storage
Eff, FS: pH v v v Every other day | Measured immediately
DO v Measured immediately
Eff, FS: Turbidity v v Twice weekly | Measured immediately
Eff, FS: NO3 NOz» Every other day | Samples filtered through 0.45 um, extra set 1/10 dilutions made and all
NH3 } v v v processed samples frozen {-20 °C) in clean plastic bottles
Eff, FS: DOC v v v Every other day | Samples filtered through 0.45 um, exira set 1/10 dilutions made and all
processed samples frozen (-20°C) in clean plastic bottles
Eff, FS: SQ4% v Every other day | Samples filtered through 0.45 um, extra set 1/10 dilutions made and all
processed samples frozen (-20 °C) in clean plastic bottles
Eff. Bacterial plate v Once — twice | Samples collected in sterile plastic bottles and (i] plated immediately or {ii)
Count weekly incubated for 5 days then plated (5 day plate count test)
IS: ORP (in situ probe) v v v Every other day | ORP probe located in microcosm
— twice weekly
IS: Pressure Transducer v v Continuous Data stored electronically using data logger and PC software
measurements
IS: Iron / Manganese v Once — twice | Samples collected under O2 limited conditions, acidified with nitric acid {final
weekly concentration 1% v/v) immediately and stored in glass volumetric flasks at
ambient conditions (dark) until analysis {stored for < 1 month)
Sandstone: Samples collected in clean plastic bags and:
ATP v Atend of tial | Analysed on the same day
EPS v Frozen (-20 °C) until analysis
DGGE v |7 Frozen (-20 °C) until analysis
Key; Eff = microcosm effluent IS = interstitial microcosm solution FS = microcosm feed solution
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The GFAAS was performed using a Perkin Elmer Zeeman 5100 PC Atomic Absorption
Spectrophotometer with accompanying graphite furnace, sample carousel and
software. The methods are as defined by the Perkin Elmer WinLab Software manual

which accompanies the instrument (Perkin Elmer, Conneticut, US).

In addition, sample collected during microcosm ftrial IV were sent to an external
laboratory for analysis (ICP method, Alcontrol Laboratories, UKAS Lab. No. 0996,
Bradford, UK}.

3.7.7 Enumeration of Effluent Bacteria

To quantify the bacterial content of the microcosm effluents, heterotrophic plate
counts (HPC}, the reference method for estimating numbers of live heterotrophic
bacteria during water treatment (Boulos, 1999) were carried out. Effluent samples
were culfured on R2A agar (OXQID, UK), using a spread-plate technigue and
incubated at 20 oC for two days and five days (HMSO, 1994). Counts were reported

as colony forming units per ml of inoculum (CFU ml).

During microcosm frial IV, effluent sampies were sent fo an external laboratory and
analysed for total viable counts (TVCs). This is also an HPC method, where total viable
counts are expressed as colony forming units per ml of inoculum (CFU ml'} over 3
days at 22 °oC (Alcontrol Laboratories, UKAS Lab. No. 0994, Bradford, UK).

3.7.8 Sandstone Dry Weights

Representative samples of homogenised sandstone were weighed into disposable foil
fins (6 cm diameter, 4 cm depth) and dried in a forced-air oven to a constant weight
at 105 oC. The moisture content (g} was taken as the mass lost during the drying

period, leaving the dry matter content (g) remaining.

3.7.9 Sandstone Adenosine Tri-phosphate (ATP) Quantification

The ATP content of microcosm sandstone samples was determined using an
extraction and analysis procedure based on Zelles et al. (1985). For the exiraction; 5
g (fresh wi) of sandstone was weighed into a sterile centrifuge tube (50 ml capacity)
containing 2.5 g clean/dry glass beads (1.5 mm diameter). Subsequently, 24 ml of
ice-cold TRIS-EDTA reagent (0.4 mM TRIS + 5 mM Di-sodium EDTA} was added and the
sample was mixed using a combination of vortex-mixing on a Whiri Mixer (Fisher
Scientific) and shaking by hand over a period of 1 minute. Ice-cold TCA reagent (1
ml of [0.5 M Trichloroacetic acid + 0.25 M Di-sodium hydrogen phosphate]) was
added to the solution and shaken for a further minute. Findlly, the centrifuge tubes

were placed in an ultrasonic bath (PUL125, Kerry, UK) and subjected to 1 minute of



79

ulfrasonic vibration (50 hertz}. The ATP in the sandstone is extracted into the solution
during this procedure and consequently, the tubes were centrifuged (Gallenkamp) at
3000 rom for 5 minutes (4 °C) and the extracted ATP-supernatant was decanted. The
original sandstone was discarded and the supernatants were again centrifuged (3000
rpm over 5 mins) to remove any remaining turbidity that could interfere with the light-

capture process in the luminometry instrumentation.

An enzymatic luminescence reaction was used to quantify ATP content in the
extracted samples, using Celsis Bioluminescence Reagents (Celsis, The Netherlands)
and a luminometer (Bio-Orbit 1251, WKB Wallac, Finland). Extracted sample (100 pl)
was pipetted into a cuvette containing 100 ul of Celsis LUumIinEX™ reagent. The
cuvette was then secured in the instrument sample chamber and 50 pl of the light-
generating reagent, Celsis LUmInATE™, was injected directly into cuvette from a glass
syringe (Hamilton). The instantaneous light emission was measured for a period of 2
minutes and the integrated relative light units (RLU) output over this time was
recorded. The RLU output for each sample was converted to ATP concentration
using a standard curve prepared from a Celsis ATP Standard. Reagent blanks were

included for QC purposes.

3.7.10 Extracellular Polymeric Substance (Carbohydrate and Protein) Quantification
Two different extraction methods were used to extract EPS from sandstone samples;
regular centrifugation with formaldehyde (RCF) to extract EPS-carbohydrates {EPS-c)
and steaming extraction for EPS-protein (EPS-p). after Jia ef al. {1996) and Zhang ef al.
(1999) respectively.

For the EPS-c determinations, sandstone samples were washed in RO water o remove
interstitial solution which may have contained glucose (where glucose was used as
OC substrate) and left to drain on open filter papers (Whatman no. 1).  Sub-samples
(5 g) of the moist sand were transferred to Oakridge centrifuge tubes and 5 ml of
extractant solution (8.5 % sodium chloride solution + 0.22 % formaldehyde), was
added. The tubes were shaken by hand for 1 minute and centrifuged (MSE Hi Spin 21,
Fisons, UK) for 30 minutes at 12,000 rom. The supernatant was filtered through 0.22 um
(to remove biomass) and the filtered supernatant was analysed for carbohydrate

content.

The carbohydrate content was determined using a phenol/sulphuric acid reagent
(Dubois et al., 1956). Briefly, 2 ml of sample was mixed with 1 ml of 5 % phenol solution
(5 % w/vin RO water) in a glass boiling tube. Working in a fume cupboard, 5 ml of

concentrated sulphuric acid was added rapidly to the sample suspension. The tubes
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were dllowed to stand for 10 minutes before being transferred to a water bath at 25
oC fo cool. Once at ambient temperature, the absorbance of the sample
suspensions was measured at 480 nm (Pye Unicam SP8-100 Uliraviolet
Spectrophotometer). Sample measurements were compared to a standard curve

prepared with glucose solutions.

For the EPS-p determinations, two methods were used: initially, a quiescent extraction
with EDTA was used for samples collected at the end of microcosm ftrial Ill;
alternatively, a steaming exiraction was used for samples obtained from trial V.
During the EDTA exiraction, 5 g samples of microcosm sand (fresh wt) were weighed
into sterilyn centrifuge tubes with 5 ml of 2% EDTA solution. The tubes were shaken by
hand for 1 minute, refrigerafed for 3 hours {4 °C) and then centrifuged (20 minutes,
14,000 rpm). The supernatant was decanted and filtered through 0.22 pm and the
protein content of the filtrate was determined using a protein assay kit (Sigma Aldrich,
Poole, UK) based on the Folin-Ciocalteu colorimetric method {Lowry et al., 1951). The
protein (peptide) content of the sample was complexed with an alkaline cupric
tartrate reagent and precipitated with a solution of deoxycholate. The precipitation
was pelleted using a microfuge (10 minutes at 13,000 rpm) and re-suspended in Folin-
Ciocalteu reagent. The absorbance of the samples were quantified at 750 nm (Pye
Unicam SP8-100 UV-VIS spectrophotometer) using a standard curve prepared from

bovine serum albumin (BSA).

For the steaming method, 5 g samples of microcosm sand were weighed into
Qakridge centrifuge tubes with 5 ml of RO water and then steamed in an autoclave
for 10 minutes (80 °oC, pressure = 1 bar). The tubes were centrifuged whilst still hot {10
minutes at 8000 rpm, 15 °C) and the supematant (protein extract) was decanted and
filtered (0.22 um). As described for the EDTA exiraction method, the protein assay
was conducted using Sigma Aldrich reagent kit, although the precipitation step was
omitted. Instead, the alkaline cupric tartrate reagent was added to the sample and
then mixed directly with the Folin-Ciocalteu reagent. Sample absorbance was

measured at 750 nm as described previously.

3.7.11 Polymerase Chain Reaction and Denaturing Gradient Gel Electrophoresis
This procedure involved 5 phases:
I. Exiraction of DNA from the sandstone and purificatfion;
Il. Amplification of DNA using polymerase chain reaction (PCR) techniques;
lll. Electrophoresis of PCR-products (amplified DNA) on agarose gel;
IV. Electrophoresis of selected PCR-products on denaturing gradient gel

electrophoresis (DGGE);
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V. Visualisation of the gel and excision of DNA bands for sequencing.

Contamination/degradation of samples was minimized by working in a confined area
swabbed with ethanol, using sterile consumables and importantly, laboratory gloves
were worn throughout. The PCR work was carried out inside a class Il laminar flow

cabinet.

(i) DNA Extraction and Purification
Frozen sandstone samples were defrosted under ambient conditions and 0.5 g

portions were weighed into plastic vials containing 0.5 g of glass beads for bead-
milling {Hybaid, Middlesex, UK). The sandstone/beads were suspended in 500 ul of
sodium hydrogen phosphate (0.12M/pH 8.0) and 700 ul of PCIA reagent
(phenol:chloroformiisoamyl alcohol; 25:24:1) was added. Sample suspensions were

subsequently lysed using a bead-beater (Hybaid Ribolyser) at 6.5 m s for 45 seconds.

The lysed samples were then centrifuged (Biofuge Pico, Heraeus, Jencons, UK) at
13,000 rpom for 10 minutes to produce an upper agueous layer, containing DNA, and
a phenolic layer, containing cellular ‘impurities’ and the sand/bead pellet. The
aqueous upper layer (containing DNA) was removed by pipette into a fresh
eppendorf, mixed with 500 ul PCIA and re-centrifuged. This process was repeated
and following the third centrifugation sequence, the upper aqueous layer containing
the exiracted DNA was pipetted into a fresh eppendorf and polyethylene glycol
(PEG; PEG 8000 30% “/v in 1.6 M sodium chloride) was added (volume of PEG = 2 *

volume of DNA extract).

The extracts were mixed and refrigerated (4 °C) for one h to allow DNA to precipitate,
leaving impurities in the aqueous layer. The precipitated DNA was pelleted by
cenfrifugation (15 minutes at 13,000 rpm) and the supernafant was removed. The
pellet was re-suspended in 200 ul Tris-EDTA buffer {pH 8.0), 20 pl of 3M sodium acetate
(pPH 5.2) and 2 volumes of ice-cold absolute ethanol. The suspension was mixed and
cooled for 10 minutes at —20 oC, after which it was centrifuged (10 minutes at 13,000
rom). The supernatant was removed by pipette and excess ethanol allowed to
evaporate from the purified DNA pellet, before it was re-suspended in 50 pl Tris-EDTA

buffer to give the final DNA extract suspension.

DNA extracts were checked for concentration and purity using a spectrophotometer
(Unicam 8625 UV/VIS). Briefly, a 1/100 dilution of the DNA was prepared in Tris-EDTA

buffer and its absorbance at 260 and 280 nm was recoded.
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The concentration of the DNA was calculated as:

Absorbance 20 * 50 * dilution factor (100) = concentration DNA (ug ml-1)

The purity of the DNA was taken as:

Absorbance 20 / Absorbance 20

Optimally, the concentration of DNA for PCR should be > 20 ug ml! with a purity ratio
of 21.8.

(ii) DNA Amplification using PCR
A nested PCR procedure was used to amplify the DNA due to the relatively small

amount of DNA extracted from the sandstone samples. The DNA extracts were
diluted (1/10} to reduce the quantity of impurities in the samples (which could
interfere with the PCR). The first PCR was completed using the universal primer pair
‘PA/pH’ {1500 base pairs) to amplify a large section of the DNA. Briefly; 1ul of diluted
DNA extract was mixed with 49 yl PCR ‘mix,’ {a master mix of constituents required for
the replication DNA in the PCR procedure, including; buffers, nucleotide bases,
primers and Taq DNA polymerase) (Bioline, London, UK). In addition, positive and
negative controls were included as samples. Mineral ol was pipetted over the
suspension to prevent evaporation during the PCR incubation. The samples were
loaded into a Perkin ElImer DNA Thermal Cycler for amplification (thermal cycles
described in Table 3.3). The products from the first round of PCR were checked for
viability using agarose gel electorphoresis before two subsequent rounds of PCR were

carried out using primer pairs:

e Vr/Vf ( 200 base pairs + GC clamp} — which gives an easily visible banding
pattern on the DGGE gel, necessary for image analysis and statistical
comparison of samples;

» pD/pF (500 base pairs} — which gives a poorer banding pattern on the DGGE
gel but amplifies longer nucleotide sequences so is, therefore more effective

for sequencing.

Both of these PCR primer pairs incorporate a '‘GC-clamp’ into the amplified DNA
(necessary for the DGGE stage, to anchor the un-dissociated DNA fragments in the
polyacrylamide gel). The procedure for these PCR rounds was essentially the same as
described for the first PCR round, with the pA/pH primer pair substituted for the Vr/Vf
and pD/pF primer pairs respectively. An additional sterilisation step (using UV light)

was incorporated at this stage, to sterilise all materials used in the PCR preparation
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processes including the constituents of the PCR reagent mix, with the exception of
the DNA primer pairs, which cannot be treated with UV as this would denature the
DNA of the GC-clamp component. The extra sterilisation step is necessary when
using nested PCR, to prevent amplification of contamination, which may interfere
with subsequent DGGE. As previously described, the products of these secondary
PCRs were examined on agarose gel prior to DGGE. Details of primers and PCR

cycles are given in Table 3.3.

(iii) Agarose Gel Electrophoresis

Agarose gel was prepared by dissolving 1 g of agarose powder in 100 ml of 1x TAE
buffer (2M Tris-EDTA, pH 8.3, Eppendorf Scientific Inc., NY, US) on a hot plate. When
the gel had cooled to approximately 60 °C, 2ul of ethidium bromide, a molecular
stain that binds to DNA and fluoresces under UV light, was added and the gel was
poured info a mould to set. Two series of 25 sample-wells were set into the gel by

inserting plastic combs in the liquid-gel, to be removed when the gel had solidified.

Once set, the agarose gel was transferred to the electrophoresis cell (wide mini sub
cell; Biorad, Hemel Hempstead, UK) and submerged in 1x TAE buffer (the electrolyte).
Samples of PCR-products (5 pl) were mixed with 2 pl of ‘loading buffer' {a molecular
stain; Sigma Aldrich, Poole, UK) and pipetted into the wells on the agarose gel. The
wells at the end of each row were filled with a marker for PCR products (a 100 base-
pair ladder; Sigma, Poole, UK) mixed with the loading buffer. The marker provides a
positive DNA banding on the agarose gel and gives an indication of the size of the
PCR product (i.e. number of base pairs). The electrophoresis was conducted for
approx. 40 minutes at 100 V {Power Pac 300 Supply; Biorad, Hemel Hempstead, UK),
after which it was examined under UV light using a dual intensity transilluminator (UVP,
San Gabriel, CA, US). Viable samples and controls showing DNA ‘bands’ were

selected for further analysis using DGGE.

(iv) Denaturing Gradient Gel Elecfrophoresis

A D-gene DGGE system (Bio-Rad, Hercules, CA, US) was used to conduct the DGGE
analysis with a 10% polyacrylamide gel containing a DNA denaturant (7 M urea + 40%
v/v formamide in 1 x TAE buffer). The concentration gradient of denaturant in the gel
was 30-60% and in accordance with health and safety regulations, preparation was
carried out by laboratory personnel licensed to handle polyacrylamide. The solidified
gel {0.75 mm thick, 16 * 16 cm) was set between 2 glass plates with spacers along the
vertical edges and fixed into a plastic frame, which holds the gel upright in the DGGE
tank and connects to electrodes, forming the ‘core' of the DGGE cell. Once

prepared, the core was placed in the plastic DGGE tank, filled with buffer (1x TAE)
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and pre-heated to 65 ¢C. The samples wells in the top of the gel were flushed out
with buffer from the tank to remove debris such as fragments of gel, which might
block the path of the mobilised sample. Two gels were prepared; one gel for the
DNA extracts amplified using Vi/Vf primers, and one for the DNA amplified using
pD/pF primers.

The PCR-products selected for DGGE were mixed with an equal volume of loading
buffer (11 ul) and loaded into the cell wells on the gel with DNA markers at the end of
the sample row to act as a reference when visualising the gel under UV. The DGGE
was run at 65 °C using 50 V (Power Pac 300 Supply; Biorad, Hemel Hempstead, UK) for
approximately 16 h. The cumrent was terminated when the dye of the loading buffer
had migrated completely through the gel and dispersed into the TAE buffer in the cell
from the bottom end of the gel.

(v) Visualisation of the gel and excising of DNA bands for sequencing

When the electrophoresis was complete, the core was removed from the tank to a
shallow plastic tray to stain the gel. The glass plates were released from the clamp
and the apparatus was removed leaving the exposed gel resting flat on one
remaining glass plate (necessary to support the gel) in the staining tray. The gel was
stained for 30 minutes using SYBR green | (Sigma, Poole, UK; diluted 1/10% in 1x TAE} in
the dark. The stained gel was subsequently viewed on a UV transilluminator (UVP, San
Gabriel, CA, US) and photographed using Polaroid image analysis equipment (CU-5
GRI, Great Dunmow, Essex, UK). Finally, the gel was transferred onto a UV light box
and selected DNA bands were excised from the gel, placed in eppendorf vials filled
with 50 pl of Tris-EDTA buffer (pH 8.0} and sent for sequencing by a specialist

laboratory at The University of Newcastle upon Tyne.

The DGGE banding patterns from the photographic images of the gel were analysed
using the Quantity One® 4.1.1 software package (Bio-Rad, Hercules, CA, US),

discussed further in Chapter 7.
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Table 3.3: Summary of Primers and PCR Amplification Thermal Cycles used during amplification of 165 RNA gene

Primer Pair

Sequence

Reference

PCR Ampilification Cycles

PA

PH

AGAGTITGATCCTGGTCAG

AAGGAGGIGATCCAGCCGCA

Edwards ef al., {1989)

Initial Denaturation: 3 min, 95 oC
Denaturation: 1 min, $5°C
Annedling: 1 min, 55°C No. of cycles = 30
Extension: 1 min, 72°C

Final Extension: 10 min, 72 °C

vr

\'4i

CCTACGGGAGGCAGCAG

ATTACCGCGGCIGCGGG

Muyzer et al., (1992)

Initial Denaturation: 3 min, 5 oC
Denaturation: 1 min, $5°C
Annealing: 1 min, 65°C (reduced
by 1eC evéry second cycle)
Extension: 1 min, 72C
Denaturation: 1 min, 25°C
Annedling: 1 min, 53°C No. of cycles
Extension: 1 min, 72°C

Final Extension = 10 min, 72 <C

No. of cycles = 24

=15

D

pF

CAGCAGCCGCGGTAATAC

CATGGCTGTCGTCAGCICGT

Edwards ef df., (1989)

Initial Denaturation: 3 min, 95 °C
Denaturation: 1 min, 5 °C
Annedling: 1 min, 55°C No. of cycles = 30
Extension: 1 min, 72°C

Final Extension: 10 min, 72 <C




4.1
4.1.1
412

4.2
42.1
422
423
42.4
425
4246

43
43.1
432
433
4.34
435
43.6

4.4
4.4.1
4.4.2
443
4.4.4
4.4.5
4.4.6

45
45.1
452
453
454
455
456
457

4.5
4.6.1
44.2
463
4.6.4
4465
4.6.6
447
468

CHAPTER 4

DENITRIFICATION RESULTS
OVERVIEW

Data Management
Description of Statistical Analysis
TRIAL |
Confrols
Mid-Range Glucose Treatment
Low-Range Glucose Treatment
High-Range Glucose Treatment
General Linear Model Results
Summary
TRIALII
Controls
Glucose Treatment
Acetate Treatment
Low Acetate Treatment
General Linear Model Results
Summary
TRIAL I
Controls
Devonian Sandstone
Lower Greensand
Triassic Sandstone
General Linear Model Results
Summary
TRIAL IV
Controls
Mid-Range Glucose Treatment
Low Glucose Treatment
High Glucose Treatment
Acetic Acid Treatment
General Linear Model Results

Summary

GENERAL DISCUSSION OF DENITRIFICATION RESULTS
Abiotic, Autotrophic and Endogenous Denitrification

Residual Organic Carbon in Microcosm Effluents

Formation of Ammonium via DNRA Pathway
Formation and Persistence of NOz

C/N Ratio

Organic Carbon Losses

Effect of OC Substrate Type

Effect of Operational Interruptions

86



87

4.1 OVERVIEW

The denitrification results from all trials are presented graphically in this chapter
together with results from statfistical analyses. The results are organised by trial in
consecutive order (I, II, Ill, IV}; corresponding raw data and associated manipulations
are tabulated in Appendix 2. Owing to the volume of data, the individual Trial
Sections (4.2 - 4.5) give an overview of the empirical data and statistics. The results
are subsequently interpreted and discussed in greater detail, in the General

Discussion at the end of this Chapter, Section 4.4.

4.1.1 Data Management

The denitrification results, describing C and N data, are based on concentrations
measured from single bulk samples of effluents collected over 20-24 hr period, and
the microcosm feed solutions used to supply the microcosms during this time. The
coefficient of variation for both NOx and DOC analyses was < 1 % and instruments
were calibrated before each batch of analysis, with a quality check performed by

analyzing 2-3 samples in triplicate.

Throughout the trials, denitrification was diagnosed by a decrease in effluent NOs
and DOC conceniration over time, the fransient presence of NO2, and an overall
reduction in the concentration of total oxidised N {TON [NOz- + NO2]), as reviewed in
Chapter 1. Effluent TON is a more definitive measure of the amount of denitrification
occurring in the microcosms, than measuring NOs loss alone, because it
encompasses NOz and NO2 removal. Losses in TON were attributed to denitrification
and not N assimilation, as this had previously been demonstrated as being very low (<
2 %) {(Obenhuber and Lowrance, 1991} and additionally, NHa-N was provided as a

microbial nutrient in the microcosm feed solutions.

Nitrous oxide, an intermediate product of the denitrification reaction, was not
considered relevant to the water quality theme of this research and was not
quantified in these experiments. Ammonia-N analysis was performed on microcosm
effluents but was not detected in the microcosm effluent and therefore, is not
included in the results presented here, but considered in the General Discussion
(Section 4.6).

The term ‘denitrification’ refers to the loss of TON from the system (it is also assumed
for the purposes of these trials that the end product of denitrification is N2 gas) and
the terms NOs and NOz refer to NO3-N and NO2-N throughout. Denitrification yield is

also considered here in terms of % Denitrification Efficiency, a parameter commonly
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reported in literature (e.g. Her and Huang, 1995). This is calculated from cumulative

mass data over specified experimental periods.

To assess the amount of influent OC that was used in denitrification, the mass of DOC
consumed within the microcosms was calculated, taken as the difference between
influent and effltuent DOC (mg). This ‘mass of DOC consumed’ was subsequently

proportioned between the following categories of microbial activity:

¢ DOremoval

s Denitrification

* NOs reduction to NOz
¢ Biomass assimilation

e Undetermined

A combination of empirical data from the trials and estimated values (based on
reaction stoichiometry and published literature) were used to divide the mass of DOC
consumed between these categories (defails of data manipulation in Table 4.1).
Together with the mass of DOC measured in the effluent, the results provided a
conceptual hypothesis of how the OC fed into the microcosms might be utilised
biochemically. The results summarize the cumulative data from respective
microcosms, over the whole trial, excluding the first 4-7 days, when an initial period of

equilibration has been allowed (data are tabulated in Appendix 2).

4.1.2 Description of Statistical Analysis

The experimental data were statistically scrutinised using the general linear model
(GLM), which could accommodate the unbalanced experimental design of the
microcosm trials (pers. comm. Dr. E. Kulinskaya, Statistical Advisory Service, Imperial

College, London). Two different parameters were tested separately:

(i) Denitrification concenfration, (conc. of TON removed from the system];

(ii) NO2 presence, (conc. of effluent NOz).

The null hypothesis {Ho) throughout was that there was no significant difference
between the means of treatment groups (5 treatment groups per frial) at the 95 %

confidence level, (o = 0.05).

The data from the microcosm tests was considered in terms of treatment type, each
treatment consisting initially of two data sets from replicate microcosms, which were

subsequently pooled for the statistical analysis.



89

Table 4.1: Details of data manipulation used to partition the C mass balance into conceptual

categories of input OC utilisation

Utilisation Description Calculations
Category
DO removal The amount of DOC that would | Based on the assumption that the microcosm

be used to remove 10 mg ' DO
(this was used as a standard for
all  experiments, based on
laboratory measurement of feed
solution DO which ranged from 9-

11 mg DO 1)

feed solutions contadined 10 mg I, the
amount of DOC required to remove the DO
was set at 3.75 mg C I, according to the
stoichiometric reaction between the OC
substrate and DO [corresponding to 7.83 mg

d)

Denitrification

The amount of DOC required to
satisfy the observed

denitrification (overall loss of TON)

Calculated by multiplying the mass of NOs
denitrified (TON loss) by a factor of 1.07, which
represents the stoichiometric C/N requirement

for complete denitrification

NOs—-NO7

reduction

DOC requirement to reduced

NOs to NO2, based on the

amount of in the effluent

Calculated by multiplying the mass of NO»
present in the microcosm effluent by a factor
of 0.43, which represents the stoichiometric

C/N requirement for reduction of NOs to NOz»

Effluent DOC

DOC measured

effluent,

in  microcosm
accounting for
background residual

Section 4.6.2)

refer to

Measured effluent DOC samples converted
The
residual DOC that was present throughout the

from concentation to mass data.

Trials was accounted for as the lowest residual
DOC and this

subtracted from the measured DOC to give

recorded, amount  was

the effluent DOC used in the mass balances

Estimated

biomass fraction

The estimated amount of DOC
assimilated info the microcosm

biomass

15 % of the observed DOC
consumption, based on values in literature
(ITRC, 2000), the observed DOC
consumption = difference between nominal
DOC input and DOC residual in effluent

Estimated as

where

Unaccounted for

Mass of DOC that was consumed
but could not be accounted for
by the factors listed here (DO
NOs
effluent,

removal, denitrfication,
—NO7

biomass fraction)

reduction,

Calculated as the difference between the
observed DOC consumption and the sum of
the DOC requirement for [DO removal +
— NO7

denitrification + NOs + biomass

estimate]

The GLM procedure was caried out using the MINITAB (14) software package, and

the factors used to define the GLM were:

¢ Treatment type

¢ Day of experiment

e Microcosm number (a random factor nested within treatment type)
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The effect of time (‘day of experiment’) on the observation data was not of statistical
interest, but was included in the model to increase the proportion of variance in the
data sets explained by the GLM ANOVA. Where the GLM determined that there was
a significant difference between treatments, pair-wise Tukey tests were performed for

to determine which treatments were significantly different from each other.

4.2 TRIALI

The objectives of this trial were to achieve denitrification in the modified microcosm
apparatus and to measure NOz in the effluent. Nitrite was not monitored in the
previous work using the experimental apparatus (Cartmell, 1997), which examined
only NOz removal in relation fo C supply. The microcosm (MC) identification codes

for the experiment are as follows:

e MCI1 Sterile control (HgCly)
e MC2 Autotrophic control (no OC)
° MC?>— Glucose treatment; 22 mg C 1!

. MC%
« MC5 Glucose treatment; 11 mg C

e MCH$
e MC7 Glucose treatment; 39 mg C I
e MCS8

-’

The nominal NOs- input concentration was 15 mg N | in all microcosms. The results for

trial | are presented in Figures 4.1 o 4.3

4.2.1 Control Treatments (MC 1 and MC 2)

In both the sterile and the autotrophic controls (MC 1 and 2}, the concentration of
NOz in the effluent remained at the influent value and the diagnostic presence of
NOz in the effluent was not observed (Figure 4.1 a, b). The DOC concenfration in the
effluent of the sterile control also remained at the influent concentration. Therefore,
in both control treatments, biological denitrification was absent. Data from the
controls were not considered further in this chapter except in the statistical

examination of results.

An unexpected observation was the consistent presence of some form of DOC in the

autotrophic control (MC 2), at £ 4 mg C IH. This residual DOC had originated from the
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microcosm itself, as it was not present in the microcosm influent. This is discussed

further in the General Discussion (Section 4.6).

4.2.2 Glucose Treatments: 22 mg C ' (MC 3 and MC 4)

The concentration data for these treatment replicates (MC 3 and 4), demonstrate
that influent NOs was reduced over the duration of the trial (21 days), decreasing
from the influent value £ 15 mg NI to <4 mg N 1. Moreover, d concomitant NO2-
increase is observed in both microcosms (Figure 4.1 b, c). Nitrate reduction
commenced during fhe first week, but NOs- and NOz were detected in the effluent
at the end of the trial suggesting that the denitrification reaction had not progressed
to completion (where N2 gas is the final product). A loss of TON in the third week of
the trial (day 19 and 21) was observed compared to the first 8 days (Figure 4.2 a, b),
but NOz remained persistent. Therefore, it appears that dlthough some denitrification
was detected, significant of NO2z in the effluent occurred, accounting for >50 % of

the observed TON in samples taken after d 8.

The DOC profile for this treatment shows that the DOC was consumed to = 4 mg C |
in the effluents of both replicates (Figure 4.1 b, c). In MC 3, DOC declined with time
from the nomindl input of 22 mg C I’ to < 4 mg C I by day 21. The same
concentration decredse wds more immediate in MC 4, falling to <4 mg C ' by day é

and remdining at this value for the duration of the experiment.

A carbon mass balance comparing the consumption for different biological
processes is presented in Figure 4.3 a, b. The proportion of influent DOC used in
biological activity was estimated as 68 % in MC 3 and 76 % in MC 4 and just under
one third of the DOC supplied to the microcosms was recovered in the effluents. It is
unlikely that the DOC is unutilised glucose, which is a highly available microbial
substrate, since there was NOx also remaining. Of the 68-76 % influent DOC used in
biological activity, only 28-29 % was involved in denitrification-type reactions [DO
removal + denitrification + NOsy—NOz reduction]. Consequently, ‘alternative’
biological activity within the microcosms apparently successfully competed for, and
consumed the greater share of the influent DOC, even when biomass assimilation

was considered.

4,23 Glucose Treatments: 11 mg C I' (MC 5 and MC §)

In the low-range glucose replicates, receiving 11 mg C I, no NOs reduction was
observed in either replicate for the first week; thereafter, NOs decreased by
approximately 6 and 5 mg N I in MC 5 and 6, respectively (Figure 4.1 d, e). This was

associated with a concomitant an increase in NO2 concentration of approximately 5
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mg N I'' in both replicates. Furthermore, the NOx profile observed for MC 6 showed a
dynamic corresponding pattern in declining NOs- and increasing NO2- concentration
followed by the opposite condition where NOs increased and NOz declined. Under
flow-through conditions, such concentration dynamics are indicative of NOx— NOz
reduction reactions, where NOz is the end product and a decrease in effluent NOs-
results in an increase in NOz of an approximately equal magnitude. Conversely,
when less NOs is reduced, the concenfration in the effluent increases again, with a
concomitant decrease in NO2. Consequentily, overadll, whilst the proportion of NOx
and NOz in the effluent varies, there was no net loss of TON; hence complete

denitrification to N2 gy was not achieved (Figure. 4.2 ¢, d).

The influent OC was rapidly consumed in both treatment replicates; the effluent DOC
concentration fell to + 4 mg C I' after day 3 (Figure 4.1 d, €) and remained at this
value for the duration of the trial.  The DOC mass balance suggested that 86 % of
the influent carbon was consumed biologically in MC 5, and 74 % in MC 6 (Figure 4.3
c, d). Of this fraction, 38-40 % was consumed in denitrification-type reactions [DO
removal + denitrification + NO3»—NOz reduction]. However, DO removal accounted

for 34-35 % of this and actual denitrification accounted for< 1 %.

4.2.4 Glucose Treatments: 39 mg C I-'' (MC 7 and MC 8)

In the high-range glucose treatments (39 mg C I'), denitrification activity was
observed after day 5 in both replicates (Figure. 4.1 f, g). The NOs conceniration had
decreased to < 1.5 mg N I' at d 21, and the NO2 peaked at 89 mg N I' on d 8 and
declined subsequently. This was more pronounced in MC 8, where the final NOz»
concentration was 1.7 mg N I compared to 4.7 mg N ' in MC 7 on d 21. The
transient peak in NO2 indicated that denitrification had proceeded beyond the initial
NOs- — NOz reaction and that TON loss was occurring, which was confirmed by the
TON data (Figure. 4.2 e, f). There was no decline in TON during the first 8 days of the
trial; however, on d 10 and d 21, TON was reduced by more than 50 % to < 6.0 mg .
The TON in these effluent samples was composed mainly of NO2. Therefore, although
‘complete denitrification to N2 was observed, there was an imbalance in the

efficiency of the processes of NOs- and NO» reduction (discussed in Section 4.6).

The DOC concentration profiles for both treatment replicates show a decrease in
effluent DOC to < 5§ mg C ' which occurred over the duration of the trial (Figure 4.1 f,
g). The proportion of influent DOC apparently consumed in biological activity was 69
and 80 % in MC 7 and 8, respectively (Figure 4.3 e, f]. Of this percentage, 21 % was
used in denitrification activity [DO removal + denitrification + NOs—NOz reduction] in
MC 7 and 23 % in MC 8.
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Figure 4.2 {(a-f): Influence of glucose input: 22, 11 and 32 mg C ! on concentrations of NOas-

and NQOz2 as portions of the effluent TON during microcosm Trial |
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4,25 General Linear Model Results

The GLM to compare the effects of input glucose conceniration on denitrification
activity (TON removal) showed that there was no significant difference (P = 0.94)
between treatments (controls, 22, 11 and 39 mg C I} at the 95 % confidence level, {a
= 0.05) (ANOVA results are presented in Appendix 2). A second GLM to compare the
concentrations of NO2 persisting in the effluent also showed no significance between

treatments at the 95 % confidence level (P = 0.135).

Although some NOs reduction was observed in the treatment microcosms and
denitrification activity was becoming established, the statistical test showed that this
was not significant, given the nature of the statistical method, which pooled together
the denitrification and NOz- concentration data sets respectively to get the treatment
means. Therefore, given the relatively short duration of this experiment, the statistics
were more influenced by the observations made during the period when no

denitrification activity was observed.

4.2.6 Summary

* No denitrification activity was observed in the controls.

¢ NOs reduction activity was observed in all active treatments; in the low-glucose
treatment (11 mg C '), NOs was reduced to NOz only and no overdll
denitrification was recorded: in the mid- and high glucose treatments (22 and 39
mg C '), complete denitrification was observed, but there was a persistent NO2-
residual. However, neither denitrification nor NO2- concentration were statistically
significant over the short experimental duration.

¢ Increased influent OC concentration was associated with improved denitrification
and less NO2- residudl.

e Microcosm effluents contained a residual DOC of approximately 2.5 - 5.0 mg C I
in dll freatment types by the end of the trial. Residual DOC was additionally
observed in the effluent of the autotrophic control, which had not been fed OC.

s The proportions of influent OC used in denitrification activity [DO removal +
denitrification + NO>—NQ2 reduction] were: 38-40 % in the low (11 mg C I'1), 28-29
% in the mid-range (22 mg C '} glucose treatments and 21-23 % in the high-
glucose treatment (39 mg C I').

¢ The effluent DOC, as a proportion of influent OC was: 30-42 %, 31-39 % and 23-34

% in the low-, mid- and high-glucose regimes, respectively.
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4.3 TRIALII

The objectives of this trial were to compare denitrification efficiency and NO2
accumulation in microcosms treated with two different substrate types: glucose and
sodium acetate and, furthermore, to assess the effect of operational interruptions on

denitrification. The microcosm (MC) identification codes are as follows:

e MCI1 Sterile control (HgCl)
e MC2 Autotrophic control (no OC)
. MC?>— Glucose treatment; 22 mg C 1

e MCH4
e« MC5 Acetate treatment; 19 mg C I
e MC4é
e MC7 Acetate freatment; 11 mg C
e« MCS8

—

The nominal NQs- input concentration was 15 mg N I in all microcosms. The results for
trial Il are presented in Figures 4.4 to 4.6. The denitrification results of this trial were
more variable compared to the first trial, which had an essentially similar range of
DOC influent concentrations. However, there were operational procedures that
differed from the first trial, which must be considered. For instance, sampling was
more frequent in this trial, providing a more detailed profile of denitrification
dynamics. Furthermore, there were periods during this frial where the microcosms
were not pumping and the interstitial solution of the microcosms remained standing.
Care was taken to allow at least one day before sampling following a re-start. Finally,
towards the end of the Trial, the influent DOC was increased in increments of 5 mg C
I, on days 60, 70 and 78 to increase denitrification activity in the microcosms. The
microcosm stoppages and DOC increases are considered briefly here and in more

detail in Section 4.6.

4.3.1 Control Treatments (MC 1 and MC 2)

Both the sterile- (MC 1) and the autotrophic (MC 2) control tfreatments inhibited
denitrification. The NOsz remained at z influent concentration and no NOz was
detected in the effluents (Figure 4.4 a, b). DOC concentrations in the sterile control
also remained at the influent concentration, whilst in the autofrophic microcosm, a
residual DOC of up to 4 mg C I' was observed. No further manipulations were carried

out with the control data.
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4.3.2 CGlucose Treatments: 22 mg C I'' (MC 3 and MC 4)

The concentrations of NOx and DOC for the glucose replicates (22 mg C ) are
presented in Figure 4.4. b, c. The NOs concentration exhibited alternating maximum
and minimum values, fluctuating by up to 13 mg N I'1 between consecutive sampling
eventfs. Following influent DOC increases on d 61 and 70, NOs concentrafion
declined and was undetectable in the effluent after the final influent OC increase (to
37 mg C I) on d 78. The concentration of effluenf NO2 also oscillated between
consecutive samples, by up to 10 mg N 1. On d 49, NO2> peaked at 13.81 and 15 mg
N I1in MC 3 and 4 respectively. The NOz did not show any overall decline until day

78, after the final influent OC increase (to 37 mg C ).

The TON concentrations for this treatment demonstrated the dynamic nature of the
ratio of NOs to NOz in the effluents and of the TON. Between days 3 and 70 (when
influent OC was increased to 32 mg C I), there appeared to be a series of
fluctuations in effluent TON, where pecks in TON coincided with increased NOs
concenfration and the smallest TON values coincided with increased NOo
concentrations (Figure 4.5 a, b). The magnitude of the oscillations appeared to
become more pronounced as the frial proceeded, until the second increase in
influent OC on d 70, whereon NO2z became the dominant form of oxidised N in the
effluent. Following the final influent OC increase on d 78, the microcosms appeared

to sustain TON removal.

Thus, at the influent OC of 22 mg C I, the effluent TON concentration was equivalent
to the influent concentration, with NOs- and NOz- alternately constituting the greater
portion {Figure 4.5). The increase in influent OC to 37 mg C ' induced complete
denitrification, although a residual amount of NOz remcined. Inferruptions to
microcosm operation, on days 34, 54 and 41 did not apparently further impact the

concentration profiles of NOz and NOz2-.

Concentrations of DOC in the effluents of the two replicates were also variable
throughout the frial, although generally declined to approximately 4 mg C I {Figure
4.4 b, c). Unlke the NOx profiles, the DOC was more responsive to interrupfions in
microcosm operation. Following the first recess (day 34), effluent DOC increased by 7
and 11 mg C I in MC 3 and 4 respectively, the second recess (day 54) produced
concentrafion increases in excess of 13 mg C I'. The effect of the third recess was
more obscure, as it coincided with the increases in influent OC, nonetheless, the
sample taken after the third recess {on day 64) did exhibit a peak in DOC. These
findings imply that periods of operational shut-down caused a transient decrease in
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the utilisation of influent OC, potentially indicative of a decrease in microbial

metabolism, although this did not seem influence NOx.

The mass balances for DOC utilisation in Trial | are presented in Figure 4.6, These show
C partitioning in the first phase of the trial, prior to the influent OC increases (d 8-60),
and in the final phase of the trial, where influent DOC was increased to its maximum
value (d 79-84), where applicable. Generadlly, increased influent OC resulted in an
increased proportion of OC consumed in bioclogical activity, relative to that observed
in the effluent (MC 3 — MC §). The amount of influent OC used in denitrification-
related activities [DO removal + denitrification + NOs—NQ2 reduction] was similar
during the initial influent OC dose and the increased concentration doses (44 % and
44.5% respectively), however, the fraction of influent OC consumed in actual
denitrification reactions increased (by 12 -16 %), demonsirating the greater efficiency

under the higher dose.

4.3.3 Acetate Treatment: 19 mg C I'' (MC 5 and MC §)

Effluent NOs concentrations for the acetate treatment (19 mg C |'') exhibited @
fluctuating decreasing trend over the duration of the frial, stabilizing at a low value (<
1 mg N I} aofter day 60, when influent OC was increased (Figure 4.4 d, e). The
opposite pattern was observed for NO2- concentration. Thus, effluent NO2 content
was variable, but generdlly increasing between d 4 and d 0. The dynamic nature of
the concentration profiles was more pronounced in MC 6, where NOz and NOz-
concentration alternated in a series of high and low cycles, and the magnitude of
the fluctuoﬁéns increased over time. The TON results, however, showed that,
although the concentration of NOs» in the effluent was increasing, there was an
overall decrease in effluent TON and this was apparent prior to increasing the influent
OC concentration, from day 47 onwards (Figure 4.5). These results imply, therefore,
that denitrification was occurring in the microcosms at the initial acetate input
concentration of 12 mg C . The subsequent incremental increases in influent OC
apparently improved denitrification capacity, although the NO2- residual persisted in
the effluent until the end of the trial, when the influent OC was raised to 35 mg C .
Interruptions to microcosm operation on days 34, 54 and é4 had little effect on the
overall N concentration dynamics, particularly given the general variability of the

concentration profiles.

The DOC in the effluent fell below 4 mg C I by d 8 and remained approximately at
this concentration for the rest of the Trial. The operational interruptions coincided
with only one incidence of increased effluent DOC, when the concentration

measured in the effluent increased by 10 mg C ' was observed in MC 5 on d 56.
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The DOC utilization in this tfreatment indicated that biological activity accounted for
88-20 % of the influent OC (Figure 4.6). Of this fraction, between 47-53 % was
consumed in denitrification activity [DO removal + denitrification + NOs—NO2
reduction] prior to raising the influent OC concentration and this increased to 56 % at
the higher OC input. Specifically, the denitrification fraction increased by 23 % in MC
5and 31 %in MC 6.

4.3.4 Low Concentration Acetate Treatment: 11 mg C I’ (MC 7 and MC 8)

The effluent NOs concentrations for the low acetate treatment (11 mg C ), were
consistently between 10-15 mg N I! (Figure 4.4 d, e). Concomitantly, NOz fluctuated
between 0-4 mg N I, The TON data indicated relatively little quantitative loss of N in
either tfreatment replicate (Figure 4.5 e, f), although there appeared to be an
anomalous result in MC 7 on day 23. Therefore, the presence of NOz in the effluent
indicated that, at this low OC input concentration, the NOs reduction only

proceeded to NOx».

Effluent DOC rapidly decreased to the background residual value of 2-4 mg C I
(Figure 4.4 f, g). A smallincrease in effluent DOC was observed on day 26, peaking at
approximately é mg C I, This did not coincide with any operational amendments or
changes in NOx activity, although it could be related to a decrease in OC uptake by

non-denitrification microbial activity. This is given further consideration in Section 4.6.

The C mass balance (Figure 4.6) showed that 84-8é % of influent OC was consumed in
biological activity, of which, 46 % was involved in denitrification activity [DO removal
+ denitrification + NOs—NOz2 reduction]. The largest fraction of influent OC removal

was consumed in DO removal however (34-35 %).

4.3.5 Generadl Linear Model Results

The GLM showed that there was a statistically significant difference [P = 0.02} in the
concentration of N denitrified between the five treatment groups in this trial. A
significant difference (P = 0.01) in the concentration of effluent NOz> between the
active treatments {glucose, acetate and low acetate) was also detected by the
GLM. The mean concentrations of N denitrified and effluent NOz for each treatment

are summarised in Table 4.2.

The Tukey pair-wise comparison of N denitrified between treatments found no
significant difference between the sterile and autotrophic control treatments. The

concentration of N denitrified in all biologically active treatments statistically different
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from the controls (P values are displayed in Table 4.3). Referring fo the mean
concentration values for N denitrified (Table 4.2), and the Tukey stafistics, it is shown
that the glucose (22 mg C 1) and acetate (19 mg C |) treatments were not
significantly different from each other but both gave a significantly higher

concentration of N denitrified compared to the low acetate (11 mg C ) treatment.

With regards to the effluent NO2 concentrations, Tukey comparisons of the active
treatments (control treatments not included as no NO2 was detected) showed that
effluents from glucose and acetate treatments had significantly higher effluent NO2
concentrations than the low concentration acetate freatment (P = <0.001) but were
not significantly different from one another (P = 0.93). This is atfributed to the limited

denitrification activity observed in the low acetate treatment.

Table 4.2: Mean concentration values of N-denitrified and effluent NO2- for treatment regimes

inTrial Il
Treatment Mean concentration of N Mean concentration of effiuent
denitrified during Trial (mg ) NO2 during Trial {mg )
Sterile control (MC 1) 0.47 0.00
Autotrophic control (MC 2) 0.34 0.00
Glucose 22mg C H 4.71 5.41
(MC 3 and 4)
Acetate 19 mgCH 541 5.24
(MC 5 and 6)
Acetate 11 mg C I 0.75 1.22
(MC 7 and 8)

Table 4.3: Probability values indicating Statistical Significance of differences in concentration

of N denitrified between treatments during Trial Il. Probabilities determined by Tukey pair-wise

Comparisons
Autotrophic Glucose Acetate Low acetate
control 22mgClt 19mgcCH? 1TmgCH?
(MC 2) (MC 3 and 4) (MC 5 and ) (MC 7 and 8)
Sterile confrol 0.99 < 0.001 < 0.001 0.04
(Mc1)
Autotrophic control - <0.001 <0.001 0.02
(MC 2)
Glucose22mg C I - - 0.45 < 0.001
(MC 3 and 4)
Acetate 19 mg C I+ - - - < 0.001
(MC 5 and é)
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4.3.6 Summary

No denitrification activity was observed in the controls.

Nitrate reduction activity was observed in all active treatments. With low acetate
(11 mg C 1), NOs was reduced to NO2 only and no overall denitrification was
observed. In the glucose and acetate treatments (22 and 19 mg C ), the
effluents were characterised by variable NO3 and NO2> concentrations were the
ratio of NOs- to NOz fluctuated from high to low concomitantly. The magnitude
of the ratio-fluctuations increased over time, so that effluents were composed of
nearly all NOs or nearly all NOz. This dynamic was more pronounced in the
glucose treatment compared to acetate,

Denitrification (TON loss) was observed from the effluents of the acetate
treatment from day 47 onwards, prior to influent DOC increase.

Denitrification was not observed in the effluents of the glucose treatment until the
second phase of the trial, when the influent OC was raised.

A residual NOz concentration remained in the effluents of both the glucose and
acetate treatments when the influent OC increased to 34 and 37 mg C I,
respectively. The NOz in the acetate effluents, however, was < 1.5 mg N |,
whereas glucose effluents contained NOzN in the range 2.3-4.6 mg N I,

The mean denitrification efficiencies (d 8 to end of trial) were: 5 % in the low
acetate treatment, 31.4 % and 36.1 % in the glucose and higher acetate
treatments respectively.

All treatment microcosms exhibited a residual effluent DOC of approximately 4
mg C I,

In the two acetate treatments, increased influent OC produced a greater
proportion of influent DOC used in denitrification activity.

Microcosms supplied with acetate treatment consumed a greater portion of
influent OC in denitrification activity compared glucose (~ 10 % more).
Statistically, the glucose and acetate treatments showed a significantly higher
concentration of NOs- denitrified than the controls and low-acetate treatment,
though they did not differ significantly from each other in this respect.

Similarly, the glucose and acetate treatment showed significantly greater effluent
NOz concentrations than the low-acetate treatment, but did not differ

significantly from each other.

4.4 TRIAL NI

The objective of this trial was to assess the potential interaction befween the OC

amendment and dlternative electron acceptors; Fe3*, Mn4 and SO42. The results
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presented in this chapter describe denitrification activity only; Fe3*, Mn# and SO
activity is considered in Chapter . The various treatment types in this trial were
concerned with differing mineral content in the microcosm sandstone maitrix; ali
microcosms were given the same influent feed solution containing sodium acetate at
a concentration of 35 mg C I, On day 37, however, the influent OC dose was
increased fo 50 mg C ' so that concentration of OC avdailable for microcosm
biomass would be in excess of the stoichiometric requirement for complete N
denitrification. The nominal NOs input concentration was 15 mg N |1 in all
microcosms. The results for trial lll are presented in Figures 4.7 to 4.9, the microcosm

identificafion codes were:

« MCI1 Sterile (HgClz) control, Lower Greensand [LGS)
« MC2 Sterile (HgCla) control, Devonian sandstone

. MC31— Devonian sandstone

e MC4

s MCS5 Lower Greensand

. MC_6i
e MC7 Triassic sandstone

e MCS8

44.1 Control Treatments (MC 1 and MC 2)

In the sterile control microcosms, MC 1, MC 2, the NOs concenfration remained at
the influent value throughout the frial and NO2- was not detected in the microcosm
effluents, indicating the absence of denitrification activity (Figure 4.7 a). The effluent
DOC dlso remained at the influent concentration, and the increase in effluent DOC

on d 37 of the trial reflected changes to influent DOC concentration.

4.42 Devonian Sandstone Microcosms (MC 3 and MC 4)

In the microcosms filled with Devonian sandstone material, the effluenf NOs
concentration began to fall after day 4 in both replicates (Figure 4.7 b, ¢) and NOz»
was detected in the effluent on day ¢ in MC 3 and day 10 in MC 4. This suggested
that NOs removal occurred within the microcosms during the first 9-10 days of the
trial, even though the diagnostic presence of NO2> was not observed. Indeed, the
TON plots showed that, during the first 9 days, effluent TON decreased to < 10 mg N |
(Figure 4.8 a, b). Furthermore, NO2 is scarcely present throughout the trial and its
contribution to the overall TON did not exceed that of the NOs. Conversely, NOs
persisted in the effluent, albeit at concenfrations < 4 mg N 1 and complete
denitrification did not occur until d 44 in MC 3 and 38 in MC 4, coinciding with the
influent DOC increase to 50 mg C I,
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Effluent DOC declined over the first 12 days, falling by 28 mg C ' in MC 3 and 32 mg
C I"in MC 4. Following this, effluent DOC continued to fall overall with increasing and
decreasing flucfuations in both treatment replicates (Figure 4.7 b, ¢). On d 37, the
influent OC was increased to 50 mg C I, and this was reflected in the effluent DOC,
which increased to approximately 20 mg C I in both replicates for the remainder of
the frial, demonstrating that the microcosms had an upper limit to the amount of OC
that could be utilised in biologically mediated processes. Interestingly, the increase in
influent OC appeared to comrespond to the excess DOC in the effluent, suggesting
that in this case, it was largely unutilised. This was also evident from the mass balance
calculations, which showed minor differences in the quantity of DOC consumed for
denitrification-related activity between the two OC input doses (5-6 % difference),
compared to effluent DOC. Effluent DOC was notably higher following the increased
input dose, increasing by 10 % in MC 4 and 19 % in MC 3 (Figure 4.9).

443 Lower Greensand Microcosms (MC 5 and MC §)

In the microcosms filled with Lower Greensand material, effluent NOs exhibited an
initial period of decline during the first 21 days, after which, the concentration
stabilized in the effluents from both replicates, at + 1.0 mg N I' (Figure 4.7 d, e). This
concentration persisted until day 37 in MC 5 and day 35 in MC é, after which no NOs
was detected. Nitrite concentration peaked at 60 mg N in MC 5on d 16 and
548 mg N ' in MC é on d 21; it subsequently declined in both microcosms and was
not detected in the effluent after day 37. The results suggest that the denitrification
was tending towards completion on d 37, at the lower influent OC dose (35 mg C '),
but the increased dose (50 mg C I} on d 37, facilitated the complete reaction, and
NOx was not detected in the effluents under the higher dosage regime. This was

clearly demonstrated from the TON plots for example (Figure 4.8 c, d).

Effluent DOC decreased during the first 12 days of the trial, followed by a period of
fluctuation between 2 and 8 mg C I (Figure. 4.7 d, e) until day 37, when the influent
OC was increased. After this time, effluent DOC peaked at 25 mg C ' and persisted
in the effluent, fluctuating around 20 mg N I1.  Again, the influent OC amendment
(15 mg C ") approximated to the excess DOC measured in the effluent. This implied
little additional utilisation of influent acetate in biological processes and that the
majority of DOC in the effluent was acetate breakthough. This was reflected in the
DOC mass balances, (Figure 4.9), where the proportion of acetate-C consumed in
denitrification-relafed activity was varied by 3-4 % but the effluent DOC increased by
19 % in MC 5 and 16 % in MC 6.
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4.44 Triassic Sandstone Microcosms (MC 7 and MC 8)

In the Triassic sandstone microcosms, effluent NOs concentrations decreased to * 1
mg N I during the first 23 days of the trial and were generally absent after this time
(Figure 4.7 f, g). During the same period, NO2 was detected in the effluent, peaking
at approximately 4 mg N ' and was generally absent from the effluent after d 23.
Between days 16 and 23, NO2 constituted the majority of the TON observed in the
effluent (Figure 4.8 e, f). In this tfreatment, denitrification activity was observed from
day 5, but appreciable TON loss occurred from d 9 onwards. By d 23, complete
denitrification was evident, though there were sporadic incidents of NOs and NOz
residuals in the effluent. However, NOx was not detected after d 37 under the

increased in influent dose.

The effluent DOC showed a marked decline from the influent concentration to
approximately 6 mg C ' during the first 10-12 days in MC 7 and 8, respectively.
Subsequently, it fluctuated, approximating to 4 mg C I unfil d 37, where, following
the influent OC increase, the effluent DOC was also raised (Figure 4.7, f, g). The mean
effluent DOC concentrations after the influent OC was increased to 50 mg C | were
15.5 and 16.9 mg N I'T in MC 7 and 8, respectively, indicating that the majority of the
effluent DOC was substrate breakthrough. Increased availability of influent OC
eliminated the occasional detection of fraces of NOx in the effluent. The DOC mass
balance showed that the effluent DOC was greater following the increased input
dose (Figure 4.9), increasing by 16 % in MC 7 and 24 % in MC 8, whereas the fraction

of DOC consumed in denitrification related reactions varied by only 3-4 %.

445 General Linear Model Results

The statistical analysis by GLM showed that there was a highly significant difference in
the concentration of N denitrified in microcosms of different aquifer materials (P=
<0.001). Tukey pair-wise comparisons showed that the two sterile control microcosms
(MC 1, MC 2) were significantly different from the biologically active treatments (MC
3 - 8), as anticipated (Table 4.5). Of the active microcosm treatments, the only
significant difference in concentration of NOs- denitrified was detected between the
Lower Greensand and the Triassic sandstone microcosms. In this case, the Triassic
sandstone microcosms showed significantly more denitrification than the Lower
Greensand, as can be seen from the mean denitrification values in Table 4.4. The
concentration of N denitrified in the Devonian sandstone microcosms was
intermediate between the Triassic sandstone and Lower Greensand microcosms and

therefore was not significantly different to either type.
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The GLM for effluent NO2 concentration showed that there was a highly significant
difference amongst the active treatment groups, (MC 3 - 8) (P < 0.001). Lower
Greensand produced a significantly larger mean NO2z concentration compared to
the Devonian sandstone and the Triassic sandstone microcosms (P = 0.001), (refer to
Table 4.4 and 4.5). Conversely, the difference in effluent NO2 concentration
between the Devonian and Triassic sandstone microcosms was not significant, (P =
0.68).

Therefore, Lower Greensand was identified as having a lower concentration of NOs
denitrified and a greater concentration of NOz in the effluent, implying that
denifrification was less efficient in this aquifer material compared to Devonian and

Triassic sandstone.

Table 44: Mean concentration values of N-denitrified and effluent NO2 for microcosms

composed of different aquifer materials during Trial Il

Treatment Mean concenfration of N Mean concentration of effluent
denitrified during Trial (mg ') NO2 during Trlal (mg I)

Lower Greensand 0.63 0.00

Confrol (MC 1)

Devonian sandstone 0.32 0.00

Control (MC 2)

Devonian sandstone 12.10 0.64

(MC 3 and 4)

Lower Greensand 11.15 217

(MC 5 and $)

Triassic sandstone 13.16 0.82

(MC 7 and 8)

Table 4.5: Probability values indicating Statistical Significance of differences in concentration
of N denitiified in microcosms composed of different aquifer materials during Trial Il

Probabilities determined by Tukey pair-wise Comparisons

Devonian Devonian Lower Greensand Triassic
sandstone Conirol sandstone (MC 5 and 6) sandstone
(MC 2) (MC 3 and 4) (MC 7 and 8)

Lower Greensand 0.99 < 0.001 < 0.001 <0.001
confrol (MC 1)
Devonian sandstone - <0.001 < 0.001 < 0.001
Control (MC 2)
Devonian sandstone - - 024 0.16
(MC 3 and 4)
Lower Greensand - - - <0.001
(MC 5 and 6)
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4.4.6 Summary

No denitrification activity was observed in the sterile control treatments.
Denitrification was observed in all biologically active microcosms, however, the
relative efficiency of denitrification activity differed between the aquifer materials
tested.

The differences in the concentration of N denitrified followed the order: Lower
Greensand < Devonian sandstone < Triassic sandstone, however, the difference in
N denitrified was only significant between the Triassic sandstone and Lower
Greensand aquifer materials.

The Lower Greensand microcosms also showed a significantly higher effluent NOz
concentration, compared to that measured in the Devonian and Triassic
sandstone.

Mean denitrification efficiencies across the whole trial (encompassing both input
OC doses) were: 80.7 % in the Devonian sandstone microcosms; 74.3 % in the
Lower Greensand microcosms; 87.7 in the Triassic sandstone microcosms.

A residual amount of DOC was present in the microcosm effluents, equivalent to
approximately 4 mg C I, when denitrification was established.

Effluent DOC increased in direct proportion with the increased influent OC dose
(+15 mg C 1) on day 37 indicating substrate breakthrough. However, raising the
input dose eliminated the trace TON residual (~ 1 mg N I1) for the remainder of
the experiment.

The proportion of influent DOC used in denitrification activity [DO removal +
denitrification + NQO3—NO2 reduction] ranged from 38-45 % in the Devonian
microcosms, 40-44 % in the Lower Greensand microcosms and 40-52 % in the
Triossic sandstone microcosms. The concentration of input OC used in
denitrification was similar under both the 35 mg C ' and 50 mg C ' dosage
regimes, although when considered as a proportion of the total C mass balance,

the amount consumed in denitrification was less under the higher OC dose.

4.5 TRIAL IV

This Trial examined denitrification activity under conditions representative of UK

aquifers using sandstone and raw NO2 contaminated groundwater obtained from an

operational public water supply facility (refer to Chapter 2 for details). Different

concentrations of glucose, currently proposed as the OC substrate for the ISBD pilot

Trial, were used to assess the influence of denitrification on water quality, particularly

with regards to NO2 persistence. An alternative substrate; acetic acid, was also
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tested as a potential OC substrate to support denitrification. The freatment regimes

and microcosm identification codes for this trial were:

s MCI1 Autotrophic control

« MC2
e MC3 Glucose treatment; 35 mg C I
s« MC4

e« MCS5 Glucose treatment; 28 mg C I

e MCé Glucose treatment; 44 mg C I

« MC7 Acetic acid treatment; 35 mg C I
e MCS8

The nominal NOg input concentrafion was 15 mg N I in all microcosms. The results for

Trial IV are presented in Figures 4.10 to 4.12,

4.5.1 Control Treatments: no OC (MC 1 and MC 2)
The autotfrophic controls show that the NOs remained at influent level throughout the
frial and NO2z was not detected (Figure 4.10). The DOC of the microcosm effluent

ranged from 1-6 mg C I,

452 Glucose Treatments: 35 mg C |1 (MC 3 and 4)

In MC 3, NOs reduction commenced between d 1 and 4 (Figure 4.10) and
subsequently, complete denifrification, was initiated by d é (Figure 4.11). Complete
denitrification was achieved by d 15, but NOx was detected occasionally in the
effluent throughout the trial. In MC 4, TON loss, concumrent with the detection of
effluent NO2 was observed on d 4, however, NO2x persisted in the effluent from this
microcosm for the duration of the experiment, generally at concentrations =
4 mg N I' and there was little further TON loss (Figure 4.11}. Complete denitrification
was not achieved in this treatment, except for an isolated occurrence on day 19.
Between d 23 and 24, there was a 48 hour recess in operation, when the microcosms
were not pumped. However, this recess did not appear to affect NOyx activity in this

tfreatment.

The concentrations of DOC in the effluents decreased to approximately 4 mg C I
during the first week and remained at this concentration for the duration of the trial
(Figure 4.10 b, c), although values as high as 8 mg C I were occasionally measured
in MC 3 effluent. The operational recess was probably responsible for the increased

effluent DOC observed in both replicates on d 25.
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The differences in denitrification between the two microcosms are reflected in the
DOC utilisation profiles, (Figure. 4.12 a, b}, which show that 47 % of the influent OC
was directed towards denitrification activity [DO removal + denitrification + NOs—
NO2 reduction] in MC 3, compared to 38 % in MC 4. Conversely, a higher proportion
of influent OC (38 %} went towards altemative biological activity in MC 4, compared
to 28 % in MC 3.

453 Low Glucose Treatment: Glucose 28 mg C |1 (MC 5)

The microcosm that was fed glucose at a concentration of 28 mg C | exhibited an
initial decrease in effluent NOgz, which fell to 5 mg N I' by day 4. Subsequently, the
NOs conceniration fluctuated between 0 and 5 mg N I, increasing to approximately
10 mg N I during the final 3 days of the experiment (Figure 4.10 d}. Concurrently,
effluent NOz increased to 5 mg N I'' and persisted between this value and 9 mg N I,
Effluent TON declined to approximately 10 mg N I, but no further decreases were
generally observed (Figure 4.11 ¢). Nitrite remained the principal component of the
TON, until the final 3 days of the trial; therefore, it is apparent that, whilst some
compete denitrification occurred, the NO3—NO2 reduction reaction dominated in

this tfreatment.

The concentration of DOC in the effluent was reduced to < 4 mg C I' by d 5 and
remained consistently at this value (Figure 4.10). The DOC measured in the effluent
constituted 2 % of the influent OC. Of the 98 % that was therefore consumed in

biological activity, 41 % of this was involved in denitrification reactions.

The interruption fo microcosm pumping did not influence either the NOx or DOC

concentrations in this treatment.

454 High Glucose Treatment: Glucose 44 mg C I'1 (MC §)

In MC 6, fed glucose at a concentration of 44 mg C I, denitrification activity was
evident from d 4. The NOsz concentration in the effluent decreased to 5.17 mg N I
whilst NO2- was detected at a concentfration of 2.39 mg N I'' and the TON decreased
from the influent value fo 7.56 mg N I (Figure 4.10 e; 4.11 d). Subsequently, both NOx
and NO2 typically remained between 0 and 4 mg N I, (although NOs- did increase
above this amount during the final two days of the experiment). Whilst effluent TON
concentratfion decreased below the detfection lmit by d 11, it subsequently
increased once more, measuring 10.04 mg N ' by the end of the experiment (Figure
411 d). Thus, denitrification activity in this microcosm was approaching 100 %

efficiency over the first 16 days of the experiment, but this was not sustained, even
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Effluent DOC decreased to <4 mg C I'' by d 6 of the frial and remained at this value
until d 11, it became more variable (Figure 4.11 ). The arrest to microcosm pumping
during d 23-24 was apparently responsible for the peak in effluent DOC on d 25.
However, the reasons for the other variations in effluent DOC are uncertain but may
relate to competitive inhibition of denitrifying bacteria by other microbial groups, as
discussed in Section 4.6. The DOC mass balance for this freatment (Figure 4.12 d)
suggested that effluent DOC comprised 23 % of the influent OC and of the 77 % used

in biclogical activity, only 35 % was consumed for denifrification purposes.

45.5 Acetic Acid Treatment: 35 mg C I'' (MC 7 and MC 8)

In the acetic acid freatments (35 mg C I}, denitrification activity was observed from
d 4; NOs concentration decreased from the influent value to approximately
5 mg N I and NOz was detected in the effluent at a concentration of 3 mg N I in
both replicate microcosms (Figure 4.10 f, g). Additionally, the TON dropped from the
input concentration to approximately 8 mg N |1 (Figure 4.11 e, f}). By d 6, no NOs was
detected in the effluent and remained largely undetected in MC 7 and was
completely removed below detectable limits in the effluent of MC 8. Nitrite persisted
at low concentration, < 0.5 mg N I in the effluents until d 13 in MC 7 and day 11 in
MC 8. Thus, complete denitrification was observed during the second week of the
trial and was maintained during the remaining experimental period. The imbalance
in NOs and NOz reduction, which caused NO2 to persist for up to 5 days, diminished
without additional amendment to the influent OC dose. Indeed, once complete
denitrification was established, the effluent DOC increased, suggesting that less OC
was required to sustain the microbial community within the microcosms. In this
regard, influent OC was decreased by 5 mg C I {to 30 mg C I'') during the final 4
days of the trial and this alteration to the OC supply regime did not affect the NOx

profile, which continued to attain complete denitrification.

The DOC in this freatment was consumed to approximately 4 mg C 1'in MC 7 by d 6,
and remained at this value until all TON had been removed, by d 13, After d 13,
however, effluent DOC increased to concentrations of up to 15 mg C I, varying
between this amount and 5 mg C It (Figure 4.10 f). Similarly, in MC 8, the DOC was
consumed to £ 5 mg C I during the first 11 days, and once all TON had been
removed, the effluent DOC increased, peaking at 16 mg C I' on d 25. The effluent
DOC concentration for days 30 and 32 had returned to the 4 mg C I concentration
previously observed in the effluents from this treatment. These results coincided with
the 5 mg I reduction in influent DOC: however, since the trend in effluent DOC was
approaching this value prior to the change to influent OC, this was not necessarily

indicative of a microbiological response.
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The DOC mass balances showed that 83-86 % of the influent OC was consumed
within the microcosms, and that 57 % was used for denitrification purposes [DO
removal + denitrification + NO3—NOz2 reduction] in both microcosms (Figure 4.12 e, f).
Nitrate reduction to NOz, as an independent reaction from denitrification, was not

important in this treatment, since complete denitrification quickly established.

4.5.6 General Linear Model Results

Significant differences in the concentration of NOsz denitiified between the
treatments groups were detected by the GLM (P = 0.01). As anticipated, Tukey pair-
wise comparisons subsequently showed that all tfreatments supplied with OC had
significantly higher denitrification than the autotrophic controls (refer to Tables 4.4
and 4.7). Furthermore, highly significant differences in denitrification were detected
between the acetic acid treatment {35 mg C ') and all glucose treatments (35, 28

and 44 mg C ).

Of the three different glucose treatment regimes, the two higher does, (35 and 44 mg
C ") showed highly significant differences in denitrification when compared to the
low glucose treatment (28 mg C I''). However, these two higher glucose treatments
(35 and 44 mg C |) did not show a significant difference in the concentration of N

denitrified, compared to each other, {refer to Table 4.7 for Tukey P values).
The difference in mean effluent NO2 concentrations between treatment groups

amended with OC was not found to be significant, though the mean values, listed in

Table 4.6 indicates that there is some degree of variation.

Table 4.6: Mean concentration values of N-denitrified and effluent NOz2 for treatment regimes

inTrial IV
Treatment Mean concentration of N Mean concentration of effluent
denitrified during Trial (mg I1) NO:- during Trial {mg I-1)

Autotrophic 0.43 0.00
confrols (MC 1 and 2)
Glucose 35mg C I 11.19 2.36
(MC 3 and 4)
Glucose 28mg C I 5.21 6.04

(MC 5)
Glucose 44 mg C I? 11.19 1.5
(MC 4)
Acetic acid 35mg C I 14.85 0.10
(MC 7 and 8)




121

Table 4.7: Probability values indicating Stafistical Significance of differences in concenfration

of N denitrified between treatments during Trial lll. Probabilities determined by Tukey pair-wise

Comparisons
Glucose Glucose Glucose Acetic acid
3SmgCHh 28mgcCH 44 mgCI1 3SmgcCl
(MC3and 4) (MC 5) (MC 8) (MC 7 and 8)
Autofrophic conirols < 0.001 <0.001 <0.001 < 0.001
(MC 1 and 2)
Glucose 35mgC I - <0.001 0.99 <0.001
(MC 3 and 4)
Glucose 28 mg C [ - - <0.001 < 0.001
(Mc 5) '
Glucose 44 mg C I - - - < 0.001
(MC &)

457 Summary

+ No denitrification activity was observed in the autotrophic controls.

* Denitrification activity was observed in dll active treatments, although in the low-
glucose microcosms {28 mg C ), NOz — NO2z reduction prevailed.

e Complete denifrification was only sustained in the acetic acid treatment;
conversely, NOz persisted in all glucose-treatments.

» Mean denitrification efficiencies for day 8-32 were: 76.3 % in the mid-range
glucose freatment; 31.4 % in the low-glucose treatment; 74 % in the high glucose
freatment and 99.1 % in the acetic acid treatment.

e The concentration of NOs denitrified in the low-glucose freatment was
significantly lower than all treatments, there was no significant difference
between mid- and high- glucose treatments and the acetic acid freatment
denitrified significantly more NOs- than all other tfreatments.

o Conversely, there was no significant difference in concentration of effluent NOz
between microcosms supplied with OC.

e Inthe glucose freatments where influent OC was £ 35 mg C I, effluent DOC was
typically around 5 mg C 1. In the high glucose treatment and the acetic acid
freatment, effluent DOC exhibited increases of 15 and 10 mg C ' above this
value, respectively.

s The operational recess did not appear to affect NOx dynamics in any freatment,
but did cause effluent DOC to increase.

e Influent DOC used in denitrification activity [DO remaoval + denitrification + NOsz—
NO7 reduction] was: 44-57 % in the mid-range glucose freatment; 41 % in the low-
glucose treatment; 35 % in the high glucose treatment; 57 % in the acetic acid

freatment.
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4.6 DISCUSSION

4.6.1 Abiotic, Autotrophic and Endogenous Denitrification

As the results presented in this chapter demonstrate, NOz reduction occurred in all
biologically active treatments, whereas in control freatments, no significant NOs
reduction was observed. The abiotic (chemically sterilised) controls employed in the
experiments showed that. the denitiification detected was microbiologically
mediated and since denitrification was not detected in the abiotic controls, it can be
concluded that chemical NOz reduction was not significant under the condifions
and time scales of the experiments. In the control microcosms which were operated
autotrophically, no denitrification activity was observed. This suggested that
denitrification in the microcosms supplied with OC was supported by heterotrophic
organisms and fthat autofrophic denitrification, for example, supported by an

inorganic electron donor, was not significant in these experiements.

Furthermore, these results implied that endogenous denitrificafion was undetectable,
in agreement with previous work. For example; Janda (1988} advocated the use of
an exogenous substrate during denifrification of drinking water because the rate of
endogenous respiration approximated fo only 10 % of exogenous respiration, and Her
and Huang (1995) measured endogenous denitrification efficiency as being 2.2-17.8
%.

4.6.2 Residual Organic Carbon in Microcosm Effluents

Many studies of biological denitrificafion identify a residual OC content in the
denifrified water (Her and Huang, 1995; Mosheni-Bandpi ef al., 1999; Gomez et dl.,
2000). It is often assumed that this carbon is simply a portion of the influent/media OC
substrate that is unused, for example, owing to an excessive initial C/N ratio, and the
precise nature of the carbon is not determined. As such, this ‘carbon breakthrough'
is typically dismissed as a residual which must be removed by post-denitrification
treatments. In the denitrification trials presented here, an organic carbon residual
was detected in all trials, at concentrations of + 2-4 mg C I, This was defined as the
lowest concentration of effluent DOC which could consistently be detected for an

individual microcosm, regardless of NOx activity.

The carbon residual can be fentatively distinguished from influent carbon
‘breakthrough,’ where effluent DOC exceeds this residual concentration, and may
be directly linked to influent OC passing through the column without being oxidised
and hence being detected in the effluent. Forinstance, during Trial Ill (Section 4.4.4),
the effluent of Triassic sandstone microcosms fed with sodium acetate at 35 mg C |1
(MC 7 and 8, Figure 4.7) had a DOC concentration of £ 4 mg C ' between d 12 and
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37. However, when the OC in the influent was increased at the end of d 37, a
proportional increase in effluent DOC was observed, demonstrating breakthrough of
the influent carbon, as described by Her and Huang (1995), for example, under
excessive C/N ratio. It was assumed, however, that where effluent DOC was in the
range * 2-4 mg C I, that this was not substrate breakthrough and was hence
described as a residual OC concentration, which may have been caused by either

physico-chemical or biological processes within the microcosm.

In heterotrophic denitrification processes, for example at WWTPs, OC residuals are
typically produced as a result of microbiological activity, and categorised as soluble
microbial products (SMPs). The definition 'SMP’ may be used broadly to describe any
soluble materials present in the effluent of a biclogical system that were not present in
the influent; collectively referring to organic compounds produced from the microbial
catabolism of substrates (usually accompanying biomass growth) and decay of
biomass (Barker and Stuckey, 1999). A variety of compounds are thus encompassed
in the SMP category, owing to ambiguities in absolute definitions and the difficulties in
analytically characterising SMPs. However SMPs that have been identified include:
polysaccharides, proteins, nucleic acids, amino acids organic acids, humic and fulvic
acids, structural components of cells, exocellular enzymes and products of energy

metabolism (Barker and Stuckey, 1999).

Similarly, Hamon and Fustec (1991) observed residual OC concentrations in the range
of 1-4 mg C I" in heterotrophic denitrification treatments, and attributed this to the
products of microbial autolysis. Therefore, it is reasonable to assume that in the
microcosm supplied with OC, the residual was attributable to SMPs and the products

of microbial biomass decay.

However, during the microcosm experiements, the effluents of the cautotrophic
control microcosms consistently contained an OC residual of similar concentration fo
that observed in the effluents of the biologically active microcosms. This is
contradictory to the hypothesis that heterofrophic microbial activity was ultimately
responsible for the effluent OC residual. Therefore, an alternative explanation for the
OC residual might be the presence of physico-chemical phenomena, such as
leaching. For example, the Triassic sandstone which was used in most of the
microcosm Trials, reportedly has a solid-bound OC content of 0.147 % (Thomnton et al.,
2000), which approximates to a concentration value of 1.47 mg g'sand. It may be
possible that the freatment of the sandstone material during the microcosm frials, for
example, crushing and sieving and subsequently, the exposure to an artificial

microcosm feed solution of low anticipated ionic/dissolved solids content during
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microcosm operation, caused the solid bound OC content to be slowly released into

solution.

Without further analysis, however, the nature of the OC residual cannot be fully
elucidated but its presence could have further implications for post-denitrification
treatments (considered further in Chapter 8). The occumrence of a residual OC
concenfration in the autofrophic control microcosms, regardless of its nature,
suggests that biclogical denitrification is unlikely to have a pronounced detrimental or
additional impact on the OC conftent of the denitrified water compared to row

groundwater resources.

4.6.3 Formation of Ammonium via DNRA pathway

When NOs reduction proceeds via the DNRA pathway, NHs* is produced rather than
N2 gas. This may occur in carbon rich environments where the NOaN is the limiting
factor; the formation of NH4+ allows microbes to utilize more electrons per N atom, as
reviewed in Chapter 1. The formation of NH4* poses a risk to ISBD plants, where the
injection of OC may produce sites of relatively high C/N concentration, if opfimal
dispersion of the injected substrate is not achieved, as observed by Hamon and

Fustec (1991}, for example.

In these experiments, microcosm samples (effluent and feed solutions) were analysed
for NHs* as part of the N analysis suite and in all samples examined, NH4+ was below

the lower detection limit of the analytical instrument limit {0.25 NHs* as N mg ).

4.6.4 Formation and Persistence of NOz

Nitrite, the first intermediate product of denitrification activity, is commonly observed
in the effluent of heterotrophic denitrification systems during the first few days of OC
supply (e.g. Fourmeniraux-Chevron et al., 1999; Nutall et al., 1999; Smith et al., 2001).
Nitrite was detected in these experiments during the first 4 days, indicating that NOs-
reduction had initiated. The concentration of NO2 in the system typically increases
during the next few days, corresponding to the lag period in which the microbial
enzyme pathways necessary to reduce NO2 are produced (refer to Chapter 1).
During this time, continued NOz reduction is responsible for the increase in effluent
NO2 concentrations, but once the NO2 reduction pathways become active, both
NOs and NO2 concentrations can decrease, indicating a nef loss in TON from the

system (i.e. denitrification), as depicted in Figure 4.13.

Efficient denitrification systems should exhibit similar NOx concentration profiles to

those depicted in Figure 4.13, where NO2» accumulation is transient; although the
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concentration of NOz produced in the effluent may be temporarily in excess of

regulatory requirements (e.g. EU MAC = 0.5 mg NOz I1).

Concentration

Figure 4.13: Schematic representation of the Concentration Profiles of NOs and NOz in flow-

through denitrification systems

Several examples of ISBD or microcosm denitrification describe a transient presence
of NO2 in the denitrified water (Hamon and Fustec, 1991; Bates and Spalding 1998;
Abdelouas et al., 1999; Nutall et al., 1999), but the scarcity of NO2> data reported in
published literature has been noted (Bates and Spalding. 1998). Conversely, results
from the microcosm experiments presented here reveal a more persistent presence
of NOz in the effluents of active microcosms, likely to impinge on the qudlity of

denitrified water.

In microcosms that were fed with an OC dose below the stoichiometrically
calculated optimum dose (including biomass assimilation factor), for example, in Trials
I and II; microcosm effluents contained NOs- and NOz, but no overall TON was lost, as
depicted in Figure 4.14 (a) and (b). This suggested that a small portion of the NOz
was reduced to NOz, but no further reduction occured and NOs remained the
dominant N species in the effluent. In some cases, the NOa- reduction activity also
fluctuated between periods of NO3- — NO» reduction and no reduction activity at all,
hence a series of maxima and minima in the NOz concentrations were observed.
These concentration fluxes were oppositely reflected in the NO2 profile, as depicted
in Figure 4.14 (b). Under these OC-limited conditions, denitrification activity was
electron limited and the majority of the electron resource was consumed by DO

leaving only sufficient for NOs reduction only (refer to Chapter 1),
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Figure 4.14 (a - f): Schematic representation of the various NO3 { —— ) and NOz (=== )

concentration profiles observed during microcosm experiments

Microcosm treatments receiving OC doses calculated to be optimal with regards to
the stoichiometric denitrification and biomass growth requirements, for example the
acetate (19 mg C ') and glucose (22 mg C I') treatments in Trial Il, exhibited NOx
profiles similar to those depicted in Figure 4.14 (c) and (d) respectively. In these

microcosms, NOs- was reduced initially to NOz- only, but once NO2 reduction activity
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had initiated, the effluent NOs concentration decreased over time, with a
corresponding increase in NO2. Nitrite became the dominant N-species in the
effluents and complete denitrification was observed on sporadic occasions
suggesting thaf, although full denitrification was occurring, there was an imbalance
between NOs and NO2 reduction activity, with NOs reduction consuming the

majority of available OC.

These NOs and NO2 dynamics were complicated further by an alternafing cycle of
NOs and NOz dominance that became progressively more exaggerated over time.
This cyclic pattern was particularly errafic in the glucose freatment (Figure 4.14 d),
compared to the acetate freatment (Figure 4.14 c). From these simplified NOz- and
NQOz2 profiles it can be seen that NOz {produced from NQOz reduction} exhibited a
sequence of maxima and minima, which increased in magnitude over the duration
of the experiment. A similarly fluctuating NOs response was observed by Dahab

(1993), although NOz concentrations were not measured in this instance.

The progression of NO3z reduction in this succession of arrested cycles is defined by
periods of increasing NOs reduction activity, punctuated by inactive phases, during
which time NOz is washed out of the microcosm system and the NOs- fed to the
microcosms simply passed through and into the effluent. The reason for the series of

apparently inactive periods remains unclear.

It may be possible that NOs reduction was inhibited by the presence of rising NOz
concentrations owing to the toxicity of the ion. In this case, increases in NO2 would
inhibit NO3s- reduction but this effect would be reversed when the concentration of
NOz in the system decreases, under the flow through conditions in the microcosm.
However, this remains speculative, particularly given the relatively low concentrations
of NOr compared to published data which document inhibifory effects at
concentrations in the range: 30-250 mg NOzN I at pH 6-7 (Glass et al., 1997}
Furthermore, the shape of the NOx profiles would have perhaps shown more abrupt

changes if NOz toxicity had been the mechanism of denitrification inhibition.

An dlfernative explanation for the unstable denitrification observed in this experiment
is that the OC dosage applied, although calculated to be stoichiometrically
balanced for complete denitrification, was insufficient in practice, due to the
presence of other sinks for the OC, not considered in the stoichiometric calculation of
OC demand. For example, in the case of these experiments, the elecfron shortage
was potentially exacerbated by DO intrusion into the system possibly through the

tubing delivering feed solution to the microcosm. Similarly, the erratic effluent NOs
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reduction observed by Dahab (1993) was attributed to inconsistent microbial growth
and insufficient OC, aggravated by DO contamination of the experimental system.

These factors probably account for the dominance of the NOs- — NOz reaction.

If the fluctuations observed in the NOs- reduction activity were indeed caused by an
artefact of the experimental system, it demonstrates the sensitivity of the microbial
community to fluctuating environmental conditions and the importance of changes
in OC dose, even of the magnitude of only a few mg I'. For example, the glucose
microcosms exhibiting the effluent NOx fluctuations described by Figure 4.14 (d) had
an influent OC dose of 22 mg C I''; conftrastingly, in Trial IV, a microcosm fed glucose
aft an influent dose of 28 mg C I' gave an NOx profile similar to that depicted in

Figure 4.14 (e), in spite of the changes to microcosm tubing.

The microbial community did appear to gradually increase its NOs reduction
capacity, however, during successive periods of NOs- reduction. This was probably
due to an increase in biomass volume and possibly because of adaptation to the
environmental and OC supply conditions. The results suggest that cyclic patterns in
denitrification activity between NO3z and NO2 concentration, where NOs reduction
to NO7 initially became established as the dominant reaction, only stabilised fo
produce complete denitrification and TON loss with increased OC dose. Nitrite,
however, continued to persist in the effluent at £ 4 mg C I, suggesting that more OC
was required, although the acetate treatment was more effective at stimulating

complete denitrification and NO» removal compared to glucose.

Indeed, in Trial lll, where microcosms were fed an OC dose of 35 mg C H, complete
denitrification was achieved by day 23, but NOz> was occasionally detected in the
effluent. However, no NOz was detectable during the final 15 days of the frial when

the OC dose was increased to 50 mg C |-,

Conversely, during Trial IV, a range of glucose doses between 28-44 mg C I! did not
produce marked differences in the NOx concentration profiles, which resembled
those depicted in Figure 4.14 e. Statistically, there were no significant differences in
NOz production between the three glucose doses of 28, 35 and 44 mg C I, and no
significant differences in the amount of N denitrified in the fop two dose were
apparent, suggesting that the maximum denitrification efficiency under glucose dose
had been reached, but NOz was able to persist in microcosms treated with this OC
source. This was in contrast to the acetic acid microcosms also studied, where
complete denitrification was achieved in < 14 days and was sustained throughout the
trial even when the OC dose was reduced from 35 mg C I' to 30 mg C I, The NOx
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profiles in this treatment are depicted in Figure 4.14 (f), and closely resemble an
idealized denitrification system. The 14 day 'start up’ period required to achieve
complete denitrification is consistent with reported start up times of 15-21 days before
consistent denitrification is achieved, (Hamon and Fustec, 1991); Fourmentraux-
Chevron et al., 1998; Devlin et al., 2002).

Therefore, it appears that in the maojority of the microcosm experiements presented
here, OC limitation is the principal cause of NO2> accumulation and persistence in the
effluents. This could be explained by competitive inhibition and to a lesser extent,
could be due to the selection of those organisms only capable of NOs reduction
(e.g. Glass ef al., 1998).

4.6.5 C/N Ratio

Throughout the microcosm trials presented here, a range of C/N ratios were used, as
detailed in Table 4.8. The differing ratio of C/N administered to the microcosms in the
influent solution corresponds to a range of 15 mg C I in the influents for all the
glucose and acetate treatments in Trial Il and Il and 16 mg C I for the glucose
treatment in Trial IV ('low’ concentration treatments not included). The C/N ratios,
ranging from 1.46 — 3.33 in the microcosm experiments were within the range of C/N
rafios reported in literature, summarised in Table 4.9. The C/N doses in the microcosm
experiments were generdlly in excess of the stoichiometric quantity, but are relatively
conservative compared to the C/N values reported in the literature. Many of the
microcosm experiments experienced C limitation, which resulted in incomplete
denitrification, where NOs reduction to NO» became the dominant reaction. Where
this occurred, an increase in influent OC concentration stimulated denitrification

activity and generally resulted in the complete biological reduction of NOs and NO2-.

During these experiments denitrification efficiency increased with increasing C/N ratio
in the influent dose until maximum denitrification was achieved (depicted in Figure
4.15), in agreement with the observations of Her and Huang (1995). In the case of the
acetate treatments, this relationship was approximately linear, (R = 0.99), but the
relationship between denitrification efficiency and glucose C/N input was described

by a second order polynomial relationship (R = 0.88).

Figure 4.15 illustrates that the highest denitrification observed in the microcosms
supplied with glucose was 84 %, at an influent C/N of 2.33; the next incremental dose
(C/N = 2.46) resulted in a decrease in denitrification efficiency to 70 £1 %. Therefore,
from these experiments, it appeared difficult fo achieve and moreover, to sustain
denitrification with glucose, compared, for example, to the other substrates used in

these experiements: acetate and acetic acid.



Table 4.8: Summary of Influent C/N ratios used in microcosm treatments, denitrification efficiency and influent OC consumption,
{calculated from empirical N and C consumption data, Trial | not included due to insufficient data; ‘Low’ OC treatments from Trial Il and |l

notincluded). Treatments in which complete denitrification was achieved are shaded

Trial / MC ID Carbon substrate Influent conc. Time (day no.) Influent C/N ratio Denihification Influent OC
(mg C 1) ) efficiency (%) consumed (%)

N/MC3&4 Glucose 22.0 8-60 1.46 213 79.9
27.0 64-70 1.80 18.0 62.3
320 72-78 213 58.0 83.2
37.0 79-84 2.46 71.0 87.0
I/ MC586 Acetate 19.0 8-60 1.26 197 82.4
24.0 64-70 1.60 442 89.4
29.0 72-78 1.93 65.0 84.6
34.0 79-84 226 91.2 82.0
In/MC38&4 Acetate 35.0 23-37 2.33 88.3 827
50.0 38-55 3.33 97.5 63.1
n/MC58&46 Acetate 35.0 23-37 233 75.3 87.2
' 50.0 3855 3.33 100.0 66.2
m/MCc7a8  Acefate 35.0 2337 233 ' 95.6 88.6
' - 500 3855 333 100.0 67.7
IV/MC38&4 Glucose 35.0 19-32 233 72.3 88.3
IV/MC5 Glucose 28.0 19-32 1.86 27.4 90.5
IV/MCé Glucose 440 19-32 293 63.9 63.5
V/MC78&8 Acetic Acid 35.0 19-28 233 100.0 70.6
V/MC788 Acetic Acid 30.0 29-32 2.00 100.0 88.4
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Table 4.9: Details of selected C/N ratios used in denitrification experiments relevant to ISBD or

reactors for groundwater denitrification treatment

Reference OC subsfrate C/N ratio in influent dose for
maximum denitrification
efficiency (e.g. > 90 %)
Mercado ef al. (1988} Sucrose 3.57
Hamon and Fustec (1991) Ethanol 1.25
Dahab (1993) Ethanol 1.0-1.5
Her and Huang (1995} Methanol 0.6-10.0
Acetic acid >1.9
Glucose >20
Benzoic acid 3.0-3.6
Mosheni-Bandpi et al. (1999) Acetic acid 43
Also citing: Croll et al. (1985) Acetic acid 4.7
Dahab and Lee (1988) Acetic acid 4.05
Bockle et al. (1986} Acetic acid 3.9
Nutall et al. (1999) Acetate 1.42-2.0
Devlin et al. (2000} Acetate 1.6
Gomez et al. (2000) Methanol 1.1
Ethanol 1.08
Sucrose 25

A hypothetical C/N requirement was exirapolated from the equation of the
polynomial curve fitted to the data (y = 58.4x2 - 163x + 131.3), and the optimum C/N
for 100 % denitrification was estimated as 2.58. This value is consistent with the results
of Her and Huang (1995) which showed that C/N ratios in excess of 2.0 were
necessary for glucose denitrifying sludge bioreactors; and similarly with the findings of
Gomez et al., (2000) which showed a sucrose C/N requirement of 2.5 in groundwater
treatment filters. Conversely, the apparent decrease in denitrification efficiency
once the C/N ratio of 2.33 was exceeded conflicts with the findings of Her and Huang
(1995). They did not report loss of denitrification efficiency with increased glucose
C/N ratio, although it was observed with alternative OC substrates: methanol and
benzoic acid. In this case, it was assumed that denitrifying sludge reactors had been
poisoned, as complete inhibition of denitrification resulted (with increasing C/N ratio)

and this coincided with carbon breakthrough.

Bates and Spalding (1998) also observed a decrease in the rate of denitrification
when influent ethanol dose was doubled from 50 — 100 mg I, hypothesising that the
decrease in activity was either due to a toxic effect exerted by the ethanol, or
increased competition for the electron resource facilitated by a drop in redox
potential under the higher ethanol dose. Alternatively, Martienssen and Schops

proposed that the unstable denitrification conditions observed under high C/N ratio
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(>2.5) in methanol reactors was due to a shift in the microbial community in favour of
NOz sensitive strains, which apparently were only capable of NOs reduction. The

influence of microbial community structure is considered further in Chapter 7.
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The reason for the decrease in denitrification activity of glucose microcosms with high
C/N (> 2.33) remains unclear. At an influent C/N of 2.46, OC consumption (%)
remained high in accordance with the OC consumption at lower C/N ratios, implying
that some changes in the structure of the microbial community may have been
responsible for the comparative decrease in denitrification efficiency. However,
under the highest C/N ratio of 2.93, OC consumption was dlso less (where carbon
breakthrough occurred), which might alternatively indicate that the denitrifying

fraction of the biomass was inhibited.

In contrast, microcosms fed with acetate achieved complete denitrification activity
under excessive influent C/N ratios (where carbon breakthrough was observed). For
example, from the data presented in Figure 4.15 b, it appears that 100 %
denitrification efficiency could have been redlised at a lower influent ratio than the
plotted C/N ratlo of 3.3. Using the equation from the fitted linear regression line (y =
70.6x - 69.5), an optimum C/N ratio for complete denitrification was calculated as 2.4.
This value is greater than the C/N ratios described by Nutall et al. (1999) and Devlin et
al. (2000): 1.4-20 and 1.6 respectively, however, the DO concentration in the
experiments of Nutall et al. (1999) is not described and Devlin et al. (2000) conducted
their batch experiments anaerobically, and thus the C/N ratio is lower as it does not

include a component for DO consumption.

The acetic acid treatment in Trial IV was initiated with an influent C/N dose of 2.33
and complete denitrification was observed within 13 days, after which time carbon
breakthough in the microcosm effluent was observed. In response to this, the OC
dose in the influent was reduced, giving a C/N ratio of 2.0 with no detrimental effect
on denitrification efficiency. This second acetic acid dosage regime reflected the
results of Her and Huang (1995) which achieved 97-99 % denitrification using an
acetic acid freatment with a C/N ratio of 1.9. Conversely, these values were low
compared with the reports of Mosheni-Bandpi ef al. (1999} and results cited therein
(Table 4.9) which advocated C/N ratios > 3.9 when using acetic acid.

There was insufficient experimental data to examine the effects of C/N ratio on
denitrification over a range of acetic acid concentrations, therefore, it remains
unclear whether the lower OC dose would have been sufficient to induce complete
denitrification from the outset, or whether the slightly higher (5 mg C ') aided the
establishment of a fully denitrifying microbial community, which could then adapt to
a reduced OC dose without loss to denitrification function. The manner in which the

higher initial influent OC is completely consumed (to the residual level) and
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subsequently exhibits breakthough once complete denitrification has been attained,

would suggest that the latter hypothesis was more likely.

4.6.6 Organic Carbon Losses

In all the microcosm experiments, it was apparent that a portion of the influent OC
was unaccounted for, according to the OC mass balances and summarised in Table
4.10. From the data summarised in Table 4.10, it is difficult to determine a relationship
between the influent C/N ratio and the proportion of unidentified OC consumption.
However, it appears that in glucose and acetate treatments of similar C/N ratio, the
proportion of unidentified OC consumption is greater in the glucose treatments.
Furthermore, the acetic acid treatment, which was the most efficient denitrification
experiment in these trials, exhibited a markedly lower proportion of OC lost to

unidentified activities.

Table 4.10: Summary of OC consumed in alternative biological microcosm processes other

than denitrification—related activities (as a proportion of total OC consumed)

Trial / MC ID Carbon substrate Time Influent C/N OC consumed in
(day no.) alternative
biological

processes (%)

I/MC38&4 Glucose 4-21 1.46 33.0

I/MC5&6 Glucose 4-21 0.73 29.0
I/MC7&8 Glucose 4-21 2.6 41.5
H/MC3&4 Glucose 8-84 1.46 — 2.46 30.0
N/ MC586 Acetfate 8-84 126 — 226 21.75
N/MC788 Acetate 8-51 0.73 270
m/MC 384 Acetate 9-55 2.33 - 3.33 21.5
n/MC586 Acetate 9-55 2335333 255
n/MC788 Acetate 9-55 233—3.33 25.5
V/MC3&4 Glucose 8-32 2.33 33.0
IV/MC35 Glucose 8-32 1.86 42.0
IV/MCé Glucose 8-32 293 30.0
V/MC7288 Acetic acid 8-32 233520 15.5

It is assumed that the OC ‘lost' from denitrification-related activities was either
assimilated as biomass, in excess of the estimated quantity that was accounted for
(15 % of the influent dose}, or consumed in alternative microbial energy-generating

processes.

Interestingly, the acetic acid microcosms clearly demonstrated higher denitrification
efficiencies than the glucose and acetate treatments, with the smallest amount of
influent OC used in alternative electron-consuming processes. The influent C/N ratio

in this treatment was relatively conservative compared with those used in the glucose




135

and acetate experiments and also compared to those reported in the literature

(Table 4.9) demonstrating the differing suitability of various OC substrates for ISBD.

4.6.7 Effect of OC Substrate Type

Many studies have been carried out to find the most suitable substrate for
engineered biological denitrification (refer to chapter 1.5.2); substrates that have
been assessed with regards to ISBD of drinking water resources include: sucrose,
glucose, sodium acetate, methanol, ethanol and acetic acid (e.g. Mateju et al.,
1992).

In terms of denitrification activity and OC consumption, acetic acid was the most
favourable substrate, showing the highest denitrification efficiency, in the shortest
time period with the least amount of NO2 persistence. The acetic acid treatments
were also able to sustain denitrification under the most conservative C/N ratio (2.0).
The microcosms receiving acetate could also sustain complete denitrification, but
required a higher C/N ratio and a longer start up time, whereas the glucose
treatments were incapable of sustaining complete denitrification, in the context of
these experiments. However, hypothetical optimum C/N ratios, for acetate and
glucose were similar, calculated as 2.40 and 2.35 respectively, in contrast to
speculation that the non-fermentable acetate might have been markedly more
efficient than the fermentable glucose. This may be because the microcosm
experiments were conducted on the threshold of C-limitation, which subdued
differences between acetate and glucose availability o fermentative organisms. In
regard fo overall denifrification performance, however, acetate was a superior
substrate to glucose, giving less emratic and more reproducible results with less NO2
persistence. Interestingly, acetic acid and acetate treatments showed a greater
degree of difference in denitrification activity, although acetate is essentially a salt of

acetic acid.

For example, the differences observed in optimum C/N ratios and denifrification
activity with differing organic substrates has previously been liked to molecular weight
(Her and Huang, 1995), and degradability (Mosheni-Bandpi et al., 1999; Stief, 2001).
However, Her and Huang (1995) noted little difference between acetic acid (C/N =
>1.9) and glucose, (C/N = 2.,0), which have molecular weights (MW) of 60 and 180
respectively, in spite of their observation that increased C/N was related to increased
MW. The results from the microcosm experiments do not support this concept, except
in the case of glucose compared to acetic acid, although acetic acid is more readily
metabolised than glucose (Mosheni-Bandpi ef al., 1999) so this may be responsible for

the observed result.



136

Generally, comparisons between OC substrates for ISBD purposes are not made in
terms of chemical degradability, or bioavailability, but instead are compared in terms
of the diversity of the microbial community they support. After C/N limitation,
microbial community is the next factor to be considered when defining denitrification
kinetics, particularly with regards to substrate utilisation. The denitrification results

presented here are reviewed in terms of microbial community in Chapter 7.

4.6.8 Effects of Operational Interruption

During the various experiments, microcosm operation was interrupted on a daily basis
to allow essential maintenance and sampling to be carried out. These interruptions
did not exceed 5 hours and during this period, the microcosm inlets were clamped to
prevent drainage of the interstitial fluid from the microcosms and to minimise
contamination with O2. However, to determine the effect of a longer idle period on
denitrification activity, the experiments incorporated period of 24 and 48 hour
recesses, during which time, the microcosm inlets were sealed and pumping was

terminated.

In the course of microcosm Tridl I, three recesses of 24 hours indicated that there was
no discernible effect on NOx activity, although the NOz and NO2 profiles for glucose
and acetate treatments in this experiment were erratic, regardless of pumping
activity. However, the DOC concentration showed a greater response to the
recesses, and following an idle period, the concentration of DOC in the microcosm
effluent increased temporarily during the 2 days following the recess, before returning
to background concentration. This response was more pronounced in the glucose
treatment, where effluent DOC rose after all three recesses, compared to the
response of the acetate treatment, where effluent DOC only exhibited an increase
on one out of three recess occasions. The microcosms receiving acetate aft a
concentration less than the stoichiometric optimum did not show a response in
effluent DOC, probably owing to the lower OC avdilability and the ability of the

microbial biomass to consume all the OC supplied.

In Trial IV, there was a longer recess period of 48 hours, which occurred once the
microcosms had reached a steady state with regards to denitrification activity. In this
instance, no effects on NOx concentrations were observed in either the glucose or
acetic acid treatments. Conversely, the DOC profiles did respond to the interruption;
in the glucose treatments, increased effluent DOC was observed in both 35 and 44
mg C I treatments, with the response of the high glucose treatment being more

pronounced. This response was dlso observed in the acetic acid treatment, although
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in this freatment plus the high glucose treatment, there was already evidence of OC
breakthrough in the effluent so the results were not as marked overall. Similarly to the

findings from Trial I, the effluent DOC returned to background values after two days.

The apparent increase in effluent DOC following a 24-48 h break in microcosm
pumping could possibly be because the rate of OC uptake by the microbial biomass
temporarily decreased following the shut down period. In this case, a decreased
rate of OC uptake by the microcosm biomass would have resulted in a small amount
of substrate breakthrough into the effluent. It follows that one of the OC consumptive
processes other than denitrification, such as assimilation, must have been affected,
since denitrification activity was sustained at similar pre- and post- shut down levels.
An alternative explanation for the increase in effluent DOC following the shut down
could be an increased concentration of organic products from bacterial cell lyses,
previously proposed by Hamon and Fustec (1991) for example, who observed similar

increases in effluent DOC following an unplanned interruption to pumping.

Regardless of the DOC effects, the results from the NOx concentration profiles
indicated that once established, denitrifying communities retained their functionality
following a period without OC and NOs supply. of up to 48 hours. Indeed, Smith et al.
(2001) also postulated that denitrifying communities remained acclimatised to the
injection of extraneous substrates during ISBD field tfrials over a period of 15 months.
These findings are pertinent with regards to operational designs favouring intermittent
OC injection and are relevant to Water Ulilities, indicating that episodic events such
as equipment failure and shut down during maintenance procedures will not impair

the effectiveness of ISBD systems.
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IMPACTS OF STIMULATED MICROBIAL ACTIVITY ON AQUIFER BIOFOULING

This chapter examines the effects of denitrification activity on the porosity and flow

characteristics of the aquifer matrix.
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5.1 OVERVIEW

In all aquifer bioremediation schemes, there is an inherent risk of biofouling; where the
stimulated biomass potentially proliferates to the extent that it impedes operation
and water flow. Biofouling may be prohibitive to bioremediation for potable water
resource freatment unless carefully managed, (as reviewed in Chapter 1). However,
where incidents of biofouling have been reported, quantitative assessment of the
various potential contributing factors are typically lacking, and most authors simply
concede that biofouling requires further investigation (e.g. Hamon and Fustec, 1991;
Dahab, 1993; ITRC, 2002).

Laboratory microcosm experiments were used to assess biofouling under conditions
representative of UK groundwater conditions. The following parameters were

determined to gain a comprehensive body of datq;

e Hydraulic conductivity across the sand columns;
e Formation of preferential flow-channels;
e Biomass concentration;

e Extracellular polymer (EPS) production.

5.2 RESULTS

5.2.1 Hydraulic Conductivity

Hydraulic conductivity is widely used for monitoring biofouling in porous materials
(Chapter 2, Section 2.3.3). Hydraulic conductivity (K}, may be calculated from ‘real
time' in sifu pressure measurements (refer to Chapters 2 and 3 for details). The raw
data from pressure transducers, given in Appendix 3, which were used to calculate
head loss, or pressure differential, within the microcosm, is characteristic of data
obtained from constant head permeameters (refer to Chapter 3). The pressure at the
top of the sand column remained approximately constant throughout the
experiments, reflecting the hydrostatic pressure. The pressure measured at the base
of the sand column fluctuated throughout the experiments, influenced by the
hydrostatic pressure plus the water pressure within the sand column. Where the
pressure measured at the base of the microcosms increased, the head loss also

increased, corresponding to a decrease in hydraulic conductivity.

The specific pressure measured in individual microcosms was influenced by unique

factors such as sand-packing during assembly and formation of flow channels etc.
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during operation, so to facilitate comparison between separate microcosms, the ratio
of K/Ko, {where Ko=K on exp. day 1) was calculated rather than using actual values of
K. Therefore, all microcosm freatments had an initial hydraulic conductivity ratio = 1
(Vandevivere and Baveye, 1992 q), as presented in Figure 5.1. The range of values of
K/Ko measured for the microcosms were consistent with the reports of Vandevivere
and Baveye (1992 a). Specifically, values of Ko ranged from: 0.8-1.13 m d! in
microcosms packed with Triassic sandstone and 0.7-0.86 m d! in microcosms filled
with Greensand. Changes in the microcosm hydraulic conductivity over time
described the dynamics of the physical resistance of the microcosm sand to influent
flow, caused for example, by variations in bulk pore space and frictional properties of

the sand (e.g. Baveye et al., 1998).

Generdally, the results suggested that there was little or no change in hydraulic
conductivity during the microcosm experiments. Control microcosms exhibited an
approximately constant K/Ke ratio throughout experimental periods, with small
fluctuations, demonstrating the dynamic nature of the experimental system and the
sensitivity of the pressure transducers. Variations in K/Ke in the control microcosms
could be aitributed to physicochemical phenomena such as: gradual flushing of @
fraction of the fine sand particles; precipitation of minerals in the oxidising
environment of the microcosms treated with HgCl: (sterle controls) and
filiration/flushing of suspended solids in the autotrophic control in microcosm Trial 1V,
(where natural groundwater was used). Generally, however, no net change in

hydraulic conductivity was observed in the control microcosms.

Throughout microcosm Trial |, the microcosms receiving glucose at 22 mg C ' (MC 4)
and 39 mg C |1 {MC 8) both exhibited suppressed K/Ko values, compared to the
sterile control (MC 1). However, no overall frends were observed in this relatively short
experiment. In microcosm Trial I, the glucose microcosm at 22 mg C ' (MC 3)
showed a reduction in hydraulic conductivity of 0.2 orders during the middle phase of
the experiment {d 20- d 37), however, this recovered by 50 % fo give a hydraulic
conductivity decrease of 0.1 orders from d 70 onwards. A similar pattern was
observed during microcosm Trial IV, where the glucose treatment at 35 mg C I (MC
4) exhibited a maximum decrease in K/Ko approaching 0.3 orders, on d 8-9, but
appeared to stabilise at a net K-loss of 0.1 - 0.15 fowards the end of the experiment.
The glucose treatment at 44 mg C | (Trial IV, MC 6} exhibited a more consistent
decrease, approaching a K-loss of 0.3 orders after d 20. However, the greatest
reduction in hydraulic conductivity was observed in the acetfic acid microcosm, Trial
IV, though the OC concentration was only 35 mg C I and reduced to 28 mg C

during the final three days of the experiment. In this microcosm (MC 8), K/Ko
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decreased by up to 0.35 orders, before stabilsing at a K/Ke decreased by
approximately 0.25 orders. The reduction in influent acetic acid concentration
(35—30 mg C I') during the last 3 days of the experimental period had little overall

effect on hydraulic conductivity.

The reduction in hydraulic conductivity observed in these experiments compared to
the controls was attributed to biological activity and additionally to the filtration
action of the microcosm sand on suspended particles present in the groundwater, in
the case of microcosm Trial IV. This filtration phenomenon has been previously
documented (Baveye et al., 1998; Rinck-Pfeiffer ef al., 2000) and can be inferred from
these experiments owing to the relatively greater degree of K-loss in microcosm Trial
IV, where natural, raw groundwater was supplied to the microcosms, compared to

Trials | and Il, where influent solutions were prepared from purified laboratory water.

However, biological activity did not necessarily lead to overall decreases in K/Ko. For
example, in Trial ll, the acetate and glucose treatments had similar influent OC
concenirations (12 and 22 mg C ' respectively) and exhibited comparable
denitrification activities, but a relative decrease in hydraulic conductivity was only
observed in the glucose treatment, not in the acetate treatment. This suggested that
variations in observed K-loss were influenced by substrate type. For example, the
results from the acetic acid microcosm showed a greater degree of K-loss compared
o the glucose microcosm treated with the same influent OC concentration of 35 mg

C I, These observations are given further consideration in Section 5.3.

From a qualitative perspective, the K/Ko profiles measured for glucose were more
dynamic than for either acetate or acetic acid. Fluctuations in hydraulic
conductivity have been previously attributed to localised clogging of pore lumen
within the bulk sample, followed by spontaneous unclogging, caused by biomass
detachment under increased pressure and shear stress, for example (Baveye ef dl.,
1998). Alternatively, such fluctuations may be due to the production and subsequent
release of gas bubbles from the sand column (e.g. Balks et al., 1997; Baveye ef dl.,

1998), particularly where the fluctuations are relatively large.

It is difficult to put the results from the microcosm experiments into a practical
engineering context, given the lack of published quantitative data from ISBD
clogging incidents. However, compared to data from specific studies on sand
clogging, the degree of reduction in hydraulic conductivity observed here was
insignificant and would not impact the operation of ISBD systems. For example,

Vandevivere and Baveye (1992, a, b) and Rinck-Pfeiffer et al. (2000) report decreases
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5.2.2 Dye Experiments

Inert chemicals such as salts {e.g. bromide} or dyes (e.g. sodium fluorescein) are
typically used as tracers in hydrogeological surveys, to monitor groundwater
movement and dilution rates {e.g. Aldous and Fawell, 1986; ITRC, 2002). Similar
compounds are used in laboratory experiments to assess the flow parameters of
sand/soil columns, where the breakthrough curve of the tracer (BTC) is typically used
to analyse flow pattemns, and/or ensure that the arrangement of the packed material
is homogenous (Sharp et al., 1999; Rinck-Pfeiffer et al., 2000; Huang. et al., 2002). For
example, during the design of the microcosm apparatus used in these experiments, a
dye fracer was used in conjunction with a simplified solute transport model (Oakes
and Edworthy, 1976) to demonstrate that preferential flow channels within clean

(before experimentation} packed microcosms were insignificant {Cartmell, 1997).

To assess the relationship between microbial activity and microcosm flow
characteristics, BTC curves for biologically active sand microcosms and control
treatments were compared in this laboratory-based programme of biodenitrification.
Daily visual observations of the operation of the microcosms revealed a considerable
amount of disruption to the sand column in the microcosms caused by the release of
gases during microbiological activity, which did not occur in control microcosms
(Figure 5.2).

Small, spherical gas bubbles ascended to the column surface and were released.
However, where bubbles formed imegular shapes or aggregated together to form
larger bubbles, they became less mobile, forming pockets of desaturated sand, as
shown in Figure 5.3. Continued aggregation of gases could lead to more significant
desaturation, forming bubbles that extended in a plane across the cross sectiondl
area of the microcosm, eventually pushing the overlying sand upwards within the
column (Figure 5.3 b}. Where bubbles aggregated in this fashion, they were released
by gentle agitation of the microcosm, with the consequence of disruption to the sand

column, but avoiding the more considerable impact of severe desaturation.

The movement of bubbles through the sand encouraged the finer particulate
fractions of sand to be moved to the top of the sand column and become
suspended as gas bubbles were released. This had the cumuldtive effect of
decreasing the height of the sand column within the microcosm over time and
concomitantly increased the volume of solution overlying the sand at the top of the
column, since the effiuent outflow tube was at a fixed height (Figure 5.3 d).

Furthermore, the ascending bubbles left visible channels of up to 1.5 mm in width in
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In the case of these experiments, changes in flow characteristics of the sand columns
were atiributed to gas production rather than biofilm development. The implications

of aquifer clogging from gas evolution are discussed in Section 5.3.

5.2.3 Microcosm Sand Biomass Content

The development of a viable microbial community within the microcosms is necessary
for denitrification activity, however, clogging of the aquifer material due to excessive
biomass proliferation has frequently been observed in ISBD experiments, as discussed
in Chapter 1. To study the relationship between decreased permeability in the
aquifer material and biomass proliferation, two elements of the biovolume: cell
density (using ATP measurement) and extracellular polymers were measured using

sandstone from microcosm tridls Il and IV, as described in Chapters 2 and 3.

5.2.3.1 ATP Measurement

During the course of the laboratory measurements, attempts were repeatedly made
to quantify the ATP content of the microcosm sand, as described in Chapters 2 and 3.
A variety of adaptations of the protocol described by Cartmell (1997) were tested,

including:

o Different light-capture instrumentation;
» Different concentration combinations of the Lumac reagents;

» Exclusion of Lumac NRB reagent, which caused turbidity in the samples.

During these experiments, however, no cellular ATP could be detected in the sand
extracts, in spite of attempts to improve the sensitivity and precision of the methods.
The biochemical activity within the microcosms clearly inferred that a microbial
community had established, but it was not possible to quantify this using a standard
ATP method.

Previously, Cartmell (1997) successiully quantified the amount of ATP from microcosm
sand samples using similar extraction and instrumentation protocols with an estimated
percentage recovery of 60 %. Indeed, Cartmell (1997) documented microcosm ATP
concentrations of up to 100 ng ATP g sand (dry wi) (adjusted for percentage
recovery). The assessment of % recovery of sandstone ATP in the experiments of
Cartmell {1997) was based on the addition of a known concentration ATP spike,
prepared from a freeze-dried salt (Celsis Lumac, UK), to sterilised sand. Losses of ATP
during extraction/quantification have previously been attributed to de-
phosphorylation of ATP by cellular enzymes and adsorption onto positively charged

soll/sand particles (e.g. De Nobli ef al., 1996), for example. This should be minimised
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by the use of ftrichloroacetic acid and phosphate buffer in the exiractant,
respectively (De Nobli et al., 1996). However, as the % recovery reported by Cartmell
(1997) demonstrates, in sterilised sand where the activity of microbial enzymes should
be negdligible, 40 % of the spiked ATP could not be recovered. Indeed, the extreme
sensitivity of the extraction procedure has been described as a major disadvantage
of the technique (Lazarova and Manem, 1995). If the concentration of ATP in the
sample under investigation is initially low, the losses experienced during the
extraction/quantification procedure may be sufficient to consume all of the cellular
ATP, so that none may be detected in the sample extract. Indeed, when the same
extraction/measurement procedure was used on an aggregate sample of biofim,
collected from the microcosm inlet tubing of the glucose treatments over the
duration of the experiment; the ATP content was quantified as 31.30 mg ATP g! (fresh
wi).

An alternative explanation for the inability to detect ATP in the microcosm sand
samples could be that the physical disruption process {ultrasonication) used to lyse
the bacterial cells was insufficient. The original recovery method was developed for
the disruption of soils, but sand was difficult fo disperse in the extractant by
ultrasonication using a water bath; other researchers have used bead-beating
techniques to disrupt biomass in sand, for example {Calvo-Bado ef al., 2003). The use

of a DNA indicator test could help investigate this further in future works.

In the case of these experiments, it was concluded that the original concentration of
ATP in the samples was too low to be detected. This may have been exacerbated
during the sampling procedure itself, where microcosm sand was sectioned into
volumes of approximately 98 cm3 and homogenised. If microbial growth within the
sand had been very heterogeneous, in relatively isolated aggregates, as some
authors suggest (e.g. Yandevivere and Baveye, 1992 a; Rittman, 1993), the process of
mixing bulk volumes of sand may have the effect of further diluting the ATP. Although
Cartmell (1997) was able to recover ATP from microcosm sand samples using similar
methods to those employed here, it should be noted that the actual microcosm
experiments were incubated at a considerably higher temperature (25 °C) and the
aquifer material was pre-conditioned with microbial nutrients prior 10 denitrification
experiments. In this instance, conventional methods of quanfifying biomass, such as
dry wi measurements or culturing, although comparatively crude, would have been

useful to compliment the ATP determinations.

It is feasible that future biomass determinations in ISBD applications may involve more

sophisticated enumeration techniques such as fluorescent in situ hybridisation (FISH,
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would be expected, the greatest quantities of EPS were found in the bottom 5 cm of
the sand column, from the inlet chamber upward, a smaller amount was detected in
the 5-10 cm section of the non-control microcosms. In sections further than 10 cm
away from the inlet point, no more EPS-p or EPS-c was recovered. In some
microcosms, a white 'sime’ developed, coating the sand lying next to the glass wall
of the microcosm adjacent to the inlet, as depicted in Figure 5.6. This slime-coated
sand was held together as aggregated portions, presumably bound by the slime

content, assumed to be EPS.

The EPS-p recovered from the 0-5 cm section ranged from 4 - 28 + 2 ug g' sand (dry
wt) whilst the EPS-c ranged from 8-14 £ 2 ug g sand (dry wt). In the sand sampled
from this bottom section, there was a marked increase in the EPS-p content of the
glucose microcosms, compared to the confrol and acetfic acid treatments.

Conversely, the EPS-c content was similar in all microcosms, as shown in Figure 5.7.

In the sand sampled from the 5-10 cm sections, no EPS were detected in the control
microcosms and no EPS-c was found in the lowest concentration glucose treatment
(MC 5). Of the remaining glucose and acetic acid microcosms, EPS-c concentrations
were similar to those observed in the bottom 0-5 cm of microcosm sand, but the EPS-
p were reduced in the 5 - 10 cm layer of the sandstone (Figure 5.7). In both sections
sampled for EPS determinafion (0-5, 5-10 cm), the glucose treatments contained
more EPS-p, whereas acetic acid treatments had larger amounts of EPS-c, as

quantified by the ratios of EPS-p/EPS-c presented in Table 5.1.

As these results demonstrate, more EPS were found in the vicinity of the nufrient
injection point, decreasing with increased distance away from the nutrient input
source. This pattem of EPS deposition has been previously quantified in sand columns
(Vandevivere and Baveye, 1992 b; Rinck-Pfeiffer et al., 2000} and observed at
clogged ISBD field experiments (e.g. Mercado et al., 1988, Hamon and Fustec, 1991;
Abdelouas, 1999).

Whilst biofilm thickness is generally atfributed to physical factors such as the shear
stress acting on the biofilm, the composition of the biofim is related to nutrient
availability, specifically, C, N and P concentrations (Alves et al., 2002). Also, for a
given content of P in groundwater, the ratio of EPS-p/EPS-c has been found to
increase with increased C/N ratio (Cuervo-Lopez, et al., 1999; Alves et al., 2002).
However, this was not apparent from the microcosm results presented here, where
C/N ratio had no discemible effect over the relatively small concentration range

tested.
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The type of OC substrate did apparently influence the composition of the EPS, and
glucose freatments contained the larger amount of protein, as described in Table 5.1.
Such variafion according to substrate type has been documented by Sponza (2002)
and Cuervo-Lopez et al. (1999), where acetate gave a lower EPS-p/EPS-c ratio
compared to glucose, but had a higher specific denitrification rate. Similarly, the
acetic acid treatments in these experiments were more efficient in ferms of
denitrification activity, compared to the glucose treatments, as discussed in Chapters
4 and 5. However, the relationship between EPS-p, EPS-c and denitrification
efficiency apparently varies, with some reports correlating improved efficiency with
higher EPS-p/EPS-c ratios (Lazarova et al., 1994); whereas others associate lower EPS-
p/EPS-c with increased denitrification rate (Cuervo-Lopez et al., 1999). Therefore, the
link between quantity and fype of EPS produced and denitrification activity s

uncertain.

Table 5.1: Ratios of EPS-p/EPS-c in microcosm sand from Trial IV

Microcosm Treatment EPS-p/EPS-c (lig/u1g) EPS-p/EPS-c (ug/ug)
| 0-5cm 5-10cm

1 Control (no OC) 0.46 -

2 Control (no OC) 0.5¢6 -

3 35mg C I glucose 1.96 1.42
4 35mg C I glucose 3.13 2.02
5 28 mg C ' glucose 1.94 -

6 44 mg C I' glucose 2.75 1.00
7 35mg C I'' acetic acid 0.51 0.28
8 35 mg C I acetic acid 0.68 0.16

in the context of these experiments, the variations in EPS formed under different
substrate regimes may be a manifestation of the different microbial communities
established; for instance, various authors have described differential EPS production
under biofilms of different dominant bacterial species (e.9. Lazarova et al., 1994). This
could be explained by something as straight forward as the varying capability of

different strains of bacteria to produce EPS (Vandevivere and Baveye, 1992 b).

Alternatively, the EPS composition may be an indirect indicaftion of biomass
concentration, where high EPS-p/EPS-c content has previously been linked with
increased biofilm cell content (Alves ef al., 2002). From the microcosm results, the
pronounced decrease in EPS-p concentration compared to EPS-c concentration at
increased distance from the nutrient injection point would support this hypothesis, in

light of the general view that biomass concentration also decreases in this plane
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(Vandevivere and Baveye, 1992 b; Rinck-Pfieffer et al, 2000). Although a plausible
explanation, biomass concenfration data would be requires to verify whether this was

actually the case.

The lack of quantitative sfudies of EPS in ISBD-comparative applications makes it
difficult to put these results into a broader context. Similar laboratory experiments
(Rinck-Pfeiffer ef al., 2000), carried out using secondary treated wastewater intended
for aqguifer recharge, at 20 °C, described EPS polysaccharides concentrations in the
range of 0.1-1.0 mg g’ dry wi, compared t0 a range of 0.0-13.6 ug g! dry wt
measured here. The implications of the microcosm EPS determinations are discussed

in the general context of biofouling in the following Section.

5.3 DISCUSSION

The clogging of aquifer material during both laboratory denifrification and I1SBD
applications is commonly reported qualitatively, but comparatively little quantitative
information is available regarding the mechanisms and causes of clogging (e.g.
Mercado et al., 1988; Hamon and Fustec, 1921; Dahab, 1993; Abdelouas ef al., 1999).

Clogging is usually diagnosed from manifested effects, such as:

e progressive resistance and eventual termination of flow (Hamon and Fustec,
1991),
e increased head loss and leakage from the influent point (Dahab, 1993),

e visual clogging of equipment/wells (e.g. Mercado et al., 1988),

Under the experimental conditions reported here, ‘clogging’ of the sandstone mafrix
was hot observed in any of the microcosms sfimulated with OC, in contrast to much
of the ISBD reports from the literature. This further highlighted the need to quantify the
progressive processes of clogging, to establish why clogging may occur in some

scenarios, but not in others.

As discussed in Chapter 1, biofouling, or clogging. is a complex interaction of
physical, chemical and biological phenomena. In these experiments, hydraulic
conductivity was used as a general measure of loss in permeability of the porous
aquifer material. The principal aim was to study biological causes of clogging.
though incorporation of control data also highlighted clogging from physical and
chemical means. The results indicated that physical and chemical influences on

hydraulic conductivity were minimal, but in some cases, biological activity coincided
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with reduced hydraulic conductivity. It was nof possible to further define the factors
responsible for this behaviour, since the methods used to quantify microcosm biomass
lacked sufficient sensitivity to detect the very small biomass apparently supported in

the aquifer mafrix.

The evidence from these microcosms indicated that biomass {ATP and EPS) content
in the sand, produced during the period of OC amendment, was small; the EPS that
was observed visually was mainly present at the periphery between sandstone and
microcosm glass, and not within the porous matrix. The distribution of biomass within
the microcosms was therefore thought to generally be of a patchy, non-continuous
nature, forming clusters of cell aggregates in the pore lumen, as previously described

for low substrate loading conditions (Vanevivere and Baveye, 1992 a; Rittmann, 1993).

Under these conditions, it seemed likely that the observed decreases in hydraulic
conductivity, which were comparatively minimal, were caused by the evolution of
gases such as Nz, from denitrification activity. Indeed, Vandevivere and Baveye
(1992 a) showed that in sand columns with biomass densities < 4.0 mg wet wt g
sand, hydraulic conductivity was unaffected. Furthermore, they observed that in
columns where glucose supply was growth-limiting, as in the majority of microcosm
experiments in fhis study, EPS were apparently absent. In other experiments,
Vandevivere and Baveye (1992 b} demonstrated that hydraulic conductivity was not
necessarily affected by EPS production, and that the characteristics of EPS extruded
from bacterial cells had a critical influence. For instance, EPS that encapsulated the

cells had less impact than EPS that was extruded in long strands.

The apparent differences in EPS production by different bacterial species and strains
could be influenced by the type of OC substrate. For instance, microcosms treated
with glucose and acetic acid exhibited differences in EPS-p/EPS-c composition (Table
5.1). The characterisation of EPS production under different OC substrates and doses
could also be relevant to remedial steps to ameliorate clogging at ISBD installations
and parficularly in biological denitrification reactors involving filters.  Potentially,
measures such as intermittent operation, or push-pull operation {where direction of
flow is reversed} could cause the sloughing of biomass resulfing in perturbed water

quality in terms of cell counts and also organic content.

The influence of gas bubbles on hydraulic conductivity depends on the volume of
gas within the bulk volume of the sand; anecdotally, the volume of gas produced

was greater in the more active microcosms, for example as depicted in Figure 5.8.
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The rheological changes observed within the sand columns were exacerbated by the
agglomeration of bubbles into larger, iregular bubbles or ‘air pockets.” Where such
gas bubbles became trapped in the pore network, their presence reduced hydraulic
conductivity by reducing the size of the water-conducting pores (Baveye et al.,
1998]). Altematively, their ascendance through the sand could produce continuous
channels, which remained in tact as preferential pathways, as shown in Figure 5.9, for
example. The entrapment of gas bubbles in a porous medium may be aggravated
by the presence of EPS, and the effect of the reduction on hydraulic conductivity

may be exacerbated in media of mixed grain size (Baveye et al., 1998).

However, although gas clogging has been observed in laboratory columns, there is a
paucity of evidence demonstrating this behaviour in the field (Baveye et al., 1998).
Indeed, release of gaseous products has not been cited as a cause of clogging in
the ISBD literature reviewed for this thesis (e.g. Mercado et al., 1988; Janda ef al.,
1988; Hamon and Fustec, 1991; Dahab, 1993). In many ISBD field trials, however, it is
possible that gases are simply vented to the atmosphere at observation boreholes, or
in the injection/abstraction wells (e.g. Braester et al., 1988). Alternatively, under the
increased pressure anticipated in the subsurface, the gaseous products of
denitrification may be dissolved in solution (Dahab, 1993}, until the pressure decreases
to ambient levels, for example at the abstraction well, where products may be
released in the gas phase. Therefore, in operational practice, gas generation does
not appear to be a significant factor in ISBD field systems, dlthough it is widely

observed in, and affects the flow characteristics of laboratory microcosms.

Although biological clogging was not observed in the laboratory microcosm
experiments reported here, it is exclusively reported to be the cause of aquifer
plugging observed in ISBD field frials. Dahab (1993) noted that clogging was
particularly poorly reported in laboratory microcosm studies, however, this may be
due to empirical differences between microcosm simulations and actual in situ
experiments, which contribute to the frequency of biofouling incidents in field trials,
compared to laboratory microcosm experiments. Whilst the microcosm approach to
the study of subsurface and aquifer environments is accepted and is moreover a
necessity, some authors caution the extrapolation of controlled laboratory column

experiments to field situations (Baveye et al., 1998).
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therefore, a greater degree of biomass proliferation would be anticipated. Certainly,
Rittmann (1993) documented clear differences in biofim development under high
and low substrate loadings. Alternatively, increased groundwater temperature could
increase the risk of aquifer biofouling in ISBD applications, since it should increase the
rate of microbial metabolism, and therefore can indirectly be responsible for
increased biomass growth. The degree of reduction in soil column permeability has

been shown to be increased as a function of temperature (Balks ef al., 1997).

The type of OC subsirate used, however, emerges as one of the critical factors in
potential biofouling of ISBD applications, owing to its influence over the enhanced
microbial biomass, in terms of species diversity and biofilm development, {particularly
its influence on EPS production). Although biofouling was not observed in the
microcosm sand here, it is worth noting that during routine cleaning/disinfection of
the microcosm inlet tubing. considerable quantities of biomass were removed from
the tubing of the glucose-fed microcosms, every 3-4 days. Conversely, biofiim was
not visually evident in either the acetate or the acetic acid tubes, on any cleaning

occasion.

Interestingly, although the application of various substrates has been thoroughly
researched at the |aboratory scale, field scale ISBD applications have been
surprisingly limited in the range of substrates used, for example, as detailed in Table
1.4 (Chapterl); only ethanol has been applied with any frequency. It appears,
therefore, that this substrate has repeatedly been selected on the basis of its

denitrification yield, with less consideration for potential biofouling.

Various operational approaches have been adopted to ameliorate aquifer
biofouling, principally, intermittent injection of the OC substrate (e.g. Homon and
Fustec, 1991) and the recycling of a portion of the abstracted groundwater into the
injection borehole in conjunction with the OC amendment (e.g. Janda et al., 1988).
The adoption of such strategies has met with limited success and currently, biofouling
continues to be an issue for investigation, with regards to in situ bioremediation not
only of NOsz contaminated groundwater, but for other aquifer ‘clean up’
methodologies (e.g. Nutall ef al., 1999; Baveye et al., 1998). These results show that a
major management factor in controlling the extent of biofouling in operational ISBD

systems will be the selection of an appropriate OC source.
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CHAPTER 6
POTENTIAL FOR ALTERNATIVE ELECTRON ACCEPTING PROCESSES IN
GROUNDWATER ISBD SYSTEMS

6.1 OVERVIEW
6.2 RESULTS
6.2.1 Microcosm Trial Il
6.2.2 Microcosm trial IV
6.3 DISCUSSION
6.3.1 Iron and Sulphate activities
6.3.2 Manganese and Sulphate activities

6.3.3 Summary and Conclusions
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6.1 OVERVIEW

This Chapter reviews the potential for the alternafive electron acceptors, Fed*, Mn#
and 5042 to become active under the enhanced anaerobic environment caused by
ISBD. To achieve complete denitrification, experimental evidence advocates that
the guantity of OC injected into the aquifer must be in excess of the sfoichiometric
requirement for DO and N consumption, fo meet the needs of biomass assimilation.
However, it has been demonstrated that microbial groups ofher than those involved
in denitrification {including DO consumption) may additionally become established

and compete for the OC electron resource. Commonly, fermentative bacteria are
| thought to be responsible for the increased competition for electrons, although under
the anaerobic conditions that develop, it is also feasible that microbial groups
capable of ufilising alternative TEAs (terminal electron acceptors) might become
active, particularly if a non-fermentable substrate, such as acetate is used as the OC
source (refer to Chapter 1 for further details). Under idealised ISBD conditions, the OC
injection should be optimised to balance the OC supply with the demand for
denitrification activity, and prevent further reducing conditions from developing.
However, if the OC injection is not optimally dispersed and mixed with the influent
groundwater, OC concentrations significantly in excess of the denitrification
environment may accumulate within localised pore networks. Under such conditions,

TEAPs (terminal electron accepting processes) other than denitrification may initiate.

The assessment of alternative TEA activity during denitrification was the principal
focus of microcosm Trial lll, where denitrifying microcosms were packed with
sandstones of varying Fe and Mn mineral content, and $O42 was dissolved in the
influent feed solution. The concentration of total Fe in the sandstones was highest in
the Devonian sandstone, followed by the Lower Greensand and lastly the Triassic
sandstone, whereas the concentration of total Mn was similar in the Triassic sandstone
and Lower Greensand but higher in the Devonian sandstone (refer to Chapter 2 for
details of sandstone Fe and Mn concentrations and Chapter 3 for descriptions of
microcosm prepardation). The NOs and OC amendments supplied to the microcosms
were similar for all sandstone types {15 mg NOsN |1 and 35-50 mg acetate C ).
During the experimental period, dissolved Fe and Mn (fillered through 0.45 pm)
sampled from the microcosm interstitial solution and SO42 in microcosm effluents were
quantified, in conjunction with denitrification activity (details of denitrification activity
discussed in Chapter 4). The results from the experimental assessments of Fe2*, Mnz
and SO gctivity during microcosm Trial Il are presented in Section 6.2.1, with
supplemental results from microcosm Trial IV in Section 6.2.2. It should be notfed,

however, that Fe and Mn ions were not actually speciated, and therefore, Fe?* and
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Mn2t are inferred from total dissolved Fe and Mn concentrations, following filtering

through 0.45 um and immediate acidification, as described in Chapter 3.

6.2 RESULTS

6.2.1 Microcosm Trial lll

Throughout the experiment, the ORP (mV) measured in the active microcosms
decreased over time, compared to conirol microcosms which tended to remain atf a
consistent redox value (redox values presented in Chapter 8). This was indicative of
the development of anoxic conditions and coincided with increased denitrification
activity. Whilst the ORP probes could not be used for absolute measurements of
oxidation/reduction capacity within the microcosms, they did show that the ORP
status in the Devonian sandstone microcosm was notably lower than that in the
Lower Greensand and the Triassic sandstone microcosms, though the influent DO,
NOz and OC were similar in all three microcosm types as microcosms were fed from

the same batch of feed solution.

The SO42 supplied to the microcosms during weeks 4 and 7 was accounted for in the
microcosm effluents, and thus it was assumed that SO42 did not react within the sand
columns, regardless of sandstone type. Indeed, in some cases, there was a small
increase in $SO42 apparent in effluent samples, which suggested that quantities of
SOz were dissolving from the microcosm sandstone material (not reported in the

context of these experiments).

The concentrations of dissolved Fe and Mn measured in the biologically active
microcosms throughout the experiment are presented in Figure 6.1. The control
microcosms were not analysed for Feweg and Mnaqg) in this experiment, since the use
of HgClz as a sterilising agent to distinguish biclogical denitrification activity from
chemical denitrification, meant that a comparison could not be made between non-

sterile and sterile microcosms, since the chemistry of the feed solutions was different.

The analysis incorporated quality checks such as blank correction and samples spikes
and coefficient of variation was < 20 %. The GFAAS instrument was calibrated using a
standard range of 10-50 ug I for both Fe and Mn. Samples containing Fe/Mn in
excess of this range were diluted appropriately and re-analysed; the instrument's
software extrapolates measurements of < 10 ug I'. These exirapolated values have
been included, since the instrument's cdlibration curves are automatically forced
through zero and have correlation coefficient of > 0.99. Microcosm feed solutions

were prepared from PURITE RO water and contained < 1.0 ug I Fe(ag) O MNnjag).
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The interstitial Feq concentrations were generdlly larger than the observed Mniag)
concentrations, with the exception of the Devonian sandstone microcosm, where
similar concentrations of each were observed. Initidlly, the profiles of Fefag)
concentration in the interstitial solution over time were comparable in all three
sandstone types, characterised by a peak in concentration between d 4 and d 30.
Thereafter, the concenfrafion fluctuated, with the magnitude of the fluctuations
greatest in the Devonian sandstone, followed by the Lower Greensand and finally the
Triassic sandstone. The mean concentrations of Fejag and Mniag Measured over the
duration of the experiment were comparable in the Lower Greensand and Triassic
sandstone microcosms but considerably larger in the Devonian sandstone
microcosms. The two periods of SO42- addition coincided with decreases in interstitial
Feiaq) in the Devonian and Lower Greensand microcosms. This was also observed, but
to a lesser extent in the Triassic sandstone microcosms. In all three sandstone types,
increased fluctuation in Fepqg was observed following the increase in influent OC, on
d 37.

The interstitial Mn concentrations in the Devonian sandstone microcosms exhibited
the most dynamic profile over fime. However, though Mn concentrations varied,
there was an underlying trend of increasing Mn concentration apparent over the
duration of the experiment. The overall mean concentration of Mn in the interstitial
solution measured for Devonian sandstone was higher than the Lower Greensand

and Triassic sandstone microcosms.

A GLM ANOVA and Tukey test of the concenirations of Fejaqy and Mnyaq) respectively,
(using the methodology described in Chapter 4, Section 4.1.2) showed that the
overall mean concentrations of Fejag and Mng were significantly higher (P < 0.05) in
the interstitial solution from the Devonian sandstone microcosms (ANOVA tables

presented in Appendix 4).

The Mn concentration measured for the Lower Greensand microcosms was < 10 ug
throughout the experimental period, and was apparently unaffecied by either the
SO+ amendments or the increase in influent OC. Contrastingly, Mniaq measured for
the Triassic sandstone microcosm exhibited an increasing frend in Mnjag) following the
increase in influent OC. Relatively minor variations in Mn concentrations were

observed during the SO42- phases, but no clear perturbations were apparent.
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6.2.2 Microcosm Trial IV
During microcosm Trial IV, where Upper Greensand was used to fill the microcosms

(refer to Chapters 2 and 3}, samples of raw groundwater and interstitial microcosm
solution were sent for Fejaq and Mnq analysis at an external laboratory on five

occasions, d 1,7, 13, 20 and d 25, the results are presented in Table 6.1.

The concentrations of Fe and Mn in the representative samples of raw groundwater
collected from the Fovant Public Supply borehole at the field site under investigation
were less than the analytical limits of detection (16 ug ' Fe, 4.2 ug ' Mn}. This was
consistent with historical water chemistry of the public supply borehole {unreferenced
information provided by Wessex Water}, and from samples collected during the

hydrogeological investigation of the site (refer to Appendix 1).

The inferstitial microcosm solutions were found to contain Feaq) On only one sampling

occasion, d 20. Conversely, Mnjaq was observed in increasing concentration over

the final two consecutive sampling occasions.

Table 6.1: Concentrations of Feq and Mniaq measured in interstitial solutions sampled of

Upper Greensand microcosms, during Trial IV

Microcosm Treatment
Autotrophic Glucose Glucose Glucose Acetic acid
Exp. Day Confrol 35mgClt 28mgCl' 44mgCl' 35mgCH
(MC2) (MC 3) (MC 5) (MC &) (MC7)
1 <160 <16.0 <160 <16.0 <16.0
7 <160 <160 <16.0 <160 <160
Fe (ug 1) 13 <160 <16.0 <160 <160 <160
20 19.0 32,0 80.0 80.0 35.0
25 0.0 0.0 0.0 0.0 0.0
1 <42 <42 <42 4.6 5.6
7 <42 <42 <42 <4.2 <42
Mn (Mg 1) 13 <42 <42 <42 <4.2 <4.2
20 <42 4.4 48 5.4 6.0
25 <42 25.9 22.2 24.6 225

The concentirations of Fe and Mn were smaller compared to those observed in Trial lll.
With relevance to the proposed ISBD pilot plant at the Fovant site {refer to Chapter 2),
the results therefore indicated that in situ denitrification could potentially give rise to

Mn dissolution, and thus warranted further monitoring.
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6.3 DISCUSSION

In situ bioremediation schemes enhance the naturally occurring TEAPs within the
subsurface to ameliorate polluted sites and contaminant plumes. In situ biological
denitrification of groundwater aims to develop denitrification as the dominant TEAP,
by supplementing the aquifer with sufficient OC for DO to be completely consumed
as an electron acceptor, thereby permitting denitrification, as discussed in Chapter 1.
However, it is imperative that the OC enhancement does not facilitate the further
reduction of alternative electron acceptors: Fe3t, Mn* and SO4?, since the reduced
forms of these species would impair groundwater quality and could cause fouling of

the groundwater abstraction facility and water distribution networks.

In UK aquifers, SO4% (aq) is present in pristine or relatively oxic groundwater, dissolved
from SO42- bearing minerals such as gypsum (Kimblin, 1295), the oxidised forms of Fes3*
and Mn#+, conversely, are present as insoluble minerals such as oxides, hydroxides
and carbonates (e.g. Chapelle, 2001). These aquifer mineral species may become
involved in both abiotic and microbially mediated oxidation-reduction reactions, as
electron accepftors, if the concentration of oxidisable substrate becomes sufficient
(Chapelle, 2001).

The occurrence and distribution of these TEAPs is not simply determined according to
microbial respiration, as a thermodynamic hierarchy (described in Chapter 1), but is
also a function of physico-chemical parameters such as: Eh/pH, chemical saturation
equilibriums and geochemistry; including availability of electron acceptors bound to
the solid phase (e.g. Atta et al., 1996; Ludvigsen ef al., 1998; Amirbahman ef al.,
2003). Ultimately, however, microbial respiration is thought to drive the abiotic
mechanisms, termed ‘non-enzymatic' processes (e.9. Lovely, 1991; Gounot, 1994;
Frederickson et al., 1998; Broholm et al., 2000). The complex interactions between
abiotic and microbiological activities, which give rise to TEAPs are therefore difficult fo
appraise and comprehensive quantification of such biogeochemical phenomena

requires a complex suite of experimentation, involving analysis of:

e Groundwater chemistry,
e Eh/pH,
e Aquifer geochemistry, including speciation of those ions concerned,

o Microbial community dynamics.

The experiments reported in this chapter therefore provide initial insight into the

potential activity of the electron acceptors: Fe3t, Mn4 and S$SO42- in conditions
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representative of proposed ISBD operations in the UK. The data on Mn and Fe
dissolution at drinking water-based ISBD experiments is scarce, but Hamon and Fustec
(1991), reported concentrations of Mn2*(qq) in the range 2-4 ug ', but did not detect
Fe2+qq) whilst higher concentrations were observed by Abdelouas ef al. [1999): 180
Mg Mn T and 140 g Fe I, The latter results are more consistent with those reported
here. The maqjority of published data describing groundwater Fe and Mn
concentrations, however, is largely concemed with contaminant plumes and
leachates (e.g. Ludvigsen et al., 1998; Tucillo et al., 1999; Thornton et al., 2000;
Kennedy and Everette, 2002; Broholm et al., 2002).

The dissolved Fe and Mn recovered during this experiment were assumed to be the
reduced ion species: Fe?* and Mn2* respectively, and therefore, the results suggested
that microcosm operation had an effect on the mineral characteristics of the various
sandstones examined. Furthermore, it was apparent that the degree of dissolved Fe
and Mn in the interstitial microcosm solution related to the quantity of Fe and Mn
(total) in the sandstone, as listed in Chapter 2 (page 55). Devonian sandstone
microcosms exhibited statistically greater dissolved Fe and Mn concentrations in the
interstitial water than the Lower Greensand and Triassic sandstone microcosms, for
example. The apparent conservation of $O42- from the microcosm influent solution in
the microcosm effluent led to the conclusion that no sulphate reduction activity had

occurred, at least at the scale of mg |F.

it was unclear from these experiments, however, whether Fe?* (o) and Mn2*(qq) resulted
from the reduction of oxidised mineral forms within the microcosms, or whether the
reduced ions were present in the original sandstone, bound in the solid phase, and
subsequently released owing to physico-chemical phenomena such as dissolution.
Quantification of such physico-chemical parameters requires further investigation of
the sandstone mineralogy, as considered in Chapter 10. Since the speciation of Fe
and Mn minerals/ions was not determined here, a mass balance was nof completed
for the reactions. Mass balances for biogeochemical reactions are reportedly
difficult to define, primarily owing to the large difference in the units of measuremenfs
for electron donor utilisation, compared to mineral forms of eleciron acceptor

{Broholm, et al., 2002; Amirbahman et al., 2003).

Nevertheless, the results indicated that physico-chemical processes influenced Fe?*
concentrations in the interstitial solution whilst the Mn2* concentration profile may

have additionally been modulated by biotic factors.
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6.3.1 Iron and Sulphate Activities

The concentration of dissolved Fe2* measured during the first 23 days of experimental
Trial Il {refer to Figure 6.1}, could be considered as ‘wash out' processes, under the
flow through regime. It is proposed that this was caused by equilibrium diffusion
processes between the microcosm influent solution, which had trace concentrations
of Fe and Mn, and the solid-bound reduced phases of Fe2* and Mn2+. It is unlikely that
the initial rise in interstitial Fe2* was the result of reductive dissolution of Fe3*, since
denitrification activity was not fully established within the microcosms, and therefore it
is assumed competitive inhibition of dissimilatory iron-reducing bacteria (DIRB) by
denitrifiers would have occurred, given the limitation in electron resource. Moreover,
no Mn?* was detected in the interstitial microcosm solution during this period. This
further emphasised the unlikelihood of biological Fe reduction in the microcosms
since Mn** is theoretically reduced in preference to Fe3+, (where bioavailable forms of
Mn# are present), (Chidthaisong and Conrad, 2000).

Conversely, where Fe?r is present in the solid phase, for example, precipitated as
authigenic minerals: siderite (FeCQOs), magnetite [Fe2+(FezOu), or Fe-sulphides; or is
adsorbed onto the surfaces of crystalline Fe3+ oxides, precipitation and dissolution
mechanisms occur to achieve a saturation equilibrium between the solid and
aqueous phase (e.g. Broholm et al., 2000; Amirbahman et al., 2003). Broholm et al.
{2000) observed that Triassic sandstone sampled from a site at a similar location
(Mansfield, UK; NGR not given) fo the source of Triassic sandstone used in these
experiments, i.e. Sherwood Sandstone Group, was equally rich in Fe2t and Fe3*.
Therefore, it is possible that the flushing of microcosms with an influent solution
unsaturated with regards to Fe, during operation, could have caused the dissolution
of Fe?*-bearing minerals, according tfo the saturation conditions, as observed in similar

laboratory experiements {Broholm et al., 2000; Amiroahman et al., 2003).

The concentrations of Fe?*nq observed during Trial 1V, which additionally
incorporated confrol microcosms, would support this hypothesis. though the interstitial
microcosm solution was only sampled on five occasions. As shown in Table é.1,
Fe2*iaq) could not be detected in the samples, except on d 20, when up to 80 ug Fe I
was observed. This isolated incident of Fe2*, detected in all samples, even those from
the autotrophic control microcosm, coincided with the use of a microcosm feed
solution that was prepared in Purite laboratory water (RQ), during the previous 24 h.
At all other times (during Trial 1V), the microcosm feed solutions were prepared using
raw groundwater taken from the site where the aquifer material was collected.
Therefore, it is proposed that the natural groundwater was approximately at

equilibrium with the solid aquifer phase, in terms of mineral saturation, and
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alternatively, the feed solution was prepared in pure water (with no nutrient
additions), was under-saturated with respect to Fe-bearing minerals, causing the
dissolution of solid-bound Fe2*. Conversely, the microcosm feed solutions used during
Trial Il were prepared in Purite water throughout the experiment, hence the persistent

presence of Fe?*(«q over the duration.

The apparent release of Fe2* from the solid phase during microcosm Trial lil varied to
some extent between the sandstone types tested. For example, Triassic sandstone,
which had the lowest Fe content, showed a relatively large increase in Fe
concenfration on d 10. This could be explained by a rapid initial dissolution of solid-
bound Fe? to achieve saturation equilibrium with the influent microcosm solution
(prepared in RO water). The Fe2*aq) subsequently declined as solution flowed through
the microcosms, continually diluting the soluble Fe?*(4q) fraction and maintaining the
equilibrium reaction in the dissolution phase. Presumably, a threshold was reached
where the equilibrium remained constant, as the Fe2* content of the solid phase
became depleted, or until other geochemical sensitive parameters such as redox

and pH, changed within the microcosm.

During Trial lil, the Devonian sandstone, which had the highest total Fe content (refer
to page 55}, reached a maximum Fe concentration of similar magnitude to the
Triassic sandstone (approximately 110 pg ') which had the lowest total Fe content.
This suggested that the fraction of soluble Fe2* was similar in both types of sandstone.
However, maximum release of Fe was slower the time in the Devonian sandstone
microcosms (23 d}, compared to the Triassic sandstone (10 d}. Assuming that similar
processes of equilibration were occurring in both sandstone types, this suggested that
the rate of dissolution of Fe2 from the solid phase was slower in the Devonian
sandstone. This might be explained by differences in the reactivity of the Fe minerals
between the sandstone, regardless of concentration (discussed subsequently). The
Lower Greensand behaviour was infermediate between the Devonian and Triassic

sandstone types in terms of Fe dissolution.

Following the maximum concentfration of Fe?* measured in the interstitial solutions
during Trial lli, the concentrations subsequently declined until d 37, in all microcosms
(Figure 6.1}. An altemative explanation to the shifting dissolution equilibrium constant
for the decay in interstitial Fe2tq) could be the re-precipitation of dissolved Fe?+ as
Fe3+ (hydr)oxides, for example as a chemical oxidation process under the increased
pH value in the denitrifying microcosms (> pH 8.6; refer to pH results presented in

Chapter 8)(e.g. Braester and Martinell, 1988).
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This decrease in Fe?*qq was sustained in microcosms of all sandstone types until day
37, which coincided with an increase in influent OC from 35 — 50 mg C . Following
the increased OC amendment, the interstitial Fe?*qq) became relatively dynamic,
exhibiting concentration increases and decreases of varying magnitude. Since this
period coincided with complete denitrification and carbon breakthrough, i.e. an
excess of OC was available, it is hypothesised that the Fe2*jaq) measured during this
phase of the experiment could have been biogenic. For example, with excess
electrons, microbially mediaied Fe3* reduction may have occurred; certainly, a wide
range of bacterial species are capable of dissimilatory Fed+ reduction (e.g. Lovely,
1991).

Conversely, Fe3* reduction may also be attributed to non-enzymatic reactions, such
as chemical reduction by organic acids of inorganic products of bacterial respiration,
such as NOz, for exovmple {Lovely, 1991; Broholm et al., 2000). Additionally,
decreasing Eh can cause thermodynamic equilibrium to shift in favour of the reduced
Fez+ species (Lovely, 1991). However, such abiofic or ‘non-enzymatic’ reactions are
considered to be of minor significance in natural sediments and anaerobic
subsurface environments, where electron donors for microbial respiration are typically
available and the circumneutral pH prevents the activity of many chemical
reductants, which require more acidic conditions (Lovely, 1991). In the microcosm
experiments, it is assumed that the basic pH that developed over time would have
minimised abiofic reduction activity, and that microbial respiration would be the
principal mechanism of Fe3* reduction, either through heterotrophic or autotrophic

metabolism.

The degree of Fe3* reduction in microcosm Tral lll, inferred from the Fe2*(qq
concentration after day 37, seemed to vary in accordance with the total sandstone
Fe concentration i.e.: Devonian sandstone > Lower Greensand > Triassic sandstone
(refer to page 55). This may be either a reflection of the overall quantity of available
Fe3, or may be due to the different types of Fe3* minerals present and indeed Fe?*-
binding species present in each sandstone type. For example, amorphous Fe3*
minerals are reportedly more reactive than crystalline solids, {e.g. Amirbahman et al.,
2003), and furthermore, increased reactivity is correlated with increased surface area
(Fredrickseon et al., 1998). However, these interpretations cannot be substantiated
further, without additional geochemical speciation of the aquifer mineral types. For
example, the fluctuations in Fe?*jaq) may not necessarily be due to changes in Fe3*
reduction kinetics, but could instead be caused by variation of the degree of Fe
that is in the aqueous phase, compared to that which subsequently reacts to form

solid authigenic minerals such as siderite (FeCOs).
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The peaks observed in Fe?tqq following the increased OC dose, on days 41-43,
particularly in the Devonian sandstone and Lower Greensand microcosms, could be
explained as an initial response to the increased electron availability, following the
complete consumption of DO and NOx. In this case, the relatively high Fe2*qq values
may comrespond to a maximum Fe3+ reduction activity, which subsequently declines
in magnitude over the following 5 days, until d 48. This could indicate that Fe2+
undergoes secondary reactions and is sequestered in the solid phase, as previously
suggested. Alternatively, this could reflect the decreasing capacity of the DIRB to
reduce Fe3*, for instance as the Fe3* minerals and bacterial cell surfaces become
saturated with adsorbed Fe?*, essentially preventing contact between the cell and
the TEA.

Such physical phenomena have been proposed, for instance, by Zachara et al.
(2001), who observed that the rate of dissimilatory Fe3+ reduction decreased as the
surfaces of crystalline Fe3+ oxides became saturated with Fe?(s). More than 50 % of
the biogenic Fe?* remained in the solid phase, associated with the residual Fed+
oxides. This process may be reversible, however, as removal of the sorbed Fe?*, for
example by reaction with an anion such as POs or COs, can allow bacterial
reduction to continue (Fredrickson ef al., 1998). In this regard, the kinetics of
dissimilatory Fe3+ reduction may be influenced by the secondary activity of the
biogenic Fe?*, however, this is largely speculative at present, since the microbial

reduction of Fe3* oxides is not well researched (Fredrickson ef al., 1998).

Two phases of SO42 addition were incorporated during Trial lll, coinciding with the
different influent OC doses, 35 and 50 mg C I, respectively. In all three sandstone
types, the SO42 additions coincided with decreases in Fe?*jaq (Figure 6.1). During the
first SO42- addition phase (d 28-37), it is presumed that the ion remained in the oxidised
state, since residual NOx was also present in the microcosms, and SO42- reduction is
unlikely fo occur in the presence iof NOx (e.g. Broholm et al., 2000). Therefore, in the
absence of reduced S% species, it is proposed that the observed decrease in FeZtaq)
was linked to a continuation of the established trend resulting from Fe2+(s) dissolution,
described previously. Contrastingly, during the second period of $O4 addition,
which coincided with a phase of complete NOx removal and potential Fe3*
reduction to Fe?* under the higher influent OC dose; it is possible that, a small degree
of SO reduction potentially occurred. This could not be quantified analytically,
however, since the instrumentation was only capable of detecting concentrations in
the mg I range. Where electron donors are in adequate supply and TEAS are

present, it may be possible for more than one microbial TEAP to exist (Ludvigsen ef al.,
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1998; Broholm ef al., 2000), in this case, Fe3* reduction and SO42 reduction. If this
occurred, $% produced in the microcosms may undergo secondary reactions with the
Fe2* generated from Fe®* reduction to form iron-sulphide precipitates such as
mackinawite (FeS) or pyrite (FeS2). These concurrent reactions have been observed
in landfill leachates (Broholm ef al., 2000) and could be responsible for the decreased
Fe?* concentration in the aqueous phase, demonstrated in these experiements.
Mineral speciation measurements are required, however, to further elucidate these

processes and mechanisms.

6.3.2 Manganese and Sulphate Activities

The ranges of Mn concentrations measured in the solid phase of sandstones used in
Trial Il {Chapter 2, page 55), and subsequently observed in the aqueous phase, were
much lower than the Fe concentrations, as is typical in the natural environment (e.g.
Braester and Martinell, 1988). In contrast to the Fe, dissolved (filterable) Mn (assumed
to be Mn?*), was present in very low concentrations in the interstitial microcosm
solution during the first 23 d of the experiment (Trial ll}: < 5 ug Mn |1 in the Triassic
sandstone and Lower Greensand microcosms, and < 15 ug Mn |1 in the Devonian
sandstone microcosms (Figure 6.1). Thus, there was no evidence for similar dissolution
processes as observed for Fe?*qq) and therefore, the presence of reduced Mn2+* ions

within the aquifer matrix was initially low.

Indeed, the concenfration of interstitial Mn2*(qq) in the Lower Greensand microcosms
remained consistently small throughout the experimental period, suggesting either
that there was little Mn4* reduction, or that the reduced Mn?+ species remained in the
solid phase, perhaps adsorbed to residual Mn- or Fe-oxides, or alternatively as the
authigenic mineral, rhodochrosite (MnCQOs) or Mn3O4 (e.g. Gounot, 1994).
Contrastingly, the Triassic sandstone, which had a similar concentration of total Mn in
the raw aquifer material (80 mg kg-' dry wt), exhibited some evidence of Mn2+* in the
aqueous phase; Mn?t4q) increased to a maximum values on d 30, which could not be
explained, followed by a general increasing trend in Mn2+qq) after d 39. This patternin
Mn2+ concentration coincided with the increased influent OC dose, and the
complete removal of NOx from the microcosms. It is assumed, therefore, that
bacterial dissimilatory Mn#* reduction had commenced, since the basic pH in these
microcosms was approaching pH 9.5 (pH data presented in Chapter 8) and therefore

is likely to have favoured the oxidised form: Mn4+ (e.g. Gounot, 1994).

The Mn2*qq profiles of the Devonian sandstone microcosms were relatively erratic,
and the concentration range of the aqueous phase was approximately equal to that

of the Fe2*(qq) profile for this sandstone type. However, a generally increasing trend in
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MnZ g was observed throughout the experiment, suggesting potentially increased
Mn4* reduction activity. The reduction of Mn4* due to abiotic processes, such as
redox-related reduction, is unlikely to have been significant, given the high pH of the
microcosm effluent throughout (pH 8.5 - 9.5) (e.g. Gounot, 1994), therefore, Mn#+

reduction was attributed to microbial reduction.

The results obtained from microcosm Trial IV also exhibited an increasing trend in
Mn2*aq), though only five samples were analysed. Since Mn?+qq) was not detectable
in the autotrophic control microcosm, the presence of dissolved Mn was attributed to

microbial Mn#+ reduction, similarly to the results from microcosm Trial {ll.

The effects of SO42 on Mn reduction, and indeed dissolution of Mn2+, were not clear
from these experiements, where both increases and decreases in Mn2*
concentrations were observed. Indeed, some authors have described an increase in
Mn?taq when $2 from SO+ was present, suggesting that Sz can reduce Mn#
(Gounot, 1994). Conversely, declining Mn2+ concentration in the aqueous phase has
also been attributed to the presence of SO42, due to the adsorption of Mn2+ onto iron
sulphides, precipitated during the reduction of Fe* and SO+ (Amirbahman ef al.,
2003).

To date, it seems that the geochemistry of Mn, particularly the oxides, is less well
defined than the geochemistry of Fe; this may be partly due to the difficulties in
distinguishing between enzymatic and non-enzymatic reduction reactions, since the
non-enzymatic reactions typically involve products of microbial respiration such as
NOz, §% as well as Fe2+ (e.g. Gounot, 1994).

Similarly to the agueous Fe?* dynamics, the release of Mn2+ into the aqueous phase is
likely to be controlled by the saturation of the aquifer solids with reduced Mn
minerals, such as rhodochrosite (Amirbahman ef al., 2003). The secondary
precipitation of reduced Mn2* minerals and the adsorption of Mn?* onto Fe and Mn
oxides, within the aquifer material is thought to sequester a significant portion of the
reduced species, commonly resulting in the overestimation of Mn4+ in the solid phase
(Gounot, 1994).

6.3.3 Summary and Conclusions

In experimental Trial ll, the concentrations of dissolved (filterable) Fe and Mn species
in interstitial microcosm solutions fluctuated throughout the experiment, af
concentrations approaching, and in some cases exceeding, the UK standards for
these elements in drinking water, (200 and 50 ug I! for Fe and Mn respectively; Sl
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3184). The presence of dissolved species, assumed to be Fe?* and Mn2+, following
increased influent OC dose, were assumed to be the products of microbial reduction.
This was not conclusive, however, since autotrophic controls were not included in this
Trial. Nonetheless, commencement of anaerobic biological activity, the absence of
NOx from the solution, and the availability of an electron resource, confirmed that
the conditions for reductive dissolution of Fe3* and Mn4 had been established and
this coincided with detection of soluble Fe2* and Mn?+ in the interstitial solution. The
results from Trial IV, where Mn?* was detected in the interstitial solutions of biologically
active microcosms, but not in the autotrophic control microcosm, supported the

hypothesis that the reduction was microbially mediated.

Considering the results from microcosm Trials Il and IV, it appeared that Mn reduction
was the more prominent reaction, with Mn2* concenirations exhibiting a consistent
increasing trend. This would concur with thermodynamic theory and observations
from ISBD field trials, where soluble Mn was detected in the denitrified groundwater at
concentrations in excess of the background (Hamon and Fustec, 1991; Abdelouas et
al., 1999).

The Devonian sandstone which had the highest concentrations of Fe and Mn in the
sandstone (Trial I}, exhibited the highest concentrations in the agueous phase,
followed by Lower Greensand and finally the Triassic sandstone (with the exception of
Mn, which was found in approximately equal quantities in the Lower Greensand and
the Triassic sandstone). This may have been due either to the availability of Fe3* and
Mn# in the original aquifer material, or may be explained by the potential for the
reduced species to precipitate as authigenic minerals or adsorb to the solid phase. In
both cases, the reduced species may effectively be sequestered from the aqueous
phase, obscuring the true extent of biochemical reduction taking place. For
example, the Lower Greensand and Triassic sandstone had similar concentrations of
Mn measured in the solid phase, but the Triassic sandstone exhibited a markedly
larger Mn2+qq) during the experiment (Trial lll). Conversely, the Lower Greensand had
a significantly larger total Fe content in the aquifer material, compared to the Triassic,

therefore potentially increasing Mn2+ adsorption.

From a practical application perspective, it would be desirable to be able to quickly
forecast the potential for Fe and Mn dissolution under proposed ISBD freatment
schemes, as this may have potentially deleterious impacts on the treated water
guality, or compromise the operation of the abstraction facility through fouling
events. However, the results from these experiments indicate that assessment of

potential Fe and Mn reduction must be site specific and furthermore, accurate
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quantification requires not only a chemical assessment of the groundwater, but
additionally, a quantitative speciation of the aguifer mineralogy. This could be
achieved by laboratery column studies, so long as the water used in the simulation is
from the same source as the aquifer material, at the proposed ISBD site, for example,

as described in Trial V.
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7.1 BRIEF INTRODUCTION TO DGGE

Denaturant gradient gel electrophoresis is a molecular fingerprinting fechnique that is
commonly used to elucidate ecological patterns in microbial community diversity {Liu
and Stahl, 2002). It can provide a rapid phylogenetic assessment of bacterial
populations in environmental samples, and is considered a superior method to more
conventionai techniques, such as those based on cuitivation. Cultivation of bacteria
from environmental samples is expected to recover only a small fraction of the tota;
species present (Muyzer ef al., 1993; Schleifer and Wagner, 1997; Yoshie et al., 2001),
for example estimated as 1-15 % of the total bacteria present in activated sludge
(Boon ef al., 2002).

Denaturing gradient gel electrophoresis is used fo produce a ‘fingerprint’ of the
microbial community structure by revealing the presence, and to some extent,
abundance, of the consfituent species, based on the total exiracted DNA from the
original environmental sample. The DNA extracted from the sample is amplified using
polymerase chain reaction (PCR}, commonly targeted towards fragments of the
genome which code for 165 rRNA. The 165 RNA gene is used as it is highly
conserved between bacterial species, but contains smaller variable regions. The
phylogenetic character of the organism may be resolved with regards to its
relationship with other bacteria (from the conserved region), and subsequently, more
subtle variation in nucleotide sequence may be used to discriminate between
different organisms at the genus/species level (Liv and Stahl, 2002). Indeed, all types
of IRNA and DNA genes coding for rRNA can be used in DGGE, but the 16S is the
most frequently used molecule as it is of sufficient sequence length (approximately
1,500 base pairs) to accurately infer phylogenetic type, but is smaller than the largest
rRNA molecule (23S rRNA: 3,000 base pairs), hence is easier to use experimentally (Liv
and Stahl, 2002). The PCR procedure is a necessary step to increase the number of
DNA molecules present in the sample, so that the information may be quantified. [t
also facilitates the selection of a particular region of the genomic DNA for
exploration, e.g. the 16S rRNA gene, and permits the incorporation of a ‘GC-clamp’
into the amplified DNA (amplicons) which improves the resolution limits of the DGGE,
allowing nearly all variations in nucleofide sequences to be detected (Muyzer et dl.,
1993) {refer to Chapter 3, for details of methods).

During DGGE, electrophoresis is used to separate the amplicons of the 165 rRNA
gene, which are of similar nucleotide length, but vary with regards to sequence
composition.  This technique was initially proposed by Muyzer ef al. (1993). The

variations in nucleotide sequence, which reflect phylogenetic type, impart different
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physical qualities to the DNA molecule, specifically regarding the temperature at
which the DNA melis (Tm) (Gelsomino et al., 1999). When the DNA melts, the helical
structure separates and its electrophoretic mobility is retarded. Melting can also be
mediated by chemical denaturants such as formamide or urea, using an
electrophoresis gel prepared with a linear gradient of low denaturant concentration
at the top of the gel to high concentration at the base of the gel (on a vertical axis,
where samples of DNA are loaded at the top). During DGGE, the DNA fragments
move through the gel under a constant temperature and electric current until the
concentration of denaturant is sufficient for the DNA to melt. At this point, the helical
structure disassociates and the migration of the DNA molecule in the gel is arested.
The degree of migration through the gel is determined by the melting point of the
DNA, which is ullimately a function of the specific nucleotide sequence of that
particular DNA molecule (or 165 rRNA gene) (Muyzer et al., 1993). A sample of the
total DNA extracted from a microbial community gives a series of bands, visible on
the DGGE gel, where each band represents a particular phylogenetic type (Yoshie ef
al., 2001). The resulting banding patterns from different samples are frequently used
to explore spatial/ffemporal variations in microbial community structure in response to

environmental factors or perturbations (e.g. Yoshie et al., 2001; Boon et al., 2002).

The banding patterns generally reflect the composition of only the most dominant
species within the community, although this may include those species un-culturable
using standard cultivation techniques (Boon et al., 2002; Evans et al., 2005 arficle in
press). For a more comprehensive picture of the community, a nested PCR protocol
involving sequential repetitions of PCR using more group specific primers may be
necessary [(Gelsomino et al., 1999). However, there are experimental artefacts that
may potentially lead to misinterprefation of the ecological implications from banding

patterns, including (Gelsomino et al., 1999; Liu and Stahl, 2002):

* Incomplete recovery of the total microbial DNA from an environmental sample,
which may be exacerbated by the shearing or loss of DNA fragments during the
cell disruption procedure;

e Production of chimeras during the PCR phase leading fo false banding
information (where bands do not represent a true bacterial type);

e PCR-bias producing artificially stronger appearance of some bands;

« The production of more than one band from a single bacterial type which
possesses, for example, several copies of the 165 rRNA gene with slightly different
sequences; conversely two separate bacterial types may have similar 165 rRNA
genes that migrate at similar positions in the gel giving the appearance of only

one bacterial type.
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The likelihood of these processes intfroducing experimental errors is uncertain and may
be incidental (Gelsomino et al., 1999). Molecular methods for exploration of
microbial ecology are under confinual development, but PCR-DGGE remains one of
the most commonly applied protocols and robust fechniques for elucidating diversity
information on microbial communities from environmental samples (Gelsomino et al.,
2002; Yoshie et al., 2001). Moreover, the bands on the DGGE gels may be excised
and purified to resolve sequence information, therefore, permitting the determination
of the relationships between the sampled organisms and known bacterial species (i.e.
phylogenetic characterisation). A combination of the PCR-DGGE and subsequent
sequence resolution techniques was used in this project to characterise the microbial
communities present in the denitrifying microcosms (methods presented in Chapter
3). The DGGE gels produced were used to compare inferred communities between

samples and subsequently, to produce bands for sequencing.

7.2 RESULTS OF COMMUNITY COMPARISONS USING DGGE GEL BANDING DATA

Following the DGGE procedure, the gels produced using the VrVf primer pair were
stained and photographed as described in Chapter 3. The banding pattern on the
DGGE gel (Figure 7.1) was used to assess the similarity between different samples,
using a combination of statistical methods based on a matrix of ‘presence/absence’
data compiled using the Quantity One® software package (BIO-RAD Laboratories,
CA, US). The presence/absence data essentially describes whether a particular band
is present in the sample or not, and scores it accordingly as either positive (+} or

negative (-). This data was compared using two approaches:

{i). conventional statistical comparison of the difference in similarity data using
ANOVA;
(i). Comparison of similarity between samples using the Raup and Crick test, a

similarity index calculated from a simulated probability distribution.

7.2.1 Analysis of sample DGGE banding patterns using ANOVA
Since the ANOVA requires samples of numeric values, the raw presence/absence
data were transformed to scores of similarity between pairs of samples, according to

the Dice equation:

D = 2j/(at+b) (e.q. Clegg et al., 2003)






Table 7.1: Dice Coefficients (% similarity) for pair-wise comparisons of banding patterns for samples from microcosm Trial ll: Microcosms prepared using Triassic
sandstone and dosed with difference OC substrates and concentrations (see footnote)
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Key: (Ac) denotes acetate; (G) denotes glucose: (11), (19), (22) denotes concentration (mg C I); (MC) refers to microcosm identity number used throughout

experiment and (a] or {b) indicates that two replicate sand samples were taken from an identical microcosm, and were labelled alphabetically
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Using the Dice Coefficients of similarity, data sets were compiled for statistical

comparison using one-way ANOVA, as follows:

e Similarity values for duplicate sample pairs of the same microcosm (termed
biological replicates, BRs), compared to the similarity values between pairs of
samples taken from replicate microcosms of the same freatment (microcosm
replicates, MRs);

o Similarity values from MR pairs compared to similarity values obtained from
pairs of samples from different treatments (DTs), (data from Trial Il fh.erefore
considers only the differences in substrate type/substrate dose);

¢ Similarity values between pairs of samples fed 19 mg acetate-C I, compared
to similarity values between pairs of samples fed 22 mg glucose-C I (i.e. two
different substrates at similar OC concentrations);

+ Similarity values between acetate microcosms paired with the autotrophic
control, compared to similarities between glucose microcosms paired with
the aufotrophic contro!;

s Similarity between microcosms of the same sandstone, compared to

similarities between microcosms of different sandstones.

The ANOVAs were completed using MINITAB (14) Statistical software. Prior to carrying
out the one-way ANOVA tests, the data were checked for normality which revealed
that there were potential outliers in the data set. After removing the outliers, which
were data points involving the samples: MC 1a, MC 1b and MC 4b (Trial ll), the
similarity data was normally distributed. Visual inspection of the DGGE gel (Figure 7.1)

showed that the samples which were removed as outliers had very few or no bands.

The P values of the ANOVA tests (without outliers) and mean similarities for data sets

are detailed in Table 7.3. The results of the ANOVAS cré summarised as follows:

There was a significant difference in the similarities of biological replicates

(BR) compared to microcosm replicates (MR), P <0.01;

o There was a highly significant difference in the similarity between microcosm
replicates (MR) compared to the similarity between samples from different
treatments (DT), P < 0.001 (MR were more similar);

e The similarities between acetate (19 mg C I) and glucose (22 mg C )
treatments were nof significantly different, P > 0.05;

¢ The degree of similarity between acetate (19 mg C I') samples paired with
the autotrophic control sample, compared to glucose (22 mg C 1) sample

paired with the autotrophic control was significantly different, P < 0.01. The
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glucose/autotrophic pairs were more similar than the acetate/autotrophic
pairs;

» There was no significant difference between the similarities of microcosms
filled with the same sandstone, compared to similarities of microcosms filled

with different sandstones, P > 0.05.

Table 7.3: ANOVA results from comparisons of similarities in the microbial communities (implied
from DGGE banding pattern) of various microcosm samples. (BR} denotes biological
replicates, (MR} denotes microcosm replicates and (DT) denotes different treatment types,
(defined further on p 181)

Compuarison P value Means of data sets
(95 %)

Similarities between BR <0.01 78.7
vs§

Similarities between MR 57.4

Similarities between MR <0.001 57.37
Vs

Similarities between DT 43.8

Similarities between acetate treatments (19 mg C |1} 0.763 68.17
Vs

Similarities between glucose freatments (22 mg C 1) 64.7

Similarities between acetate treatments (19 mg C ') and <0.01 15.0

autotrophic controls
Vs

Similarities between glucose treatments (22 mg C I') and

autotrophic controls 23.5
Similarities between microcosms filled with the same 0.364 64.8
sandstone

vs
Similarities between microcosms filled with different 59.0
sandstones

The implications of these statistical analyses are interpreted and compared fo the

findings of the alternative, Raup and Crick analysis, in Section 7.2.3.

7.2.2 Analysis of sample DGGE banding patterns using Raup and Crick Index

The Raup and Crick test was conceived for comparison of faunal similarity between
different geographic locations (Raup and Crick, 1979) using presence/absence data.
Since the test is based on presence/absence of biological taxa., it is also applicable
fo the analysis of DGGE banding pattemns, for example as applied by Rowan et al.,
(2003). In the case of these experiments, the aim of the DGGE analysis was to
determine if different microcosm treatments, such as substrate type or sandstone

type, had an effect on microbial community assemblage.
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Conventional statistical analysis has two oufcomes (al a specified a): Ho is upheld;
there is no significant difference between samples; Ho is rejected; there is a significant
difference between samples. Therefore, two compared communities would be
determined as either similar (Ho upheld) or dissimilar (Ho rejected). The Raup and
Crick test additionally considers that the two communities are randomly assembled,
and that the similarity or dissimilarity between the communities may therefore be

influenced by chance. In effect, the Raup and Crick test has three outcomes:

* two samples are significantly similar;
o ftwo samples are significantly dissimilar;
s two samples are no more similar (or dissimilar) than would be expected from

chance occurrence alone.

The latter outcome defines the null hypothesis for the Raup and Crick test: the degree
of similarity measured between samples can be accounted for by the chance
occurrence of the same two species in each sample (e.g. Rowan et al., 2003). The
incorporation of a chance element in the Raup and Crick test prevents common or
widespread biological taxa from having a disproportionate influence on the
measurement of similarity (Raup and Crick, 1979). This is relevant to the comparison
of the microcosm communities, where microorganisms capable of denitrification are
ubiquitous in the environment (Hawker and Linton, 1971} and, moreover, the same
bulk source of sandstone was used to fill the microcosms in the maqjority of

experiments.

7.2.2.1 Description of Raup and Crick Method

The Raup and Crick similarity index (Src) was calculated from presence/absence
data transformed to binary digits using pooled information from microcosm Trial Il and
microcosm Trial lll (i.e. every sample in the DGGE gel was compared to all other
samples). The Raup and Crick test uses a random sampling method to simulate two
samples from the pooled data set (Kexp). and these are compared to determine the
number of common taxa (or in this case, common bands). This process is repeated
200 times by the statistical soffware used to complete the test and a frequency
distribution graph of the results is compiled, as depicted schematically in Figure 7.2.
The frequency distribution from the randomly generated comparisons (Kexp) is used as
a probability distribution curve against which the similarities between real samples
(Kobs) are compared. The reported similarity index (Skc) is defined as the probability
that the similarity between simulated samples is greater than or equal to the actual
similarity between the real samples, i.e.: Sse = P Kexo 2 Kobs, (€.9. Rowan et al., 2003)

and Sre will have a value between 0.0 and 1.0.
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Figure 7.5: Pair-wise comparisons of Raup and Crick similarity values (Src) between samples collected during Trial lll, fed acetate at 35 mg C I, Src value < than 0.05
denotes significant dissimilarity; Src> 0.95 denotes significant similarity; 0.05 < Skc < 0.95 denotes similarity no greater than would be expected by chance (Ho upheld).

Microcosm sample codes: (TS) denotes microcosms filled with Triassic sandstone, (LG) denotes Lower Greensand and (DS) denotes Devonian sandstone.
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Trial Ul

. Acetate 11 mg C I' treatment replicates (MC 7a,b and MC 8): Skc = 0.67 and
0.97.

) Acetate 19 mg C I tfreatment replicates (MC 5 a, b and MC 6 q, b): Skc =
0.99. 1.0, 0.96 and 0.97,

) Glucose 22 mg C I'! freatment replicates MC 3 a, b and MC 4 a (MC 4b

removed from data set as outlier): Src = 0.99, 1.0,

Trial 1l
o Devonian sandstone treatment replicates (MC 3 and 4): Sgc = 1.0,
. Lower Greensand treatment replicates (MC 5 and MC 6) Skc = 1.0,

. Triassic sandstone treatment replicates (MC 7 and MC 8): Skc = 1.0.

The final comparisons were made between different treatments, which were the
main comparisons of interest, for example, comparing MC 5 from Trial II (12 mg
acetate-C ') with MC 3 from Trial Il (22 mg glucose-C '} and so on. The results of
the comparisons between treatment type (Figure 7.6) demonstrated that the
majority of comparisons between treatment types showed no greater similarity
than would be expected to occur by chance {0.05 < Src < 0.95). However, in some
cases, comparison between two different treatment types demonstrated a

significant similarity (Srkc > 0.25) these included comparisons between:

Trial Il

o Acetate 11 mg C I'' and acetate 19 mg C I (5/12 comparison pairs were
similar),

. Acetate 11 mg C I' and glucose 22 mg C IV (3/9 comparison pairs were
similar),

. Acetate 19 and glucose 22 mg C I' (9/11 comparison pairs were similar)

Trial Il
) Triassic sandstone and Lower Greensand (4/4 comparison pairs were similar),
) Lower Greensand and Devonian sandstone (2/4 comparison pairs were

similar}.

Moreover, in addition to these similarities, the data from microcosm Trial I also
showed that there was a significant dissimilarity (Src <0.05) between samples from
MC 5 (Acetate 1?2 mg C ') compared to the sample from MC 2 (autotrophic

control).
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7.2.3 Summary of Statistical comparisons of DGGE banding patterns

The ANOVA fest of similarity values for biological replicates compared to
microcosm replicates showed a significant difference between the means of the
two data sets (P <0.01). In this case, the biological replicates showed a greater
degree of similarity than the samples from microcosm replicates, as would be
anticipated, thus demonstrating the reproducibility of the DNA extraction and PCR-
DGGE technique. This result implied that there was a degree of variation between
replicate microcosms receiving the same treatment, which reflected the minor
differences in denitrification chemistries observed between microcosm replicates
(refer to Chapter 4). However, though the denitrification (C and N} concentration
profiles for acetate ifreatments appeared more consistent between replicates
compared to glucose treatments (Chapter 4), the degree of similarity between
banding patterns of the acetate treatments (12 mg C [} was not significantly

different from the similarity observed between glucose treatments (22 mg C I').

The Raup and Crick analysis found that biological replicates (BR} and microcosm
replicates (MR) were more similar than could be expected by chance, (Skc values >
0.95). From an ecological perspective, the Raup and Crick stafistic infers
deterministic similarity (Skc >0.95), where external factors have influenced the
structure of two communities in some way as to increase the degree of similarity
between the two (e.g. Rowan et al., 2003). Correspondingly, communities with
significantly dissimilar Skc values (< 0.05) are thought fo have been caused to
diverge by external factors, and communities with no more similarity than could be
expected by chance are described as randomly assembled. In this regard,
samples taken from replicate microcosms of the same freatment were
detemministically similar, suggesting that ireatment type caused microbial

community structures from individual microcosms to become convergent.

Subsequently, an ANOVA test of similarities between microcosm replicates (MR}
and similarities between different OC treatments (DT), showed a highly significant
difference (P < 0.001) between the two data sets. The mean similarity between
microcosm replicates was higher than the mean similarity between microcosms of
different treatments (l.e. the microcosm replicates were more similar). In this
instance, the ANOVA included only samples from the non-sterie microcosms
amended with an OC source; therefore the type of OC freatment had a significant
effect on the microbial communities in samples elucidated by the PCR-DGGE

procedure.
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The equivalent Raup and Crick indices amongst different treatments found that 41
% of comparisons between treatments: acetate 11 mg C /acetate 19 mg C |1
were similar and 33.3 % of comparisons between acetate 11 mg C H/glucose 22
mg C ' were similar. In these instances, where acetate and glucose samples from
higher concentration treatments (19 and 22 mg C I respectively,) were compared
to the lower concentration acetate freatment (11 mg C I'), it was shown that the
majority of the sample comparisons were found to be no more similar than could
be expected by chance. However, when the higher acetate and glucose
freatments were compared to each other (acetate 19 mg C I'/glucose 22 mg C |
1}, the Raup and Crick test found that 81.8 % of comparisons were significantly

similar.

This reflected the statistical results presented in Chapter 4 (Section 4.3.5), regarding
mean concentration of NOzN denitrified during the course of the experiment. For
example, significant differences were detected between the acetate (19 mg C 1)
and glucose (22 mg C I} treatments compared to the acetate (11 mg C )
treatment, respectively; conversely, no significant difference was found between
acetate (19 mg C ') compared to glucose (22 mg C [1). Therefore, the highly
significant difference between communities from microcosms receiving different
freatments may be ultimately due to the degree of denitrification activity that

occurred within the microcosms.

An ANOVA comparing the similarity between the autotrophic control microcosm
and acetate (19 mg C I') and glucose {22 mg C ') treatments, respectively, found
that there was a significant difference in the two data sets (P < 0.05). In this
instance, the similarity between glucose and autotrophic treatments was higher
than the similarity between the acetate and autotrophic treatments, suggesting
that the communities from the acetate and autotrophic treatments had diverged
to a greater extent. Raup and Crick comparisons also highlighted significant
dissimilarity (Src < 0.05), between the autotrophic control (MC 2, Trial Il) and
replicate samples from MC 5 (a, b) (acetate 19 mg C I1}. This inferred that the
addition of acetate (19 mg C ) to MC 5 (Trial Il) caused the community to
become more dissimilar o the microcosm which received no OC, than would have
been expected by chance. It is interesting, however, that the other replicate
microcosm of this treatment pair (i.e. MC 6, 19 mg C I, Trial l) was not significantly

dissimilar to the autotrophic control.

In the samples collected during Trial lll, where microcosms received identical OC

amendments (acetate, 35 mg |1), but were prepared using different sandstones
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(Lower Greensand and Triassic and Devonian sandstones), there was no significant
difference (P < 0.05) in the similarities between any of the microcosms (excluding
the sterile controls). Therefore, under a similar OC freatment regime, variation in
sandstone type did not have a significant effect on the similarities of microbial

communities within the microcosms.

The Raup and Crick comparisons between the various sandstone types also

demonstrated that there were no significant dissimilarities between treatments.

7.3 ANALYSIS OF SEQUENCE DATA OBTAINED FROM DGGE GELS

7.3.1 Similarity of microcosm sample-Sequences to Known organisms

To characterise the microbial community recovered during the PCR/DGGE
procedure, selected bands from the DGGE gels were excised and sent to a
specialist laboratory for sequencing, as described in Chapter 3. Bands were
excised from gels produced using both VrVf and pDpF primer pairs, as shown in

Figure 7.7 (sample ID codes are described in the accompanying Table 7.6).

The sequence data from bands excised from both VIVF and pDpF gels, which was
elucidated as a series of bases, were used to characterise the microbial community
present in the samples by grouping the sequences with their ‘'nearest neighbours.”’
This was carried out by comparing the raw sequence data from the microcosm
samples with known sequences, catalogued in the EMBL-EBI international database
(http:/www.ebi.ac.uk) using the software package FASTA 3 (Pearson and Lipman,
1988). The details of the samples collected for sequencing and the nearest
neighbours obtained are presented in Table 7.6 (band identity numbers refer to the

annotations in Figure 7.7).

As can be observed from Figure 7.7, many of the bands that were amplified during
the PCR procedure were common to all samples. The majority of the sequences
recovered from the microcosm samples were similar to sequences of f-
proteobacteria, predominantly species of the Acidovorax and Burkholderia.
Additionally, sequences similar to y-proteobacteria of the Pseudomonas genus
were also present in the microcosm samples. Most of the species listed in the EMBL
database were isolated from environmental samples, including contaminated sites

and from activated sludge, as described in Table 7.6.
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Table 7.4: Nearest neighbours of the sequences obtained from DGGE gels performed with

VIV primers (band IDs 1-22) and pDpF primers (band IDs 23-28). Band identities correspond

to the bands depicted in Figure 7.7

Band Sample Nearest neighbours Accession Similarity Origin of neighbour
IDno. description no. between

sample and

‘neighbour’

1 Trial I, MC 8, Uncultured bacterium AY053477 99.4 Bacteria and Archaea
acetate - 11 AT425 physically associated with
mg C It Gulf of Mexico gas

hydrates

2 Trial ll, MC 7b, Pseudomonas sp. AY043562 99.3 British Columbia forest soils
acetate - 11 5582.F11 subjected to disturbance,
mgCH from mature forest mineral

50l

3 Trial ll, MC 7b, Burkholderia sp. AJ300684 98.7 UK, woodland rhizosphere
acetate - 11 NCPPB3025 environments, associated
mgCl! with Allium cepa {onion)

4 Trial ll, MC 3aq, ultramicrobacterium ABQO08505 100 aerobic copiotrophic
glucose - 22 strain D-7 ultramicrobacteria from
mg C I urban seil

and
ultramicrobacterium AB008503 100 -
strain MY14

5 Trial ll, MC 3q, Uncultured beta AF529324 99.4 PCE-contaminated site
glucose — 22 proteobacterium clone
mgCH! CLi13

Uncultured bacterium AF389436 99.4 Chlorinated-ethene-
clone SRS62DBA03 contaminated landfill
groundwater

6 Trial Il, MC 3b, ultramicrobacterium ABQ08505 100 PAH contaminated soil, US
glucose - 22 strain D-7
mgCtH "

ultramicrobacterium ABO08503 100
strain MY 14
Soft rot pathogen isolate
Janthinobacterium Y08845 100
agaricidamnosum
WI1r3r

7 Trial I, MC 3b, Uncultured beta AF529324 98.7 PCE contaminated site
glucose — 22 proteobacterium clone
mg C1I! CLi13

8 Trial ll, MC 5q, Uncultured gamma AF529099 100 TCE contaminated site
acetate - 19 proteobacterium clone
mg C ! FTL 213

9 Trial I, MC 5q, Uncultured Duganneila AFQ58385 99.3 Isolated from a negative
acetate-19 clone MT18 DNA extraction control
mg C 1! during mixed population

studies

10 Trial ll, MC 5b, Uncultured gamma AF529099 100 TCE contaminated site
acetate - 19 proteobacterium clone
mg C I FTL 213

1 Trial ll, MC 5b, UnculturedDugannelia AFO58385 99.4 Isolated from a negative
acetate - 19 clone MT1B DNA extraction control
mgC! during mixed population

studies
Uncultured
eubacterium clone AF270945 99.4 -
IAFR110

12 Trial I, MC 1b, Soilisolate KBS-EC4 AF183152 99.3 Long term ecological soil
sterile control research site, Michegan,

USA

13 Trial lll, Lower Uncultured AY571792 95.5 hydrocarbon-
Greensand, Acidobacterium clone contaminated soll,
sterile control 351B Antarctica:Southermn

Victoria Land, Ross Island,

14 Trial I, Lower Uncultured gamma AF529132 96.6 TCE site undergoing 1SBD
Greensand, proteobacterium clone treatment
sterile control FLpost17

15 Trial 1, MC 3, Uncultured gamma AJ583182 84.8 ground water from a
Triassic proteobacterium monitoring deep-well at a
sandstone radioactive waste disposal

site, Tomsk-7, Russia
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Table 7.6 cont.
Band Sample Nearest neighbours Accession Similarity Origin of neighbour
IDno. description no. between
sample and
‘neighbour’

16 Trial ll, MC 3, Uncultured AF270945 100 Related to Acidovorax
Triassic eubacterium clone spp. isolated from soil
sandstone IAFR110 activated with

pentachlorophenol (PCP)
or with a wood
preservative mixture
containing PCP

17 Trial Il MC 6 Pseudomonas AJ249382 94.6 Isolated from soil at a coal
Lower frederiksberge, gasification site, Denmark
Greensand

Pseudomonas borealis, AJ012712 94.6 Isolated from pristine and
contaminated soils, deep
and other sediments and
Pseudomonas spp. phytopathogenic isolates
18 Trial ll, MC & Pseudomonas AB021388 92.4 -
Lower mephitic,
Greensand

19 Trial lll, MC 5 Uncultured gamma- AJ583182 937 Ground water from a
Lower proteobacterium monitoring deep-well at a
Greensand radioactive waste disposal

site, Tomsk-7, Russia
Isolated from human clinic
Acinetobacter sp. AJ275039 93.7 specimen
Phenon 1 strain LUH
4763

20 Trial lll, MC 4 Uncultured gamma- AJ583182 97.5 Ground water from a
Devonian protecbacterium monitoring deep-well at a
sandstone radioactive waste disposal

site, Tomsk-7, Russia

21 Trial i, MC 3 Pseudomonas AJ278814 99.4 Pure culture
Devonian fluorescens strain Q2-87
sandstone

Pseudomonas AF348508 99.4 Isolated from sugar beet
corrugata rhizosphere soil
Pseudomonas folaasii AF348507 99.4 Isolated from soil
Pseudomonas kilonensis AJ292426 99.4 Isolated from agriculfural
strain 520-20 soil, Germany
Pseudomonas AJ292381 99.4 Isolated from agricultural
brassicacearum strain soil, Germany

520-1

Pseudomonas aspleni AB0213%7 99.4 Pure culture

ATCC 238357

Pseudomonas lundensis AB021395 99.4 Pure culture

ATCC 4994687

Pseudomonas stuizeri AJ312158 99.4 Isolated from marine
strain 24a%7 sediment and soil
Pseudomonas AF494091 99.4 Pure culture
nitroreducens strain

24097

Pseudomonas AY017341 99.4 Non-denitrifying chlorate
chlortidismutans

22 Trial lll, MC 3 Uncultured bacterium AY250094 99.4 Coal-tar contaminated
Devonian clone 38 sediment of Hudson River,
sandstone USA

Uncultured AF270945 99.4 Isolated from PCP
eubacterium clone contaminated soil,
IAFR110 Canada

23 Trial Il, MC 7b, Burkholderia sp. AB2 AF219125 98.1 Strain: AB2
acetate - 11
mgCl? Burkholderia cepacia AF311971 28.1 Isolate: LS2.4, common

plant-associated
bacterium
Burkholderia cepacia AY741347 28.1 Strain ATCC 39277
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Table 7.6 cont.
Band Sample Nearest neighbours Accession Similarity Origin of neighbour
IDno. description no. between
sample and
'neighbour’
23 Trial i, MC 7b, Burkholderia U91838 98.1 Strain; E264, a Burkholderia
continu  acetate - 11 thailandensis pseudomallei-like species
ed mgC !
Burkholderia pymrocinia AJ440715 98.1 Strain: R1904
Burkholderia AF093051 98.1 Strain: V683, exists in the
pseudomallei (Ara+ environment especially in
biotype) the soil biotype: Ara+
Burkholderia sp. KBC-4 AY769905 98.1 Strain: KBC-4 Burkholderia
cepacia complexin the
environment

24 Trial i, MC éa, Acidovorax sp. AY093698 99.0 -
acetate - 19 'smarab 133815
mgCl!

Acidovorax sp. AY360350 -
040703/8067L

25 Trial ll, MC 4a, Burkholderia fungorum AJ544691 99.6 Strain W5646, infection of
glucose - 22 deer and pig brain
mgCH

Burkholderia sp. LMG AF215706 99.6 Burkholderia fungorum,
16307 strain LMG 16307, isolated
from the environment,
animals and human
clinical samples
99.6
Burkholderia sp. ICD AY134849 Strain ICD
99.6
Burkholderia sp. AF247492 Phenanthrene degrader,
A6.33GD isolated from enrichments
with phenanthrene
99.6
Burkholderia sp. 56 AY177370 Phenanthrene-degrading
soil column systems
99.6
Burkholderia sp. CB2 AY 178059 Strain CB2, specific host:
(plus other strains Cyclopia buxifolia (rhizobia
associated with associated)
rhizobia of Cyclopia
sp.)

26 Trialll, MC 3a, Burkholderia fungorum AJ544691 99.6 Strain W564, infection of
glucose — 22 deer and pig brain
mgCl’

Burkholderia fungorum AF215705 99.6 Isolate from
LMG 162257 Phanerochaete
chryosporium (white rot
fungi)
99.6
Burkholderia fungorum AF215706 Isolate from human
LMG 16307 cerebral spinal fluid,
Sweden
99.6
Burkholderia sp. AF459796 Ant gut symbiont, Belgium
99.6
Burkholderia sp. 56 AY177370 Phenanthrene-degrading
soil column, Mexico and
Arizona, USA
99.6
Burkholderia sp. UCT 56 AY1708054 Rhizobia-associated
isolate, South Africa

27 Trial i, MC 1, Acidovorax defluvi Y18616 98.6 Isolated from activated
Lower strain BS411 sludge, Germany
Greensand
Sterile Control Acidovorax sp. isolate AJO12071 98.6 Enrichment isolate from

G8B1 activated sludge,
Germany

Acidovorax sp. isolate AJO12070 98.6 o

G7Al

28 Trial i, MC 8, Acidovorax defluvii Y18616 98.6 Isolated from acfivated
Triassic strain BS411 sludge, Germany
sandstone

Acidovorax sp. isolate AJ012071 98.6 Enrichment isolate from

G8B1 activated sludge,
Germany

Acidovorax sp. isolate AJ012070 98.6 B

G7A1
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One particular band which appeared present in all samples (except the failed
sample MC 4b, Trial l), highlighted by red shading in Figure 7.7, appeared fo be
related to Acidovorax spp.. @ member of the Comamonadaceae family (Hu et al.,
2001). This sequence was excised from samples including those treated with HgCla,
therefore, it is likely that Acidovorax was originally present in the raw sandstone.
Acidovorax spp. have been isolated from activated sludge (WWTPs) and soil
environments contaminated with PAH and PCP (Table 7.6) and are expected to

possess denitrifying capability (e.g. Khan et al., 2002).

The higher resolution sequences excised from the pDpF gel indicated that many of
the common bands were closely related to the Burkholderia, a soil bacterium
commonly occurming as a symbiont in rhizosphere environs (Table 7.6). The pDpF
sequences were additionally used to examine the evolutionary (clustering)
relationships with similar organisms, using the phylogenetic tree-generating software
package TREECON, as described by Rowan et al. (2003). This work was completed
by the Centre for Molecular Ecology, University of Newcastle. The phylogenetic
tree, presented in Figure 7.8, gives a more accurate indication of the relationship
between the sequences obtained from the microcosm samples and known
microbial species, based on an algorithm in the software that accounts for

changes to the DNA sequence that might have occurred over evolutionary time.

Figure 7.8 demonstrates that most of the samples clustered with either the

Burkholderia or the Acidovorax genus, with most similar relatives as follows:

e Burkholderia vietnamienesis;
e Burkholderia — symbiont of A. aquaticus;
e Comamonus bacteria — C. terrigenia;

e Acidovorax delfluvii.

7.3.2 Summary of Sequence Data

The DNA fingerprinting. PCR-DGGE technique was successfully applied to
characterise some of the most commonly occumring organisms in the microcosm
samples. Sequence data were elucidated for the most intense bands, hence. the
organisms characterised by the sequencing were likely to represent the most
abundant members of the microbial community in the microcosms. Members of
the Comamonadacea family, including: Acidovorax, Comamonas and
Burkholderia, were apparently abundant in the microcosms and organisms closely

related to Pseudomonas spp. were also present.
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59 B.cepacia isolate
59 B.pyrrocinia
B.pyrrocinia(T)

B.vietnamiensis

Band # 23: Trial ll, MC 7, Triassic sandstone, 11 mg Ac-C I
P.gladioli(T)

B.plantarii

7b B.plantarii(T)

—[ U96931B.glumae(T)

P.caryophilii(T)

B.glathei(T)

P.andropogonis(T)

______ B.phenazium(T)
7 Uncultured eubact. clone GL 182.9
73 10p X . .
Burkholderia symbiont of A.aquaticus
Band # 25: Trial I, MC 4, Triassic sandstone
22mgGluC I?
Band # 2é: Trial Il, MC 3, Triassic sandstone
22 mg Glu-C I-1
100
B.kururiensis(T)
A.anthurii(T)
87 R.ferrireducens
09 Arctic sea ice bacterium
C.terrigenia(T)
57 Comamonadaceae bacterium
_85 Band # 24; Trial Il, MC §, Triassic sandstone
19 mg Ac-C I-1
A.avenae subsp. Cattleyae(T)
97
5) A.avenae subsp. Avenae(T)
A.Avenae subsp. citrulli{T)
A.temperans(T)
8] De-nitrifying Fe-oxidising bacterium
Pseudomonas sp
S Acidovorax sp.
60 A.delfluvii
Band # 27: Trial lll, MC 1, Lower greensand,
sterile control
Band # 28: Trial Ill, MC 8, Trlassic sandstone,,
35-50 mg Ac-C I
E.coli(T)

Phylogenetic tree indicating clustering relationships of microcosm samples
(indicated in bold typeface with sample and DGGE band details), based on sequence
analysis (E.coll was used as the outgroup). The distances of the branches indicafe degree of

similarity (not scaled) but the numbers on the branches indicate bootstrap values
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Visual inspection of the DGGE gels suggested that organisms from these genus
types were common to all treatments, regardiess of OC substrate or sandstone
type. This suggests that organisms capable of denitrification were predominant in

the microcosms and in the case of the glucose-treated microcosms.

The denitrifying communities present in the microcosm samples from Trial Ill, where
different sandstones were used, were apparently also dominated by members of
the Comamonadacea, in spite of the potential variation in indigenous organisms in
the source sandstone. Further investigation of the microbial communities with
group-specific PCR techniques, however, would be required to elucidate DGGE
and sequence data from more specific bacterial groups such as iron-oxidisers/iron

reducers and sulphate-reducing bacteria.

Interestingly, there was a notable increase in the intensity of the bands from the
samples collected during microcosm Trial lll (refer fo Figure 7.1}, compared to
samples from microcosm Trial Il. A" more intense (bright) band is generally
understood to represent a more abundant number of organisms in the original
sample, which would correlate with the increased denitrification activity observed
(under a higher OC dose) in microcosms from Trial lll, compared to Trial Il (refer to
Chapter 4). Therefore, the more rapid establishment of sustdined complete
denitrification in microcosms from Trial Il may have influenced the microbiadl
community structure, favouring a smaller number of species that became

dominant at higher numbers.

7.4 DISCUSSION

A DNA extraction and PCR-DGGE protocol was successfully applied to natural
sandstone where the indigenous microbial community had been enhanced with
OC substrates, but the concentration of biomass remained relatively low overall
(refer to Chapter 5). Additionally, the reproducibility of the DNA extraction and

PCR-DGGE procedure was confirmed by relevant statistical analysis procedures.

The statistical analysis of the DGGE banding patterns demonstrated that the
concentration of the OC amendment treatment had a significant effect on the
inferred microbial community structure. Ultimately, this was attributed to the
varying degree of denitrification observed in microcosms according to the
concentration of OC input. For example, the microcosm that produced the

highest overall denitrification efficiency during Trial 1| (MC 5) apparently had a
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microbial community that was significantly divergent from the autotrophic
microcosm, which did not receive OC. ANOVA comparing the similarity befween
communities of acetate and glucose microcosms with the autotrophic microcosms
showed that the glucose microcosms were significantly more similar to the
autotrophic microcosms than the acetate microcosms. Taken at face value, this
might suggest that the difference was due to substrate type; however, the Raup
and Crick test indicated that the 81% of pair-wise comparisons between acetate
(19 mg C I') and glucose (22 mg C I') were deterministically similar. Consequently,
it was concluded that the difference in similarities between acetate and
autotrophic microcosms compared to glucose and autotrophic microcosms was
again due to the degree of denitrification activity in these microcosms. A further,
though qualitative, advocacy of this finding was the visibly brighter appearance of
the bands in the samples collected after microcosm Trial lll, (Figure 7.1). These
microcosms received a higher OC dose (35-50 mg C I') and exhibited more

efficient denitrification overall, compared to microcosm in Trial II.

It is proposed that the DNA extraction and PCR-DGGE procedure recovered the
most abundant species from the microcosm sandstone, which were apparently
related to species of the Comamonadacea, particularly of the genus Acidovorax,
which have been isolated from WWTPs (refer to Table 7.6). Acidovorax spp. were

dominant in all microcosms, regardless of substrate type or sandstone type.

The similarities observed between acetate and glucose microcosm samples,
identified by the Raup and Crick test, are contrary to observations that glucose (i.e.
fermentable substrate) can select for a different microbial community compared
to those substrates regarded more suitable for denitrification such as acetate,
(Blaszczyk et al., 1980; Mercado et al., 1988; Devlin et al., 2000). However, it is noted
that in such reports, identification of bacteria has been primarily based on
conventional microbial plating techniques, for example Blaszczyk et al. (1980), as
opposed to the molecular methods used here. Therefore the different community
structures elucidated may be a reflection of the different experimental methods,
and their associated biases. Alternatively, it is possible that the microbial groups

present in the sandstone microcosms are capable of respiration and fermentation.

During these experiments, the use of universal primers in the PCR procedure
amplified the most dominant bacterial species, which were most closely related to
facultative bacteria associated with denitrification and hydrocarbon degradation.
However, as a subsequent experiment, so called 'group-specific’ primers designed

to amplify particular groups would elucidate subtle variafions in microbial
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community structure, with regards to (i) substrate type and (i) sandstone type, as
considered in Chapter 10. Nevertheless, universal primers and nested PCR to
amplify different sized fragments of the 165 RNA gene provided a useful ‘top-down’

approach to characterise the dominant constituents of the microcosm microbial
community.
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8.1 OVERVIEW

This Chapter provides a summary of the water quality of the denitrified microcosm
effluents, analogous to treated groundwater from ISBD plants, with reference to
regulatory standards for drinking water in the UK. Additional results relevant to water
quality, such as residual NO> and OC, and Fe and Mn are presented in Chapters 4
and é respectively. The general discussion at the end of the chapter considers the

implications of these results with regards to post-denitrification freatments.

8.2 RESULTS: SUSPENSIVE PROPERTIES OF DENITRIFIED WATER

8.2.1 Bacterial Cell Counts

Effuent samples collected during microcosm Trial Il were enumerated for colony
forming units {CFU} using heterotrophic plate count (HPC) method (2 d and 5 d at 20
°C) and samples collected during Trial IV were sent to an external laboratory for
enumeration (total viable counts, 3 d at 22 °C}, as described in Chapter 3. The results
are presented in Tables 8.1 and 8.2 for microcosm Trials lIl and IV, respectively. Large
numbers of bacterial cells were generally present in microcosm effluents from both

experiments (2.5 - >6.5 CFU logio ml-1).

During Trial ll, control microcosms were treated with HgClz, and consequently, no
colonies were observed in this case. In contrast, the biologically active (denitrifying)
columns exhibited an initial increase in CFU during the first week of monitoring
consistent with the establishment of microbial activity within the microcosms, and
subsequently, an overall decreasing trend in bacterial counts was observed during
the following 7 week period. The bacterial content of effluents from the Devonian
sandstone microcosms were significantly smaller (P < 0.01) compared to effluents
from the Lower Greensand and Triassic sandstone. The mean CFU logio mi' counts
(all sampling times) were: 5.9, 6.5 and 6.3, for Devonian sandstone, Lower Greensand

and Triassic sandstone respectively.

Colony counts from samples collected between d 7-37, Trial lll {the period of biomass
establishment and onset of denitrification activity) were pooled and compared to
residual effluent nutrient concentrations. Regression analysis showed no significant
relationship between effluent DOC and CFU, but a significant positive relationship
was observed between effluent TON and CFU (P <0.01, R = 0.5), (Figure 8.1).



Table 8.1: Bacterial counts for effluents sampled during microcosm Trial lll. Microcosms were prepared using various sandstone types, but all received an

influent solution of 15 mg N I' and 35 mg acetate C I'!, which was increased to 50 mg C I' on d 37. Reported bacterial counts are CFU logio mi!

- o Conlrols (HgCly) - Controls (HgCh) = | Dévonlqn sandstone - | Devonlan sandsfone | . Lower Greensand * lowerG and Tricissi ndst | Trassic sandst
(Q,;:S:;én,‘ R A 1 ames o L mea S mes mes. b ~ymck:7k Je o mes
. day) Zd U isa 207 sd | za 7 sa [T2a o sd | 2 osa c2d sdl ‘24 - 5d
3 00 0.0 0.0 0.0 6.0 6.1 52 5.2 >6.5 >6.5 >4.5 >6.5 5.4 5.6 5.4 5.4
7 0.0 0.0 0.0 0.0 5.9 6.1 57 6.1 8.9 70 6.7 6.8 6.6 8.7 6.6 8.7
10 0.0 0.0 0.0 0.0 5.9 6.5 57 6.3 6.3 6.9 59 6.9 5.7 6.8 57 6.9
13 0.0 0.0 0.0 0.0 6.9 6.9 5.9 5.9 6.7 6.7 68 6.8 6.3 63 6.7 8.7
17 0.0 0.0 0.0 0.0 5.8 6.4 5.2 6.3 6.4 6.6 8.2 8.7 5.5 6.6 54 6.4
22 0.0 0.0 0.0 0.0 5.4 5.8 5.4 55 59 6.6 59 8.5 5.4 6.5 5.9 5.4
25 0.0 0.0 0.0 0.0 57 6.3 5.4 6.4 6.5 6.9 60 8.5 6.3 6.7 6.3 6.4
29 0.0 0.0 0.0 0.0 5.0 58 4.3 5.4 5.7 6.8 57 8.5 5.5 6.7 5.2 6.4
32 0.0 0.0 0.0 00 53 5.4 5.2 5.4 6.3 6.5 6.2 6.4 6.4 6.5 6.4 6.5
37 0.0 0.0 0.0 0.0 4.7 5.5 49 5.3 5.7 6.0 8.1 6.2 5.5 59 53 5.8
42 0.0 0.0 00 Q.0 7.0 7.0 4.9 54 5.4 6.4 6.0 6.6 5.9 6.3 5.5 8.5
44 0.0 0.0 0.0 0.0 5.7 6.0 5.5 59 6.1 6.3 6.3 6.5 5.3 6.5
48 00 0.0 0.0 0.0 43 59 4.8 57 5.3 6.1 55 6.1 5.4 6.0 53 6.1
53 0.0 0.0 0.0 0.0 - 5.3 - 5.3 - 58 - 5.8 - 5.7 - 5.6
Mean 00 0.0 0.0 0.0 5.7 6.1 5.2 57 6.1 6.5 6.1 6.5 58 6.3 5.8 6.3
Standard
deviation 00 0.0 0.0 00 08 05 0.4 04 0.5 04 0.4 0.3 0.4 0.4 05 0.4

Table 8.2: Bacterial counts for microcosm feed solutions and effluents sampled during microcosm Trial IV. Microcosms were prepared using Upper Greensand
and received an influent solution prepared using groundwater collected from the same site, amended with NOs™ to give a final concentration of 15 mg N I,

The OC regime is described in the column headings. Reported bacterial counts are CFU logio ml-

Time Avotrophic conirols ) Glucose:35mg C I’ Glucose: 28mg C 1’ Glucose: 44mg C 1" - Aceficacid: 35mg G I'*
{experiment . . - g0 5 cnn .
day) feedsoln. |MC 1 effluent|MC 2 efuent] Feed soin. - |MC 3 efflventi MC 4 effluent] - Feed soln. [MC § efflvent] Feed soln. [MC & efiuentl Feed soin.” [MC 7 effiueni MC B efffuent;
20 4.0 41 39 2.6 4.1 4.1 28 4.2 30 4.1 - 41 3.9
21 38 39 39 4.4 42 39 4.3 3.5 - 3.9 38 3.9 3.9
22 5.0 5.4 4.7 6.4 4.4 37 6.3 47 59 33 57 3.6 44
25 3.3 38 34 34 38 3.7 3.6 40 39 39 3.5 3.7 3.6
28 4.5 6.0 4.9 5.5 5.5 4.2 5.2 5.3 52 5.4 5.4 5.3 5.3
Mean 41 4.6 4.2 44 4.4 39 4.5 43 4.5 4.1 4.6 4.1 4.3
Standard 07 1.0 06 15 0.4 02 14 07 13 08 1 07 07
deviation
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Figure 8.1: Relationship between effluent bacterial concentration (CFU ml' 1og10) and residual
effluent TON {mg N I'') during Trial I, d 7-37. Microcosms were composed of different
sandstone types (not relevant to bacterial count data) but received the same influent solution

of 15mg N I' and 35 mg acetate-C I'' during the period d 7-37.

This suggested that the concentration of bacterial cells present in the effluent
decreased over time, consistent with the establishment of denitrification activity.
Conversely, there was no significant relationship between residual DOC and bacterial

counts, refer to Section 8.4.

Bacterial counts obtained from effluent samples collected during microcosm Trial IV
did not show a significant relafionship between the concentration of residual nutrients
and bacterial counts {regression P value >0.05). Furthermore, ANOVA showed that
there was no significant difference in effluent bacterial counts from different

treaiment regimes, including the autotrophic conftrols (P >0.05).

Effluents collected during Trial Il were plated for identification purposes. Five isolates
were recovered, as shown in Figure 8.2, and indicated that a mixed community was
present in the effluents. Generally, these isolates were gram negative rods, consistent
with the types of y- and - proteobacteria that were recovered from the microcosm
sandstone (refer fo Chapter 7). One set of samples (d 25) from microcosm Trial IV
were additionally analysed for total coliforms and Escherichia coli, which are
regulatory indicator organisms of drinking waier quality (MAC = 0 mlt), (SI: 3184,
2000), but no coliforms or E. coli were counted in any of the samples (using the HPC
method).
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Pathogenic indicator organisms were not identified and once denitrification activity
had established, there was no pronounced change in effluent biomass
concentrations measured at the start and at the termination of the experiment, in the
case of microcosm Trial lll, and in the active treatments compared to autotrophic

controls (no OC) in microcosm Trial IV.

8.2.2 Effluent Turbidity

Turbidity provides a measure of the clarity of water, where impurities such as micro
organisms, soluble coloured organics, fine particulates such as clay and silt or fine
organic/inorganic matter suspended in the water, impair the clarity (US EPA, 1999).
Turbidity is quantified according to the degree of light scattering that is caused by
impurities when a beam of light is passed through the water sample (US EPA, 1999).

Turbidity in drinking water is aesthetically undesirable, but may also be of
consequence to human health. For example, the particulate matter may
compromise the effectiveness of disinfection methods, by effectively sheltering
pathogenic micro-organisms.  Furthermore, if turbidity is not removed, it may
encourage proliferation of microorganisms in the water distribution network, by
providing substrates for bacterial growth, for instance (US EPA, 1999). The turbidity of
the microcosm effluents (denitrified water) in these experiments was measured
according to standard methods, as described in Chapter 3. Turbidity was reported in
nephelometric turbidity units (NTU), in accordance with drinking water regulations,
which stipulate a MAC of 4 NTU {(at consumers’ taps) (SI: 3184, 2000).

During microcosm Trial |, considerable turbidity (up to 70 NTU) was measured in all
microcosm samples, including those from the control microcosms, as depicted in
Figure 8.3 a. The turbidity measurements were greater in the biologically active
microcosms supplied with OC, (where NOs reduction activity occumed), compared
to the sterile control (HgCl treated; MC 1), indicating that the turbidity was
influenced by microbiological activity. Visual inspection of the effluents showed fine
particles of silt to be suspended in the effluent samples and this likely to be the main
explanation for the high turbidity recorded. Qualitative XRD analysis on samples of
Triassic sandstone confirmed the presence of fine clay fractions such as chlorite,
kaolinite, illite and smectite. Subsequently, measures were taken to remove as much
of the silt/clay fraction from the Triassic sandstone as possible, in further microcosm

experiments (refer to Chapter 3).
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The results of microcosm Trial Il (Figure 8.3 b) demonstrated that the removal of the
fine particulate fraction from the sandstone prior to use in the microcosm markedly
reduced effluent turbidity. Following an initial period of acclimation during the first 10
d of the experiment, the turbidity in the control microcosms decreased to £ 2.0 NTU in
MC 2 (no OC), and < 1.0 NTU in MC1 (sterilised with HgCl). In the microcosms
amended with OC, the turbidity after d 10 was consistently between 2-4 NTU, less
than the UK MAC (SI: 3184, 2000), in all treatment types.

In microcosm Trial lll (Figure 8.4 a), three different types of sandstone were used to
pack the microcosms, and the various sandstone types influenced effluent turbidity.
Effluents from Devonian sandstone microcosms were comparatively more turbid than
effluents from the other sandstone microcosms (Figure 8.4 aj, in both the sterilised
control (MC 2) and biologically active treatment replicates (MC 3 and 4). This was
attricuted in part to the flushing out of sand particles during operation, since the
Devonian sandstone was processed (dried and crushed) to facilitate microcosm
packing {refer to Chapter 3). In all sandstone types, higher turbidity was recorded in
effluents from the biologically active microcosms (i.e.. those that were fed OC and
not sterilised). However, the turbidity was within drinking water standards after
approximately 3-4 weeks, consistent with the time taken to achieve complete

denitrification.

In Trial IV {Figure 8.4 b), which comprised microcosms packed with Upper Greensand
and fed with a solution based on raw groundwater, the NTU values were also greater
in the microcosms amended with OC compared to the autotrophic controls (MC 1
and MC 2], without OC additions. Turbidity in the effluents from the glucose
microcosms (MC 3-MC §é), was within the drinking water MAC (4 NTU), generally
fluctuating between 0.5 and 3.5 NTU. In contrast, the acetic acid effluents showed
an increasing trend in turbidity with incubation time, ultimately exceeding the MAC
on d 28. However, the turbidity decreased markedly following the reduction in input

OC dose and concomitant decreased in effluent OC breakthrough (Figure 8.4 b),

An ANOVA and subsequent Tukey pair-wise comparisons showed that generally, the
turbidity in the biologically active microcosms, supplied with OC, was significantly
larger than the turbidity observed in either sterilised or autotrophic controls,
throughout all microcosm trials. This was quantified by ANOVA and Tukey pair-wise
comparisons (using the GLM procedure outlined in Chapter 4, P < 0.05). Exceptions to
this were pair-wise comparisons between: the sterile Lower greensand treatmenis in
Trial Il (sterile control = MC 1, active treatments = MC 5 and 6), the low acetate

treatment (MC 7 and 8) compared to the autotrophic control (MC 2) in Trial Il and the
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low glucose treatment (MC 5) compared to the autotrophic controls (MC 1 and 2) in
Trial 1V. In these cases, the active treatments showed no significant difference in
effluent turbidity compared to controls, (P >0.05). Inferestingly, however, these
treatments gave the lowest denitrification efficiencies in their respective experiments
and led to the speculation that turbidity was in some way related to the occurrence

and possibly the degree of denitrification that occurred in the microcosms.

To investigate this, regression analysis was used to define the relationships between
residual TON (inferring denitrification) and effluent turbidity. However, the results were
conflicting; no significant relationship was observed during Trial Il, in Trial lll, the TON
showed a significant positive correlation with turbidity (P <0.05, R = 0.62), but in Trial IV,
TON was negatively correlated with turbidity (P <0.05, R = 0.42). Therefore, although
the turbidity did appear to be related to heterotrophic denitrification activity, the

relationship could not be further elucidated as discussed further in Section 8.4.

8.3 CHEMICAL QUALITY OF DENITRIFIED WATER

8.3.1 Dissolved Oxygen and Redox

Denitrification requires anaerobic conditions to proceed, as described in Chapter 1,
and it is anticipated that during ISBD, consumption of DO will occur in the region
adjacent to the OC injection point (e.g. Mercado et al., 1988). The depletion of DO
within the aquifer could produce denitrified water with a suppressed DO
concentration, compared to untreated water. Whilst DO is not a regulated
parameter with regards to drinking water quality (SI: 3184, 2000), it is desirable that
ISBD does not significantly reduce the DO concentration of the water source, as this
may incur other chemical transformations in the groundwater. For example, changes
in the ionic composition of the groundwater, caused by significantly altered DO
concentration, may lead to subsidiary reactions such as corrosion processes within

the water distribution network.

The DO concentration of the microcosm effluents was not be measured in real time
but for qualitative purposes, DO was measured in effluents (collected under ambient
oxygen conditions over a period of 24 h) during microcosm Trial Il; the results are
presented in Figure 8.5. The results showed that DO concentrations were reduced in
effluents from denitrifying microcosms compared to the autofrophic control

microcosm, which did not receive OC.
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Figure 8.5: Effects of various denitrification treatments on DO measured in microcosm effluents
(q), and (b) initial DO measured in microcosm feed solutions, during Trial li. Bars represent mean

minima and maxima

Furthermore, redox (mV) was measured in all microcosm trials, at the fop of the sand
column and was also increasingly depressed over fime, as the microcosms tended
towards more reducing conditions, as demonsirated in Figure 8.6. Whilst these
microcosm parameters cannot be extropolated to ISBD conditions in the field, they
demonstrate the infrinsic effect of ISBD on groundwater DO concentration. It is likely
that under engineered ISBD conditions, however, there will be a degree of dilution
between the denitrified water plume and the unamended groundwater at the point
of abstraction, particulady under operational regimes where the OC dosing is
intermittent. Generally, therefore, depressed DO conceniration is not expected to

present a water quality issue (e.g. Mercado et al., 1988).
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acetate {microcosm Trials Il and lll}, but not in effluents of microcosms amended with
acetic acid (Trial IV} or glucose (Trial |, Il and V), as presented in Figure 8.7 and 8.8. In
the acetate microcosms, the effluent pH increased by approximately 2 units over the
duration of the experiments, in conjunction with denitrification activity; in Trial |l
effluent pH from acetate treatments was greater than that in control effluents by up
to 4 pH units, approaching pH 9.5. However, the increased pH remained within the
UK specified limits of pH 6.5-10.0 {SI: 3184, 2000). The effluents from acetic acid (Trial
IV, and glucose (Trials I, Il and IV} freatments, remained at approximately neutral pH

during the experimental incubation period.

The rise in pH value of denitrified water depends on the relative quantities of CO2, OH-
and subsequently HCOs and CQOs? produced by the denitrification reaction (e.g. Diril
et al., 1995). For example, according to Drtil et al. (1995), dissimilatory denitrification
produces COz and OH., which subsequently react to give HCOs leaving some
residual COs. The increase in HCOs concentration raises alkalinity (acid-neutralising
capacity) and pH. However, when the amount of OH- produced during
denitrification exceeds the amount of COz produced, some OH- will remain in solution
following reaction of OH- with COz fo form HCOz. In this case, the remaining OH- may
react further with HCOs producing COs?, potentially causing solution pH to rise in

excess of pH 8.3.

The varying ratios of CO2 and OH- produced from dissimilatory denitrification {and
related assimilatory reactions} may be influenced by OC substrate type. For
example, Drtil et al. (1995} demcnstrated relationships between production of
CO»/OH- and:

{i) the degree of oxidation of the carbon atoms in un-dissociated substrates,
such as glucose and acetic acid;
(ii) the number of C, H and O atoms for dissociated substrates such as

acetate.

According to Drtil et al. (1995}, both acetic acid and glucose-denitrification produce
HCOs and CO2, and the pH of the microcosm effluent solution should therefore not
exceed 8.3. Conversely, acetate denifrification, which involves the reaction of two
anions (CHaCOO- and NOs), produces more OH- ions than CO; and therefore CO3%

ions may be generated, raising the pH fo > 8.3.
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In the case of the glucose freatment, the maintenance of near neutral pH during
denitrificafion of mixed microbial communities has also been atfributed to the
confribution of acidity from fermentation reactions to the overall solution pH (e.g.

Wilderer ef al., 1987; Drtil, 1995), and this may have been fhe case here.

The pH results presented here are in agreement with the predictions of Drtil et al.
(1995) and also the empirical data of Mosheni-Bandpi et al. (1999). who noted that
the use of acetic acid reduced the extent of pH increases. The large increase in
effluent pH measured in acetafe treatments was therefore probably attributed to

release of OH- ions and the formation of COs2.,

Most authors (e.g. Hamon and Fustec, 1991; Dahab, 1993, ITRC, 2002) assume that the
natural buffering capacity of most aquifers is sufficient to maintain groundwater at
approximately neutral pH, under the increased HCOs/CO2/OH- loads during ISBD
treatment. However, as these experiments demonstrate, this may also depend on
OC substrate type. Acetafe-mediated denitrification is more likely to require
buffering, either by natural rock dissolution processes, or with an exiraneous buffer,
(described in Chapter 1), compared to either glucose or acetic acid, for example. In
the field, additional alleviation of pH rises owing to dilution of the denifrified water

plume at the abstraction well could also be expected.

8.3.3 Conductivity

Conductivity is a measure of the amount of dissolved inorganic ions in agqueous
solution and is a regulated drinking water parameter with a MAC of 1500 uS/cm (DWI
web site, 2005). During Trial IV, where natural groundwater was used to supply
microcosms packed with Upper greensand from the same site, electrical conductivity
in the effluent and feed solutions were monitored; results are presented in Figure 8.9.
During the experimental period between d 9 and 15, however, microcosms were
supplied using a batch of groundwater that had been frozen during storage, causing
the precipitation of groundwater minerals out of solution. Therefore, the electrical
conductivity values measured during this period were artificially low compared to

values recorded during the remained of the frial.

Generally, the results showed that in the autotrophic confrol (no OC) and glucose
microcosms, effluent conductivity was similar to the feed solutions. Therefore, neither
physico-chemical processes such as dissolution nor biological metabolism of OC, in

the case of the glucose treatments, influenced the conductivity.
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8.4 DISCUSSION

The results presented in this chapter demonstrate that stimulated heterotrophic
denitrification could potentially affect the following water quality characteristics of
the denitrified water:

s Bacterial content, during start up period,

o Turbidity,

s DO (and redox potential),

e pH.

However, although heterotrophic denitrification does influence these water quality
parameters, it is pertinent to highlight that generally, the effects are too subtle to
pose a risk to public supply resources with regards to drinking water standards.
Rather, the relationships between denifrification activity and water quality

determinands are of only of scientific interest.

For example, the bacterial concentration in the denitrified water showed a transient
increase which was significantly proportional to the concentration of TON in the
effluent (results from Trial ). Hence, the concentration of bacteria generally
decreased once TON was absent from the effluent. This was initially taken as an
indication that the residual TON nutrient in the effluent was providing a substrate for
additional heterotrophic biomass growth. If this were the case, then a source of
effluent OC would also be necessary. This might have been possible during the first 10
days of the experiment, when the microcosm biomass was just becoming established
and both nutrients were present in the effluents, however, during the remaining
incubation period, TON and residual influent OC (acetate) were not generally
detected in the effluent at the same time (refer to Chapter 4). Furthermore, when
considerable breakthrough of acetate occurred (following the increased influent
dose on d 37 to remove all TON from effluent), the bacterial concentration of the
effluents were not apparently affected, for example, no significant relationships were

found using regression analysis.

Therefore, the bacterial concentration in the denitrified water was not simply a
function of residual nutrient concentration, for example based on the intuitive
assumption that bacterial cells proliferated in the effluent. Alternatively, the effluent
bacterial concentrations may reflect physical phenomena such as the removal of
biomass from the microcosm sand column under the flow through regime. For
example, in this case, the positive cormrelation of bacterial concentration with effluent

TON (where both decreased over time) could indicate that once denitrification
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activity established, the biomass developed into a more cohesive biofim (e.g.
Characklis and Cooksey, 1983) with increased structural resistance to transportation
out of the sand column, influenced by pore water flow. The consequences of biofilm
development during the start up phase of denitrification activity in ISBD or indeed, in
drinking water filter applications requires further investigation, for example with

regards to drinking water quality.

Ultimately, however, the bacterial concentrations measured during Trial IV
demonstrated that there was no significant difference in effluent biomass between
autotrophic controls and heterotrophic microcosms. Therefore, from a quadlitative
perspective, ISBD is not expected to impair the biological quality of the denitrified

water.

Similarly turbidity also appeared to be related to the degree of denitrification
occurring within the microcosms. For instance, heterotrophic denitrifying microcosms
exhibited significantly larger effluent furbidity than the control microcosms (sterile and
autotrophic); with exceptions being those microcosms where denitrification efficiency
was relatively low {refer to Section 8.2.2), which were not significantly different from

the controls.

However, since each microcosm trial had different experimental conditions, it was
_difficult fo develop this association into a definitive relationship. Indeed, in Trials It and
lll, the turbidity decreased over the incubation period, consistent with the bacterial
concentration data and perceived physico-chemical processes such as removal of
fine particulate fractions from the sand column and chemical dissolution of minerals,
whilst the column equilibrated. In contrast, effluent turbidity from microcosms in Trial
IV was generally higher, which may have been a factor of the distinct microcosm
conditions, involving natural groundwater and aquifer material that had been dried
and ground prior to use in the microcosms {refer to Chapter 3}. Moreover, the
effluents from the acetic acid microcosms exhibited an inverse relationship between
turbidity and TON concentration, which could not be fuly elucidated with the
experimental data available. It was considered that the increasing turbidity might be
related to a product of acetic acid metabolism, since the investigations of EPS
content {Chapter 5) showed that acetic acid microcosms had higher carbohydrate
content (relative to protein) compared to the glucose treatments, which conversely
had a higher protein content (relative to carbohydrate). However, further
characterisation of the chemical species present in the effluents would be necessary
to resolve this. Again, this may be of scientific interest but in relation to ISBD

application, turbidity generally remained below the drinking water quality standard.
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With regards to the affects of heterotrophic denitrification on DO concentration and
water pH, (i.e. decreased DO and increased pH), these determinands in particular
should be attenuated/buffered in the aquifer. For example, with dilution from un-
denitrified water at the abstraction point (Mercado et al., 1988}, or buffering from
aquifer minerals in the case of pH (Dahab, 1993). In addition, pH increases may be

avoided through selection of an appropriate substrate, as these results demonstrate.

Alternative chemical aspects of water quality pertinent to ISBD, such as residual NOz,
OC breakthrough, and soluble Fe and Mn, which are potentially serious drinking
water contaminants have been reviewed in previous Chapters (4 and 6 respectively).
It was concluded that residual NOz and OC breakithrough should not occur when the
C/N ratio of the ISBD system is confrolled at optimal concenirations. Furthermore,
under optimal C/N ratio, Fe and Mn concentrations in the denitrified groundwater
should not exceed regulatory standards, given the dilution of the denitrified water

plume at the abstraction well.

Therefore, the results of these microcosm experiments suggest that the post-
abstraction requirements for denitrified water from ISBD would not be beyond the
scope of the usual post-abstraction treatments, particularly once attenuation with
fravel time through the aquifer and dilution factors have been considered.
Previously, post-abstraction treatments including: filtration, disinfection and aeration
have been advocated, to produce a potable water source from I1SBD systems that is
compliant with drinking water standards (e.g. Janda et al., 1988; Mercado et al.,
1988; Hamon and Fustec, 19921; Dahab, 1993). However, these publications have not
included specific details of the water quality parameters included here, and it is not
clear whether these treatments are in excess of routine groundwater treatment
processes. Furthermore, in some of these publications, there is additional evidence to
suggest that the ISBD systems, at field scale, did not achieve optimal C/N ratios. For

instance:

o Janda et al. (1988) described OC breakthrough, indicating that uniform
dispersion of injected substrate was not achieved;

* Mercado ef al. (1988) concluded that the denitrification reaction was not
efficient, hence, C/N ratio was not optimal;

» Hamon and Fustec (1991) experienced severe biofouling with ethanol as the
OC substrate (resulting in the termination of the trial), demonstrating that
uniform distribution and mixing of OC within the aquifer was not achieved

and again, the C/N ratio was sub-optimal.
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This demonstrates the fundamental importance of optimisation of the OC injection, in
terms of achieving the desired C/N ratios in the field. Additionally, this implies that
ISBD process engineering is paramount not only fo the denitrification vyield, previously

the primary focus of system optimisation, but also to water quality.

For example, the results presented in this chapter and in Chapter 4, show that water
quality should be an important consideration for substrate selection, in addition to
denitrification yields and consumable costs, indeed, costs incurred for comparatively
expensive OC compounds, may be recuperated through reduced post-abstraction
treatment requirements, if their use resulis in a higher quality denitrified water. During
these experiments, glucose was used because it is an acceptable substance for
injection info aquifers, under the UK Groundwater Regulations, and ifs use was
supported by the Drinking Water Inspectorate (DWI) during a feaosibility study
commiissioned by the Environment Agency and Severn Trent Water (Cartmell et al.,
2000). Acetate was additionally selected for investigation since it is typically cited as
one of the most efficient substrates for aquifer denitrification (e.g. Devlin et al., 2000;
ITRC, 2002). However, acetic acid, which has not been commonly applied, perhaps
owing to its comparatively higher purchase cost (e.g. Mosheni-Bandpi ef al., 1999),
gave the best performance results in these experiments, in terms of denitrification

yield, influent C/N dosage requirements and denitrified water quality.

Therefore, various design steps may be taken to facilitate high quality denitrified
water quality at the outset. If the ISBD plant is operated with water quality as a
critical consideration, then post-abstraction tfreatment requirements should be
minimal compared with treatment requirements for water denitrified in biological
reactors and should be consistent with the usual treatment processes used for raw

groundwater.
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9.1 OVERVIEW OF NITRATE CONTAMINATION IN THE UK

As discussed in Chapter 1, the increasing trend in the NOs- concentration of aquifers
exploited for drinking water supplies has led to an increasing requirement for NO3
removal freatment. Owing to the protracted time scales involved in NOs transport in
groundwater, the present NOs concentrations are forecast to increase in the coming
decades (Canter, 1997), before the effects of curent preventative land use

management strategies are realised.

Biological denitrification in large scale reactors (at freatment plants) has become a
popular method of NOs removal European countries such as France and Germany
(Mateju et al., 1992). However, the water produced requires extensive post-
denitrification freatment to remove residual organics and biomass and therefore
have high costs, owing to reactor operation and maintenance, compared to ISBD
(refer to Chapter 1). In this regard, this conventional type of bioclogical denitrification
in reactors may be more suited to large scale operation where the costs of post-
denitrification treatments are more likely to be justified. In the UK, compliance with
the drinking water NOx MAC for groundwater sources has been achieved either by
blending high NOs- groundwater with lower NOs supplies, or alternatively, has been
processed using ion exchange (refer to Chapter 1). However, the blending of
groundwater resources is not a environmentally sustainable and ion exchange is
expensive, with considerable power, consumable and maintenance requirements.
Additionally, ion exchange has associated problems with regards to the disposal of
the concentrated waste streams generated by the process in a fashion that is

economic and environmentally accepiable.

A collection of papers published in the late 1980s/early 1990s demonstrated that
heterotrophic denitrification could occur in the aquifer, when stimulated with an
appropriate organic carbon source. Thus, the concept of using a small section of
aquifer as a biological reactor for ISBD was proposed (Janda et al., 1988; Mercado et
al., 1988; Hamon and Fustec, 1991). This scheme would potentially be as effective at
removing NOs- as biological denitrification in above-ground reactors, but without the
associated operational costs, and was considered as being suitable for the treatment
of municipal water supplies and at the smaller rural level, as reviewed in Chapter 1.
However, though the proposed ISBD schemes were conceptually sound, published
examples of this freatment described a variety of application problems at field scale,
including OC breakthrough, production of HzS at the abstraction well (Janda et al.,

1988), low denitrification yield (Mercado et al., 1988), but most serious, clogging of
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the injection wells due to biofouling which typically resulted in the whole abstraction

facility becoming inoperable (e.g. Hamon and Fustec, 1991).

In light of these early results, research and development was apparently focused
toward process engineering, for example, assessing different plant configurations,
different OC substrates and different OC dosing regimes, such as intermittent
compared to continuous injection. During this time, bioremediation as a freatment
method for clean up of contaminant plumes became extensively adopted, but use
of the method for drinking water treatment was not widely accepted (Dahab, 1993},
presumably because of the reticence of the regulators to permit the infroduction of
extraneous substances into the aquifer environment, particularly those exploited as a
potable resource (Dahab, 1993). Furthermore, to date there is a scarcity of
quantitative data relating denitrification kinetics (C input and NOsN denitrified} to
water quality, and biofouling, though work has been carried out to compare

intermittent with contfinuous dosing regimes as a means of preventing this.

These factors have been inhibitive to the development of ISBD technology in the UK,
but paradoxically, it has been difficult to secure a field site for the necessary pilot
scale research to develop ISBD. Therefore, this PhD project focussed on advancing
the technology to the field (pilot) scale, by producing a quantitative body of data fo
demonstrate the potential water quality issues and biofouling risks pertinent to ISBD
under conditions representative of UK aquifers (e.g. temperature, geological type

ete.).

9.2 SUMMARY DISCUSSION OF EXPERIMENTAL RESULTS

The results of the microcosm studies and detailed discussions, interpreting the
experimental data and comparing it to published information, are presented in
Chapters 4-8. This section draws on these detailed discussions to provide a summary
of the experimental results from a more holistic perspective, highlighting the relevant

issues for application of ISBD in the UK.

Heterotrophic denitrification was stimulated in natural sandstones by supplying the
indigenous microbial populations with various OC substrates, glucose, acetate and
acetic acid, at temperatures representative of UK aquifer conditions and without the
need for additional extraneous nutrients. Therefore, it was shown that bacterial
inoculation and extraneous nutrients, which had been advocated by some authors,

(Fourmentraux-Chevron et al., 1999) were not required.
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The microcosm experiments demonstrated that the C/N ratio achieved in the
sandstone matrix was the most influential parameter terms of denitrification yield and
also with respect to the quality of the denitrified water. The optimal OC injection
regime for ISBD must therefore be calculated so that groundwater C/N ratio is
optimal. Measured groundwater concentrations of DO and NOs- at the specific site
of ISBD application should be used to determine the OC injection dose, according to
the reaction stoichiometry, with a supplementary quantity for biomass assimilation.
The biomass assimilation fraction is typically estimated at the outset, for example,
during these trials; a biomass assimilation factor of 15 % of the total stoichiometric
dose was added, according to previous estimates described in the literature (ITRC,

2002). However, in the case of these experiments, this was shown to be inefficlent.

For example, under this dosage regime (stoichiometric requirement for DO removal +
NOs removal + 15 %) in Tral ll, NOs reduction to NO> became the dominant
biochemical reaction in the microcosm with generally < 5 mg N I denitrified fo N2
(refer to Chapter 4, section 4.3). NOs reduction o NO2 is indicative of insufficient OC
(electron donor), where NOs reduction dominates since NOs reductase is thought to
be more competitive than NO2 reductase (Aimeida ef al., 1995; Burns et al,. 1995; as
discussed in Chapter 1). In this instance, the electron shortage produced similar
denitrification kinetics, regardless of substrate type; similar denitrification results were
observed in both acetate and glucose treatments (Chaptfer 4, section 4.3).
Furthermore, the microbial community information elucidated using molecular
techniques, showed that the dominant members of both acetate and glucose fed

communities were similar (Chapter 7).

At this level, the denitrifying community existed at the threshold of C-imitation, and
therefore was sensitive to slight changes in C availability. For example, it was
proposed that in these experiments, differential DO concentration in the influent
solution caused an alternating pattern of periods of NOs- reduction to NOz, and
periods of no NOs- reduction activity at all. Similar concentration dynamics were also
reported by Dahab (1993), as a result of DO penetration into the laboratory aquifer
model. Under these conditions, increased incubation time simply increased the
magnitude of the NOs- reaction to NO2z, and no net denitrification was observed. This
could only be achieved with an increased influent OC dose of 15 mg C I (refer fo

Chapter 4).

These experiments showed that sustained NO2 production therefore represents a

considerable threat to groundwater quality, where concentrations severely in excess
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of the drinking water MAC (0.15 as NO2N; SI: 3184, 2000) were observed. The carbon
limiting conditions were primarily due fo an underestimation of the amount of carbon
consumed in biomass assimilation, and in subsequent trials, higher doses were used,
based on the empirical data from microcosm Trial ll, rather than on the reaction

stoichiometry.

With higher OC doses, 35-40 mg C I, NOz accumulation was transient as anticipated
and complete denitrification was achieved (refer to Chapter 4). At these higher
doses, when the system was no longer C-limited, differences in efficiency between
the various OC substrates became apparent. For example, complete denitrification
{100 % vield) was not sustained in microcosms supplied with glucose, although it was
achieved incidentally, in spite of increasing the influent dose to the point of
breakthrough (Chapter 4, Section 4.5.4). It was speculated that the less efficient
denitrification activity observed in the microcosms supplied with glucose may have
been due to competition for electrons from fermentative bacteria Conversely,
complete denifrification was sustained in acetate-fed microcosms at an influent
concentration of 35-40 mg C I', and in the acetic acid treatments, the influent dose
could actually be reduced once complete denitrification had been established
(Chapter 4, Section 4.5.5).

When acetic acid was used as the carbon substrate, the start up stage was
comparatively shorter; 13 days compared fo 21 + 2 d with glucose or acetate. During
the start up phase, {time taken for the microbial community to become established]),
the treated water is expected to contain residual NOz which subsequently
decreased following the onset of complete denitrification (Homon and Fustec, 1991;
Bates and Spalding 1998; Abdelouas et al., 1999; Nutall ef al., 1999; refer to Chapter 4,
Section 4.6.4). The microcosm results also showed that bacterial concentration in the
effluents appeared to increase during the start up phase, but showed no significant
difference compared to the autotrophic control microcosm once complete
denitrification was established (Chapter 8, Section 8.2.1). Interestingly, the bacterial
content of the microcosm effluents did not appear to be affected by prolonged
periods of carbon breakthrough, where intuitively, it was presumed that the OC
nutrient might result in bacterial proliferation (refer to Chapters 4, Section 4.4 and

Chapter 8, Section 8.2.1).

Furthermore, it was shown that under OC rich conditions, simulated during periods of
OC breakthrough, denitrification to N2 prevailed as the dominant denitrification
pathway. The alternative denitrification reaction, DNRA, was not evident, since NH4t

was not detected in any microcosm effluent (refer to Chapter 4, Section 4.6.3).
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In addition to carbon breakthrough, a residual DOC concentration of £ 4 mg ' was
detected in all microcosm effluents, (except sterile controls), including both
autotrophic and heterotrophic denitrifying microcosms. This residual OC was defined
as the lowest concentration observed in effluents from heterotrophic microcosms and
the background concentration detected in effluents from autotrophic control
microcosms, which were not supplied with OC. The nature of this residual was not
determined in the scope of these experiments, but demonstrated that heterotrophic
denitrification did not contribute additional residual organic carbon, compared to

the autotrophic control, once complete denitrification activity was established.

Other aspects of water quality that were affected by heterotrophic denitrification
activity were: pH, conductivity, turbidity, DO and soluble Fe?* and Mn2*
concentrations.  In the case of pH, conductivity and turbidity, substrate type
appeared to be the decisive factor, whereas soluble Fe and Mn concenftrations were

influenced more by subsirate concentration.

For example, microcosms supplied with acetic acid and glucose produced effluents
of near neutral pH throughout the experiment, whereas pH in effluents from the
acetate microcosms increased to approximately pH 9.5 (Chapter 8, Section 8.3.2).
Similarly, acetate has been previously observed to increase conductivity during ISBD
operation {ITRC, 2002}, presumably due to its ionic form. Alternately, the conjugate
acid of this salt, acetic acid, did not alter the conductivity of the denitrified water,
compared to influent values, and neither did glucose (Chapter 8, Section 8.3.3).
Turbidity was also apparently influence by substrate type, where the microbial
metabolism of acetic acid was related to increased effluent turbidity over the
experimental incubation time. However, the inverse was observed in glucose and
acetate microcosms, and turbidity decreased over the duration of the experiment
(Chapter 8, Section 8.2.2). Therefore, selection of OC substrate was shown to be of
importance with regards to final water qudlity of denitrified water, in addition tfo

being important to denitrification kinetics.

The water chemistry of oxidised aquifer species such as Fe3*, Mn4* could not be
completely defined from the experimental results. However, it was suggested that
the reductive dissolution of Fe3* and Mn4t was only detected in appreciable
concentrations when the OC influent dose was in excess of the denitrification
requirements, to the point of carbon breakthrough (Chapter 6). This carbon excess
situation would in any case represent a failure of the ISBD system and plant

configuration should be designed to avoid this. Under optimal denitrification
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operating conditions, a small quantity of Mn#+ dissolution was observed, and soluble
Mn2* was detected in the effluents (Chapter 6, Section 6.2.1), this was also observed
by Hamon and Fustec, {1921} and Abdelouas ef al. {1999). Reduction of SO4z was
not detected in the microcosms, in accordance with (Mosheni-Bandpi et al,. 1999).
The small qualities of Mn2taq) present in the denitrified water, were not in excess of
drinking water standards (SI: 3184, 2000) and moreover, the dilution of denitrified
water plumes with unamended groundwater during the abstraction processes would
further decrease the concentration. The dilution of denitrified water with un-treated
groundwater would occur as a consequence of the ISBD plant figuration, described
in Chapter 1 (Section 1.7.2). This is also reported to increase the dissolved oxygen
concentration of the water, which becomes depleted during denitrification, to that

of the ambient groundwater (Mercado et al., 1988).

With regards to biofouling, the hydraulic conductivity of the heterotrophic denitrifying
microcosms was decreased during the experimental incubation periods, compared
to the confrols; however, this reduction was small compared to that observed in
laboratory sand columns by Vandevivere and Baveye, 1992 a). The observed
reduction in hydraulic conductivity in the heterotrophic microcosms may also have
been exacerbated by production and entrapment of gas bubbles, {refer to Chapter
5, Section 5.2.1). Indeed, the production of gasses resulted in changes to the
rheological properties of the sand column and ultimately, preferential flow channels

were formed.

Pertinently, no clogging was detected in the porous sandstone matrix; however, this
did occur in the feed solution inlet tubing of the glucose microcosms. This anecdotal
evidence suggested that the risk of biofouling fo the ISBD plant could be minimised
with selection of an appropriate substrate, for example, from these experiments,
biofilm deposits were only observed in the inlet apparatus of microcosms fed with
glucose or acetate (accumulating to the extent of complete blockage in the
glucose microcosms), as described in Chapter 5, Section 5.3. Therefore, acetic acid
emerged as a superior substrate from a biofouling perspective. Interestingly, there
were dlso differences in the nature of the EPS recovered from glucose and acetic
acid microcosms, where glucose microcosms had higher protein content in the EPS

and acetic acid had higher carbohydrate content.

Previously, authors have advocated the use of an intermittent dosing regime to

minimise biofouling risks (Hamon and Fustec, 1991; Peyton, 1996).
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However, whilst this was not specifically investigated in these experiments, the results
did indicate that phases of operational recess, where microcosm pumping was
terminated for up to 48 h, were followed by transient increases in effluent DOC,
though denitrification capability was complete resumed (within 24 hours; refer to
Chapter 4, Section 4.6.8). Therefore, the implication of intermittent substrate injection

for water quality requires further investigation.

9.3 SUGGESTIONS FOR FURTHER RESEARCH

In the UK, ISBD now needs to progress from the laboratory scale to the field stage,
although continued laboratory microcosm studies are necessary to further quantify
the biochemical reactions with specific regard to parameterisation of ISBD models.
For these purposes, however, the microcosms would need to be more sophisticated

than those used for these experiments.

For example, a series of permanently fixed taps or rubber septa vertically spaced
along the length of the microcosm should be incorporated, to facilitate sampling of
the interstitial solution, in addition fo the final microcosm effluent. This would cllow
more precise monitoring of the microcosm water chemistry, and hence, the
progression of the denitrification reaction, along the spatial length of the sand
column. Additional ports for the permanent location of on-line probes to monitor DO,
redox, pH, temperature and pressure should also be built in ({this would require
additional data logging equipment). Furthermore, the delivery of microcosm feed
solution could be altered to allow the OC substrate fo be injected into the microcosm
separately from the NOs solution to facilitate monitoring of biofouling in conditions
more representative of the field. It would be advantageous to increase the length of
the sandstone column, to compare the changes in the microcosm water chemistry
with additional residence time within the sand matrix. However, this could make it
increasingly difficult for the gas bubbles produced nearer the base of the microcosms
to ascend and be vented at the top. Therefore, an extended microcosm would
require a gas-venting mechanism incorporated along the column length, or two
standard length microcosms in sequence could be utilised, where the effluent from
the first would be subsequently passed through the second microcosm. Finally, a
series of sampling ports of similar design to those in the existing microcosm apparatus
spaced uniform would facilitate the sampling of sandstone material, for example

collected as a core (e.g. 1 g wet weight).
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With an improved microcosm apparatus, experiments to further quantify the

biochemistry of the denitrifying microcosms could be carried out as listed below:

e Quantification the effect of OC injection and denitrification on the mineral
speciation within the denitrification freatment zone and subsequently, within the
more oxygenated zone towards the abstraction point, with relevance to Fe, Mn
and SO+, This would require quantitative speciation of the microcosm mineral
content, before and after the experiment and it would be imperative that the
groundwater and the aquifer material was collected from a site of similar
chemistry {and may additionally incorporate an equilibrium period where the
water was recycled through the column). The interstitial solution could be
sampled from the microcosm taps into a nitrogen flushed vessel (which may
incorporate a 0.45 um filter) and subsequently, analysed for total Fe and Mn in
addition to Fe and Mn ions. Additionally, an analytical method capable of
measuring DOC to a higher resolution than 1 mg C ' would be required to help
unify the mass balance.

« Quantification and speciation of biomass at different spatial locations within the
microcosm, to create a more comprehensive representation of the microbial
community inferactions within the sandstone. Ultimately, more quantitafive
knowledge regarding the behaviour of the microbial community in response fo
environmental factors such as nutrient availability would afford more informed
control over the ISBD process. Such information might explain the various
differences in denitrification yield and water quality exhibited when different OC
substrates are used, for instance. Furthermore, it might help explain why certain
ISBD trials have failed, for example with regards to biofouling. This analysis of the
microbial community would be facilitated by the collection of cores from the
microcosm which could subsequently be analysed using a community fingerprint
approach, since these experiments demonstrate that this kind of analysis is
feasible with sandstone samples (Chapter 7). It may be also be possible fo
further define the microbial community with more in depth analysis using group-
specific probes and moreover, to further develop the qualitative analysis into a
quantitative technique such as fluorescent in situ hybridisation.

+« Quantification of the effects of specific OC injection regimes (i.e. continuous and
intermittent) on the microbial ecology of the ISBD system and therefore on the
water quality. For instance, though intermittent injection regimes might promote
further penetration of the OC substrate into the aquifer (Peyton, 1994), these
experiments shown that aofter such periods of forced endogenous respiration, the
DOC concentration of the denitified water was temporarily increased. In

addition, previous research has shown that intermittent dosing regimes caused
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transient increases in the amount of N2O liberated from laboratory microcosms
(Cartmell, 1997). Since N20 is a greenhouse gas and monitored under air quality
emissions budgets (refer to Chapter 1), this should be investigated further.

In addition, the microcosms could be used to develop existing rapid monitoring
technigques specifically in terms of ISBD application, to increase the use of feed-back
mechanisms for control of the ISBD plant. For instance, a rapid method of bacterial
enumeration in the denitrified water would be particularly useful to monitor water
quality at the ISBD site. Although the HPC is used as the reference method for water
during freatment (Boulos et al., 1999), this is a relatively intensive laboratory procedure
and would not be suitable for elucidating the bacterial counts of denitrified water
from ISBD plants on a quick turn-around monitoring basis. Initial steps were taken in
the context of the experiments reported here, towards the application of a direct
count staining method, using the fluorescent stain LIVE/DEAD® Baclight™, which
stains both dead and viable cells. The BacLight™ kit has been applied to wastewater
operations {Vollertsen et al., 2001), water quality evadluation of raw and potable water
resources (Boulos, ef al., 1999; Hoefel, et al., 2003) and bottled waters (Ramalho ef al.,
2001). Published results have indicated that bacterial counts made with the
Baclight™ kit are comparable with counts made using the more conventional
Acridine Orange stain (Boulos et al., 1999). however, the Baclight™ kit has the
advantage of not requiring any specific sample preparation or incubation,
compared to Acridine Orange and Dapi stains (Boulos et al., 1999), and thus is more

versatile as a rapid laboratory technique.

In terms of application of ISBD in the UK, more work is needed at the field scale to
advance the technology. Specifically, a demonstration programme is required to
show the efficacy of the treatment and enable process engineering at the field
scale. This might involve installation of a scaled down ISBD plant for research
purposes, or may involve the collaboration with a Water Utility at an existing borehole,
but in this case, it may be prudent to select a site which would not threaten an
existing public supply. At this scale, a more representative study of the carbon
injection regime could be conducted with regards to intermittent dosing regime and
its affect on water quality, for example with regards to the microbial biomass
concentration. Altematively. borehole regeneration schemes involving biocides and

bleaches could be investigated.

In an dalternative approach to ISBD based on the heterotrophic denitrification
reaction, it would be prudent to further investigate the water quality issues associated

with autotrophic denitrification.  Although some research has been published with
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regards fo the kinetfics of the reaction in limestone reactors supplemented with
elemental sulphur, this type of biological denitrification has generally been
disregarded owing to the comparatively lower reaction rates (refer to Chapter 1).
Since some of the UK aquifers used to provide drinking water resources are located
within limestone or chalk aquifers, autotrophic denitrification could prove successful in

these instances.

9.4 CONCLUDING REMARKS AND RECOMMENDATIONS FOR ISBD APPLICATION IN THE
UK

The results from the microcosm experiments highlighted the importance of precise
control over the C/N ratio within in the denitrification treatment zone, to facilitate
maximum control over the denitrification reaction. The engineering of ISBD systems,
for the purposes of NOs- removal for potable supply, therefore requires a prescribed
approach, accounting for and responding to fluctuations in the groundwater
chemistry at the site. However, whilst the specified C/N ratios may be easily
reproduced under laboratory conditions, it is clearly more difficult to achieve the
desired C/N ratio in the field and there are numerous reports of successful laboratory
bioremediation experiments that subsequently fail when engineered at field scale
(Sturman et al., 1995). In this regard, it is essential to account for the different
processes that affect ISBD at different scales, for example, at the laboratory scale,
C/N ratio is paramount, but at field scale, this in turn becomes a function of the

mixing of injected OC and groundwater NOz- within the aquifer.

The mixing of injected OC with NOs- in the groundwater is governed in situ by aquifer
hydrogeology (Deviin and Barker, 1994), and in porous media such as aquifer
matrices, mixing is facilitated by physical processes such as dispersion and diffusion.
These processes can be conceptudlised and modelled in porous media that is
homogenous, and subsequently, the hydrogeology of the ISBD site can be
characterised and a suitable ISBD plant designed accordingly. Thus, in homogenous
mediq, it may be possible to achieve the uniform distribution of OC (Tompkins et al.,
2001) and subseguent mixing with NOs-, which is essential to the success of ISBD. The
majority of previous research into ISBD has previously concentrated on relatively
isotropic, granular matrix, single porosity aquifers such as un-cemented sandstone, or
shallow aquifers of alluvial and gravely deposits (for example, refer to Table 1.5,
detdailing ISBD field trials, Chapter 1).
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However, the intrinsically heterotrophic nature of aquifer rock even within essentially
granular rock types, such as sandstone, complicates solute transport processes
(Devln and Barker, 1994) and leads to inaccuracies in hydrogeological transport
models. If the aqguifer matrix within the ISBD reaction zone has areas of anisotropy,
for instance caused by the presence/absence of intercalating minerals such as
Calcite; the dispersion of solutes within the matrix may differ from the ideal. As a
consequence of this, groundwater within the ISBD treatment zone may flow at
different velocities or along preferential flow paths, potentially by-passing much of
the aquifer mairix. In anisotropic aquifer environments, it is therefore difficult to ensure
uniform distribution of substrate and necessary residence time of the OC amendment

within the aquifer and hence, to control denitrification activity (Mateju et al., 1992).

In situ biological denitrification is therefore suited to homogenous/isotropic aquifers, of
essentially granular matrices and primary porosity. It is vital that the plant is designed
and operated according to the specific site and that comprehensive
hydrogeological modelling of the solute transport and mixing processes within the
ISBD treatment zone are completed before pilot operations are installed.  Previous
proposals of ISBD in the UK appear to have involved the adaptation of existing public
supply wells for the pilot trial (e.g. Cartmell et al., 2000}, thus failure of the pilot trial
would render the existing supply well inoperable. As a variation of this approach, it is
suggested that the treatment could be used af existing facilities, with smaller,
subsidiary wells, therefore removing the threat to the main public supply. In this
instance a smaller freatment could be used to provide low NOs water for blending
with the main resource so that the final concentration of NOs would be compliant
with the drinking water standard, as opposed to the use of ISBD to completely
denitrify groundwater abstracted from the main supply well.  Furthermore, a smaller
sized plant configuration should reduce the risk of sub-optimal dispersion and mixing
of injected OC, caused by anisotropic rock formations, due to the smaller overall
volume of rock utlilised. Under this approach, if a site exists with suitable
hydrogeology, it could be exploited by a series of small scale ISBD systems to supply a
larger volume of low NOz- water for blending at larger water supply freatment works.
This concept should additionally be further investigated as a recommendation of this

work.

In conclusion, ISBD can provide an environmentally sustainable and economic
alternative to above-ground treatments for NOz- removal from groundwater, such as
jon exchange and reacfor-based biological denitrification. However, a
diversification of the original concept and flexibility of approach is essential, with

potential applications considered on the merits of the individual site.
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As part of the PhD project, original contributions to the cumrent knowledge of ISBD

reactions have been made as follows:

» PCR and DGGE methods have been successfully applied to sandstone
collected from UK aquifers, with relatively low biomass concentrations. DNA
sequences recovered from the microcosm samples were compared to an
international microbial sequence database, and the closest matches were
reparted, to infer the likely speciation of the dominant community members.

e« This molecular approach also enabled elucidation of the microbial
community structure of the most abundantly represented species.
Differences in community structure were primarily due to the concentration of
OC that each community received, and were not affected by either
geological sandstone type or substrate type or, as previously suggested on
the basis of culture based identification methods.

* Finally, the use of pressure sensors for hydraulic conductivity determination
and methods previously used to detect EPS in activated sludge have been
successfully applied to the sandstone matrix, in the context of laboratory
microcosm studies of low substrate-loading biological denitrification for

drinking water purposes.
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APPENDIX 1: Details of Aquifer Resources from Fovant Site

1.1: Drilling details and Local groundwater Conditions, (details from Clark, L. et al, 2004)

The drilling of Borehole 4A started on the 3 February and was completed on the éth February. The borehole
was driled to 3.10m at 200mm diameter and temporary casing was set at that depth. Driling then
progressed at 150mm diameter by the rotary technique using a button bit and air-mist flush through the
Chalk to the water table. The water is recorded as struck at 19.20m but rising to 14.90m from the surface.
The base of the Chalk in the driller's log is af 17.10m. The driling continued in the Greensand Aquifer to 21m
and then four cores of the sandstone were taken (Table 1). Groundwater characteristics from the water at

the drilled borehole are reported in Table 2.

Table 1
Core Number Cored Interval (m) Core Recovery (%)

1 21to22.5 53

2 22510 23.85 52

3 23.8510 25.35 87

4 25.35t0 26.85 91
Table 2
GROUNDWATER QUALITY. LABORATORY ANALYSES (Source: Clark, L. ef ai., 2004)

Conduct 20]
Date Time [T Coli/100ml  [F Coli/100mI Pl Count 37,2 Pl Count 22,3 Turbidity C
22-Mar-04  |13:33 |0 0 1 138 0.64 440
23-Mar-04  [13:40 [0 0 0 54 <0.25 435
24-Mar-04 [13:55 |0 0 0 118 <0.25 448
25-Mar-04 1430 |0 0 1 138 <0.25 421
Date Time |pH Total hard Chloride Na mg/t Camg/l Mg mg/l
22-Mar-04  [13:33 |74 249 15 7 90.4 1.4
23-Mar-04 [13:40 |7.3 246 15 7 95.9 1.5
24-Mar-04 13:55 |7.4 231 15 [<) 89.9 1.4
25-Mar04  |14:30 |7.3 232 16 6 90.4 1.4
Date Time K mg/I Nitrite Nitrate as N Ammonia Phosphate  [Fe
22-Mar-04  |13:33  |0.8 <0.01 5.7 <0.01 0.05 0.01
23-Mar04  |13:40 |0.9 0.005 6 <0.01 <0.03 0.08
24-Mar-04  |13:55 [0.8 <0.003 5.65 <0.01 0.03 0.01
25-Mar-04  [14:30 |0.8 <0.003 5.66 <0.01 0.05 0.01
Date Time |Mn Cu n Alkalinity MO TOC
22-Mar-04  |13:33  |<0.005 <0.01 0.02 180 1.7
23-Mar-04  |13:40 |<0.005 <0.01 0.03 213 2.2
24-Mar-04  |13:55 |<0.005 <0.01 0.02 208 1.4
25-Mar-04  |14:30  |<0.005 <0.01 0.02 161 1.4
ON-SITE QUALITY MONITORING
Date Time |Conductivity [pH Dissolved EH {Redox} Temp
mg/L Oxygen mg/L mV oC

24-Mar-04  [09:00 |411 7.23 7.3 216.7 10.3
24-Mar-04 [15.15 432 7.32 8.2 230.2 10.5
25-Mar-04  |08:00 |444 7.32 6.8 179.7 103
25-Mar-04 {1600 464 7.32 6.7 233.7 103
26-Mar-04  (08:30 [474 7.32 6.3 258.9 10
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1.2: LITHOLOGICAL LOG OF FOVANT CORES

Core drilled on: 04-02-04
Log carried out on: 06-02-04
Photographed on: 07-02-04

The core was approximately labelled by the driller in 4 sections (water table at ~ 20 m):
» Core 1; Uppermost section - ‘21.0 — 22.5 mbg!'
¢« Core 2; Upper middle section ~ ‘22.5 — 23.85 mbg!'
» Core 3; Lower middle section - ‘23.85 - 25.35 mbg!'
e  Core 4; Lowest section - '25.35 — 26.85 mbg}’

in general, the core was very broken up and some of the core cases were filled with broken up pebbiles.
There were traces of clay mineral throughout. The colours of each core were also scored for reference
(British Standard Colour Chart for Soils: BS381C). Lithological details for each core are recorded in Table 3,
geological descriptions from Dr. M. DeFreitas, Dept. of Civil Engineering, Imperial College, London, UK, pers.

comm.

Table 3:

Length along Description (Core 1~ ‘21.0 - 22.5 M’ - tofal core length = 90 cm)

sample

0-50 cm Soft glauconiltic sand (disturbed by drilling?) colour#442 light bronze green. Weak, some clay
mineral present

50-60 cm Crumbled region of weakly cemented glauconitic sand

60-90cm Weakly cemented calcareous glauconitic sand, bedded and laminated, highly porous, appears

free of clay minerals, moderately strong.

Length along Descripfion (Core 2 ~ '22.5 - 23.85 M’ —fotal core length = 86 cm)

sample

0-60cm Core very disturbed. Cobble and pebble size pieces of well cemented dark glauconitic sand,
carbonate-free, mixed with smaller fragments of glauconitic sand cemented with calcium
carbonate. Colour# 278 light olive green and 283 aircraft grey green

5086 cm Revealing presence of jointed cemented sections, all much disturbed by driling. Evidence of
calcareous cemented sections mixed with clayey minerals and sand. Some rusty coloured iron
oxide striations. Colour# 278 light olive green, 411 middle brown, 627light aircraft grey in calcareous
sections

Washed out When the core was washed to observe the rock, these clays sand chunks were collected. Colour#

clay and 222 light bronze green

sand

Length along Description (Core 3 ~ ‘23.85 - 25.35 M’ - fofal core length = 86 ¢m)

sample

0-20 cm Mixiure of dark green, coarse, hard/strong well cemented glauconitic sand with small fraces of
calcium carbonate. Colour# 283 aircraft grey green

2022cm Clayey sand horizon. Colour# 283 aircraft grey green

22-45cm Green silty fine glauconitic sand, laminated calcium carbonate cement. Mixed with sections of well
cemented calcareous brown sandstone, possibly from higher up the borehole where it would have
been weathered. Clay minerals present. Colour# 283 light aircraft green and 630 French grey

45-55¢cm Laminated shelly medium grained sandstone. Dark laminations — possible traces of organic
material. Clayey. Colour# middle brown,

55-86 cm Increasingly well cemented with calcium carbonate to produce hard/strong nodular cemented

sandstone. No clay, quite porous. Colour# 389 Camouflage beige, 676 Light weatherwork grey, 630
French grey. Clay/sand band at very end.
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Length along

Descriplion (Core 4 ~ ‘25.35 - 26.85 M’ — otal core length = 135 cm)

sample

020 cm Fine grained moderate - well cemented glauconitic sand. Colour# 258 Light buff, 389 Camouflage
beige and 630 Light French grey

20-45¢cm Well cemented calcareous sandstone containing in-filled burrows of dark quartz rich faecal
deposits. Colour# 411 Middle brown, 642 Night and 67 1Middle graphite.

4570 cm Well cemented calcareous laminated fine grain sandstone. Moderately strong. Colour# 411 Middle
brown.

70-90 cm Laminated cemented calcareous light brown sandstone with occasional Chert pebbles. Colour#
630 French Grey

90-106 cm As above, without Chert pebbles.

106-135cm Well cemented slightly laminated calcareous sandstone, sometimes modular. Extremely clayey/fine

sands at extreme bottom.







Trial 1 MC1 (mg 1™ MC2 (mg 1™

Date Exp day. TON NOs -N NO;' -N DOC TON NOy -N NOs -N DOC
29-05-02 3 15.63 15.63 0.00 25.00 10.69 10.69 0.00 215
30-05-02 4 13.45 13.45 0.00 25.68 14.31 1427 0.00 177
31-05-02 5 12.25 12.25 0.00 25.67 1201 11.98 0.00 195
01-06-02 [ 16.00 15.00 0]0] 2070 1.75 n7n 0.00 171
02-06-02 7 16.06 16.03 003 19.82 15.40 15.40 0.00 1.5
03-06-02 8 16.51 1651 0.00 2175 16.80 1678 0.00 1.93
05-06-02 10 14.41 14.40 001 23.47 15.95 1694 0.00 200
08-06-02 13 12.49 1249 a.00 18.50 15.62 15.62 [sX0 ] 1.19
11-06-02 16 13.82 13.82 a.00 21.73 20.44 2044 0.00 1.5%
14-06-02 19 15.14 15.14 0.00 17.24 15.78 1678 a0 255
16-06-02 21 16.10 16.10 0.00 201 1607 16.07 0.00 301
18-06-02 23 1674 1674 000 22.35 1602 16.02 0.00 275
21-06-02 26 1577 1677 000 2085 1674 1674 000 1.94
23-06-02 28 15.85 15.85 a0 20.63 15,93 1593 0.00 1.90
26-06-02 a1 15.43 1643 a.00 2056 1610 16.10 0.00 2.57
28-06-02 33 16.45 16.45 [efo ] 17.60 14.18 14.18 0.00 324
16-07-02 36 16.77 1677 a0 2027 1634 16.14 a.00 218
20-07-02 40 1496 14.96 a.00 21.03 1536 1535 0.00 245
22-07-02 42 1441 1441 o0 4] 18.55 13.85 13.85 0.00 1.04
25-07-02 45 1487 1487 [efo ] 19.23 1416 14.16 0.00 1.79
27-07-02 47 1494 1494 0.0 19.76 11.65 11.65 0.00 1.94
29-07-02 49 n.77 11.77 0.00 17.50 13.91 13.91 0.00 1.30
31-07-02 51 16.63 16.63 a0 18.65 15.35 15.35 .00 1.88
03-08-02 54 13.42 1342 0.00 17.06 15.02 15.02 Q.00 1.5
08-08-02 56 16.79 16.79 D.00 19.97 20.30 2030 0.00 1.29
10-08-02 58 11.58 11.58 a0 21.00 1505 15.05 a.00 091
12-08-02 60 14.34 14.34 0.00 18.96 15.00 15.00 0.00 1.78
25-08-02 64 15.53 16.53 a0 2262 14.84 14.48 0.00 1.40
27-08-02 66 15.11 15.11 a0 2118 15.67 15,67 0.00 1.85
31-08-02 70 11.96 11.96 D.00 19.98 14.97 14.97 0.00 1.58
02-09-02 72 16.65 1655 [efo ] 20.21 14.88 14.88 0.00 Q.00
04-09-02 74 1599 1599 Q.00 24.23 11.89 11.89 0.00 [s10 4]
10-00-02 76 16.45 1545 D.00 2070 1541 16.41 0.00 3.12
12-00-02 78 14.48 14.48 a.00 2073 16.03 16.03 000 1.54
13-00-02 79 14.70 14.70 a.00 26,94 15.73 1573 0.00 147
14-09-02 80 15.38 15.38 a0 21.18 150 1601 0.00 212
16-00-02 81 1512 1512 a.00 2291 1520 1820 a.00 1.56
20-09-02 84 15.16 15.16 D00 2007 15.09 15.00 0.00 1.48

Tral I MC3 (mg 1™ MC4 (mg!™)

Dale Exp day. TON NO;' -N NOs-N DOC TON NOC-N NO -N DOC
29-05-02 3 11.18 1nn Qo7 2047 1446 14.43 003 24.33
30-05-02 a4 13.090 12.98 an 14.08 1311 13.05 0.06 2042
31-05-02 5 16.25 1600 Q.25 464 15.85 14.57 128 473
01-06-02 6 14.72 14,51 a21 15.34 12.25 1222 003 517
02-06-02 7 18.29 1333 196 .61 6.63 4.39 224 300
03-06-02 8 8.42 584 2.58 602 1508 1269 239 3.35
05-06-02 10 14.47 11.88 259 10.22 o7 8.54 117 1.80
08-06-02 13 1090 1.56 9.34 518 1n.27 737 410 434
11-06-02 16 9.6 4.0 5.60 9.80 11.76 713 463 2.66
14-06-02 19 1283 1.34 11.49 5.56 9.47 496 451 433
16-06-02 21 9.60 713 247 8.49 609 3.82 227 5.24
18-06-02 23 5.43 2.63 2.80 518 9.28 6.9 2.38 7.07
21-06-02 26 10.20 74 279 167 11.82 871 an 123
23-06-02 28 13.69 10.74 295 2.07 15.89 13.51 2.38 1.51
26-06-02 31 13.72 3.39 1033 - 10.39 5.24 5.15 1.37
28-06-02 33 13.98 291 1107 202 1019 269 749 1.79
16-07-02 36 1441 2.08 5.33 9.04 10.18 7.74 242 12.97
2007-02 40 1242 450 792 3.24 8.51 3.86 4.67 423
22-07-02 42 943 6.10 3.32 626 999 7.49 250 8.14
25-07-02 45 10.95 1.58 9.37 2,66 12.86 498 7.88 6.82
27-07-02 47 14.80 1.7 3.63 355 14.13 206 1207 443
20-07-02 49 14.18 a.37 13.81 167 1517 Q17 15.00 320
31-07-02 51 1599 7.27 8.72 2.00 15.50 3.0 1249 240
03-08-02 54 1.0 0.61 10.48 3.52 12.05 3.37 8.48 290
08-08-02 56 14.18 10.52 3.66 17.21 10.57 9.84 0.73 17.48
10-08-02 58 11.95 9.86 209 1.68 11.42 7.85 3.87 231
12-08-02 &0 14.51 10.55 3.96 533 144 1116 3.25 6.32
25-08-02 64 13.47 7.40 6.07 10.61 13.62 7.83 5.69 11.99
27-08-02 66 14.15 8.59 556 1606 13.44 13.44 059 12.73
31-08-02 70 1037 233 8.04 6.67 8.29 0.82 747 219
02-09-02 72 7.81 1.79 7.98 471 451 1.03 4.94 1.02
04-09-02 74 137 017 1.20 30 Q.88 0.08 0.80 242
10-09-02 76 9.97 follo 5] .88 1241 6.57 .18 693 10.53
12-09-02 78 10.19 244 7.74 8.30 529 428 1.01 2.02
13-09-02 79 6.48 0.06 641 7.56 6.51 aoe 6.42 7.70
14-09-02 80 3.60 [eX¢]] 3.59 3.87 467 Q.00 4.67 5.88
16-09-02 81 345 004 3.4 345 403 043 3.60 4.46
20-0002 84 284 052 232 3.02 3.21 0.00 321 3.64

APS



Tridd I MC5  (mgl™ M6 (mglh

Date Exp day. TON NGy -N NO: -N DoC TON NOy -N NO:'-N DoC
29-05-02 3 14.24 13.87 0.37 16.89 14.60 14.60 0.04 17.05
300502 4 13.76 12.36 1.40 1412 1265 12.50 0.15 15.64
310502 5 13.90 13.35 0.55 11.30 1426 13.78 0.48 11.54
01-06-02 6 13.65 n.2e 2.36 763 14.02 13.31 01 8.30
02:06-02 7 6.846 438 2.48 493 14.96 13.35 1.61 8.55
03-05-02 a 1348 12.90 0.58 234 13.45 6.47 6.98 3.85
050602 10 1487 1476 on 3.86 14.81 13.98 0.83 1.89
08-056-02 13 8.34 7.21 1.13 361 1496 1487 0.09 106
11-05602 16 10.05 8.32 1.73 119 15.46 14.68 078 1.35
14-06-02 19 1113 8.83 230 284 1253 485 7.68 Rk
16-06-02 21 9.42 12 2.20 545 7.37 3. 415 6.49
18-06-02 23 1008 7.64 244 4.35 12.50 9.73 277 502
21-0602 26 9.27 637 2.50 191 11.37 8.53 284 455
23-06-02 28 11.88 322 8.66 6.18 12.71 971 3.00 312
26-06-02 3 13.62 4.50 7.02 497 13.24 291 10.54 -
28-06-02 33 9.40 407 533 6.05 14.51 5.12 9.39 527
16-07-02 36 .00 3.25 7.75 3.65 15.48 3.95 11.53 477
20-07-02 40 10.50 598 452 202 11.72 1.86 9.84 244
22:07-02 42 14.50 434 10.16 252 10.9¢ 7.31 3.68 218
250702 45 1500 3.45 11.58 139 13.49 .87 11.53 247
27-07-02 47 12.84 195 1091 112 15.00 268 12.32 193
29-07-02 49 12.62 091 1.81 147 14.50 1.38 iB3n 213
31-07-02 51 1410 2.84 n.z2z 1.54 1319 090 i2.28 192
03-08-02 54 7.89 6.06 1.83 189 13.63 1.49 124 235
08-068-02 56 8.59 .06 1.53 11.15 9.82 737 245 536
10-08-02 58 9.43 6.57 284 267 12.95 8.17 478 4.48
12-08-02 60 757 0.48 6.90 259 11.86 2.36 4.50 3.03
25-08-02 64 7.39 0.70 669 237 054 1.4 8.56 226
27-08-02 &6 762 1.10 442 3.57 0.00 1.38 .65 280
31-08-02 70 748 0.85 6,62 207 1.56 Q.30 7.56 221
02-09-02 72 539 0.70 6.85 272 0.00 076 551 289
04-09-02 74 417 0.00 4.17 216 462 202 260 3.15
10-09-02 76 n 0.18 6.93 9.89 618 032 485 9.63
12-09-02 78 3.90 390 0.00 2.89 4.97 497 0.00 250
13-09-02 79 233 0.12 222 309 2.75 o4 27 3.33
14-09-02 a0 0.99 0.56 0.43 6.48 1.03 013 09 483
16-09-02 81 0.86 0.09 0.77 604 1.54 006 1.48 504
200902 84 0.52 0.22 0.30 5.96 0.87 000 0.87 511

Triat fl MC7 mal™h) MC 8 mgl™)

Date Exp day. TON NOy -N NO;' -N (e TON NG -N NGy -N DOC
29-0502 3 10.08 10.03 0.05 10.68 1447 1443 0.04 9.60
30-05-02 4 12.86 121 018 3.59 12.35 1224 on 424
31-0502 5 15.14 14.48 0.66 2.74 1477 13.54 1.23 4.20
01-0602 6 15.14 13.76 1.38 234 1418 14.87 031 222
02-0502 7 1496 14.07 [oX: ) 1.96 14.79 1296 1.83 1.74
03-06-02 8 15.08 1281 227 224 1472 1371 1.01 236
050602 10 15.44 15.39 0.05 1.60 15.38 15.30 0.08 1.79
08-05602 13 14.30 14.25 0.05 233 15.10 15.10 0.00 3.40
110602 16 15.61 1387 0.8 179 1495 14.73 0.2 239
14-06-02 19 14.36 14.33 op4 419 13.50 1328 [o}:2] 455
16-06-02 21 156.34 13.36 1.98 5.44 15.92 1458 1.34 5.84
18-06-02 23 8.60 4.50 210 398 14,65 1252 213 4.64
21-0602 24 14.16 11.94 212 692 14.22 12.06 237 421
23-06-02 28 14.24 1217 207 6.13 14.83 1269 214 555
26-06-02 3 14.52 13.45 1.07 435 14.69 14.07 0.62 4.49
28-06-02 33 1474 14.39 0.35 324 1409 1374 0.35 3.02
16-07-02 36 1626 14.25 2.0 3.54 1279 Nn.26 1.53 270
20-07-02 40 13.26 12.45 o081 1.78 1401 13.39 071 205
22-07-02 42 13.61 13.13 0.48 1.63 14.05 13.94 on 1.83
250702 25 14.61 nal 279 208 12.32 1037 215 21
27-07-02 a7 15.00 11.54 3.46 1.59 13.22 10.04 3.18 205
29-07-02 a8 15.01 13.37 1.64 1.42 1482 13.82 10 243
31-07-02 51 19.13 19.13 0.00 1.20 14.87 14.63 0.24 1.71
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Trial Il McC1 mgl™hy MC 2 (mgl™)

Date  Expday. TON NO-N  NOY-N pDocC TON NGO -N  NOy-N DOC
02-02-03 2 15.24 15.24 000 28.27 15.11 151 0.00 31.05
03-0203 3 15.30 15.30 0.00 33.87 15.06 15.06 0.00 3214
04-02-03 4 15.10 1510 0.00 3435 1486 14.86 0.00 3291
050203 5 15.62 15.62 0.00 30.57 14.98 14.98 000 33.34
060203 6 1501 1501 0.00 3146 15.35 15,35 0.00 32,18
10-02:03 9 12.74 1274 0,00 33.15 15.59 1559 0.00 35.67
11-02.03 10 14.81 1481 0.00 3517 13.67 13.67 0.00 33.64
130203 12 16,02 1602 0.00 31.27 15.71 5.7 0.00 33.13
15-02-03 14 1228 12.28 000 21.08 15.17 1517 0.00 3133
170203 16 12.96 129 0.00 25.71 1219 1209 0.00 33.74
2402-03 21 14.89 14.89 0,00 415 1474 14.74 0.00 552
26-02:03 23 15.50 15,50 0.00 3092 15,74 15.74 0.00 31.78
28-02-03 25 16.14 16.14 0.00 28.26 17.35 17.35 0.00 20.68
02:03:03 27 1412 1412 0,00 31.50 1418 1418 0.00 32,02
04-03-03 2 13.98 13.98 000 31.67 13.75 13.75 0.00 3225
06-03-03 31 1423 14.23 0.00 3354 15.24 15.24 000 3273
08-03-03 33 1493 14.93 000 38.54 15.19 15.19 000 38.94
10-03-03 s 1a.40 14.40 0.00 4225 14.79 14.79 0.00 43.02
12:03-03 37 15.03 1503 000 2226 14.47 14.47 000 30.39
13-03-03 38 12.25 1225 0.00 3659 14.73 14.73 0.00 47.36
1503-03 0 1498 1498 0.00 52.42 13.58 13.58 0.00 5251
19-03-03 24 14.46 14.46 0.00 38.78 14,66 14,66 0.00 39.37
21-03-03 26 14.03 14.03 000 51.09 15.33 15.33 0.00 924
24-03-03 2 16.03 16.03 0.00 4593 13.95 13.95 0.00 45,56
27-03-03 52 14.83 14.83 000 41.25 1516 15.16 000 39.94
30-03-03 55 14.48 14.48 0.00 4237 1472 1472 0.00 42.48
Tral Il MC 3 (gl MC 4 mgth

Date  Expday. TON NO;-N  NO;-N DoC TON NO;-N  NO;-N DOC
020203 2 1.39 .40 0.00 36.12 173 14.73 0.00 3595
03-02.03 3 14.46 14.45 001 2781 1592 15.92 0.00 30.25
04-02-03 4 13.79 13.63 0.16 2506 1.67 13.76 0.00 2.6
05-02-03 5 11.31 11.31 0.00 19.39 13.99 13.99 0.00 25.14
05-02-03 6 736 7.36 000 13.92 1295 1292 003 24.17
10-02-03 9 9.46 7.47 200 15.56 987 .85 0.02 19.06
11-02-03 10 8.42 6.67 1.74 11.43 o 8.78 0.34 1387
13-02-03 12 8.37 5.02 3.35 8.36 484 3.73 112 390
15-02:03 14 10.38 8.34 2,04 13.10 553 3.68 1.85 282
17-0203 16 833 552 281 197 10.23 9.22 100 2227
2402-03 21 0.36 029 0.07 7.01 3.82 341 041 608
26-0203 23 0.14 014 0.00 9.87 8.42 501 3.40 1493
23-02-03 25 2.33 233 0.00 4.4 1.81 0.92 0.89 1319
02-03-03 27 316 120 1.95 2.48 290 0.88 202 410
04-03-03 2 0.30 0.30 000 7.77 0.7 0.68 0.08 271
06-03-03 3l 1.43 1.43 0.00 817 0.04 0.04 0.00 636
08-03-03 33 1.00 100 000 267 0.05 0.05 0.00 700
10-03-03 35 227 1.70 0.57 216 3.9 1.87 1.43 307
12:03-03 37 1.49 1.49 000 614 0.16 0.6 0.00 207
13-03-03 38 3N 391 0.00 18.21 018 0.18 0.00 452
15-03-03 40 133 1.33 0.00 2216 0.85 0.85 0.00 14.38
19-03.03 24 0.18 018 0.00 19.93 0.41 0.24 0.16 2002
21-0303 26 0.03 003 0.00 23.95 000 000 0.00 2066
240303 2 0.05 0,05 0.00 20.08 0.00 0.00 0.00 1972
27-03.03 52 0.25 025 0.00 2041 0.07 0.07 0.00 1752
30-03-03 55 0.01 0.0 0.00 17.56 0.00 0.00 0.00 19.36
Tiial 1l MCs g™y MC 6 mal™y

Date  Expday. TON NOY-N_ Noy-N DoC TON NOy-N NGy -N DoC
02-0203 2 6.89 689 0.00 19.09 14.94 14.94 0.00 36,03
03-02:03 3 1463 14,63 0.00 2749 1402 1402 0.00 2665
04-02-03 4 13.32 13.32 0.00 15.65 13.96 13.96 0.00 .
050203 5 1214 10,61 1.53 16.93 12.80 1200 0.80 1850
06-02-03 6 10.29 8.42 1.87 12.65 .52 1052 101 1539
10-02:03 9 331 228 103 806 883 705 177 2092
11-02:03 0 899 6.08 291 7.03 .39 8.82 256 1657
13-02:03 12 10.12 5.81 4,31 3.74 9.23 434 489 551
15-02-03 14 1065 5.33 532 6.30 8.94 6.45 249 8.47
17-02:03 16 9.97 3.96 600 11.76 699 255 443 447
240203 21 650 .77 513 414 7.33 1.85 5.48 691
26-02:03 23 440 110 350 5.28 5.49 1.33 418 750
28-0203 25 337 0.84 2,54 3.75 561 1.54 407 5.85
020303 27 659 1.38 5.21 3.09 419 0.96 3.23 3.43
040303 2 314 0.50 224 576 390 091 299 797
06-03-03 3 231 043 1.83 5.59 3.79 037 3.42 759
08-03-03 33 1.88 067 1.22 174 335 1.03 232 484
10-03-03 35 404 0.73 3.30 1.68 423 135 288 234
12-03-03 37 270 058 1.7 1.78 04 0.34 0.09 369
13-03-03 38 031 0.31 0.00 8.50 0.18 0.8 0.00 11.04
15-0303 0 0.31 031 6.00 16.24 054 054 000 16.80
19-03-03 24 0.05 0.05 0.00 9.90 001 001 000 19.26
21-03-03 46 0.00 000 0.00 25.62 0.00 0.00 000 2528
24-03-03 3 000 0.00 0.00 18.37 000 0.00 0.00 18.86
270303 52 0.01 om 000 15.39 0.00 Q.00 000 1691
30-03-03 55 0.00 0.00 0.00 16.02 0.02 002 0.00 18.03
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Trial il MC7  (ngl™h MC8  (mglh

Date  Expday. | TON NOs-N_ Noy-N DOC TON NOy-N_ NOgz-N Doc
020203 2 1812 1512 0.00 34,51 11.08 .08 0.00 30.27
03-02:03 3 1445 1445 0.00 3068 14.28 1428 0.00 30.36
040203 4 1422 1422 0.00 27.20 13.97 13.93 0.04 24.51
050203 5 1416 13.04 112 13.69 11.61 1037 124 1288
06-02-03 6 1401 12.07 1.94 18,74 1.67 9.2 225 1494
100203 9 572 414 159 11.59 0.68 053 035 5.68
10203 10 11.88 1001 187 19.82 458 1.84 274 501
130203 12 8.43 457 387 5.82 657 3.07 3.49 3.78
150203 14 679 227 253 5.57 641 2.88 3.53 379
170203 16 528 200 327 3.07 481 101 3.80 3.10
240203 21 251 078 1.73 463 293 1.08 185 484
260203 2 030 0.15 0.15 575 001 o0 0.00 3.76
28-02-03 2 019 a.lo 0.09 3.75 an 087 1.24 262
020303 27 1.31 0.0 071 377 092 055 0.37 376
040303 2 0.35 0.30 0.05 564 0.44 0.37 007 345
06-03-03 3l 003 003 000 5.43 005 005 000 7.38
080303 33 0.03 003 0.00 2.62 0.04 004 0.00 517
1003-03 35 203 2469 0.35 2.52 .20 0.73 0.47 299
120303 37 163 1.06 057 266 0.8 058 028 2.40
130303 38 02 0.26 0.00 1088 027 027 0.00 1226
1503-03 40 029 0.29 000 829 0.42 0.42 000 1414
19-03-03 a4 005 005 0.00 17.67 0.08 008 000 1655
21-03.03 46 0.00 0.00 0.00 2469 0.00 000 0.00 50.70
24-03-03 49 0.00 0.00 0.00 17.47 001 001 0.00 17.22
27-03-03 52 001 001 0.00 13.62 013 0.13 0.00 1015
300303 55 0.00 0.00 0.00 16.19 0.02 0.02 0.00 16.44
Tal IV MC1 gl MC2 mgl™H

Date  Expday. | ToN NOy-N  NOy-N DOC TON NO;-N  NO;-N poc
200204 1 1533 1538 0.00 324 15.76 15.76 0.00 419
23-02-04 4 15.45 15.45 0.00 473 15.43 15.43 0.00 298
240204 5 16.13 1613 000 361 1579 15.79 000 272
250204 6 15.52 15.52 000 299 15.344 15.344 0.00 286
26-02-04 7 1438 1438 0.00 11 1408 14.08 0.00 234
270204 8 1421 1421 0.00 2.49 13.48 13.48 0.00 228
28-02-04 9 14.78 1478 000 407 14.74 14.74 0.00 214
01-03.04 n 1436 1436 0.00 308 14.87 1487 000 198
03-03-04 13 1436 1664 0.00 293 1551 18.51 000 377
0503-04 15 - - - - - - -
07-03-04 7 - - - - - - - -
09-03-04 19 - - . - - - -
11-03-04 21 1032 1032 000 297 1281 1281 0.00 173
12:0304 2 127 127 0.00 278 13.80 1380 0.00 184
15-03-04 2 11.43 1.48 0.00 317 15.68 15.68 0.00 5.49
16-03-04 2 16.01 1601 000 473 1592 15.92 0.00 359
13-03-04 28 17.59 17.58 0.00 3.00 17.51 17.51 000 238
20-03-04 30 1714 1714 000 496 17.09 17.09 0.00 470
220304 32 15,84 15.84 0.00 3.8 15.10 15.10 0.00 5.77
Trial v MC3 (ol MC4  (mgth

Date Exp day. TON NO;-N  NO;-N DOC TON NO; N NO;-N DOC
20-02-04 1 14.89 14.89 0.00 29.07 14.75 1475 0.00 24,03
230204 4 1337 12.28 0.89 20.44 8.11 524 287 7.9
24-02:04 5 14.40 nz 3.8 2019 7.72 328 445 235
25-02-04 6 .26 629 497 13.84 8.67 5.49 3.18 292
26-0204 7 5.81 379 202 363 699 244 485 269
27-02:04 8 360 1 2.49 3.27 5.89 1.28 461 3.6
28-02-04 9 149 0.00 1.49 222 400 0.16 3.84 2.80
010304 n 094 0.22 072 242 431 0.70 3.62 290
030304 13 1.40 085 055 341 4.98 104 3.94 365
05-03-04 15 001 001 0.00 444 449 086 3.63 2468
07-03-04 17 0.10 0.00 0.10 7.19 1.83 an 172 3.20
09-03-04 19 0.00 0.00 0.00 7.90 0.00 0.00 000 432
11-03-04 21 0.00 0.00 0.00 3.96 an 000 an 262
12:03-04 22 1.83 0.00 1.83 315 8.62 231 631 237
15-03-04 25 0.00 0.00 0.00 805 198 o 379 637
16-03-04 2 0.00 0.00 0.00 362 3.80 013 3.47 3.13
180304 28 484 3.41 143 133 474 2.87 187 353
20-03-04 30 12.03 753 450 228 1695 9.74 7.21 2.42
220304 32 0.00 0.00 0.00 5.34 7.9 681 2.80 352
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L PR IR L ; MC7 . :
PR i, [Cotctidted DOC] Caicioted DOC Calcuiated DOC Totof caicuiated | Observed DO | Efffuant DOC | Estimated DOC Do DOC Gnaccounted)
. 7 | reansmption | eonsumption (mg)required | consumption tmg) required | DOC consurmption | consumption {mg) (4,5 assrilatedin | unaccounted for formg) .
(i) for femoval) 1o saisty obsoved 1o satisty NOy' 7 NO7 Q) tor N- C biomass frg) (Mg @nc. blomass |
: of 1mg 100 |~ denifification TON kol haduction (atter DO emovian| feductions (aftar . (15% of otserved]  (exc. blomass additon)
s Fatter DO ramoval), boed | based on theoretical CfN: | DO resmovaly © DOC adation) .
! ~ontheorotical Cam: |- N * consumption)
Bafe £xp do. e o4 . *
04-02-02 2 375 805 0.00 1160 543 7600 081 - -
050202 3 375 571 0.00 9.06 835 7308 1.25 - -
06-02-02 4 375 0.87 0.00 462 2694 5450 204 2232 1828
08-02-02 6 ars 015 351 7.41 2656 3487 6.98 1.6 3217
100202 8 a7s 0.00 682 1057 67.23 1220 1009 56.66 257
20202 21 375 2% 400 30.73 8415 981 1262 5341 20.79
cumuiaiive total (@47 d21) 15.00 2401 1433 5333 224 8¢ 11338 2373 17155 137 81
P ) I s P P . K MCs- . o .
SN Calcuiated DOC] ., Calculofed DOC -Caicuiated DOT Totad caicuioted | Observed DOC | Etfuent DOC | Estimated DOC Do DOC unaccounted
< ’ eonsumption’ srod poc i) (g assimilated in | unaccounted for tor (ma)
. gy forremoval] 7 o saltsty obsarved o satisty NOT 7 NOy gy for N : biornass (o) ) {nc. blomass
' o 10mgI 06 | | denitification ON Toss). tatter DO o . toter " {15 % of observad |~ (exe. blomass additon)
R (atfer DO wmovalk based | based on theoretical CIN: | DO femova) poc adkdition) o
. “on theorefical C/N: L LT - . : . consumption}
e b e 0 -
04-02-02 2 375 10.70 000 1445 908 72.35 1.3 - N
05-02-02 3 175 571 0.00 9.46 1545 6598 2,32 600 368
06-02-02 ) 375 0.00 050 445 25.31 3612 680 20,66 3387
8-0202 6 375 0.06 219 599 5871 2272 881 5272 2391
100202 3 375 155 8.38 13.68 6785 1357 10,18 54.18 4400
220202 21 375 2672 1.86 32.02 88.11 5.85 13.22 5609 4287
cammictive total (447 d21) 1500 26.33 1302 5635 250.00 78.2¢ 00 20365 164.66
Told calcuiied - BOC DOC
* fortmg - for (e
(oxc. blomass Biornaes
addition)
17.34 13.65
13.89 861
528 136
15.41 1026
1018 595
7.48 221
25.47 19.10
3229 2606
2576 19.50
72 1315
255 1668
. 5 1367 874
250702 45 375 241 21.21 038 556 606 19,16 121
270702 a7 375 324 7.48 3852 7.2 578 3104 2525
290702 29 375 1240 17.98 244 349 637 2446 1810
0702 81 376 7.3 1.8 anr? 417 626 2019 2362
03-08-02 54 375 9.40 21.89 3859 7.38 579 16,68 1050
08-08-02 56 37 3% 887 10,00 3593 112 113 2]
100802 59 375 188 1244 a2.42 151 836 2098 2382
12:08-02 £0 375 356 8.40 3430 1 522 26.40 2118
25-08-02 64 375 545 1261 3422 2215 513 21.61 16.48
27-08.02 & 375 499 1064 2284 33.53 34 1220 877
316802 bl 375 722 231 4244 1398 637 2113 1476
020902 72 375 718 2261 59.07 984 886 3648 2760
0409-02 74 375 108 3528 6269 632 939 27.30 1792
100902 76 375 887 2886 4299 2591 645 19.13 12.68
120002 78 375 695 2148 51.57 1734 7.73 3010 2237
130002 79 375 576 2856 6356 15.78 953 3500 2627
140902 20 375 38 3244 7126 808 10.69 33,82 2813
1609-02 81 375 306 3262 7214 720 10.82 3952 2870
200902 84 375 208 3300 73.04 531 10,96 40,04 20.08
C“""‘:,';""' @82 @6 2250 P Vezas 2a842 w0 23308 100 24 39817 28994
(3797 324) 15.00 9743 1413 12661 280 EIES 1200 153.39 s
(987 deay 123.75 22086 17921 52282 132642 20036 198 £5 719.43 52085




Taaly . - K . i 3 MC 4 . ] .
Calculahed DOC Cedoulcled DOC Colculied BOG Toldk colcuicled | Obwerved DOC | EfeniDOC | Esfimced DOC | DOE | DOC
. I {engp) recyt {ma) tequired o). . DOC . imgd n ;
(mg? for rermoval sty y NOS' % NO; . . biomass (mgh tor (mg) for (mgh -
‘o 1mgripo mﬂﬂmﬂoﬂbl). (oftet DO removel), based on| -+ (M forN-. 5% of (ox, blomoss | (ne. blomass
ik i remaval), based theorslical C/N: reductions (afler obsarvedDOC | addition)
: I Mtﬁcd N s “. PO mmoval) conaumption)
to7 s
375 125 a0 500 000 5061 0m - -
375 43 0.00 an 331 4263 050 - -
375 a.00 118 490 3605 288 541 KRH 2575
375 821 000 996 3815 10.78 527 2519 1092
375 1870 20 2448 2068 625 595 1522 227
a75 o0 2.1 590 3894 559 584 3305 2720
375 ¥ 105 1662 4219 375 633 2557 1924
378 833 3.68 1576 2687 9.06 553 2 1658
278 724 a1 1515 2038 555 606 2524 918
378 1238 408 2015 3689 9.05 553 1674 120
37§ 1991 204 2569 uw 10.94 525 230 208
375 1278 214 1867 317 14726 248 1251 783
178 710 279 1365 4337 257 450 2072 320
375 000 214 539 4278 315 s 3690 3048
376 1030 462 1847 43,08 288 646 2640 1794
375 077 &1 21.24 4219 374 633 2095 1462
375 .77 217 1660 1885 27.08 20 216 oo
375 1448 419 240 a7.10 884 555 1870 913
375 m19 224 1719 2854 1659 13 176 74
45 375 4 7.07 1561 60 142 475 1609 133
a7 375 194 1084 1653 .68 926 550 2015 1865
5 375 0.0 13.47 17.22 .28 667 589 2205 1616
sl 375 000 N2 1296 1093 501 614 2596 w82
54 378 840 779 1814 3988 508 598 2174 1576
56 375 990 0.6 1430 244 650 142 [ g
100802 53 3785 800 147 1522 a2 482 s17 2589 1973
12-03-02 & a.78 1.32 292 7.99 3275 1319 491 24.75 19.35
250802 ¥ 375 330 s 1216 3134 2508 470 19.8 1448
27.08-02 3 178 215 053 644 20.60 2658 147 2336 1889
310802 7 175 1499 871 25.44 5181 456 777 2637 1860
020002 72 375 217 244 283 8678 212 1002 38.43 B4
040002 74 375 3173 072 361 6385 505 .58 27.66 1208
100902 76 378 1763 622 27.60 652 2% 704 19.32 1228
12092 b 375 2170 o9 2835 6470 421 270 3835 28.64
130902 75 375 1857 5.76 28.48 8327 1607 2,49 47 2530
140902 a0 375 2308 41 3102 6707 12.28 1005 604 2508
16:09-02 a 375 2.5 323 349 7003 932 1050 1883 2803
2009-02 84 375 26.34 2.8 3297 7175 7.50 1078 3878 28.02
"“"':":I""’ 187 don 8250 169.58 101.5¢ 35362 789.51 2109 1796 44074 32840
@77 a8y 150 9290 1897 12397 27212 1526 4082 14815 0732
(187 daa 12375 37411 14228 62012 141632 55.80 21126 78155 S7101

Tl l - P
R : -{ Ceieutated DOC
{mg) tor removed }” .
o Jomgtipo
0502 3 375 254 000 629 ) 3527 066 . B
300502 4 378 279 1.2 780 109 2048 15 230 086
310502 5 375 28 049 672 1808 25 241 936 694
010602 5 375 30 212 890 n7 1594 356 1243 v27
030602 2 375 3.41 as2 .58 3479 4.88 522 27.11 2.8
050602 10 175 054 000 429 60 807 478 2731 2257
080602 13 75 1495 o 19.72 3213 7.5 a8 1242 7.60
110802 1 375 nn 185 1822 7.8 249 58 2077 1819
140602 1o 75 860 207 1450 3374 593 506 924 1218
16.06.02 2 375 1253 158 1825 2029 RE 424 1004 579
180602 2 375 105 210 1% 2059 9.08 259 13.60 901
210802 2 175 1286 224 1886 3589 398 535 168 48
230602 2 375 700 2] 1853 2885 los2 433 1052 00
260602 3 75 332 630 123 2029 1033 PE) 1502 g2
280600 2 375 1257 479 211 2704 12.63 406 593 187
160702 % 375 858 596 19.60 204 763 a1 1235 255
200702 ) 375 1010 40 1701 s 422 532 1754 122
20702 2 375 112 9.2 1399 341 52 516 0.4 1525
250702 45 75 o 1037 w2 %76 201 551 264 1713
270702 @ 375 480 980 18.35 3734 233 560 1859 123
%0702 5 375 512 1060 19.47 3659 208 549 1712 ne
N0702 51 378 n 1007 1593 646 320 547 2053 1506
0308.02 54 a7s 1596 164 2738 172 395 536 1236 901
030802 56 375 1430 137 1951 1830 2128 o o0 noe
106802 5 75 1250 257 18.62 00 5.58 s 15.27 1018
12,0802 &0 375 1867 619 2882 427 5.0 514 766 262
250802 ) 375 1768 601 2684 1516 29§ 877 1832 e
270802 & 175 1680 576 2631 1285 7.48 6.0 16.34 994
080 70 375 1689 595 2659 1579 432 687 1921 1234
Borm 72 375 e 525 2757 5487 568 823 %90 1867
040902 74 a8 231 374 a8t 5605 450 a4t 224 1583
100902 76 315 . 622 2769 %90 2065 598 |PRY 623
120902 78 375 2493 om 2848 5461 o4 .18 2583 1766
130902 kS 375 284 %0 3418 5859 12,46 478 2436 1558
140902 30 ars 3145 0.3 3658 5745 1350 862 287 1325
1609-02 5 375 3195 00 3630 5638 1261 878 2159 1323
200902 84 375 2300 027 3702 5955 1244 878 2152 1274
c“"“‘::"“ @87 diy 8250 18981 10319 37529 71872 18402 12535 148 % 2101
1797 488 1500 t2434 334 14317 220 5105 3494 £5748 5482
@82 daa) 12375 45134 13945 71484 129057 2348 15113 57915 38300

AP21
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Weoretical C/N:

otefical C/N:

- gddifon)

Trali FRRIN L DL MCé
Calcuiated DOC Calcuicied DOC Colctiled DOC .| Tatd ccuialed | Obierved DOC | - Effuent DOC | EMimaled DOC pOC BOC
1o i xofisty observed saliety nc;; 1":;.!‘“ o i B biamass (mg) omo) for {mg)
‘:'ﬂ’;:;’g;g" denllitfication TON 1ost)," | tcter DO removal), bosed an 5%t .- | taxe. biomass § gne. biomass
Lo onf - theoteficat CIN: -, | obloved DOC | addition)
g o consumpHon}
o4 .
290502 3 875 000 407 3560 0.61 - -
200502 4 378 000 . 7.02 3245 105 - .
31,0502 & 375 043 584 15.57 2410 232 9.74 240
©1-05-02 & 375 212 8.07 22.34 17.33 235 1427 1092
62:06.02 7 375 145 529 2182 17.85 327 1653 1326
030602 [ 375 527 1350 N 805 474 1813 1338
05-06-02 Ta 375 075 492 3573 394 5.36 3081 2545
080602 & 378 0.00 404 3746 221 562 3340 2780
110602 16 378 o0 4.45 36,85 282 553 12.40 2687
180602 i3 3.75 490 1619 3276 a9 49 1657 17145
16.06-02 21 375 n 2481 2612 1355 181 151 s
180602 2 378 2.49 11.85 2.9 1048 4% 1734 1296
210602 25 375 256 1445 3017 9.50 453 1572 e
230602 2 375 269 1158 3306 851 497 2157 1660
2606.02 3 375 9.4 1669 a7 8% 482 1408 248
28-06-02 33 3.75 8.40 1332 2867 11.00 430 15.34 1104
160702 3 375 1034 1409 270 297 246 1561 115
200702 0 375 885 19.97 Uy 550 513 1420 208
220702 42 318 330 1808 3518 as4 527 19.07 1380
250702 45 375 1035 1749 34.50 517 518 16.81 1163
270702 47 375 1.08 14.83 3581 403 535 2082 1548
2007.02 I 378 " 1667 3528 444 528 1857 1328
310702 51 275 n03 1886 35,47 400 535 1681 1146
030802 2] 375 1090 1723 .77 450 522 17,05 182
080802 56 375 220 1758 2848 1.1y 427 1091 843
100802 58 375 429 12,84 3031 9.36 4.55 1766 1312
12-08-02 40 375 404 1484 3334 533 500 18.50 1350
2508.02 4 375 748 2263 4539 472 881 2274 1595
27.08.02 88 375 777 2267 4426 585 864 2159 1495
N08-02 0 375 &7 2657 45.49 482 482 1891 1209
020902 72 375 4.95 30.00 5452 403 8.18 2452 16.34
04-0902 74 378 233 29.38 5397 658 810 2460 1650
100902 7 335 436 3036 4041 201 507 10.28 a22
120902 78 375 0.00 2626 55.33 5.22 8.30 29.06 2077
130902 79 375 2750 24 3368 6404 695 261 3038 076
140902 80 378 N3 081 3592 6080 10.19 212 2488 1576
160902 el 375 3022 133 3530 5047 1052 907 2517 1610
200902 84 335 322 0.78 3825 40,32 10.67 9.05 2407 15.02
cUmUIEIVe (@87 d50) 8250 10197 13207 31858 71922 15331 105.51 19289 9738
(@797 dsdy 15.00 120 80 535 14118 245.63 3833 3 es 104.48 47.64
d87 384 123 75 350.32 17130 64537 1304 46 24477 193.26 ¢59.09 45583
L eIl <, - MCT -7
led DOC BOE - LT BoC -
ma) for ramova »:.."."é""" ettty NOS 2° NOy' reduciion|
e 5 3 s %
e e e e e

010

200502 3 375 0.28 . N
300502 s 375 504 889 1547 .49 232 658 426
10502 5 375 058 492 1724 572 289 1222 278
01-08.02 s 375 0.0 a99 18.07 489 n 13.08 1097
02.06.02 7 375 009 284 1887 409 283 14.23 11,40
030602 B 375 000 579 1827 469 274 1200 975
05.06-02 10 3715 0.00 378 19.61 338 292 1586 1292
08-06-02 3 375 148 543 1809 287 n 1268 2.95
10502 1 ars a00 5.3 w2 arn 288 1390 nes
140602 9 375 1.60 525 1421 875 213 894 683
160602 2 375 a0 553 1160 1136 174 s07 133
180602 23 8.75 1437 20.00 1465 83t LG Gid S0
210602 26 335 an 278 851 1448 ams 35 am
230602 28 375 L 731 1225 w0n 184 493 310
260602 7n 375 108 579 1288 908 208 809 801
280602 n 175 058 445 1621 875 243 1186 213
160702 ) 175 000 555 1557 139 238 1002 769
2007.02 a0 375 391 838 1925 an 289 1087 798
220702 a2 375 2 730 1958 a4 29 1226 9.1
250702 5 378 090 215 1863 433 279 1047 868
27.07.02 a7 37 000 686 1965 3 295 1279 984
290702 ] 378 a0 522 1999 297 200 1877 naz
310702 51 376 .00 375 20.25 2.50 2.07 1671 13.64
C“’:‘o"":"" @8t 45 67 €0 3298 2234 12080 25381 naer a2 18216 14194
e MC8 L i
Coloukated DOC Calcuicled BOT Extimofed DOC =3 DOC
. ; ; [
F ; ; s an tor
[mad fortemovatl | N ko | e 20 el movad s | o tramin | e moie
SHIDEI LD estter DO removon, basedonf - meorefcal /M obsaved DOC | ; "addition) - | . acdifion)
. - Treoreficol C/N: E - congumptiony PP
NF 04y ;
29-05-02 375 127 000 502 292 2004 0.04 -
30-05-02 378 6.20 (Koo 9.95 1411 B8.86 12 416 204
31-06-02 ars 049 L 535 1439 8.77 2.1 BE&4 671
01-06-02 175 000 028 403 18.34 483 2.7% 1431 .56
02-06-02 a.76 047 1.64 586 19.23 384 2.90 13.46 10.56
03-06-02 8 375 053 091 EE 18.04 293 27 12.75 1905
05.08-02 10 375 000 000 a7s 1023 378 288 15.8 1280
08.08-02 1 318 000 LEY 378 15.87 710 2.38 1212 9.7a
11-08-02 16 378 004 022 102 17.08 499 270 1a98 126
120502 it 375 3.30 022 727 1347 9.50 202 a0 437
16-06-02 21 375 a.00 120 495 1w 1219 162 583 a2
180602 F 37 a7 191 .45 1328 2.9 199 683 484
210602 26 375 178 195 745 1000 1297 150 285 105
23-06:02 28 a7s 038 192 605 S 189 w 533 362
2-06-02 a 375 07 056 500 1359 238 204 859 555
280602 33 ars 204 a1 on 1666 o 250 1056 8.0
14-07-02 36 178 49 137 1009 1724 563 2.60 736 445
2007.02 © ars 202 ass 6.1 1869 228 28 12.28 9.8
220702 42 378 238 000 513 1918 282 287 1302 1048
25.07.02 5 a7 sa2 193 170 1857 120 279 687 409
27.07-02 47 375 400 286 10.60 18.70 127 280 810 520
200702 9 ams a1 021 5.0 1780 5.08 268 1288 107
31.07.02 51 375 027 0.22 4.25 1039 58 291 15,14 12.23
cumuIYS (@87 dsh) ar50 2 05 171 Ndze 23000 12343 250 1570 11221




AP23

Tl L S ; - MG 3 - . I
S Cakulaled 00C Calculaied DOC . Cakcdaied BOC Taal calculated | Obseived DOG | EMuent DOG | Esimaled DOC 60T BGC
_ cansumplien .- [consumption (mg) mauired jojconsumption {mg) renuired Io| voc consmumption mg) iated in
(mg) tor immaval | * | solisfy obseved ity NO; 7 NO,'reducion|  conmumpfion “amp) bioman (mg) for tmg) fot (mp)
ol 10 mg 0o . dehitritcation (TON tow), | (.,n'.,ypo wmaval), based on mg) for N~ S . (15%of .- § texc. blomass | (nc. biomawe
g (akeeDO emavaD), based on| 7 presrelical GIN; teduchons (after observed DOC | addifion) addMon)
- ¥ haerslical S DO tamoval . consumption} .
e o . 048 .
02-02:03 2 3.75 805 000 1189 000 75.42 000 -
03.02:03 3 375 124 0.00 299 1501 58.07 228 1002 777
04-0203 4 375 306 0.00 48 2075 5233 mn 1398 1083
06-0203 5 278 825 0.00 1200 2259 2049 489 2089 1570
06-02:03 ) 3785 1707 000 2082 4402 29.06 660 23.19 1859
10-02:03 9 3.75 1237 179 1751 4059 32.89 609 2248 1859
11-02:03 10 378 147t 157 2002 921 2387 7.38 2919 2181
13-02:03 12 375 128t 201 2187 5563 17.45 834 3407 2572
14 375 1033 183 159 4673 2735 586 2082 2296
18 278 1489 252 217 4809 2499 721 2692 190
21 378 3351 050 372 5844 14.64 877 2118 12.41
23 375 3351 000 3726 5247 2061 787 1521 734
25 378 2832 000 no07 4380 928 957 3173 2216
27 375 26.46 175 3197 67.90 518 ro.18 3593 2578
29 375 2351 000 3726 56.85 16.23 853 1959 1106
3 378 3031 000 22.06 56.01 17.07 8.40 2195 13.55
33 275 327 000 35.02 4751 557 10.13 2249 2236
36 378 28.25 o0s1 a2.70 4857 451 1029 3587 26.58
37 375 018 000 3393 6026 1282 204 26.33 1729
28 275 2478 000 2853 86.38 2802 996 3788 2789
40 375 055 000 EYE 5813 4627 872 2383 1501
ad 278 2181 000 37.26 8279 16t 9.42 2552 1811
28 375 2381 000 3726 5439 5001 816 1713 897
29 378 2351 000 3726 6247 a193 9.37 2521 15.82
52 378 2381 000 37.26 a8 1262 927 2452 1525
30-03-03 55 375 3351 0.00 37.26 67.73 36.67 1016 3047 20.31
“‘"":":I"" Wdor 437 5250 34265 1208 a8 13 7003 23208 RER) 38295 26476
(4387 d 58 2025 22287 coc 24914 43343 20712 £505 18454 11348
(497 d5%) 7875 £4564 1203 46727 122476 52916 13371 56749 8377
BT =
e - DOC
ooy HOS'7, O Teckickon | © for oma)
(offet DO remavall, baved o] dno. biomase
fhecralicat CAN: addfiion}

02:02-03

030203 6316 149 817 468
04-0203 6183 1.69 472 303
05-02-03 5249 309 1456 11.47
06-0203 50.47 3.39 1419 1080
100203 39.80 4599 1798 1299
110203 2896 6.62 2685 024
130203 8.15 9.74 37.36 27.64
150203 5.88 10.08 40.53 045
170203 4650 3.99 M2 7.23
240203 1270 9.06 e 2210
26-0203 31.17 529 20.32 1403
280203 2754 5.83 M3y 456
020303 856 9.68 378 2210
04.03-03 546 W 20.99 19.88
06-03-03 13.2¢ 897 2237 13.40
060303 EY] 375 33.68 000 5847 1461 877 21.04 1227
1003-03 35 278 26.29 128 8666 642 1000 3835 2535
120303 a7 3.75 33.68 0.00 4877 431 1031 31.34 2103
130303 38 378 33.68 000 9496 9.4 1424 57.53 429
150303 20 3.75 33.68 000 7437 003 1.8 3695 2579
190303 24 375 33.68 000 6260 4180 2.39 2517 15.78
210303 a6 375 33.68 000 8126 4314 9.09 2384 1485
240303 29 3.75 33.68 0.00 8322 2118 9.48 25.80 1632
270303 52 3.7 33.68 000 8782 1658 w7 30.3% 2022
50-03.03 55 375 2348 000 6398 40.42 240 2655 16.95
"“"l‘:,‘;"" (492 dan 5287 3718 AIRE] 76958 5356 115 43 26869 25326
(4387 d88) 2625 23573 000 €321 24259 7323 22624 18301
(497 _d 55 78.75 57291 1112 125777 49615 188 67 59493 406.26
THRalm s S ; UMCE . - e - B
~ Caicylated DOC |- ... Carculoed DOC. Caicuiated DOC - 7] 1oidl caiculated | Observed DDC | EMuem DOG | Esfimated DOC.
’ § . [consumption {mg) swauired fajcansumption gng) requined fof - BOC conmmption mg
tl.. .. satisty observed satiiy NO; 2 NOy recuction | - consumplon mg) bloenass (mg)
denitiicafion (TON losr. - |(after DO mmovol), based on] - (Mg} forN- . Q5%of |
- {{after DO semoval). bosed on| o C: (afte observed DOC
1 tneoreticat € - O remdvad comumptiony
“Dota o0 043
02-0203 2 275 18.20 000 2195 3322 2086 498
03.02-03 3 378 083 0.00 258 168 §7.40 236
04.0203 4 278 an 000 762 4040 3268 506
050203 s 178 6.2 138 11.54 3173 3535 5.66 2619 2053
060203 6 378 1057 1.68 1599 2667 26.41 7.00 20.67 2347
100203 A ERH 2625 093 3092 5626 1682 B.44 2533 1690
110203 0 375 18.50 261 19.86 5839 1449 8.7 3853 29.78
13-02-03 12 375 10.96 387 1858 8527 781 °.19 .69 36.90
1502-03 14 376 9.7 478 1830 5092 s 899 4163 32.64
170203 18 a7 11.30 539 2044 4953 2455 7.28 2808 2080
24-0203 21 3.8 1819 460 2654 6445 B.63 067 7.9 2824
260203 23 ars 23.35 214 3024 5206 1102 LE] 3182 2281
28.0203 25 35 2610 228 3213 4526 782 9.7% 3313 2332
£203-03 27 3.75 1887 468 2730 86.63 645 .99 2932 29.33
04-03-03 2% 376 26.62 201 1239 8106 1202 2.6 2867 19.51
06-03-03 81 376 28.48 1.64 2388 6141 .67 e 2754 18.33
06-03-03 3 35 29.05 1.09 3429 69.45 383 10.42 3516 2475
100303 35 315 2461 297 N 69.57 st 10.23 3824 22.80
120308 a7 3.75 27.62 158 291 6936 372 10.40 36.44 26.04
13-03-03 ) 375 33.69 0.00 37.43 583 18.67 1287 48.40 35.83
15033 40 3.75 33.68 000 37.43 7007 3433 1051 22¢5 2212
190363 a4 375 23.68 a0 3743 8ar2 20.68 1258 4630 37a
210303 % 3.75 2368 000 37.43 5091 5349 764 13.28 584
240303 49 275 3368 0.00 37.43 4604 2836 991 2862 187
270303 52 175 3368 000 7.4 7227 2213 10.84 2484 24.00
300303 85 375 3368 000 37.43 7095 3345 1084 3352 2288
U (a9 93 5257 295 08 283 389 11 ) 145 52 130 ¢4 488 50 336 85
3287 a55) 2628 236.73 000 261 98 49077 23101 7497 237391 162 84
(497 _d s 7875 52080 4163 85108 137739 37653 206 61 72531 51970




AP24

Sl . R MCé o L :
Cakulated DOC Taleulated POC DocC Totat K DOC | EMluent DOC | Edlimated DOC bec noc
‘. tmg) required. {mg) required fo] pOG _ consumplion (mg) in
(Mg fer temovat sabisfy observed . - faalisty NOY 7 NO7 reducfian| ~ cansumplion megy - blomons gy tat (ma) tor (mg}
af 18 mg P po domr(uealbn aoN o (aflet DO temaval), bared onf - J(mg)forN- - NS N (6%al (ox<, biomass | (ne, blomais
SLIEMET T, atter 00 removal, i Can: (atter abserved DOC | addifian} addtion)
s !hcor-“eal CIN, e B 20 jemoval) consumphion} Wl
: uu 0.43 S
020203 2 375 0.13 0.00 388 0.00 75.24 0.00
03-02.03 3 s 219 000 5.94 17.43 5565 262 11.49 8.08
040203 4 375 234 0.00 609 25.18 47.90 378 19.09 1532
05.02-03 5 375 495 071 2.41 34.45 3863 517 25.04 19.87
L.0802:03 6 278 7.80 0.90 12.46 4095 2213 6.14 28.49 223§
10.02-03 E) 375 13.86 1.9 19.20 29.40 23,68 241 10.20 §.79
110203 10 235 an 230 1417 38.48 3460 577 2432 1854
130203 2 a7s 1295 439 21.09 6158 1150 924 2049 3125
150202 4 278 1269 224 19.58 55.39 1769 831 2581 2750
170203 16 278 12.99 368 2572 6375 933 958 3803 28.46
24-02:03 21 275 17.21 492 2589 5845 14.43 880 2277 2397
260203 23 378 2136 373 2884 57.41 15.67 861 28.57 19%
280203 2% 275 21.07 366 28.48 6086 12.22 9.3 3239 2226
020303 27 375 24,26 250 30.91 6592 716 989 35.00 2511
040303 2 275 2491 2.68 3135 56.45 16.63 847 25,10 1664
060303 3 378 25.18 207 3199 57.23 15.85 859 2524 16.65
080303 32 375 2.15 208 3198 6297 1011 9.45 30,99 21.54
100303 35 375 24.17 259 30.51 40.20 488 10.23 3769 27.46
12:03-03 37 378 3368 000 37.43 6538 770 281 27.96 18.15
120303 e 378 33468 000 3743 81.35 23.05 12.20 4392 31.72
150303 40 275 23.68 000 37.43 69.32 35.08 10.40 3190 2150
19-0303 44 378 33.68 0.00 7.4 6419 a3.21 9.63 26,76 1713
21-03-03 % 378 23.68 0.00 27.43 5162 52.78 774 .19 645
24-03.03 Ll 378 33.68 0.00 37.43 65.02 3938 275 27.60 17.84
270303 52 278 23.68 0.00 37.43 £5.09 3531 1036 3187 21.30
200303 55 3.75 338 .00 37.43 6675 37.65 10.01 29.33 19.32
"'“"";':I"" (@97 437) 5280 284 50 4013 37713 80157 22125 12026 42454 20429
(9387 < 55) 2525 23573 000 26198 467.34 24346 70,0 20536 125 2
(d97_155) 7875 52023 4013 £39.11 126951 43491 19335 52990 43955

o IHatHb

Takulated 5T

Cch\llulOd DO

9) required.

Cu‘culﬂlﬂﬂ Dot

tmo) luumov
°| 1emg i’ ao

soflsly obrerveq
denitification {TON fows..
(afler D removal), based on

[e ) tequiredt il
sty NO," 7 NO, reduiciion] -
{d¥er DO temovan, based on

i thdotaticot CIN'

Totat eu«:nlu!od

. cunwmﬂlen

d'ucmuu (e
oyl

-copsumption

Orbsetved DOC,

[ Eflient 60C |
“gmoy

["Estimaion 5OC |
"

“blomost (m @)’

for(mg)
onc, blomoss
eddiion)

267
834
2230
21.14
1555
14.50
29.81
27.7¢
2815
20.56
14.49
18.04
20232
14.69
1606
20.04
24,72
23.11
13-03-03 38 32.00
15-03-03 40 661
19-03-03 aa 19.95
21-02.03 % 7.50
24-03.03 a0 2031
27-03-03 52 27.14
30-03.03 55 22.58
ot @97 dan 288 82
(d28” d65) 23572 [ihel) 291 98 £T3 40 22719 7554 241 43 16506
497 d58) 402 &0 1479 L9014 135418 39974 20313 558 C4 454 61
i ydal 7 y sl MC8 . . . -
T Calculaled BOC Colenlchd FOT T Calculabed DOG | Total calctiaied | Observed DOC | Een DOC | Evimaind DOG o0C BOG
j ion ng) required an (mg) required ol ooc conmmphion mp) in g aogou
tma) ol eamaval. e oo, :.‘.'.'.‘:'.'.,':,".‘..:.'JZ;,'::.“.:"ZZ o B S enar . | tixe. bloman | Gio. Borass
mmoo mevaly based a . Mworstioal CIN: - wductions (after obeived DOC | © addifon) addifion)
ombicarS/N: ; DO removal) . conwmptiony | ’
Dato - ;147 V043 TR ) : i
02-02-03 2 378 8.80 0.00 12.85 f88 63.20 1.48 -
03-02-03 2 375 1.61 0.00 $36 Q68 6340 1.45 4.33 2.87
040203 a 378 2.40 0.00 I3H 2190 5178 229 15,35 12.47
05-02-02 5 375 7.62 w 12.48 45.19 26 8% 693 KAl 26.78
06-02-03 é 375 747 2.02 13.24 41.8% 31.1% 6.28 28.45 2235
1002:03 9 375 .47 032 3554 6122 1185 518 25,68 16,50
11-02-03 10 375 2339 2.46 29.60 42,61 10.47 939 30 23.482
13.02.03 12 ars 1893 314 2682 65.18 750 9.78 2936 29.59
15-02-03 14 375 19.29 218 2620 6516 792 977 28.95 29.18
16 376 228¢% 3 30.05 8661 647 999 38.56 2657
21 a7s 27.10 1.68 2.5 6298 1ie 945 3048 21.03
23 375 3388 0.00 37.43 8524 784 279 2781 18.03
25 375 2894 1 3380 6761 5.47 1014 380 23.88
7 376 .46 0233 35.54 8523 785 .78 2968 19.90
2% 375 368 0.00 37.43 45.46 762 982 2803 1821
3 375 23.68 0.00 37.43 5767 1541 845 2024 159
23 375 .68 0.00 37.43 6225 10.79 934 2487 1552
35 78 30.98 0.42 3518 £6.84 624 1003 168 21.88
37 375 33.04 0.25 37.04 6807 501 1021 31.03 20.82
38 378 33.88 0.00 37.43 7880 25.60 1182 4138 29.56
40 375 3388 0.00 37.43 74.68 29.52 123 3745 2622
44 375 23.68 0.00 37.43 4384 3456 1048 242 2194
48 378 33.68 0.00 37.43 4030 6410 87 2.87 020
49 375 3.8 0.00 37.43 £8.44 3596 1027 alc2 2075
52 378 3348 0.00 37.43 8321 2119 1248 4578 3330
55 375 33,68 0.00 37.43 70,07 34.33 10.51 3265 2214
77 d3n £2 50 402 24 1627 470 97 90217 12395 13533 42120 29533
(dier 458 2625 23573 Q00 24198 43555 24525 49 6¢ 22357 153 91
(397 d 55) 7875 637.53 1627 73235 128772 335 20 204 98 $54 77 44979
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AT S I MC3 . } ] R
[ DoC T Caicuialed DOC Tolol calcuicled | Observed DOC | “ENuent DOC | Eslimaled DOC DOC Dac -
; (g required foquired a , -, ) . od for
(mgy torremaval | ' salisly obaeived votisty KO, 7 NO3 tecuction| * . img forN- g _blomase (mgh g [
ﬂlﬂn\ﬂf'm denfification FON loes), fodter DO removal, bosed on| teductions (cfter N (15 % cf cheorved ] (exc. blomons {inc. blomase.
tafter B0 removal), bosed on thboretical C/N: DO removal Doc dcltion} ‘addition)
: 2 1oz 0.43
20.02-04 375 025 0.00 400 12.38 €070 186 238 653
230204 35 410 o 864 .40 4268 456 2176 17.20
240204 375 133 283 751 w92 4216 P 2301 18.37
250204 375 835 422 1652 4418 2850 663 2766 2.04
25:02.04 375 2053 180 2608 65.50 7.58 283 0.42 205
270204 378 25.49 221 3148 8825 683 9094 3480 2486
280204 q 37 3047 133 3525 .44 e 1027 3319 20
010304 n 378 34z 064 3581 .02 506 1020 3221 20
03.03-04 13 a1 3037 0.50 62 6595 713 989 .38 2144
050304 15 318 33.51 000 3726 2382 Q.2 957 265 1698
07.03-04 7 375 3351 000 3726 58.06 1502 an 2080 1209
090304 19 318 335) 000 37.26 5857 16.49 849 1932 1084
110304 2 118 3351 000 3728 8481 827 9.72 7.5 1783
120304 22 375 2042 143 3480 8.8 659 Q97 3L 272
150304 2 375 3351 000 72 5628 1680 8.44 1902 1057
160304 2 375 3351 000 726 6,62 7.5 983 2825 1843
180304 2 315 269 127 2771 8514 694 992 3842 2850
200304 k) 315 663 am IZES 632 476 1025 5393 3¢
220304 2 375 3351 000 .26 61.94 1114 029 2468 1539
°‘""“,'°""° (437 d32) 5250 41078 158 27486 80841 12661 13445 2175 257.26
 Tal v : L MG . .
TS BOC d00C o
L ; tromd recquiredi i
} tmg) Jor rarmaval satly NOy' 7 NO7 tecuction mgy
o i0mgi! DO {after DO femoval), bosed on

7 theorelical C/N:

200204

1 375 056 431 291
230204 a 375 1539 287 272 5681
240204 5 375 1626 399 2400 6817
250204 s 375 1413 286 2074 6697 .
260204 7 375 1751 408 2574 67.47 561 1012 4173 3161
270204 3 375 2036 a4 825 €565 722 988 3762 2774
260204 q 375 2458 345 77 67.23 585 1008 3545 25.37
00304 n 375 2386 325 2086 .03 608 1008 36,17 2812
030304 12 375 2239 354 967 .46 7.2 982 3879 2597
05.03-04 1s 318 2347 32 048 &4 560 1012 1700 2688
07.03-04 17 375 .42 155 3472 6620 668 996 .68 272
090304 19 375 3351 0.00 726 5407 201 28! 2681 1720
110304 21 378 2433 340 a7 6761 547 1014 3584 2569
120304 2 375 1425 567 267 68,14 464 1022 4447 325
160304 25 315 2463 340 378 5078 1330 897 28,00 1908
160304 2% 375 2501 130 3208 6655 653 (253 3448 2451
180304 2 375 2292 168 28.35 .7 137 286 37.38 2250
2003-04 ) 375 000 648 1023 8.0 506 1020 5.9 25
22.03-04 32 375 1204 251 18.31 65,74 7.34 986 7.4 37.57
°“':‘:':’|'"' @87 @2 5250 077 4591 .18 92507 9805 13876 52580 3713
Thale - _MCs . o : -
Torck colcwied Timcted DO
e N n
7 (g for N blomaw (mg *
teciuctions (atler (15% of obsanved

DO mrvoval

405

1 209 185 231 6.46
a 19.48 4685 1161 7.03 27.37 034
5 . 2045 5309 537 796 1284 2467
250204 & 375 999 682 2057 5327 519 199 3270 un
2602.04 7 - - - - 5381 a8 307 - -
270204 8 378 923 756 2053 5314 R 797 3261 2464
260204 9 378 .10 529 2014 5416 430 812 3802 250
010304 i 375 1303 213 2501 5445 40 817 2.4 227
030304 13 315 972 678 2023 5150 696 772 .27 2054
0503-04 5 375 18.86 448 27,07 5379 467 2.07 272 1865
070304 7 ars 11.80 633 2189 53.65 481 808 ann 272
090304 19 375 1362 317 2053 5343 503 201 3280 2488
110304 2 375 1395 592 2162 529 555 7.94 22 2138
120304 2 - - - - 5376 470 206 - -
150304 25 318 10.79 603 2066 5117 s 768 3061 2293
160304 26 378 2928 170 3473 5153 693 7.73 1679 9,08
180304 8 278 013 501 889 52.86 561 793 439 3604
250304 0 375 0% 431 315 5415 431 [AH 500 3788
220304 32 3.75 016 435 326 5362 4.84 304 4536 37.32
cumulalive 149 432 4875 1475 &0 250 61 74411 7433 ne 43074 32719
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Tkt ;- ST F MC &
2 Calculated DOC dboC - | Total Thnerved DOC | EMUentDOC | Eimaied BOC =3 DOC
i X f {mgD texyitired 1ol DOX Amg . for
(mg) for removet saditly NOy' 7 NO;'raduction| () for N- g . blomasgngl | - tma g
of 10 mgF! 0O (ot DO minoval, based on] recuciions (after K (15% of okesrvect| {exc. blamase (e, biomass:
s ; eoretical C/N: * DS pemoval poc +" addilicn) ackition)
. . ” P o consumption) .
200204 1 375 000 396 22.87 £6.00 .55 1991 1036
230204 4 375 214 2852 5942 3245 2377 %50 1313
240204 5 375 198 3083 716 1271 ne7 4833 1667
250204 6 375 191 3307 8689 498 2476 5382 10.06
250204 7 - - - 85,59 628 3423 - -
270204 8 375 110 3482 8583 804 1288 5101 3814
280204 9 375 157 a5z 8120 1067 1218 2628 10
010304 n 375 000 37,28 8398 7.69 1260 4872 12
030004 1 a7s 19 29.90 72.33 19.54 1086 243 s
050304 15 375 035 36.74 8394 27.93 959 7.9 1740
07:03-04 7 375 1.60 28,02 67.31 2056 1010 39.28 219
09-03-04 9 375 087 2213 5600 3578 8.41 2896 2055
11.00.04 2 75 183 28,26 5275 12 70 .49 16.58
12:03.04 b - - - 5197 090 7.80 - -
1503.04 2 375 183 2550 2938 2.4 7.41 2387 1647
16:03.04 2 375 000 3.2 7436 17.51 1115 37.19 2594
1803.04 28 - - - - - - - -
2003.04 A 375 165 2146 6805 B2 1021 2659 36.39
22.03.04 32 3.75 177 1662 5569 3598 838 3027 3089
C“"";"’:"‘"’ (@827 43 2500 2838 1452 35790 84307 33124 9.8 5320 33154
gl e D D MeT . ] o
L T [ Caicukated BOC > d60E Evfimaled DOC BEC L2
(mg) for rerhovol witiaty NOy 7. NO7 sadiuction blormesss (g e}
o10mg ' 5O toflar DO remova), based on| (15 % of obssrved 0. blomane
R ol theometical C/N: - .opoe addifon)
054
237
27.45 5112 16.00
3670 6528 18.78
3690 66.57 19.69
391 6151 7.8
3686 6411 897 1763
33.34 6528 780 2214
37.43 6407 901 17.03
7.4 5284 1924 834
070304 7 37.43 42.06 2402 : 427
050304 ® 37.43 2200 308 483 2]
110304 21 37.43 5755 1653 853 .49
120304 2 37.43 5254 20,54 7.88 181 72
1503.04 2 37.43 41,24 3184 402 a0 e
160302 2% 37.43 €087 1221 213 23.24 1431
180304 3 37.43 8173 135 926 2430 15.04
200304 kY 375 37.43 £555 500 833 1812 079
220304 2 375 3368 37.43 5032 1023 785 1290 535
°“"";'::""' @87 43 €250 45456 133 41879 78136 21620 N33 26307 12971
g MCa . L S o RV
Ci DOC| .. Colculated POC . Cokcukaad DOC Toldl calcuicied | Obaerved DOC | EftueniDOC | Esfimated DOC ooC. N
= * o0 pia o v piy } P
{tmg) forfemeoval cbserved . " uciity NOS" ? NO reduction| . (mg) forN- (g o blomeass g g}
‘ot Yimg It DO on (1O loss), . { (afier tatter - (15 % of obeervedt]  exc. biomaes . | ' (inc: biomcass
A TEY. ltatler 00 emavan, bosed onl heorelical C/N: 00 removal} ooc addion) .
043 ’
375 0.00 000 375 1488 5820 2.23 i 890
375 1571 288 2230 3651 357 548 1221 873
375 2496 294 3165 5342 088 01 2176 1375
375 3262 036 3673 1M ner 9.17 2437 1521
375 67 034 3675 6248 1060 937 25.73 16.3
375 3267 034 3676 81 77 920 2455 183
375 3261 036 3673 8191 ny 929 2519 1590
n 275 3351 000 7.26 6870 433 1031 3144 2113
13 375 3381 00 37.26 5136 1072 800 1609 809
050304 15 375 3351 00 37.26 5286 2022 793 15.60 767
07.03.04 7 375 2181 00 37.26 4876 2432 731 11.50 419
090304 I 375 25t 000 37.2 217 2091 47 49 0w
110304 2 375 3351 000 37.28 5089 210 7.63 13.62 599
120304 2 375 3351 aco 37.26 5281 2057 7.88 15.25 7.3
15-03.04 2 375 ELR) 000 37.2 4015 3293 259 289 [y
160304 2% 378 3251 000 37.28 5408 1000 an 1682 an
180304 » 375 3351 000 37,28 6316 992 247 2589 1642
200304 20 375 3251 000 37.28 5544 491 835 18.38 1003
22.02.04 32 275 3151 000 37,26 5253 ;2 788 15.26 7.38
°“"':;',’;"" (487 432) 5250 24743 070 52063 6304 28002 10914 23741 12625
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APPENDIX 3: Raw Pressure data from in situ pressure transducers (used for calculation of
Hydraulic Conductivity in Chapter 5)

Pressure measurements are given in units of cm of pressure (i.e. elevation head)

MC1:base 'MCi-mid " MCl-lop | MG4-base ™ MCd-mid: " MC4-fop | MC8-baje  MC8-mid ~ MCE-fop
Cenannet 1% channel2 . “channel3 'chcnnei} i 7cbc:’r\'r‘\e£5~ o chiannel6 | chamnel 10~ chonnei il channel 12
8 80.80 64.00 48.50 82.00 71,75 45.50 81.40 69.88 51.53
? 83.42 68.29 50.28 83.70 72.48 44.65 83.70 66.48 4969
10 85.59 48.88 49.83 8530 72.89 4456 86.30 68.86 4992
1 8530 70.40 51.10 87.88 69.79 46.34 86.13 69.29 4890
12 86.49 6971 5000 95.20 7176 4355 88.34 68.73 50.22
13 82.62 48.03 5135 92.08 71.20 43.72 86.12 68.22 5022
14 81.81 66.58 5082 84.44 67,48 4254 82.5) 65.56 4938
16 82.08 66.6% 49,99 86.47 67.33 44,78 84.59 67.48 50.29
20 82.43 6742 51.41 846.24 6894 4570 85.04 69.69 52.60
17 84.57 69.49 52.00 91.81 72.54 50.50 81.10 63.05 510
21 85.99 73.63 52.60 94.04 74.08 51.20 87.16 70.43 54.00

channel s

8270
82.70
82.70
83.20
83.80
84.90
83.98
83.87
84.67
84.75
84.95
8493
84.70
85.20
85.47
84.98
85.82
84.76
85.32
8494
85.06
85.53
84.67
84.92
84.57
85.00
84.90
86.00
86.80
86.00
84.81

85.22
85.20
85.52
85.35
84.84
85.74
84.93
84.30
84.73
84,57
85.40
85.06
85.06
83.92
84.60
83.92
83.92

Microcosms

terminated
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. . 1 <base : f,'MCI-"i’op ,M]C'Af-,base’”u‘ MC4-top . MC § - base MC & -top MC8-base  ~ MCB-fop
“epibay | - Channel 1 s Charnet2 -], “Channeid " Chainels | +* Chiarnel 7 Charnets’ | Charnelio *  Channel 11
1 84.70 49.52 8325 3927 81.67 4520 7366 38.45
4 85.10 49.17 83.40 39.09 83.60 46.60 7410 39.00
5 86.11 49.45 84,40 39.10 89.56 47.65 76.83 40.73
7 85.40 49.19 88.53 389 95.40 48.45 77.38 39.57
8 85.11 49.14 96.54 39.12 93.44 47.79 7861 39.55
g 84.50 4874 101.1% 38.80 9619 49.18 93.98 3995
10 8400 48.66 90.00 38.62 95.35 48.32 93.60 3984
1 83.74 4871 86.48 39.01 75.53 47.34 86.16 39.35
12 8427 48.64 87.58 38.81 9374 48.40 9206 40.09
13 85.59 48.98 88.62 39.29 94.74 50.41 87.47 40.89
14 - - 88.50 39.47 90.12 48.6% 83.21 39.61
16 - - 2N 39.40 9470 48.06 86.13 3991
17 - - 90.40 39.59 93.39 4909 84.55 39.28
18 - - 89.60 39.20 93.30 47.86 8510 39.13
19 - - 90.80 39.07 9437 48.95 85.58 40.19
20 8479 49.29 920.94 39.55 97.03 49.07 86.85 3%9.66
21 84.30 49.11 .66 3%.71 98.75 48.60 86.15 39.80
22 8421 4911 88.14 39.44 100.77 49 .80 8525 38.72
25 8425 4911 86.29 39.74 99.61 50.50 88.42 39.08
26 84.42 4311 87.50 39.41 - 5110 87.11 38.58
27 84.71 4911 87.39 3981 ?1.10 48,44 8625 38.8%
28 83.33 49.11 89.00 39.74 - 48.73 87.06 38.72
29 83.82 4931 90.80 40.42 - 48.15 8573 38.88
30 84.14 4911 21.00 41,19 999N 49.80 86.48 3872
31 84.00 49.11 21.00 40.81 97.27 4806 8398 40,19
32 85.68 49.11 92.00 40.96 9683 48.39 8623 38.50
















The test showed that BR and MR were normally distributed, but DT was not (P < 0.05). A BOX-COX test was
completed to determine the optimal fransformation using a power relationship, which indicated that the

original data should be raised to the power 1.5.

Transformed data sets:

BR (A1.5, normality test P = 0.46):
591.948

74.466

818.488

888.194

MR (M5, normality test P = 0.27):

209.731 368.506
340.902 46.332
561.980 73.836
547.191 636.572
431.474 490.553
396.817 442.858
410.118

DT (A1.5, normality test P = 0.10):
230.559
111.024
307.927
339.855
210.623
20.952
133.340
145.787
309.955
36.981
298.856
276.089
285913
53.510
424.691
431.474
175.112
18.919
304.893
291.863
206.176
26.105
405.668
378.227
215.101
26.551
379.312
378.227



The other data sets, described below, did not require transformation:
Acetate freatments, normality test: P= 0.24

Glucose treatments, normality test: P=0.13

Acetate & autotrophic similarity, normality test, P = 0.13

Glucose & autotrohpic similarity, normality test, P= 0.63

Within sandstones, normality test, P = 0.35

Between sandstones, normality test, P = 0.24

3. MINITAB outputs for ANOVA

BR compared to MR (fransformed)

MTB> One-way ANOVA: BR*1.5, MR*.5

Source DF SS MS F P
Factor 1 139351 139351 2.81 0.113

Error 16 794300 49644
Total 17 933652

§ — 222.8 R-Sg — 14.93% R-Sg(adj) = 9.61%

Individual 95% CIs For Mean Based on
Pooled StDev

Level N Mean StDev —=—t-w—c—e—c- Formm———— fomm e Fom————
BR*1.5 5 577.7 320.8 (=== m B e )
MR*1.5 13 381.3 178.6 (-=----- e )
B e Frmmmm e Fom fmm————
300 450 600 750

Pooled StDev = 222.8

RESULT: There is no significant difference between BR and MR, P > 0.05.
BRA1.5 mean = 577.7, back-transformed to: 69.35
MRA1.5 mean = 381.3, back-transformed to: 52.58

{Residuals are normally distributed)

MR _compared to DT (fransformed)
MTB>One-way ANOVA: MR”1.5, DTA.5

Source DF SS MS F P
Factor 1 204795 204795 9.11 0.004
Error 39 B76550 22476

Total 40 1081345

S = 149.9 R-Sg = 18B.94% R-Sqg(adj) = 16.86%

Individual 95% CIs For Mean Based on
Pooled StDev

Level N Mean StDhev ——————w- tomm Fom fm e ————— +-
MR*1.5 13 381.3 178.6 (= m * )
pDT*1.5 28 229.4 135.3 (-————-- e )
———————— o e e
240 320 400 480

Pooled StDev = 149.9

RESULT: There is a significant difference between MR and DT, P < 0.05.
BRA1.5 mean = 381.3, back-transformed to: 52.58
DTA1.5 mean = 229.4, back-transformed to: 37.47

{Residuals are normally distributed)
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Similarity between acetate treatments compared to glucose treatments
MTB>One-way ANOVA: Ac, Glu-outliers

Source DF SS MS F P

Factor 1 24 24 0.10 0.763

Error 7 1704 243

Total 8 1728

S = 15.60 R-Sq = 1.39% R-Sg(adj) = 0.00%
Individual 95% CIs For Mean Based on
Pooled StDev

Level N Mean StDev -————-+--—-—————- Fom———————— to——————— F=————

Ac 6 68.17 13.55 (—= == L )

Glu-outliers 3 64.70 19.84 (-—-—--——-———-——-- Hm o m )
——— tom - fommm—— fm————

483 60 72

Pooled StDev = 15.60
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RESULT: There is no significant difference between similarities within acetate treatments, compared fo the

similarities between glucose treatments
Acetate mean = 68.17
Glucose mean = 64.70

(Residuals are normally distributed)

Similarity between Acetate and autotrophic control compared to glucose with autotrophic control

One-way ANOVA: Ac/auto, glu/auto

Source DF SS MS F P
Factor 1 123.61 123.61 21.26 0.006
Error 5 29.07 5.81
Total 6 152.69

S =2.411 R-Sq = 80.96% R-Sg(adj) = 77.15%

Individual 95% CIs For Mean Based on Pooled

StDev
Level N Mean StDev Fmm——————— o Fm e — e ——
Ac/auto 4 14,975 2.941 (=——=== * e )
glu/auto 3 23,467 1.250 (m==—=——m K e )
Fomm e Fommm Fomm fmm
12.0 16.0 20.0 24

Poocled StDev = 2.411

RESULT: There is a significant difference between similarities of acetate/auto freatments, compared to the

similarities between glucose/auto treatments
Acetate/auto mean = 14.98
Glucose/auto mean = 23.47

(Residuals are normally distributed)

Similarity within sandstone types compared to similarity between sandstone types

MTB>One-way ANOVA: Within sandstone, Between sandstone

Source DF SS MS F P
Factor 1 78.9 78.9 0.88 0.364
Error 13 11e61.4 89.3
Total 14 1240.2

S = 9.452 R-5g 6.36% R-Sg(adj) = 0.00%

Individual 95% CIs For Mean Based on

Pooled StDev

Level N Mean StDev i e ettt Fomm Fom Fomm————
Within sandstone 3 64.767 8.255 (mmmm e Ko e e )



AP41

Between sandston 12 59.033 9.653 (—===—=—= Moo m e m o )

Pooled StDev = 9.452

RESULT: There is no significant difference between similarities within sandstones, compared to the similarities
between sandstones

Within sandstone 64.77

Glucose/auto mean = 59.03

(Residuals are normally distributed)
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