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ABSTRACT

This study assesses the impacts of acid deposition and afforestation on the 
hydrochemistry of upland catchments. Two case studies have been selected, the Loch 
Ard area in Southwest Scotland and the Beddgelert area in North Wales. The research 
is focussed on the role of “conceptual modelling” in the interpretation and explanation 
of past observed behaviour and in the prediction of future behaviour of systems 
impacted by acid deposition. To this end two mathematical models of very different 
degrees of sophistication and complexity have been selected. Firstly, assessment was 
made of the ability of a macroscopic, process-oriented, long-term model (the Model of 
Acidification of Groundwater in Catchments (MAGIC)) to reproduce the observed 
hydrochemical characteristics of both forested and moorland catchments and predict 
changes in surface water quality following afforestation and deposition reduction. 
Secondly, a highly-detailed model, the Integrated Lake Watershed Acidification Study 
(ILWAS) model, was tested on two adjacent catchments in Wales.

The MAGIC model was generally able to reproduce the observed features of all 
the four study catchments. Differences in the predicted catchment dynamics for 
acidification and recovery among the four catchments has led to the identification of 
possible sources of error and misspecification in the structure of the model.

The ILWAS model showed a limited predictability of the hydrological response 
of both the catchments to which it has been applied. This was associated with problems 
of model-structure identification and uncertainty in the estimation of a large number of 
model parameters. Subsequently, uncertainty analysis was performed upon the ILWAS 
model parameters in two steps.

In the first step the sensitivity of the model state variables to changes in the 
parameters and some of the input values was tested. The results of the analysis 
illustrated that the model output is affected only by a few key processes. These 
processes were the hydrological flowpaths, the mineral weathering and the cation 
exchange process.

Subsequently a response-surface modelling technique was undertaken on the most 
important model parameters. The technique involved the development of simple 
regression models (meta-models or response surface models) capable of approximating 
the features of the ILWAS model response. For the calibration of the meta-models 
“data” have been generated through “designed experiments” with the ILWAS model. 
The results illustrated that in the implementation of the ILWAS model, the catchment 
outflow cation concentrations depend predominantly on the catchment soil and 
mineralogical characteristics while the anion concentrations are mainly affected by the 
land use management practices. In both cases the hydrological flow paths were found to 
be highly important for the determination of the streamwater quality.

The role of the meta-model as a tool for analysing sensitivities and uncertainties 
in simulation models as well as the role of experimental design as a tool for improving 
the efficiency and effectiveness of experiments with the model are discussed and 
recommendations for further research have been made.
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CHAPTER 1 : INTRODUCTION -2-

(1.1) INTRODUCTION

Acid precipitation is perceived as one of the most severe ecological problems 
affecting the natural environment. The first reports on the adverse effects of acid 
precipitation date back to the nineteenth century (Smith 1852). However during the 
past two decades new observations have begun to support the hypothesis that acid 
precipitation is responsible for the acidification of surface waters and the consequent 
damage to aquatic ecosystems (e.g Jensen and Snekuik 1972, Likens et al 1979, 
Harriman and Morrison 1982, Stoner et al 1984). The areas vulnerable to acidification 
all tend to have an excess of precipitation over evaporation and a slowly weathering 
bedrock, underlying thin base-poor soils. These are environments which may be 
expected to produce acid soils and acidic surface waters naturally. This has led several 
authors to argue that the role of anthropogenic pollutant inputs is overshadowed by the 
natural acid producing mechanisms intensified by large-scale land use changes (e.g 
Rosenqvist 1980, Krug and Frink 1983). Other authors contend, on the basis of lake 
sediment diatom analysis, that surface water acidification is the immediate result of 
acid precipitation, initiated with the onset of the industrial revolution in the mid- 
i nineteenth l century (e.g Battarbee 1984).

In order to reconcile these competing hypotheses, and to permit action to be 
taken that may enable the observed acidification to be reversed, the complex 
interactions of the physical, chemical and biological processes that determine surface 
water chemistry must be evaluated. To this end several British and Scandinavian 
Institutions launched a research programme, initiated in 1985 and financed by the 
National Coal Board and the Central Electricity Generating Board in the U.K. The 
Surface Water Acidification Programme (SWAP) involved, among other institutions, 
the Macaulay Land Use Research Institute, Aberdeen; the Institute of Hydrology, 
Wallingford; the Freshwater Fisheries Laboratory, Pitlochry and Imperial College, 
London. The research reported in this thesis has been undertaken in association with 
the SWAP project, the overall aims of which are to increase understanding of the 
physical and chemical processes affecting streamwater acidification in the transition 
from precipitation to streamflow and to develop a management programme that will 
improve the surface water quality and the fishery potential of acidified catchments.

Two main scientific routes may be followed for the assessment of the effects of 
acid deposition on surface water quality; multidisciplinary catchment studies and
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mathematical modelling. In response to the former method of investigation a number of 
catchment studies have been undertaken in several catchments in the British Uplands 
(e.g Plynlimon in Wales (Neal et al 1986a) and the Loch Ard area in Scotland 
(Harriman and Morrison 1982)). However, the spatial heterogeneity of the chemical 
processes within a catchment are such that these studies can be very expensive, time 
consuming and logistically difficult to establish. Moreover catchment studies can not in 
general unambiguously detect and establish the significant relationships between causes 
and effects and this is crucial in understanding the processes and mechanisms involved 
in the chemical change of the aquatic systems. Thus mathematical models have also 
been developed as a complementary approach to the study of catchment acidification.

A model is interpreted as a mathematical representation of a physical system 
and can be used for a variety of purposes such as:

• to assess the quality of the available data
• to test hypotheses and interpret data in order to gain a greater understanding 

of a system
• to provide an alternative source of information to experimentation on the real 

system which is generally too costly and often not feasible
• to extend observed records in time and space and predict the impact of 

changes to the system or its inputs
• to provide a basis for selecting minimum cost management policies able to 

achieve certain performance targets

A variety of modelling approaches may be applied to surface water acidification, and 
these are usually distinguished as the “systems approach” , “conceptual modelling” and 
“physics-based modelling” (Wheater et al 1986a).

The systems approach is usually associated with the simple input/output models 
of time series analysis (“black box” models (e.g Whitehead et al 1985)) and the simpler 
Conceptual models. It is an approach that works essentially from the observed data and 
has been criticised on the grounds that the resulting models do not contain physically- 
meaningful parameters and are unable to predict the future under substantially-changed 
conditions. In contrast physically-based models, sometimes referred to as “white box” 
models, are supported by a body of strong a priori theory on the underlying processes, 
although they have also been criticised for the limitations imposed by scale effects on 
their theoretical basis (Beven 1989, Beck et al 1990). However, between these classes 
lies a class of conceptual models. Such models, as defined by Wheater at al (1986b), are
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ubased on subjective assessment of dominant catchment processes, apply simple 
relationships to describe the salient features of catchment response” . The 
conceptualisation may be based on a subjective assessment of the system’s behaviour or 
on field observations (e.g Hornberger et al 1985, Wheater et al 1990).

This classification of models is arbitrary. Troutman (1985) argues that even a 
very simple regression model may be regarded as conceptual in the sense that physical 
interpretations may be assigned to its parameters. Similarly, the physically-based 
models, although highly complex may nevertheless be thought of as conceptual models.

Formulation of a conceptual model can be interpreted as a mathematical 
allocation of the relationships between the external [u,y] and internal [x,a] descriptors of 
the system to be represented where u and y are the system’s input and output 
respectively and x and a are the model’s states and parameters. Following conceptual 
model formulation it is necessary to estimate values for the parameters a, which are not 
usually measurable in field. This procedure is called model calibration or parameter 
estimation.

(1 .1 .1 ) PARAMETER ESTIMATION (MODEL CALIBRATION)

Since a model is by definition an incomplete representation of reality, model 
predictions and experimental observations can never be expected to match perfectly for 
any given parameter set. Consequently the problem of parameter estimation can be 
conceived of as the determination of an optimum parameter set, producing a minimum 
level of prediction errors and with some desired statistical properties which characterise 
such error sequences (Beck 1983a).

Several approaches can be followed for model calibration and parameter 
estimation which vary considerably in their complexity and area of application. The 
most common approaches for parameter estimation are briefly discussed below:

• Parameter estimation by trial and error, whereby starting with typical 
parameter values, e.g obtained from the literature or previous studies, the values are 
subsequently modified in successive simulations. This process is repeated until the 
model simulates satisfactorily the experimental observations, or no further improvement 
in the model predictions is observed. This is the simplest and least elaborate method 
and is commonly used in estimating the large number of parameters in complex models.
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• Parameter estimation using block (off-line) estimation algorithms. The basis 
of this method is that during each iteration, the model output responses are compared 
with field observations, while the parameter estimates are held constant and at the end 
of each iteration a value of a pre-selected error function (such as least squares or 
maximum likelihood) is calculated. The algorithm attempts then to minimise the value 
of the error function and computes an updated set of parameter values for substitution 
into the next iteration and so on.

• Parameter estimation using recursive (on-line) estimation algorithms such as 
recursive least squares, recursive instrumental variables and the extended Kalman filter, 
in which the parameters are updated every time a new measurement is processed. The 
update is based both on information received from the new measurement and on past 
information about the statistical behaviour of each parameter carried forward by the 
estimator. An exhaustive discussion on the performance and the applicability of these 
parameter estimation methods is given by Beck (1987).

• Parameter estimation via Monte Carlo simulations (Spear and Hornberger 
1980). This method requires a large number of simulations, in which the parameter 
values are selected randomly from a pre-specified distribution. The simulation results 
are then classified as “success” (an acceptable match between estimated and observed 
data) or “failure” , while the corresponding parameter sets are classified as accepted and 
unaccepted respectively. The selected set of the parameter values is that which has led 
to the best model performance. If a further improvement in the performance is desired 
then the range of values of each parameter is narrowed down or the criteria for model 
“success” become more stringent and the Monte Carlo simulations are repeated.

There is obviously a large variety of techniques for model parameter estimation. 
Application of these methods to a well-defined model (hard system, Beck (1981)) does 
not incorporate any difficulty. However when we deal with an ill-defined ecological 
model (soft system) then the calibration of the model is not a straightforward exercise. 
Modelling large-scale environmental problems, such as the surface water acidification 
problem, requires a sufficient knowledge of the functional relationships between and 
within the terrestrial and aquatic ecosystems. However there is little a priori knowledge 
of these relationships and performing planned experiments is virtually impossible 
(Young et al 1978). Moreover there are high levels of error associated with field data. It 
may safely be assumed that the problem of modelling surface water acidification is 
indeed ill-defined. This means that one does not know a priori whether a model



CHAPTER 1 : INTRODUCTION -6-

structure is correct. As Beck (1981) states “it is a fine idea to estimate the slope and 
intercept of a straight line drawn through a set of data points (parameter estimation) if 
it has already been established that, a straight line, and not a curve, will give the best 
fit to those data (model structure identification)” . Thus the problem of model structure 
identification has to be solved before accurate estimation of the parameter values is 
attempted.

(1.1.2) IDENTIFIABILITY

The ability of a model structure to give unique parameter estimates for a 
proposed set of observations is usually defined as the identifiability of the model. In 
practice the problem reduces to a response surface for parameter estimation defined by 
an objective function on which it is difficult to locate a unique global optimum. The 
main reasons for the failure to find a unique set of parameters are summarised by 
(Kleissen et al 1990) i.e:
1) The structure of the model and its parameters, for example a large number of model 
parameters compared to a small number of measured states (overparametrization or 
surplus content of the model), interdependence of the model parameters, parameter 
indifference (i.e the model response is insensitive to the value of the parameter)
2) The high levels of errors associated with the field observations;
3) The type of estimator, or alternatively the form of estimator objective function;
4) The nature of the numerical scheme used to solve the optimisation problem

A lack of identifiability, i.e the possibility of determining many combinations of 
parameters giving acceptably good fits to the data, has been pointed out by Beck 
(1978,1981,1985) for many kinds of water quality-ecological systems. Even for very 
simple systems a unique set of optimum parameters has been rendered unlikely 
(Johnston and Pilgrim 1976, Wheater et al 1986a).

An index of a model’s identifiability is the so called “scale of resolution of the 
model’s internal description” (Beck et al 1990) i.e the extent to which the resolution of 
[x,a] exceeds the detail of that of [u,y]. Yet the scale of resolution of the internal 
description of a model may be used to distinguish between large and small models (or 
conventional and unconventional models Beck (1983b)). Consequently Beck et al (1990) 
contend that largeness and apparent completeness do not necessarily imply accuracy 
and reliability of the model. Given the usual limitations of the data available for 
calibration, larger models with many parameter values to be estimated are likely to lead 
to ambiguities in the model predictions.
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Theoretical results show that a complex model can produce greater prediction 
errors than a simpler model (Gardner et al 1980), especially where the model is 
expanded to include processes that are more difficult to measure. Kleissen et al (1990) 
point out that model identifiability decreases as the number of the model states and 
parameters, the interactions and non-linearities among the state variables increase. A 
number of studies have also addressed model simplification. As stated by Beck (1981) 
“there are several reasons for wanting a small model: because it is not possible to verify 
a larger model against the available field data; because the responses generated by 
larger models are not readily intelligible; and because the overlying techniques for 
optimal management and policy design cannot accommodate large models” .

(1.1.3) MODELLING SURFACE WATER ACIDIFICATION

The majority of the mathematical models of surface water acidification (e.g 
Christophersen et al 1982, Cosby et al 1985a, Gherini et al 1985) may be characterised 
as conceptual. However, despite sharing the same aims and based on the same basic 
modelling philosophy (of conceptual models) these models vary considerably in terms of 
sophistication and complexity. Moreover the different acidification models may operate 
at entirely different time-scales. Thus at one end of the spectrum they simulate the 
acidification phenomenon by reconstructing the progress of acidification since the 
preindustrialized period (Cosby et al 1985a), and at the other they project the responses 
of catchments to rainfall and snowmelt events with durations of several hours to a few 
days (eg Christophersen et al 1982).

Most of these models incorporate a representation of the catchment hydrology 
with a chemical sub-model superimposed. This dependence of chemistry on hydrology 
behaviour is very important. If an incorrect hydrological structure has been proposed, 
then the chemical sub-model may also be wrong despite the fact that the results may 
seem to explain the observed behaviour (because of self-compensating errors). The 
.catchment hydrology may be modelled by a simple water balance over a time-step of 
one year (Cosby et al 1985a), by the representation of the catchment as one or two 
“stores” (Hooper et al 1988, Christophersen et al 1982), or as more complex 
conceptualisations (e.g Wheater et al 1990, Gherini et al 1985).

Furthermore, representation of the chemical processes within the chemical sub
models of the various models differs considerably. A fundamental difference is the 
incorporation of a canopy module in association with a biological component within the 
soil (e.g Gherini et al 1985), while other modelling approaches consider that
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incorporating merely a dry deposition factor and a biological uptake rate is adequate 
(Cosby et al 1985a). Chemical processes within the soil can be represented by linear or 
non-linear expressions. For example, sulphate adsorption may be simulated by a linear 
(e.g Gherini et al 1985) or a non-linear isotherm (e.g Cosby et al 1985a).

The a posteriori analysis of model structure identification is not a 
straightforward issue especially for the surface water acidification models. Elsewhere 
there have been cases where calibration of the model led to somewhat bizarre parameter 
values and thus rejection of the model structure has been easily demonstrated (Beck 
and Young 1976). However most often the quantity and quality of the field observations 
can not justify such clear-cut rejection of the model. This is especially true for most 
ecological systems where field observations are scarce and have high levels of error. In 
these cases, however, new field observations may appear and these can be used to 
provide more diagnostic information on the appropriateness of the model’s structure. 
For instance one of the acidification models (Christophersen et al 1982) has been found 
to fail when applied to conservative tracer data (Hooper et al 1988) implying that the 
model structure is not correct despite the fact that it has been applied, apparently 
successfully, to several catchments.

(1 .2 ) OBJECTIVES OF THESIS

The aim of this thesis is to assist in the evaluation of conceptual models as tools 
for reproducing the observed past and present day behaviour of acidified catchments 
and for providing reliable management tools for controlling acidification of the 
environment. Thus this study is concerned with the following central question:

Given current experimental observations and current (crude) hypotheses about the mechanisms governing 

the behaviour of the canopy/soil hydrology/chemistry, can we use a conceptual model in order to predict 

the dynamic effect of alternative deposition scenarios and land use management practices?

As part of this task two surface water, acidification conceptual models -of different 
sophistication and complexity- have been examined. The first is a moderately complex, 
macroscopic, long-term process-oriented model, the Model of Acidification of 
Groundwater in Catchments (MAGIC). The second is a large, much more complex, 
short-term model, the Integrated Surface Water Acidification Study (ILWAS). A 
number of sub-objectives have been established:
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• to consider whether the structure of the MAGIC model is appropriate for 
reproducing the streamwater quality in three forested and one unforested 
catchment in Scotland and Wales, (an assessment of the ability of this model 
to work on a short-term basis has also been made);

•  to use the ILWAS model in the capacity of providing a coordinating focus for 
the interpretation of field data;

• to undertake a comprehensive sensitivity analysis of the ILWAS model 
parameters in order to determine the kind of experiments which would enable 
a substantial reduction in the uncertainties surrounding the causal 
mechanisms of acidification in forested catchments;

•  to investigate whether this sensitivity analysis can be used as a basis for a 
radical simplification of the model, i.e to consider whether some parameters 
which have been shown to be significant, can be used for the development of 
simple regression equations (a meta-model) representing the different features 
of the ILWAS model behaviour;

• to use the meta-model for understanding which processes are dominant in 
determining the behaviour of the ILWAS model and to consider whether 
afforestation/deforestation has a discernible effect on the streamwater 
chemistry.

(1.3) THESIS STRUCTURE

In Chapter 2 the reader is introduced to the previously published work on the 
causes and the mechanisms governing surface water acidification phenomena. 
Subsequently, a critical review of some of the most widely used acidification models 
developed to date is presented. One simple, empirical model (HENRIKSEN’S MODEL) 
and three conceptual models of increasing complexity (BIRKENES, MAGIC and 
ILWAS) were examined. The ability of these models to reproduce successfully the past 
and current behaviour of acidified catchments at several sites has been evaluated.

The next chapter (Chapter 3) contains a detailed review of the conceptual basis 
and assumptions included in the MAGIC model. This chapter also contains the results 
of the application of the MAGIC model to four British upland catchments. Comparison 
of the model predictions with historical paleoecological data is presented and discussed. 
Furthermore the performance of the model over a short-term period of three years is 
investigated, in comparison with data from partial, experimental felling of one
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catchment.

Chapter 4 is concerned with a review of the theoretical basis of the ILWAS model. 
This chapter covers the calibration of this model to one forested catchment and its 
verification on an adjacent catchment in the Beddgelert area, North Wales, over a four- 
year period. A detailed description of the study catchments and the preparation of the 
data used for the application of the model is also included in this chapter.

In Chapter 5 a sensitivity analysis is performed on the major parameters of the 
ILWAS model in order to determine how and to what extent the model output is 
affected by each one of the individual parameters. A small subset of these parameters 
has subsequently been used for the composition of meta-models, i.e simple, regression 
relationships approximating some of the features of the full model’s behaviour. Data for 
the development of the meta-models have been generated through “designed 
experiments” with the original simulation model. The statistical properties of these 
meta-models have then been used to provide information on the relative importance of 
the ILWAS model parameters as it has been calibrated for the Beddgelert area. The 
theoretical aspects of the meta-modelling technique are also presented and discussed in 
this chapter.

Chapter 6 provides a review of the basic structural differences of the two models 
and how these differences affect their successful application to an upland catchment. 
This review is accompanied by an overall discussion on the potential of the two models 
to give sound and reliable predictions of surface water quality under different acid 
deposition scenarios and land use management practices. Directions for further research 
are indicated in this chapter.
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(2.1) INTRODUCTION

For many years it has been recognised that the atmosphere of industrialised 
regions of the world is polluted as a consequence of emissions from the combustion of 
fossil fuels. During the last two decades this man-induced change in the atmospheric 
environment has been collectively described by the popular expression acid rain. The 
meaning of acid rain however, which initially covered all facets of acidic pollution, has 
come to require redefinition. To consider all the components of acid deposition one must 
separate the processes of wet deposition (acid rain in the strict sense) and dry deposition 
of acidic gases and particles. Since wet deposition may also include deposition in the 
form of snow or hail, the term acid precipitation is considered as more accurate to be 
used in this text.

Acid precipitation can be defined as the precipitation containing acidic 
pollutants which have been transformed from their emitted form and can be deposited 
in rain at a significant distance downwind. Precipitation is generally regarded as acidic 
if it is more acid than pH=5.6, the acidity of pure water in equilibrium with the 
atmospheric concentration of C 0 2- However, this reference point is entirely arbitrary 
since there are also natural processes acidifying the precipitation such as the release of 
gaseous sulphur compounds by land and sea or the release of nitric oxide by the 
denitrification process. The natural mechanisms by which precipitation is acidified 
create a range of expected acidities in rain events from about pH 4.8 to pH 6.0 with a 
median value of about pH 5.0 as observed in several remote areas of the world 
(Galloway et al 1982). However, in the main industrial regions of Europe and eastern 
North America, the acidity of precipitation events is generally in the range of pH 3.0-
6.0, with annual mean values in many regions between pH 4.0 and pH 4.2 (e.g Barret et 
al 1983), which is about one order of magnitude more acidic than the levels of acidity 
resulting from natural processes.

The aim of this review is to examine the impact of acid deposition on the quality 
of surface waters in Britain, to define the processes which are significant and to discuss 
the different modelling approaches on the surface water acidification problem. Thus in 
the first part of this chapter the natural mechanisms that influence the chemistry of 
surface waters as the acid precipitation passes through the various compartments of the 
hydrological system will be reviewed as well as the relative importance of these 
mechanisms. This will then be followed by an examination of the. possible impacts of
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anthropogenic factors, in particular land use changes, and an estimation of the relative 
importance of external inputs to internal proton loadings in modifying surface water 
quality. Furthermore a selection of the best known and most widely referenced 
mathematical models of acidification of surface waters will be presented.

(2.2) ORIGIN OF ACIDITY IN THE ENVIRONMENT

The main precursors of acid deposition are sulphur dioxide (S 0 2) and nitrogen 
oxides (N 0X). The proportions of sulphate and nitrate ions in acid deposition vary from 
place to place but it is commonly reported that in remote areas of industrialised regions 
about 70% of the acidity is due to sulphuric acid and 30% to nitric acid (Fowler et al 
1982, Barret et al 1983). In some areas of Europe, up to 15% can be associated with 
hydrochloric acid (Georgii et al 1984). There is evidence of a recent increase in the 
contribution of nitric acid to precipitation acidity in some areas, possibly due to mobile 
sources of NOx (Brimblecombe and Stedman 1982). Base cations, especially calcium, 
magnesium and ammonium ions, have also a great influence on precipitation acidity.

With the onset of the Industrial Revolution in the late nineteenth * century a 
major upsurge occurred in the combustion of fossil fuels and consequently the emissions 
of -sulphur dioxide and nitrogen oxides. In the U.K sulphur and nitrogen oxide emissions 
started to increase from the early twentieth century and continued to increase until 
around 1971. In 1971 a decline in sulphur emissions was observed, which was attributed 
primarily to fuel switching by industry and the domestic sector and the general 
recession in British Industry. The sulphur emissions in 1985 were estimated to be about 
30% lower than the peak year 1971 while the nitrogen oxide emissions remained 
relatively constant during that period (Warren et al 1986). Although there has been a 
significant reduction in emissions, the total amount of sulphur and nitrogen emitted and 
deposited in the U.K is enormous. Thus in 1982 the U.K emitted an estimated 2 million 
tonnes of S as S 0 2 and 0.5 million tonnes of N as NOx. It was also estimated that one 
third of the emitted sulphur is redeposited within the U.K, half is carried to other 
receptor countries within Europe and the remainder is deposited on other areas 
including the sea (Buckley-Golder 1984).



CHA P TER 2: LITER A TURE REVIEW - 13-

(2.3) ACID PRECIPITATION IN THE U.K

Observations of rainfall chemistry in the U.K date back to the nineteenth 
century with the first account of atmospheric sulphur pollution presented by R.A Smith 
in 1852. The longest data set is from Rothamsted, a rural site in southern England from 
which a continuous set of rain observations has been made since 1853. These data 
indicate a twofold increase in sulphate concentration since 1930 and fivefold increase in 
nitrate over the entire period with a doubling since 1900 (Warren et al 1986). In the 
beginning of the twentieth century, extensive systems of monitoring of air and rain 
pollution were installed in the U.K. However, differences in methodology have resulted 
in differing contamination of deposit gauges by dry deposition and therefore reliable 
data have only become available in the 1970s. At the present time there is no doubt 
that much, if not all, of Great Britain is subjected to acid precipitation.

Figure 2.1 shows the rainfall weighted annual average hydrogen ion 
concentrations in /ieq/1, for the period 1978-80 (Barret et al 1983). Thus for Northern 
Britain the weighted mean acidity of rain is least in North West Scotland at about 20 
/ieq/1 and greatest in South East Scotland and North East England at about 60 /ieq/1. 

Fowler et al (1982) found the following regression relationship between the H+ 
concentration and the National Grid coordinates, for 16 sites in Northern Britain during 
the period 1978-80:

[H+ ](/ieq/1) =3.810'6 E2 + 7.0510-?E.N -3.1610‘6N2 -1.0610-2E +4.3210‘2N-118

Although simple, this relationship accounts for 94% of the variation, the average 
uncertainty of the predicted values is ±9%.

Non-marine sulphate in precipitation shows a picture similar to that of H+ . Thus 
the smallest concentrations were found in the North West of Scotland (around 20 /ieq/1) 

increasing towards the south and east of Scotland to around 70 /ieq/1. Concentrations 
are largest in the East Midlands (up to 120 /ieq/1) and smaller again in South East 
England (70-100 /ieq/1), in contrast to the H+ concentrations. In South West England 
and Wales the non-marine sulphate concentrations were between 40 and 50 /ieq/1. The 
pattern of nitrate is similar to that of sulphate with the smallest concentrations found in 
the North West of Scotland and the largest in the East Midlands (Barret et al 1983).
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Figure 2.1: The rainfall weighted annual average H+ (jieq/1) in the U.K, 1978-80 (source Barret et al 1983)
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Figure 2.2 presents the total acidity deposited in rain calculated as the product 
of annual rainfall and the weighted annual average acidity. As shown in this figure, 
although acidity is greatest in the East, the amount of wet deposited acidity is largest in 
the large rainfall mountainous regions of the west coast. Thus the areas receiving the 
largest inputs of acidity are parts of Cumbria in England, the West Central Highlands 
and Southern uplands of Scotland where the total acidity may exceed 1 Kg H+ ha~l year~ 

while at east coast sites it remains in the region 0.2 to 0.4 K g h + ha~ 'year1 (Barret et al 
1983).

(2.4) TRANSPORT TRANSFORMATION AND DEPOSITION OF ACIDIC SPECIES

The acidic pollutants arising mainly from coal burning and the combustion of oil 
(from both stationary sources, including electricity generation and automotive 
transport) can be divided into two main types: primary gaseous emissions and the 
secondary aerosol products of these gases which are formed by reactions in the 
atmosphere. The most important primary gaseous emissions are sulphur dioxide (S02) 
and nitric oxide (NO). Nitric oxide is rapidly oxidised in the atmosphere to nitrogen 
dioxide (N 02) which is over twenty times as toxic as nitric oxide (Janssen et al 1988). 
These two gases are generally considered together, when they are collectively referred to 
as nitrogen oxides (NOx). Both S 0 2 and N 0 2 are also oxidised rapidly in the 
atmosphere to form S 0 4“ and N 0 3 which in turn react with other atmospheric species 
to form sulphuric acid (H2 S 0 4), ammonium sulphate ((NH4 )2 S 0 4), nitric acid (HN03) 
and ammonium nitrate (NH4 N 03).

Other primary pollutants in the atmosphere include halogens, mainly chlorine 
and fluorine, which are emitted as gases during fossil fuel combustion and primarily in 
the form of hydrochloric acid (HC1) and hydrofluoric acid (HF). Secondary pollutants of 
these halogens are formed as ammonium chloride (NH4 C1) and sodium chloride (NaCl) 
from sea salt. These compounds can be incorporated into particles by atmospheric 
processes (Harter 1989).

Pollutants may be removed from the atmosphere by dry deposition, by which 
gases or particles are returned directly to the underlying surfaces, or by wet deposition, 
in which the pollutant returns to the earth during rain or snowfall in association with 
water. Pollutant deposition with fog, mist, frost and dew, known as occult deposition, 
also takes place and can be a significant, although often overlooked, contributor to total
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Figure 2.2. The total acidity deposited in the U.K (gH+m~2year 1 (source Barret et al (1983))
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Occult deposition has been considered to take place as direct impaction of wind
blown cloud or fog droplets on vegetation (Fowler 1984). This process may be a very 
important solute transfer process for some areas because cloud water may show very 
large concentrations of the major ions. Thus for a site in the North of England, Dollard 
et al (1983) showed that inputs by this mechanism may be of the order of 10-20% of wet 
deposition for SO4 - , N 0 3 and H+ . Values of occult deposition velocities are expected to 
be in the range of 5 to 15 cm/sec over forests (Fowler 1984).

As far as the wet deposition is concerned, Fowler (1980) makes a distinction 
between two mechanisms transferring material to cloud droplets before they begin their 
descent as a raindrop i.e the rainout and washout (Figure 2.3a). Rainout is the process by 
which atmospheric aerosols are brought into solution and removed from the atmosphere 
by acting as condensation nucleii for water vapour. Washout, in contrast, is the process 
by which falling water droplets “scavenge” aerosols from the atmosphere during their 
descent. The cloud condensation nuclei pathway has been reported to be the major 
contributor to the wet deposition of both sulphur and nitrogen (Fowler 1984). However, 
as Fowler (1980) emphasises, the distinction between the two processes is somewhat 
arbitrary with both processes continuing to operate during the life of a particle.

The dry deposition process is considered by Fowler (1984) to take place in three 
stages: first the materials are transported through the free atmosphere to within a few 
millimetres of the surface; second there is a transport through a viscous sublayer of air 
close to the surface and thirdly the gas or particle is captured by the surface (Figure 
2.3b). As stated by Fowler(1984) and Fowler et al (1989) the deposition velocities of 
S 0 2 and N 0 2 to vegetation covers are dominated by surface factors such as stomatal 
resistance, with atmospheric factors such as windspeed and temperature stratification 
being of minor importance. The range of deposition velocities over forests (>10m in 
height) was found to be smaller than the deposition velocities over grassland i.e in the 
range 0.2 to 0.6 cm/sec for S 0 2 and 0.1 to 0.5 cm/sec for N 0 2 (Fowler 1984). However, 
the deposition rates for the gases HN03, HC1 and NH3 were found by field and 
laboratory measurements to be determined completely by rates of turbulent 
atmospheric transfer; the control by stomatal resistance was negligible for these gases. 
The deposition velocities were found to be in the range of 2-15 cm/sec (Fowler et al
1989). These authors concluded that “the net effect of afforestation is to increase inputs 
of nitrogen and acidity and at sites experiencing cloud water (occult deposition) also to 
increase sulphur and all other elements contained in the cloud water” . Apart from

deposition, especially on high ground and in coastal areas prone to fog and mist.
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Figure 2.3: Mechanisms regulating the wet and dry deposition process (source Fowler 1980)
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highlighting the importance of occult deposition, the above work criticises as 
oversimplified the view that forests are efficient interceptors of air pollutants as it fails 
to take into consideration the “great range of chemical reactivity with leaf surfaces for 
individual pollutants” .

The Acid Rain Review Group (Barret et al 1983) estimated the pattern of dry 
deposited sulphur over Great Britain presented in Figure 2.4. The countryside of Great 
Britain, subdivided into 20x20 km grid squares, was classified into 5 classes: arable, 
permanent grass, hill land, forest and urban. Deposition velocities for each land class 
were calculated from published values of canopy resistance and the aerodynamic 
roughness of the surface. The product of air concentration and deposition velocity was 
then used for the estimation of the dry deposited amount of sulphur. As shown in this 
figure dry deposition exceeds wet deposition for most of Central, Southern and Eastern 
England and Central Scotland.

(2.5) ATMOSPHERIC DEPOSITION -  VEGETATION INTERACTIONS

Rainwater chemistry becomes much modified as the water passes through a tree 
canopy. There are three main processes by which vegetation may directly modify the 
precipitation chemistry: 1 ) increased concentrations due to evapotranspiration 2 ) leaching of elements 

from within the vegetation and 3) wash off the canopy.

It is commonly estimated that water yields from afforested catchments in the 
British uplands are 15%-25% less than from moorland catchments (Calder and Newson, 
1979). The main cause of this reduction in yield is the increased interception loss from 
the forest canopy, which was found to be between 25% and 30% in three study sites in 
North Wales (Hornung et al 1987) while Stevens and his co-workers (Stevens et al 
1989b) estimated that between 30% and 40% of incoming precipitation is intercepted 
and evaporated from a coniferous forest in the wetter western parts of the British Isles, 
leading to a subsequent increase in concentrations of all chemical species. However, 
since all species are equally affected, this process is of minor importance in modifying 
the pH of incident precipitation compared with the other factors.

Chemical species, particular nitrogen as either ammonium or nitrate, are taken 
up by foliar adsorption, an uptake that must be matched either by uptake of an 
accompanying ion of opposite charge or by a compensating efflux of ions from the leaf.
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Figure 2.4: Annual dry deposition of sulphur in the U.K (source Barret et al 1983)
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Cations may also be exchanged at the leaf surface, usually, but not invariably, leading 
to a loss of hydrogen ions from rainwater and a gain of base cations, especially 
potassium. As a result, many vegetation canopies in areas of low atmospheric pollution 
will raise the pH of the rainwater passing through (Miller et al 1987). This loss of 
elements from within the plant, either by direct efflux or cation exchange, has been 
termed crown leaching.

Estimation of crown leaching, however, is complicated by the fact that there is 
also wash-off by the rain of substances previously deposited from the atmosphere on leaf 
surfaces, a process that has been termed either the filtering effect of the vegetation (Mayer 
and Ulrich, 1974) or interception deposition (Ulrich, 1983). In areas in which the 
atmosphere is heavily polluted with acid-forming gases or acidic particles the 
interception of these by vegetation could be expected to acidify subsequent throughfall. 
In addition, however, there will be deposition of naturally-derived alkaline-dust and sea- 
spray that would tend to reduce acidity (Miller et al, 1987). The filtering effect of 
vegetation is dependent on the kind of vegetation; since impaction increases with 
aerodynamic roughness, the relative importance of interception deposition to total 
catchment input loading would tend to order catchments in the sequence: forested with 
coniferous tree species >  forested with decidous species> heathland > grassland 
(Ferrier and Miller, 1987).

The chemistry of throughfall and stemflow collected in a forest is the net result 
of all these processes, the relative importance of each of which undoubtedly varies 
between elements. It is extremely difficult to interpret changes in terms of the relative 
contributions of the different processes involved. At one extreme some authors suggest 
that crown leaching is unimportant except for potassium and manganese (Ulrich, 1983) 
whereas others maintain that a wide range of elements, including sulphate are lost from 
the plant by this process (Parker, 1983, Miller, 1984). Continuous measurements of S 0 2 

and meteorological variables and measurements of dry deposition of S 0 2 (by eddy 
.correlation) to one Scots Pine forest in central Scotland, indicated that dry deposition of 
S 0 2 gas during the winter period could only account for 8 % of the excess SO^- in 
throughfall and stemflow (Cape et al 1987). It was suggested that exchange between the 
leaf and surface water is the major source of SO4 - in throughfall and stemflow. 
However, Skeffington (1987) argued that if SO^- originates from internal sources, then 
trees of the same species and age should react in a similar way, wherever they are 
growing. Moreover, if S 0 |“ is leached from within the tree, the counter ion is unlikely 
to be H+ in view of the high pH of the intracellular fluid. Thus a good correlation
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between H+ and SO4 with a slope approaching 1 should indicate a dry deposition 
source rather than an internal source. Based on these two pieces of evidence he proposed 
that much of the S 0 |“ in throughfall at the Tillingbourne catchment, SE England, is 
dry deposited, providing some of the H+ in throughfall.

The chemistry of throughfall varies markedly with tree species and age (Miller
1984). Of the more commonly grown species, larch (Larix) produces a more acid 
throughfall than spruce (P/cea) or pine (Pinus) (Hornung et al, 1986a). Miller (1984), 
investigating conflicting reports on the effects of trees on throughfall acidity, found that 
old conifers (more than 60 years) acidified precipitation whereas decidous trees, and to a 
certain extent young conifers, tended to neutralise it. Cresser and Edwards (1987) 
suggest that this difference may be due to an insufficient replacement of base cations 
from the acidified soils under mature conifers to cope with the incident precipitation 
acidity. A study of an age sequence of Sitka spruce (P/cea Sitchensis) in Beddgelert Forest 
showed that up to 35 years of age throughfall was less acid than the incoming 
precipitation, but in older crops it was consistently more acid (Stevens 1987). Apart 
from the age and the type of vegetation, the throughfall chemistry is affected by the 
prevailing anthropogenic climate and the nature of the deposition mechanism (Fowler 
and Cape, 1982), altitude and exposure (Fowler et al, 1989), seasonality (Roberts et al, 
1984) and the nutrient status of the vegetation (Matzner et al, 1983).

(2.6) HYDROLOGICAL PATHWAYS

Stream water usually comprises a mix of waters from different sources which 
may differ chemically having followed different pathways and therefore different 
residence times in the vegetation-soil-drift-bedrock system. The definition of the 
different flow paths and contact times is crucial if causal relationships for stream 
response are to be identified (Bache 1984).

Thus most of the water reaching a stream during low flow periods (i.e baseflow) 
is moving through deeper soil horizons or porous bedrock. Under baseflow conditions the 
water has a lengthy contact time with the matrix through which it flows and therefore 
its composition reflects closely the reactivity of the matrix material. Such waters have, 
almost invariably, a high pH and significant amounts of weathering derived ions, 
calcium, magnesium, silicate and bicarbonate (Cresser et al, 1986).
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Quickflow describes the situation in which runoff water from a precipitation or 
snowmelt event, or water already in the soil displaced by incoming waters, is 
transmitted rapidly through the soil matrix, yielding a sharp rise in the storm 
hydrograph. In humid regions, three major sources of precipitation-induced quickflow 
have been identified: 1 ) “direct precipitation runoff’ from saturated soils 2 ) “return 
flow” and 3) “subsurface stormflow” (Dunne, 1978). In most stream basins all three 
sources will contribute to the storm hydrograph but the relative importance of each 
depends, among other factors, on the specific catchment characteristics, the antecedent 
soil moisture content and the nature of the input precipitation event. The different 
hydrological pathways usually found in a hillslope catchment are shown schematically in 
Figure 2.5

The direct precipitation runoff occurs in cases in which the top soil layer 
becomes saturated, either from the rapid downslope flow of subsurface water or from the 
addition of vertically percolating water. Apart from the direct precipitation runoff, 
Hortonian overland flow may occur, when the water input rate exceeds the soil 
infiltration capacity (Horton, 1933). This type of overland flow is considered to be an 
insignificant factor in undisturbed, humid, forested watersheds. However, when 
snowmelt events are taken into consideration, it is possible that water input rates may 
exceed the infiltration capacity of the soils (Price and Hendrie, 1983). It is commonly 
assumed that both these types of overland flow pass over or through the surface layer of 
the soil at flow rates which are usually too rapid for chemical equilibrium to be reached. 
Thus the water chemistry of the overland flow generally has features which reflect the 
vegetation type and surface soil composition.

Return flow is caused in areas where, the subsurface flow is forced to the surface 
either by a downslope thinning of permeable soil layers or by an increase in the sub
surface flow thickness by mechanisms such as the convergence of flow lines in a hollow 
or the slowing of the flow velocities in a concavity (Whipkey and Kirkby, 1978). Since 
return flow is moving toward the soil surface in the direction of least hydrostatic 
pressure (either horizontally or vertically), it effectively moves upward through the soil 
profile from the C horizon through the B and E or A horizons, and finally through the 
0  horizon. The return flow chemically equilibrates with the surface horizons although it 
may initially have equilibrated with the lower soil horizons (Neal et al, 1988a).

Subsurface stormflow is less well defined than the two preceding runoff 
mechanisms, but it is probably the most important for generating quickflow. The 
classical concept of subsurface stormflow (Freeze, 1972) considers that water flows
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Figure 2.5:
e hydrological pathway in a hillslope catchment (source Atkinson 1978)



CHAPTER 2: LITERATURE REVIEW -20-

downward from the surface through the unsaturated zone, and then rapidly through the 
saturated zone into a stream channel. Increased hydrostatic pressure causes 
displacement of old subsurface water, an action sometimes called piston flow. In order 
for this mechanism to contribute significantly to quickflow, certain limiting conditions 
must exist. First, the water retention capacity of the unsaturated zone at the time of 
infiltration must be low relative to the amount of input water and secondly the 
hydraulic conductivity of the saturated zone must be relatively high. Therefore, this 
mechanism will be most effective when the saturated zone is close to the surface and 
has a very high saturated hydraulic conductivity, as would be found in glacio-fluvial 
gravel.

Other mechanisms of subsurface stormflow generation have been reported in the 
literature. Sklash and Farvolden (1979) have proposed a groundwater ridging hypothesis 
in which it is suggested that where the water table and associated capillary fringe are 
near the surface along a stream, rainfall will cause a rapid rise in the water table 
resulting in increased groundwater flow into the stream. Moreover, when shallow soils 
are underlain by a zone of restricted permeability (e.g illuvian hardpan), part of the soil 
profile will become saturated, but not up to the surface. Rapid subsurface flow can then 
be produced in two ways. Firstly, if part of the profile contains interconnecting 
macropores very rapid pipeflow can be expected through them. The macropore flow or 
pipeflow can generate rapid downslope transmission of water which effectively bypasses 
all or part of the soil buffer (Beven and German 1980). From field experiments Mosley 
(1979) concluded that macropores could increase subsurface flow rates by 2-3 orders of 
magnitude. However, Sklash et al (1986) argue that the contribution of the new 
macropore water is insignificant, and old water volumetrically dominates storm runoff 
during typical high-frequency storms. Secondly, water percolating through the topsoil 
will be stored in the zone immediately above the impeding layer and if the rain persists 
for long enough a saturated zone with a perched water table will form and water 
migrates laterally to the stream as subsurface stormflow. If the impeding layer is not 
completely impervious, some water may penetrate to a lower water table, but in most 
cases the important contributor of subsurface storm runoff is the perched saturated zone 
(Dunne 1978).

Subsurface stormflow can move through any soil horizon, depending on the 
relative permeabilities of the soil layers involved. However, since soil permeability is 
usually greater near the surface than at depth the water quality of this type generally 
reflects the soil chemistry of the near surface horizons. Thus the most striking
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occurrence of aluminium and acidity movement in a watershed is related to periods of 
peak streamflow (Seip et al 1989, Muscutt et al 1990) when the quickflow component is 
maximum.

Rapid snowmelt is, in many respects, analogous to a very heavy storm, although 
it is conceivable that frozen subsoil could sometimes act as a barrier to downwards 
infiltration. Snowmelt particularly influences streamwater chemistry as a consequence of 
the higher concentrations of dissoved ions in the first fraction of meltwater than in the 
bulk snow (fractionation) (Seip et al 1980). Fractionation leads to highly elevated levels 
of pollutants and hydrogen ions in the initial meltwaters, with a consequent lowering of 
stream pH (Johannes et al 1981). However, Cresser and Edwards (1987) argue from 
studies in the Glen Dye catchment in Northeast Scotland, that meltwaters are often in 
contact with the upper soil layers and it is the chemistry of these layers rather than the 
snow that determines the pH of drainage waters, even if the melt is rapid. They further 
argue that “acid flushes” are more likely to occur when soils are frozen,thus restricting 
flow to the very surface of the soil.

(2.7) SOIL - WATER INTERACTIONS

The main inorganic buffering systems in soils have been summarised by Ulrich 
(1980) as follows:

Calcium Carbonate 
Silicate
Cation exchange
Aluminium
Iron

pH 8.0 - 6 . 2

6.2 - 5.0 
5.0 - 4.2
4.2 - 3.8 
3.8 - 2.4

In areas where acid soils overlie massive base-poor bedrock, typical of British 
uplands, buffering systems are dominated by cation exchange and aluminium reactions. 
These reactions, together with anion adsorption, oxidation-reduction reactions and 
mineral weathering are the major processes determining soil-water interactions. Each of 
these will now be examined in turn.
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(2.7.1) ANION ADSORPTION

The major anions appearing in the soil solution of a natural system are HC03, 
SO4 - , N 03, Cl and organic anions. In most natural systems the concentrations of Cl” 
are considered to be unaffected by the anthropogenic inputs. Although the Cl” inputs 
may be substantial, especially in systems of heavy marine influence, it is usually 
assumed that there is a balance of Cl in percolates and soil solution. The importance of 
Cl as a mobile anion will be discussed in section 2.7.4.

H C03 is the dominant anion in soil solution of natural systems. Lindsay (1979) 
defines the following equilibrium reactions relating the various carbonate species in
natural waters

C 0 2(g) +  H2 -  H2 C 0 3 (logK=-1.46) (2 .1 )

H2 C 0 3 -> H+ +  HCOj (logK=-6.36) (2 .2 )

From equations (2.1) and (2.2) the following well known carbon dioxide reaction results

C 0 2(g) + H20  -  H+ +HCO; (logK=-7.82) (2.3)

Equation (2.3) can also be written as

(H+).(HC03-) =  PCo 2 .10-7 -82 (2.4)
where
the brackets denote solution activity and Pco2 re êrs to the partial pressure of C 0 2 in 
atmospheres.
H C03 further dissociates to C 03“ according to the reaction

H C O ;-  H+  +C O |- (logK=-10.33) (2.5)

Equation (2.5) can be rewritten as:

l0g ®  ==PH-10'33
This equation implies that at pH=10.33 the molar ratio of C 0 3~ to HC03 is unity. 
Each unit increase in pH increases the ratio by 10-fold and each unit decrease in pH 
decreases it by 10-fold. It is obvious that in neutral to acid surface and soil water
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systems, usually found in the natural environment, the amount of C0§ is very low 
compared to H C03 and may be safely neglected.

As shown in equation 2.4, the production of HC03 is an acidification process in 
natural ecosystems. However, the production of HC03 and therefore the production of 
H+ is regulated not only by the C 0 2 partial pressure but also by the acidity of the soil 
solution, so that acidic conditions restrict the hydration and dissociation of C 0 2 to 
HC03 and H+ (Driscoll, 1989). Consequently, the concentration of HC03 is 
determined in part by the concentration of H+ , which in turn is determined in part by 
the C 0 2 -H C 0 3 equilibrium. The overall implication of this crucial characteristic of the 
C 0 2 —H C03 equilibrium is that, as emphasised by Reuss and Johnson (1986), “the 
production of natural acidity is self-limiting and even at very high levels of C 0 2, HC03 

leaching will effectively cease below about pH=4.7” .

Moreover, as follows from the same equation a 100-fold decrease in C 0 2, caused 
for example by outgasing as drainage water equilibrates with the normal atmosphere, 
results in a 1 0 0 -fold decrease in the product [H-**]. [HC03]. This is equivalent to 1 0 -fold 
reductions in both [H+ ] and [HCO3 ]. Where some HC03 is present as the anion 
associated with base cations from weathering origins, the decrease in [H+ ] may be 
appreciably greater than 10-fold and water pH rises between 1 and 2  units. This effect 
has been clearly demonstrated by re-equilibration of upland river water with air 
enriched with carbon dioxide at appropriate concentrations (Cresser and Edwards,
1986). However, Reuss and Johnson (1986) argue that in low base saturation soils the 
increased SO j- concentration will result in increased hydrogen ion concentration and 
aluminium species. If the increase in H+ and aluminium species is sufficient that the 
total charge associated with these species exceeds that associated with HC03 , the 
solution will have a negative alkalinity and the pH rise associated with decreased C 0 2 

levels will be drastically reduced. Consequently, in many of the upland low base 
saturation, heavy polluted catchments, the stream pH is close to the level of the soil 
throughflow (e.g Miller et al, 1990).

(2.7.1.1) THE NITROGEN SYSTEM

N 0 3 is a common component of acid deposition as is NH^ which is oxidised to 
N 0 3 in the soil. In most systems the biological uptake process generally maintains N 0 3 

at very low levels, so that the concentration of N 0 3 is not usually a major factor in 
determining the total anion strength in soil solutions (Reuss and Johnson, 1986).
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However, as stated by the above authors, in systems having heavy N 0 3 inputs by 
nitrogen fixation, fertilisation or acid deposition, the N 0 3 anion can contribute 
significantly to the total solution strength, being in some cases the dominant anion.

Nitrification is commonly defined as the biological oxidation of ammonium to 
nitrate with nitrite as an intermediate. Nitrification takes place either by autotrophic or 
heterotrophic organisms, the latter playing a major role as nitrifiers under acidic 
conditions. A series of bacteria have been found to be possible autotrophic nitrifiers 
although the species Nitrosomonas and Nitrobacter are the most important (Alexander, 
1977). The whole process is represented by the following set of reactions (Gundersen and 
Rasmussen, 1988)

Autotroph nitrification
I. Ammonium oxidation to nitrite 
N H +  +  § 0 2 -  N 0 2 +  H 20  +  2 H +  
organisms: Nitrosomonas
II. Nitrite oxidation to nitrate
n o ; +  | o 2 -  n o ;
organisms: Nitrobacter 
Heterotroph nitrification

organic N, N H +  -?  NOj, N0 2 + 2 H+ 
organisms: bacteria, actinomycetes and fungi

Gundersen and Rasmussen (1988) identify six major factors which control nitrate 
production, namely moisture, temperature, pH, C:N ratio, supply of essential nutrients 
such as phosphorus, and the presence of plant inhibitors. Nitrifiers axe active from 0°C 
but nitrification is very slow until above 5°C. Moreover, autotrophs have been thought 
to be inactive at pH<5 (Richards 1974). However, Kriebitzsch (1978) found high 
nitrification rates even below pH 3.5, which was attributed to autotrophs active in 
micro-sites with high pH values, autotrophs adapted to acidic conditions, or 
heterotrophic organisms.

The proton transfer from the N cycle in a forested ecosystem is presented in 
Figure 2.6. If a system is not influenced by N deposition and with no leaching loss, 
accumulation of N in the biomass is not accompanied by a net production or 
consumption of protons. Thus as stated by Reuss and Johnson (1986) the



Figure 2.6 A simplified model of nitrogen cycling in forest ecosystems 
(Source: Vitousek 1981)
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ammonification process (i.e the protonation of NH3 to form NH^) is accompanied by 
the consumption of 1 H~*~ ion. If the NH "̂ is taken up by the biota, one H+ is released 
and therefore the net cumulative H+ production is zero. If NH^ is oxidised to N 03, 2 
H+ ions axe released for each N 0 3 formed, making the net cumulative production of H+ 
+1. However if N 0 3 is taken up by plants OH is released and the net cumulative H+ 
production is again zero. If N 03 leaches from the system the net cumulative H+ 
production remains at + 1 .

In a N accumulating ecosystem receiving atmospheric deposition from N 0X and 
NH3, the effect in terms of proton production depends on the form of deposition. Thus 
as stated by Reuss and Johnson (1986), if the deposition is in the form of HN03 an 
equivalent amount of base cation leaching occurs only if N 0 3 remains mobile. In 
contrast, if the nitrogen deposition has the form of (NH4 )2 S 0 4, then the minimum 
potential for acidification is equal to the acidification potential of 1 mol H2 S 0 4, whereas 
the maximum potential is equal to that of 2 mol of H2 S 0 4 depending on whether the 
nitrogen is taken up or nitrified to N 0 3 and subsequently leached from the system. 
Finally, the effect of NH4 N 0 3 depends entirely on the extent to which the nitrogen is 
lost through N 03.

As concluded above, a net proton production from N compounds in the forest 
ecosystem will only occur if nitrate is leached from the ecosystem. Since most forests 
are N limited, nitrate is normally low. According to data in Andersen (1986), nitrate 
leaching in natural coniferous forests is less than lKg N+ ha~l year~l somewhat higher in 
deciduous forests but still less than 2-3 kg N/ha.yr. Elevated nitrate leaching is an 
indication of a disruption of the N cycle. According to Gundersen and Rasmussen (1988) 
disruption of the N cycle may occur by excess levels of atmospheric deposition and N2- 
fixation, forestry manipulation (liming and fertilisation), disturbance of the forested 
canopy (whole-tree harvest, clear-cut thinning or coniferous afforestation after 
decidous), reduced growth rate, natural causes (fire, windfelling, insect pests and 
climatic changes either permanent or seasonal, e.g a warm year).

In the classical study of Likens et al (1970) at the Hubbard Brook Experimental 
Forest U.S.A, a watershed was clearcut and treated with herbicides to prevent regrowth 
of vegetation. Nitrate leaching of 142 kg/ha.yr resulted in proton production of 10 kmol 
H+ /ha .yr (14 kg N ~ 1  kmolH+ ) which decreased pH in runoff from 5.1 to 4.3 and 
released base cations. In disturbed ecosystems where plant regrowth is not inhibited or 
delayed the impact of nitrification is much smaller (Vitousek et al 1979). Thus 
clearfelling of a Sitka Spruce plantation at Beddgelert Forest, North Wales, resulted in
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substantial losses of nitrate of about 70 K g h a xyear~x while the pre-felling losses were 7 to 13 
Kg ha~l year_1(Stevens and Hornung 1988). The high levels of nitrate losses before felling 

were attributed to the incomplete utilisation of nitrate through a deficiency of other 
elements such as phosphorus (e.g Stevens and Hornung 1988).

A regional survey of 1005 lakes all over Norway (Henriksen and Brakke, 1988) 
showed that, in the most polluted areas of southernmost Norway (Sorlandet), the 
nitrate concentrations were almost twice those found in the mid 1970’s, such that a 
portion of nitrate in precipitation is not any more being used in the watershed. The 
elevated concentrations were largely found in lakes with thin soils and sparse vegetation 
with lakes with productive forests not showing increased nitrate losses. The authors 
projected that further increases in runoff nitrate may contribute to acidification in the 
same manner as sulphate and counterbalance reductions in sulfate that may result from 
reductions in emissions of S 0 2.

(2.7.1.2) SULPHATE DYNAMICS

Sulphur exists in soils both in organic and inorganic forms. The former can be 
separated into ester sulphate and carbon-bonded S, while the main inorganic form is 
usually sulphate, although more reduced forms may also occur (Fritzgerald, 1978). In 
terms of total S present, the organic pool is generally dominant (Mitchell et al, 1983). 
Transformations between organic and inorganic sulphur species are important and the 
rates, which are not well known, will vary with season and meteorological conditions 
(Reuss et al, 1986).

When the soil is subject to a change in sulphur deposition, the concentration of 
S02- ions in solution tends to change in the same direction. This affects the cation 
concentrations. However, the change in SO4 - concentrations in solution may be 
retarded compared to the input variation. The formation of sulphate through 
mineralisation and organic S-compounds and desorption of inorganic sulphate may delay 
the effect of reduced deposition. The effect of increased inputs of sulphate may be 
retarded by either biological accumulation, reduction, or the adsorption of SO4 - on soil 
surfaces as discussed by Johnson and Cole (1980). As a first approximation the 
mechanism of sulphate adsorption may be thought of as a neutralisation due to the 
exchange of SOJ- for OH” groups on the clay surfaces, and indeed a pH rise is often 
observed as a result of adsorption (Chao et al, 1965). In general the podzolic soils of 
northern forested regions are likely to adsorb less SO|“ than the more highly weathered 
soils found in warmer humid regions (Johnson and Todd, 1983). That is because soil
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S 0 |~  adsorption is positively correlated with Fe and A1 oxide content but negatively 
correlated with organic matter (Singh and Johnson, 1986). Thus surface soils and 
organic rich podzols are inefficient SO4 - adsorbers, even if enriched in Fe and A1 
hydrous oxides.

The capacity of a soil to adsorb SO^- is not a fixed quantity, but increases as the 
S 0 | - concentration increases and thus as emphasised by Singh and Johnson (1986) “to 
describe a soil as saturated with sulphate is misleading” . The most common method of 
including the process in simulation models is through use of an empirical relationship 
between the solution concentration and the adsorption capacity. Such isotherms must 
be experimentally determined and may differ substantially among soils and among 
horizons within a given profile (Reuss et al, 1986).

A commonly used relationship is the Langmuir isotherm (Chao et al, 1962) 
which has been used in models simulating acid deposition for more than a decade 
(Reuss, 1978).

p _  Emx. (SOJ-)
5 (C + (SO4 ') )

where
Es is the adsorbed sulphate concentration 
Emx is the maximum sulphate adsorption capacity of the soil 
C is the half saturation constant of the adsorption process and 
(SO4 - ) is the dissolved sulphate concentration

Occasionally a simple linear isotherm (Es=  K*(SO|“ )) is used rather than the 
more complex Langmuir isotherm. Reuss et al (1986) and Gherini et al (1985) contend 
that while the latter is preferable in theory, in practice the errors involved in the 
empirical determination procedure are probably larger than any introduced by the use 
of the linear form. Moreover, the uncertainties inherent in the transformations between 
organic and inorganic sulphur compounds could argue for a simple description of 
sulphate adsorption (Reuss et al, 1986).

Several more complex adsorption isotherms have also been reported in the 
literature. Singh (1984) studied the sulphate adsorption of four young acid forest soils in 
Norway, in order to compare 5 different adsorption equations. The results of this study 
suggested that the SOJ- adsorption in these soils was best described by the Freundlich 
equation (Es=A-(S0 4 ~)B, A and B coefficients) while the Langmuir isotherm provided 
the best alternative, if the already adsorbed SO j- was ignored.

(2.6)
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(2.7.2) CATION EXCHANGE REACTIONS

Cation exchange reactions involve the exchange of cations between the soil 
solution and negatively charged sites on the surface of clay minerals. These reactions are 
very rapid and consequently are the most important influence on surface water quality 
in upland areas where soil weathering rates are very low (Rosenqvist 1978, Seip 1980). 
The exchange involves the base cations on the exchange complex replacing protons in 
solution, the base cations either being leached out of the profile along with associated 
anions (Figure 2.7) or readsorbed down to the profile.

Bache (1982) considers three different types of soils:

1 ) easily weathered calcareous soils which will be able to buffer any acidity in the 
incoming precipitation, maintaining pH values over 7. The dominant chemical reactions 
in these soils are as follows:

C aC 0 3 +  H2 C 0 3 -  Ca2+ +2HCO;

C aC 0 3 +  H+ -> Ca2+ + HCO;

2 ) non-calcareous, slightly acid soils, where the dominant reactions are those involving 
cation exchange. Acidified rain falling on such soil will result in the adsorption of H+ 
onto the surface of the soil particles, and desorption of an equivalent amount of Ca2+ or 
Mg2+ thus acidifying the soil and reducing the acidity of the rainwater.

3) strongly acidic soils, such as podzols which develop frequently in the cool, moist 
climate of the modern coniferous forest zone. Most rain falling on such soil will be less 
acid than the surface layers, so in this case ion exchange will take place, removing H+ 
from the soil and depositing cations from the base solution, most often Ca2+. However, 
in this case the soil water which is more acid than the incoming precipitation may 
continue to percolate downward into the less acid regions of the soil where the dominant 
exchangeable cation is Al3+. As the percolating solution is more acid than the soil, H+ 
is readsorbed onto the soil surface with Al3+ released into the solution.

The exchange of base cations in the incoming rainwater with hydrogen ions in



Figure 2.7: The soil cation exchange and mineral weathering processes in response to acid deposition
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the soil surface was first described by Wiklander (1975) and termed the salt effect. The 
author proved both theoretically and experimentally that the “salt effect” may be 
considerable in very acid soils and decreases with rising pH to become very small or 
negligible in neutral soils, mainly due to the increasing bonding energy of H+ in this 
direction.

A more elegant way of dealing with the influence of atmospheric deposition on 
the soil solution chemistry is by calculating the lime potential for rainwater and soil 
solution. The term lime potential LP (LP= pH -f 1/2 log[Ca2+-f Mg2+]), originally 
defined by Schofield (1947), expresses the balance of protons to base cations for a given 
solution. This balance in input waters to the soil, compared with the same balance in 
the soil solution, can be used to determine the extent to which the incoming waters are 
buffered. Thus if the lime potential of the incoming solution is lower than that of the 
existing soil solution (as is common in approximately neutral mineral soils) then base 
cations are removed from the exchange sites in return for protons from solution, thereby 
neutralising the soil solution and drainage waters. In contrast, if the lime potential of 
incoming water is higher than that of the soil solution (in organic horizons) then the 
base cations are removed from the solution in return for protons from the exchange 
sites, thereby acidifying the soil solution and drainage waters. If however, the soil is an 
acid mineral soil typical of upland areas where exchange sites are dominated by 
exchangeable aluminium as well as hydrogen ion and, if the lime potential of incoming 
waters is greater, then in these soils the dominant exchange will be that of base cations 
in solution for aluminium on the exchange complex. This exchange not only acidifies the 
drainage waters but also results in the release of potentially toxic monomeric aluminium 
ions into drainage waters (Bache, 1984).

The ability of the cations from the cation exchange sites to be leached into 
drainage waters is controlled by the availability of balancing anions (the “mobile anion” 
concept). In a typical natural soil of an unpolluted region the mobile anions are mainly 
H C03 and organic anions. However, when polluted rainfall introduces SO2- ions into 
the soil system these may become the dominant mobile anion, and the cation burden of 
the water percolating through the soil will be equivalent to the anions in solution. In 
systems where excessive nitrate leaching occurs, N 0 3 may become the “mobile anion” .

Subsequently, the relative amounts of each cation in the soil solution will be 
determined by ion exchange and soil solution equilibria. The ion exchange equilibria are 
of the general form:
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(Aa+)b
a.b ^Bb+)a

where
K v is the activity ratio for two positively charged ions A and B of valence a+ and b+ a, d
respectively. This is the basic relationship in ion exchange theory (Reuss et al, 1986).

The activity ratio in the equation above is dependent on the fraction of each of 
the ions on the exchange complex and therefore the use of this equation is restricted to 
cases where the changes in the exchange fractions are not significant (e.g short term 
simulations). This limitation is removed by the use of an exchange coefficient such as 
that of Gaines and Thomas (Cosby et al 1985a, Reuss et al 1986)

K (Aa+)b(BX)a 
5 (Bb+)a(AX)b

where
Ks is the selectivity coefficient applicable to the two ions A and B while AX and BX 
are the equivalent fractions of exchange sites occupied by the ions A and B respectively. 
The basic difference between equations (2.7) and (2.8) is that equation (2.7) is limited 
to calculation of effects that occur at the current base saturation of the soil, while 
equation (2 .8 ) can be used to track effects such as the leaching of exchangeable bases in 
response to acidic deposition. Alternative formulations for exchange of ions such as the 
Gapon and Vanselow expressions are also reported in the literature (Sposito, 1981). 
Reuss (1983) compared the calcium-aluminium exchange isotherms for these three ion 
exchange equilibrium equations (Gaines-Thomas, Gapon and Vanselow). It was found 
that the shapes of the isotherms generated from the Gaines-Thomas and Vanselow 
equations were almost identical, whilst the shape of the isotherms generated by the 
Gapon equation was different. He concluded that for the purpose of describing the Ca- 
A1 exchange in soils it is unlikely that one of the two methods (Gaines-Thomas and 
Vanselow) can be demonstrated to fit experimental equations better than the other.

(2.8)

(2.7.3) THE ALUMINIUM SYSTEM

Aluminium is one of the most abundant elements in soils comprising 
approximately 7.1% by weight of the earth’s crust (Lindsay, 1979). For this reason the 
chemical reactions and solubility relationships of soil aluminium need to be understood
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in order to predict and overcome environmental problems caused by excess 
concentrations. The aluminium system is presented schematically in Figure 2.8. In this 
section a summary of the exchangeable aluminium system, the solubility of the 
aluminium minerals and the various aluminium species in soil solution will be given, 
with particular emphasis on soils affected by acid deposition.

(2.7.3.1) SOLUBILITY OF ALUMINIUM MINERALS

A variety of aluminium minerals can be found in different natural soils. These 
are mainly aluminium oxides and hydroxides, aluminium sulphates and oxysulphates, 
aluminium phosphates and aluminosilicates (Lindsay and Walthall, 1979).

The mineral dissolution of the most important aluminium oxides, hydroxides and 
sulphates are presented in Table 2.1, in order of decreased solubility. The 
thermodynamic constants have been taken from Lindsay (1979). Hence, aluminium in 
soils is controlled initially by minerals present in significant amounts that have the 
highest solubility (e.g amorphous). Pedogenic processes slowly remove the 
thermodynamically unstable minerals, so that the more stable minerals ultimately 
control the solubility of aluminium. Thus gibbsite is the most commonly found 
aluminium hydroxide in highly weathered soils.

Aluminium also forms several sulphate minerals in acid soils which can be very 
important as they become more stable than gibbsite in low pH environments (Lindsay 
and Walthall, 1979). The most stable of the aluminium sulphates are alunite and 
jurbanite, the chemical transformations and the equilibrium constants of which are also 
presented in Table 2.1. The aluminium phosphates are largely insoluble at low pH 
values according to the same authors. Finally the solubility of aluminosilicate minerals 
(e.g kaolinite) involves the release of base cations (mineral weathering) as well as Al3+ 
and therefore will be discussed separately in section 2.7.4.

Johnson et al (1981) and Driscoll and Bisogni (1984) evaluated the chemistry of 
surface waters in New Hampshire and in the Adirondack region of New York, 
respectively, and reported that the total solution aluminium concentrations were 
generally close to the theoretical solubility of A1(0H)3. As a result, aluminium release is 
often depicted on the basis of A1(0H) 3 solubility in computer models developed to 
simulate aluminium geochemistry (e.g Cosby et al 1985a, Gherini et al 1985). 
Deviations from this pattern, however, are evident in the literature. Thus several 
workers (Eriksson 1981, Nilsson and Bergkvist 1983) argue for an equilibrium of Al with 
sulphate minerals (Al(0H)S04 (jurbanite), A14 (0H )10S 0 4) in some soils subjected to
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Table 2.1
The major reactions and equilibrium constants of aluminium in soil solution
Reaction No Equilibrium Reaction logK

Oxides and Hydroxides ( L i n d s a y  a n d  W a l t h a l l ,  1 9 8 9 )

1 Al(OH)3 (amorp) +  3H+ Al3+ + 3H20 9.66
2 Al(OH)3 (bayerite) + 3 H + -  Al3+ +3H20 8.51
3 A100H (boehmite) + 3H+ Al3+ + 2H20 8.13
4 Al(OH)g(nostrandite) +3H+ —► Al3+ +3H20 8.13
5 Al(OH)3 (gibbsite) + 3 H+ ^  Al3+ +3H20 8.04
6  AlOOH(diaspore) + 3 H + -  Al3+ +2H20 7.92

Sulphates ( L i n d s a y  a n d  W a l t h a l l ,  1 989)

7 KAl3 (S0 4 )2 (0H)6 (alunite) + 6 H +-. K++3Al3++2SO ^+6H 2O-1.04
8  A lS04 (0H).5H2 0(j urbanite) + H+ ^ A l3+ + S 0 | '  +6H20 -3.80

Hydrolysis ( N o r d s t r o m  a nd  M a y ,  1 9 89)

9 Al3+ +H 2 0 -  A1(0H)2+ + H+ 5.0
1 0  Al3+ +2H2 0-> Al(OH)J +  2 H+ 1 0 . 1

11 Al3+ +3H2 0 -  Al(OH) 3 +3H+ 16.8
1 2  Al3+ +4H2 0-+ Al(OH); + 4H+ 22.7

Fluoride Complexes ( N o r d s t r o m  and  M a y ,  1 9 8 9 )

13 Al3+ +  F~ — a if 2+ 7.0
14 Al3+ +2F” AlF^ 12.7
15 Al3+ + 3F~ A1F3 16.8
16 Al3+ + 4F“ -* a if ; 19.4
17 Al3+ + 5F~ AIF5 " 2 0 . 6

18 Al3+ +  6 F~ A1F|- 2 0 . 6

Sulphate Complexes ( L i n d s a y  a nd  W a l t h a l l ,  1 9 8 9 )

19 Al3+ + SOJ- -» A1SOJ 3.20
2 0  Al3+ +  2S04“ A1(S04); 1.90
2 1  2A13+ +  3S04" -  A1(S04 ) 3 - 1 . 8 8
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higll atmospheric input of sulphate. Neal (1988) and Neal et al (1990) contend that 
there is no thermodynamic equilibrium between inorganic aluminium and aluminium 
hydroxide. They suggest that soils are typically undersaturated with respect to gibbsite, 
but even in the lower inorganic horizons where saturation is approached the data show 
too great a scatter for such a thermodynamic equilibrium to be deemed operative. 
Similarly Seip et al (1989) found no evidence of equilibrium of Al3+ with gibbsite, 
kaolinite or jurbanite in soil and stream waters at Birkenes. They concluded that 
“short-term stream chemistry seems to be primarily determined by changes in water 
pathways, combined with different aluminium controls in different soil horizons” .

(2.7.3.2) EXCHANGEABLE ALUMINIUM

In acid soils aluminium is extremely important as an exchangeable ion. Bache 
(1985) gives the following relative exchangeable amounts of (Ca2+, Mg2+) versus Al3+ 
in a typical iron-humus podzol:

Horizon Exchangeable (Ca2+, Mg2+) 
(meq/kg)

Exchangeable a ?+ 
(meq/kg)

F 26 5
H/Al 11 14
A2 1 8

B2 0 . 6 28
B3 0.4 7

The author states that in acid podzolic soils there is “a tremendous reserve of 
potentially mobile ionic Al typically varying from 1 to 10 eq/m2, depending on soil 
properties and depth” . Exchangeable Al in mineral soil seems to occur mainly as Al3+. 
The affinity of Al(OH)2+ and Al(OH)^ to the exchange positions is considerably lower 
than that of Al3+ due to less positive charge and larger ionic radii (Nilsson and 
Bergkvist, 1983).

Al3+ is mobilised by exchange reactions with other cations that may percolate 
down the soil profile. Most often the Gapon or the Gaines-Thomas exchange equations, 
as described in section 2.7.2, are used for the simulation of the aluminium exchange 
reactions (e.g Cosby et al 1985a, Gherini et al 1985). Mobilisation thus depends on the
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soluble salt contents of soil solutions and the relative adsorption energy of competing 
cations. Reported values of the selectivity coefficient KA(_ ,Ca vary from -0.9 to 3.1 for 
11  soils in Britain (Bache 1974).

(2.7.3.3) ALUMINIUM SPECIATION IN THE SOIL SOLUTION 

(2.7.3.3.1) Inorganic complexes

A number of inorganic aluminium complexes occur in soils. Thus apart from the 
hydrolysis species, aluminium forms strong complexes with fluoride while sulphate and 
phosphate aluminium complexes are significantly weaker (Nordstrom and May, 1989). 
David and Driscoll (1984) found that aluminium fluoride complexes were 58%-92% of 
the total inorganic aluminium in a podzol soil in the Adirondack Park Mountains, New 
York, while the hydroxide and aquo-aluminium complexes were less significant and 
sulphate complexes comprised only a small fraction of the total inorganic aluminium. 
Concentrations of F are typically much lower than concentrations of dissolved 
aluminium, especially in systems of low pH. The concentration of Al-F complexes is 
therefore generally limited by the total concentration of F available for complexation 
(Driscoll, 1989).

The hydroxyl species of Al3+ are related directly to the solid phase controlling 
the aluminium content and pH of the soil solution. Thus as stated by Lindsay and 
Walthall (1979), if gibbsite is the controlling mineral for pH<5, Al3+ is the dominant 
aluminium species while at higher pH the hydroxyl species (e.g Al(OH)2+) dominate 
the soil solution.

The reactions involving some of the various oxides, hydroxides, hydroxyl species 
and complexes of aluminium are also considered in Table 2.1. Different equilibrium 
constants (logK°) for these reactions may be encountered in the literature. The 
equilibrium constants presented in Table 2 . 1  represent values selected by Nordstrom 
and May (1989) from a range of literature values measured by a variety of techniques 
over a range of ionic strengths and temperatures.

(2.7.3.3.2) Organic aluminium complexes

Aluminium binds strongly with natural organic acid anions to form organic 
complexes which can be a considerable proportion of the total aluminium in some 
surface waters (Bache, 1985). David and Driscoll (1984) found that in the 0  horizon
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82% and 93% of the total monomeric aluminium was organically complexed at one 
conifer and one hardwood site, in a podzol soil in the Adirondack Park mountains, New 
York. Similarly, Nilsson and Bergkvist (1983) reported that in the A horizon 83-97% of 
the dissolved A1 consisted of organic species, which however decreased in importance 
with increasing soil depth. Thus in leachates collected below the B horizon the 
contribution of organic species varied between 8-20% of the total A1 concentration.

The extent and the nature of the synthesis and breakdown of the organic 
complexes is not very clear and varies with type of horizon, time, temperature, 
biological activity etc (Lindsay and Walthall, 1979).

(2.7.3.3.3) Modelling aluminium geochemistry

Because of the abundance of aluminium in the natural environment, particularly 
in the acid podzolic soils of the northern hemisphere, and its importance in the cation 
exchange process, the aluminium reactions have been included in all the modelling 
efforts of soil acidification reported to date (Reuss and Johnson 1985, Cosby et al 1985a, 
Gherini et al 1985). Thus Reuss and Johnson consider the reactions 5, 9 and 10 in Table
2 .1 . In fact, the equilibrium constant for reaction 5 was set equal to 8.5 representing a 
system in which aluminium is somewhat more soluble than gibbsite but less soluble 
than amorphous gibbsite. Cosby et al (1985a) used the reactions 5 and 9 to 20 to 
represent the aluminium system in the MAGIC model. The equilibrium constant for the 
solubility of aluminium hydroxide was assumed to vary between 8 . 1 1  and 1 0 . 8  i.e the 
constants for synthetic gibbsite and amorphous aluminium trihydroxide respectively.

Apart from the aluminium reactions included in the MAGIC model, the ILWAS 
model (EPRI, 1983) considers the organic complexation of aluminium with the fully 
dissociated organic acid i.e

Al3+ + R3- -  AIR

It must be noted that the total solution aluminium concentrations are not always 
in equilibrium with an aluminium hydroxide mineral. For example, solutions draining 
organic horizons in forest soils are often highly undersaturated with respect to Al(OH) 3 

(David and Driscoll 1984). Thus Gherini et al (1985) have suggested that, under these 
conditions, the release of aluminium is no longer in equilibrium with Al(OH)3, but 
rather is kinetically controlled.
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The exchange of aluminium with other cations in soil solution has been modelled 
by a Gaines-Thomas cation exchange equation by Cosby et al (1985a), while a Gapon 
equation has been used by Gherini et al (1985). In both cases the selectivity coefficients 
have been treated as calibration parameters. Comparing the performance of these cation 
exchange equations Reuss (1990) suggests that the selectivity coefficients should be 
calculated from systems in which the transition to acidic waters has either occurred or 
is dominant otherwise it may result in serious errors.

(2.7.4) THE FORMATION OF PODZOL SOILS

The formation of podzols (or spodosols) is often cited as a prime example of the 
role of organic matter and aluminium mobilisation in the formation of soils. These soils 
develop under climatic and biological conditions that result in the translocation of 
organic matter into the subsoils. Large areas of the cool, moist upland Britain are 
occupied by such soils. Leaching has led to the removal of any carbonates and base 
cations initially present in the soils, while the slow breakdown of plant debris has 
produced acid, organic rich surface horizons or peats.

There are many variants of this soil type, but in general the profile is made up of 
three distinct horizons strongly differentiated with respect to colour (Figure 2.9). Wilson
(1986) and Bache (1984) described this soil profile as consisting of:

1 ) A very acid surface organic horizon (AO) which is black. This horizon is formed of 
incompletely decomposed organic matter with a laminar or fibrous structure overlying a 
humified layer (L, F and H layers) and usually has a pH ~3.5.

2) A pale coloured leached A horizon (Al and A2  layers) which may also have a pH<4 
although it is usually less acidic than the overlying organic horizon. Both AO and A 
horizons adsorb Ca2+ and Mg2"*" from the percolating water and release H+ , so that the 
pH of the percolate is lowered to about 3.6 (Bache 1984). 3

3) A yellowish-red illuviated horizon (Bs) which is characterised by the accumulation of 
coatings of amorphous, organic aluminium and iron compounds. A thin humic horizon 
(Bh) may be found between the A2 and Bs horizons. The pH of the B horizon is ~4.5. 
The B horizon is very important in determining the chemical quality of the leachate 
from the soil.

The main cations in the B horizon are H+ and Al3+ and their solution



Figure 2.9: Description of a podzolic profile (source: Wilson, 1986)
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concentrations will be determined by the proportions of each present, and the strength 
of their bonding to the mineral surface which is reflected in selectivity coefficients for 
exchange. At pH~4.5 Bache (1974) found that Al3+ concentrations in equilibrium with 
mineral subsoils were higher than H+ concentrations (0.50 and 0.03 meq/1 respectively) 
implying that the solution in equilibrium with this horizon and what is flowing from it 
will be dominated by Al3+ and its hydrolysis products.

Obviously, the whole process of aluminium release in the soil water is dependent 
on the amount of SO |_ (mobile anion) remaining in solution after the sulphate 
adsorption has taken place. Even if SOJ- were completely adsorbed (which is very 
unlikely in most of the upland soils with their low sulphate adsorption capacity) , Al3+ 
would still leach from the B horizon with Cl or N 03. In this sense, as stated by Bache
(1984), Cl is not unimportant , although it does not interact specifically with soils.

4) The parent material (C) with pH values ~ 6 , where mineral weathering consumes 
hydrogen ions and releases cations in the soil solution, thus neutralising most of the 
percolating natural or anthropogenic acidity.

The most widely held view of the formation of podzolic soils is that very active 
organic compounds (mainly fulvic acids) produced in the AO horizon induce the 
decomposition of Al-hydroxides and Al-silicates in the A1/A2 horizons and that Al/Fe 
organic complexes so formed are moved down to the profile to be precipitated in the Bs 
horizon. This vertical transport of A1 is a distinct feature of the podzolization process. A 
more recent theory on the formation of podzols is that aluminium and iron are 
transported as hydroxy-aluminium silicate soils (imogolite and allophane); soluble 
organic colloids migrating downward are then precipitated on the previously deposited 
imogolite and allophane (Stevenson and Vance, 1989). However, as stated by the above 
authors “in all likelihood both processes occur, the relative importance of each being 
dependent on environmental conditions” .

It is evident from the above discussion that the podzols are characterised by high 
acidity and the accumulation of appreciable quantities of aluminium. The areas 
dominated by such “acid” soils in the UK axe illustrated in Figure 2.10.

(2.7.5) MINERAL WEATHERING

Primary minerals may occur as discrete fragments in soils or as components of 
rocks. Their decomposition following exposure to the moisture, chemical and
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temperature conditions at the surface of the earth has been termed “weathering” . 
Mineral weathering proceeds primarily by hydrolysis reactions and involves the 
consumption of protons (basically H+ ) and the production of base cations. In the 
absence of anthropogenic inputs the primary source of protons is carbonic acid, 
produced by the dissolution of C 0 2( equations 2 . 1  and 2 .2 ) which is a by-product of 
plant respiration.

The solubility of C 0 2 decreases with decreasing concentration, with increasing 
temperature and as the pH of the solution drops. It is therefore expected that in acid 
soils (e.g podzols) the percolating water will contain less carbonate for mineral 
weathering reactions than water moving through neutral soils and therefore the mineral 
weathering rate will be less in these soils. However, as stated by Bache (1982), in very 
acid conditions organic acids may assume some importance as weathering agents as well 
as any mineral acids in precipitation.

In fact, the weathering rate of primary minerals has been reported to be faster as 
the pH drops. Helgeson (1971) found that the rate constants for the dissolution of 
feldspars remained constant in alkaline solution, but increased 3-fold when pH fell from 
6  to 4. Similarly amounts of alkaline cations leached from columns of granite chips were 
3 times greater at pH 3.5 than pH 4.3 (Webb, 1980). At lower pH values, however, the 
presence of high aluminium concentrations may suppress the weathering rate 
substantially. Thus as stated by Sverdrup and Warfvinge (1988) the resistance to 
acidification given by the increased weathering responding to an acidic environment 
disappears in the presence of high aluminium concentrations.

Apart from the solution pH and aluminium concentrations, the rate of 
consumption of protons and the production of base cations depends on the crystal 
structure and composition of the minerals present in the underlying bedrock and the 
accessibility of percolating water to the decomposing mineral (Bache, 1984).

Mineral weathering is assumed to take place in two stages (Bache, 1982). There 
is an initial exchange of a proton (H+ ) for a basic metal cation in the mineral surface 
which is followed by the structural collapse of the residual anionic lattice, releasing 
silica and alumina. More specifically Bache (1982) reported the following weathering 
reactions for some of the most abundant minerals:
The feldspars are broken down to kaolinite according to the reaction

2KAlSi3 0 8 (orthoclase) + 2 H+ + 9H20  -  2 K+ +  Al2 (OH)4 Si2 Os(kaolinite) + 
4Si(OH) 4
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In excessively leached environments the kaolinite may decompose to amorphous 
aluminium hydroxide, which may crystallise to gibbsite i.e

Al2 (0H)4 Si2 0 5 (kaolinite) + 5H20 -  2A1(0H) 3 + 2Si(OH) 4

Using literature data from different soils Bache (1982) indicated that 
r^2]Keqha-1 y e a r1 of electrolytes are released from igneous and metamorphic rocks, which 
has involved the neutralisation of ~1 .Keqha~xy e a r1 of acid input from the precipitation. At 
this rate of decomposition, lm depth of rock will be completely weathered in ~ 1 0 4 years 
implying that weathering rocks have an almost infinite capacity to neutralise acidity. 
However, as he further suggested, the moving body of water does not always come into 
contact with decomposing rock and weatherable minerals. In this case, the resulting 
effluent may retain the electrolytes in precipitation or acquire further acidic components 
from surface layers of soil.

Sverdrup and Warfvinge (1988), using data from budget studies, estimated that 
~0.3-l Keq ha-1 y e a r1 ■ of electrolytes are released by mineral weathering in a watershed with 
0.4-lm thick granitic podzolic soil cover, in southern Sweden. The weathering by
products were mainly calcium (0.18-0.46), followed by magnesium (0.19-0.46), 
potassium (0 -1 1 ) and sodium (0 - 2  Keq ha-1 year-1) although these calculations are based on 
the assumption that the soil ion exchange is in steady state with respect to the 
deposition. However as they point out, a very small denudation of the cation exchange 
pool will contribute significantly compared to the weathering rate, and only a study 
which can separate the contribution to the total base cation flux of chemical weathering 
from that of the depletion of the exchange pool will be able to decide the issue. 
Moreover, as stated by Nillsson et al (1982), budget calculations have to be corrected 
both for changing base cation accumulation in the biomass and for reprecipitation 
within the soil of the products of weathering reactions.

As illustrated above, the weathering of minerals provides much of the sink for 
acidic atmospheric deposition. The geology of the UK has been divided by Edmunds 
and Kinniburgh (1986) into four classes according to the extent to which the bedrock is 
likely to provide buffering and possibly give rise to acidic surface or groundwaters. This 
classification, based on bedrock geology, indicates the susceptibility of groundwaters to 
acidification and is reproduced in Figure 2.11.

The United Kingdom Acid Waters Review Group (Warren et al 1986) used this 
map in combination with the map of acid soils (Figure 2.10) to outline the areas within
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the UK likely to have acid surface waters. They consider that permanently acid waters 
are most likely to occur where acid soils in figure 2 . 1 0  overlie the high or medium “acid 
sensitivity” categories in Figure 2.11. Streams that are occasionally acid are likely to 
occur where acid soils overlie the zero or low “acid sensitivity” categories. However, as 
they emphasised, although broad indications of the likely occurrence of acid waters can 
be obtained in this way, a more reliable assessment needs to be made at the individual 
catchment scale over much of the UK. Thus the occurrence of thin veins of calcite in 
otherwise hard, slowly weathered rocks may give rise to non-acid groundwaters. In 
contrast, localised zones of sulphide mineralisation may produce naturally acid drainage 
waters in an area considered not to be susceptible. For example, Miller et al (1990) 
observed large differences in the calcium streamwater concentrations (43.3 and 19/zeq/l) 
in two otherwise similar streams in Central Scotland, which they attributed to a small 
outcrop of base-rich material in one of the catchments. Similarly, Hornung et al (1986a) 
described small calcite veins appearing in the base-poor bedrock of the Plynlimon area, 
North Wales.

Because of its importance in determining the soil and stream water chemistry, 
the mineral weathering process has been included in all the modelling efforts of surface 
water acidification developed to date. Cosby et al (1985a) have used the release of base 
cations through the mineral weathering process as calibration parameters, while Gherini 
et al (1985) assume a mineral weathering rate dependent on the hydrogen ion 
concentration. However, as emphasised by Sverdrup and Warfvinge (1988) both 
approaches are likely to give erroneous results of the mineral weathering effect as they 
fail to consider the strong dependence of the weathering rate on the aluminium 
concentration in soil solution.

(2.7.6) ENVIRONMENTAL EFFECTS OF ACID DEPOSITION

Acid precipitation has been correlated with major adverse effects on both soils 
and structural material. In certain areas acid precipitation may even pose a threat to 
human health, especially in communities whose water supply is untreated. This may 
occur due to elevated levels of heavy metals in drinking water caused by increased 
leaching from the soil, although there is insufficiently strong evidence for such a danger 
up to the present day. However, it is now well documented that acid precipitation has 
affected the vegetation and the aquatic life over large areas of the “industrialised” 
world.
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(2.7.6.1) EFFECTS OF ACIDITY ON AQUATIC BIOTA

Acidification of lakes and streams can lead to adverse effects on aquatic biota, 
and the recognition of widespread atmospheric deposition of strong acids in the UK has 
led to considerable concern over its existing and potential impact on the flora and fauna 
of sensitive systems. While it is well documented (Warren et al, 1986) that all levels of 
biota are affected, most of the concern has been directed toward the impact of 
acidification on the fisheries resource.

Thus hydrogen ion, aluminium and calcium are thought to be among the 
principal chemical determinants of freshwater fishery status in acid waters. The form of 
aluminium most toxic under acid conditions has been identified as Al3+ (th e monomeric 
inorganic fraction of aluminium known as labile aluminium) which is more toxic than 
the organically bound aluminium (Muniz, 1984).

The effect of acidity on fish varies according to species, genetic strain, life 
history, life stage and previous exposure. Thus Atlantic salmon are more sensitive to 
acid stress than brown trout, whilst rainbow trout appear to be the most sensitive 
salmonid species (Warren et al, 1986). Freshly fertilised salmonid eggs and newly 
hatched alevins are known to be more sensitive to low pH and low calcium 
concentrations than later stages in the life cycle (Brown and Lynam, 1981). In contrast, 
adult fish suffer acid stress through the reduction of their respiratory efficiency caused 
by high levels of hydrogen ions and labile aluminium. The survival of fish populations 
depends, among other things, on the maintenance of tolerable water quality conditions 
throughout the life-cycle. Thus as stated by Haines (1981) a sudden decrease in pH or 
an increase in aluminium concentration can cause fish to die at much lower 
concentrations than chronic exposure to gradually increased concentrations.

During 1978-79 and in 1984, fish populations were surveyed in 22 lochs and 27 
streams in Galloway, southwest Scotland, an area including moorland catchments and 
catchments with coniferous forest. Five lochs which previously contained trout were 
found to be fishless and angling records indicated a decline in catches and increased 
average weight of trout in two other lochs. Evidence suggests that this decrease or 
elimination of trout populations is part of a trend which dates back at least 50 years. 
The authors concluded that the increased acidity of lochs and streams and the 
associated decline and loss of trout populations was primarily due to acidic deposition 
from human activities, in some instances exacerbated by coniferous afforestation 
(Harriman et al, 1987).
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(2.7.6.2) EFFECTS OF ACIDITY ON CROPS AND FORESTS

Many influences shape the overall health and growth of trees and crops. Some of 
these influences are changes in precipitation, temperature fluctuations, disease, air 
pollution, use of pesticides and herbicides, logging, land-use practicies and other human 
activities, with so many possible stresses determining precisely which are to blame when 
trees die or crop yield fall is difficult indeed. However there is evidence that air 
pollution affects significantly the forest and crop status over large areas of the 
industrialised world.

In 1982 it was estimated that around 560,000 hectares of forest, some 8 % of the 
total afforested area in Germany, showed damage (Buckley-Golder, 1984). This new and 
serious forest dieback in Germany has been attributed to “acid rain” (House of 
Commons, 1984) directly, or indirectly via effects on soil, according to Ulrich’s 
hypothesis (Ulrich et al, 1980), although there is current consensus amongst scientists 
that ozone alone or in combination with other agents is the principal cause (Blank,
1985). Forest decline has also been reported for Switzerland and France and possibly to 
a more limited degree in Sweden (Howells, 1986).

In the United Kingdom, however, it has proved difficult to detect any significant 
effect at current levels of ambient ground levels of S 0 2 and NOx on crops and trees. A 
nation-wide survey of sites with a range of natural and polluted conditions (Forestry 
Commission, 1985) has revealed no signs of damage and no expected abnormalities 
(Howells, 1986). However, in a more recent review of the data on the decline in 
Europe’s coniferous and decidous forests (Nilsson and Duinker, 1987), researchers found 
that 15% of Europe’s coniferous forests are dead or moderately or severely damaged. In 
the U.K and Sweden, 20% of all conifers (measured by tree volume) fell within one of 
these categories, and more than 17% of decidous trees are damaged.

(2.8) AFFORESTATION

During the early part of this century concern arose amongst European foresters 
about the impact of plantations of exotic conifers on soil properties. In particular, it was 
suggested that replacement of indigenous hardwood or mixed forest stands by quick 
growing conifers was resulting in the development of a raw humus layer (mor),
soil acidification, loss of fertility and podzolization.

There is strong evidence in the literature that the surface water chemistry of
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streams draining from established forestry plantations is different from that of adjacent 
moorland (Miller 1985, Harriman and Morrison 1980, Stoner et al 1984). Harriman and 
Morrison (1980) and Stoner et al (1984) found higher acidity and aluminium 
concentrations and lower calcium levels in forest streams. Reynolds et al (1986) also 
reported higher aluminium concentrations in forest drainage but found no differences in 
acidity or calcium levels. Hornung (1985) observed a much greater production of H+ 
ions in the organic horizons of stagnopodzols under Sitka Spruce than under adjacent 
moorland vegetation. However, Hornung et al (1986a) contend that the link between 
increased aluminium concentrations and acidity, with afforestation, is not detected at 
all sites and it seems to be restricted to those areas where acid soils overlie massive, 
base-poor bedrock.

Several authors (e.g Rosenqvist 1980, Nilsson et al 1982) have described the 
following sources of H+ associated with the vegetation:

• the formation of organic acids from the microbial decomposition of plant residues 
or from direct release from the vegetation

• the assimilation of base cations by plants and microorganisms. This assimilation is 
associated with the release of H+ from within the plants and microorganisms cells 
to restore electrical neutrality

•oxidation reactions with the simultaneous release of H+ ions. Thus oxidation of 
nitrogen compounds is leading to soil water acidification in disturbed ecosystems 
(section 2 .7.1 .1 ).

Afforestation results in considerable modifications in the physical and physico
chemical properties of the soil matrix, such as the soil bulk density, the structural 
stability, the porosity and the soil exchange complex (Hornung et al 1986a). Moreover, 
significant hydrological changes have been associated with afforestation. Thus the total 
runoff from forested catchments may be significantly reduced due to the much higher 
interception losses of the trees. Additional changes in hydrology result from ploughing, 
drainage and the development of the tree root system (Hornung and Newson, 1986). 
The dense forested canopy may also alter the temperature regime at ground level with 
consequent influences on the soil fauna and therefore the decomposition and mixing of 
surface organic material. The effects of spring snowmelt may be more severe under
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forests where the snowpacks last longer making episodic flushes more likely (Krug and 
Frink, 1983). The filtering effect of the trees, as well as the greater quantities of solutes 
from occult deposition especially in high altitude forests, are also important factors in 
determining the soil and soilwater acidity and aluminium mobilisation (Miller 1984).

The contribution of each one of the hydrochemical changes associated with 
afforestation on the streamwater acidity is a topic of current discussion in the literature. 
Thus the greater interception and evapotranspiration from coniferous canopies are likely 
to reduce rapid throughflow (Cresser and Edwards 1987). However, in contrast the 
drying out of forest soils may be significant in the summer leading to the contraction of 
organic matter and the consequent development of macropore systems, which may also 
be produced by root development (Hornung et al 1987).

Furthermore, much of the soil acidification resulting from the accumulation of 
base cations in the forest biomass is temporary, as the base cations return to the site as 
trees die or decompose. In contrast, removal of the trees will result in the soil’s 
acidification becoming permanent, the effect being greatest if the trees are young when 
felled. Nilsson et al (1982) argue that the root-generated acidity is unlikely to lead to 
surface water acidification due to the lack of a mobile anion. However, Hornung and 
Newson (1986) point out that the balancing anions may be supplied from increased 
interception deposition particularly in the form of occult deposition. According to Miller
(1985), changes in the soil physical properties associated with initial drainage 
improvements or with subsequent growth, such that drainage waters are less likely to 
enter the mineral horizon, is probably the most attractive hypothesis to explain the 
effects of afforestation on streamwater acidification.

If, as alleged, afforestation is linked with streamwater acidification it may be 
expected that deforestation will result in an increase in stream pH. This arises because 
the removal of the trees will result in a decrease in the interception deposition of 
pollutants and a decrease in the occult deposition. Clear-felling will also reduce the 
evapotranspiration and interception losses thereby enhancing the runoff through the 
surface horizons so that runoff acidity may actually increase. If the trees are not 
removed from the site, the base cations locked in the vegetation will return to the soil 
and hence root-generated acidification will be reversed. However, enhanced nitrate 
leaching from clear-felling will result in increased acidity and aluminium concentrations 
in the stream at least for some years after the deforestation (Gundersen and Rasmussen, 
1988). The effects of deforestation will also depend on the vegetation which colonises the 
area afterwards. If such vegetation is an acidophilic moorland vegetation such as Calluna
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vu lgaris, then the catchment’s acidification may be little changed (Krug and Frink, 1983).

(2.9) ACIDIFICATION HYPOTHESES

Two main hypotheses have been proposed in the literature to explain the 
observed changes in pH, alkalinity or sulphate concentrations in surface waters.

• That the atmospheric deposition of acidic substances to both the body of water and 
its surroundings is mainly responsible for the observed deterioration in surface 
water quality.

•That land use factors such as conifer afforestation, forestry practices, changes in 
agricultural practices and animal husbandry, combined with the buffering and 
solubility effects of naturally occurring organic matter in sensitive areas, are the 
main cause of the observed recent acidification, while acidic deposition contributes 
an insignificant fraction of the acidity.

The idea that changing land use and consequent vegetational succession are 
largely responsible for acidification of soil and surface water in southern Norway, was 
first advanced by Rosenqvist in 1978. Forest recovery in southernmost Norway has been 
dramatic. The volume of standing biomass increased from 12.9 million m3 in 1927 to 
25.1 million m3 in 1973. Rosenqvist proposed that this large-scale recovery of forest and 
the reversion of land to acid heath and forest was producing large areas of increasingly 
acid soils. As an illustration he showed that the exchange acidity of surface humus 
under a 90-year-old spruce forest on an abandoned Norwegian farm was equivalent to 
the strong acids in about 1 0 0 0  years of rain, lm per year, with pH=4.3. He proposed 
that the increasing amounts of acid humus are acidifying runoff in watersheds where 
there is incomplete neutralisation of acids by mineral weathering. Krug and Frink 
(1983) further supported this hypothesis and emphasized that the hypothesis that 
increased deposition of acid and sulphate is causing an equivalent leaching and 
acidification is “theoretically unsound and it is not supported by direct observations” . 
They argued that natural processes of acidification such as the soil formation and land 
use changes, must be more carefully considered in assessing the benefits expected from 
proposed reductions in emissions of oxides of sulphur and nitrogen.
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However, Rosenqvist’s hypothesis has now been rejected on the basis of several 
paleolimnological studies undertaken in many British and Scandinavian areas. Thus a 
decline of about 0.5 to 1.2 units of pH from the previous stable conditions occurred at 
four lakes in Galloway, Scotland. This decline, initiated at dates ranging from 1840 to 
1925, could not be ascribed to natural causes, since two of the lakes studied had 
unforested catchments and at the other two the decline in pH predated the beginning of 
afforestation (Battarbee 1984, Flower and Battarbee 1983). The decline in agriculture, 
especially grazing at upland sites, leading to regeneration of acid heathland communities 
was also investigated as a possible cause of lake acidification in Galloway. Pollen 
analysis, diatom analysis and trace metal analysis of a dated lake sediment core from a 
non-afforested catchment (Loch Enoch) were compared. Pollen analysis showed that 
lake acidification started in 1840, but no evidence was found for an increase in Calluna 

vulgaris, the most common acid heathland species, over the past 200 years. In contrast, 
the acid precipitation hypothesis was further supported by demonstrating substantial 
increases of the heavy metals Pb, Cu and Zn in the sediment since about 1800 
(Battarbee et al 1985).

Thus Battarbee (1984) came to the conclusion that “despite some ambiguous 
situations associated with land use changes, the weight of evidence favours acid 
precipitation as the main cause of recent acidification of the lakes studied” . He further 
emphasised that “in all cases the onset of acidification postdates about 1800, after the 
development of coal as a major power source during the industrial revolution, and the 
later acidification of Swedish and Finnish lakes may be associated with a postwar 
increase in emissions from oil combustion as well as a change in the pattern of 
emissions” .

In a recent paper Rosenqvist (1990) used the lake diatom analysis to re-examine 
the problem of lake water acidification in Norway. Lake bottom sediments of two 
Norwegian lakes have been investigated from the Age of Ice up to 1986. The analysis 
showed a marked period of acidification starting about ~1350 to 1400 and ending ~1470 
to 1500 (pH=4.5). A new period of acidification started around 1940 with maximal 
acidity in 1980 (pH=4.35). As both periods are associated with extensive afforestation in 
the area (natural or man-made) the author proposed that there is a strong link between 
lake acidification and land use changes.

The question of natural versus anthropogenically derived acidification of surface 
waters can only be addressed in association with a comprehensive understanding of the 
complex interactions and mechanisms taking place in catchments.
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There is consensus among the researchers that the precipitation chemistry is 
modified as the water passes through the vegetation and subsequently through the soil 
matrix onto the stream. Apart from the evaporation concentration effect, the vegetation 
exudes certain chemical species onto the leaf or trunk surface (crown leaching) and also 
captures several ionic constituents from the atmosphere (filtering effect). As has been 
described in section 2.5 the modification of the rainwater chemistry by the vegetation 
varies considerably among species, age, location, climate, seasonality and nutient status 
of the vegetation. The rainfall chemistry is further modified whithin the soil matrix. 
This modification is the result of two primary mechanisms. The cation exchange and 
the mineral weathering.

Cation exchange reactions (section 2.7.2) provide a rapid and extensive influence 
on the surface water quality. They involve the base cations on the exchange complex 
replacing protons in solution, the base cations either being leached out of the profile 
along with associated anions or readsorbed further down the profile. If however, the soil 
is an acid mineral soil typical of upland areas where exchange sites are dominated by 
exchangeable aluminium as well as hydrogen ion and if the lime potential of incoming 
waters is greater than that of the soil solution, then in these soils the dominant 
exchange will be that of base cations in solution for aluminium on the exchange 
complex. This exchange not only acidifies the drainage waters but also results in the 
release of potentially toxic monomeric aluminium ions into drainage waters.

The ability of the cations from the cation exchange sites to be leached into 
drainage waters is controlled by the availability of a “mobile anion” . In a typical 
natural soil of an unpolluted region the mobile anions are mainly HCOJ anc  ̂ organic 
anions. However, when polluted rainfall introduces SOJ" ions into the soil system, a 
fraction of it is adsorbed in the soil surfaces. The SO4 - which is not adsorbed becomes 
the dominant mobile anion, and the cation burden of the water percolating through the 
soil will be equivalent to the anions in solution. In systems where excessive nitrate 
leaching occurs, N 0 3 may become the “mobile anion” . Recent data suggest that an 
increasing fraction of N deposited from the atmosphere reaches the surface water as 
nitrate and contributes to acidification in the same manner as sulphate (section 2.7.l.l).

Long-term buffering of the incoming acidity to the soils is provided by the 
weathering of primary minerals (section 2.7.5). The weathering rate of primary minerals 
has been reported to be faster as the pH drops. At lower pH values, however, the 
presence of high aluminium concentrations suppresses the weathering rate substantially. 
Thus the resistance to acidification, given by the increased weathering responding to an
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acidic environment, disappears in the presence of high aluminium concentrations. The 
strong dependence of the weathering rate on the aluminium and hydrogen ion 
concentrations in soil solution is an important issue for the reliable representation of the 
base cation weathering rates.

Apart from the cation exchange and the mineral weathering the surface water 
acidity is determined by the natural production of H+ through the C 0 2— HC03 

equilibrium, where high concentrations of C 0 2 are expected in many forested soils due 
to plant root respiration and intense soil microbial activity. However has been pointed 
out (section 2.7.1) such a production of natural acidity is self-limiting and even at very 
high levels of C 0 2, HC03 leaching will effectively cease below about pH=4.7.

Moreover the aluminium chemical equilibria (section 2.7.3) are of major 
environmental importance due to the adverse effects of the dissolved inorganic 
aluminium on terrestrial and aquatic organisms. In spite of much progress in acid rain 
research during the last decade, hydrological and chemical processes affecting the A1 
chemistry at a catchment scale are still far from understood. Most hydrochemical 
models have initially assumed a general equilibrium with a single A1(0H) 3 phase. 
However a number of recent studies (Neal (1988), Seip et al (1989), Neal et al (1990)) 
found no thermodynamic equilibrium of Al3+ with aluminium hydroxide minerals and 
proposed a number of modifications to the aluminium part of the various hydrochemical 
models. The most popular present-day view for the aluminium system seems to be that 
the short-term stream chemistry is determined by changes in water pathways, combined 
with different aluminium controls in different soil horizons.

(2.10) MODELS OF ACIDIFICATION OF SURFACE WATER - A REVIEW

Chemical changes in aquatic ecosystems can be detected or confirmed by 
applying mathematical models to the interpretation of observed data. Modelling has 
been shown to be a very useful tool in attempts to resolve the controversies concerning 
the effects of acid precipitation on freshwater chemistry and soil properties. Some 
problems related to the effort of modelling the acidification of surface waters have been 
identified in the introductory chapter of this thesis (Chapter 1). In summary it can be 
said that the different acidification models represent a variety of approaches (from the 
very simple to the very complex, from dynamic to equilibrium descriptions, from 
empirical to highly process oriented and from short-term (event type) to long-term
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trend), they have been tested against a variety of held observations (e.g 
paleolimnological data, conservative tracer data, etc) and have been applied to a 
different number of catchments worldwide.

For the purposes of this review we shall refer to the various acidification models 
according to their level of complexity and time-step. Thus simple empirical models 
concentrate, in effect, on just one or two key processes and can be used for predictions, 
albeit with the disadvantage that important processes may have been overlooked. 
Complex mechanistic models have the advantage that if accurate mathematical 
representations of all (or the most important) of the many processes involved can be 
devised and properly related to one another, then a variety of extrapolations can in 
principle be made with more confidence.

Short-term models have been designed to investigate the responses of catchments 
on an hourly or daily basis. This modelling approach is based on the assumption that 
the level of surface water acidity will be largely controlled by the ability of the 
catchment to neutralise incoming acidity within the catchment hydrological response 
time. In contrast, the long-term models investigate the changes in catchment acidity 
that occur over decades assuming that the level of surface water acidity will be mainly 
affected by the chemical processes operating in the catchment soils which slowly reduce 
the catchment buffering capacity.

: A short-term model at the simplest level is the time series approach (CAPTAIN)
described by Whitehead et al (1986) in which H+ or other variables of interest are 
forecast from catchment outflow. The model as such is catchment specific and cannot 
be used for long-term prediction. A second level of sophistication is the BIRKENES 
model (Christophersen et al 1982) and the PULSE model (Bergstrom et al 1985) which 
are based on a sophisticated description of hydrology but a simple description of 
chemistry. Of these models the BIRKENES model has been applied to a large variety of 
catchments and, as Beck et al (1990) states, “it has stood the test of time, remaining 
intact and largely in its original form for nearly a decade” . A third level of 
sophistication is the ILWAS model (Gherini et al 1985). This model has not been 
extensively used because its very complexity places a severe limitation on its use. It 
may also be noted that this model is not a purely short term model and may be 
considered as an intermediate scale (weeks, months) acidification model.

Examples of long-term models are the Trickle Down model (Schnoor et al 1984), 
the RAINS (Regional Acidification System) model (Kamari et al 1984) and the MAGIC 
model (Cosby et al 1985a). Both the Trickle Down and the RAINS model have not been
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extensively tested against historical data while the MAGIC model has been applied to a 
wide range of catchments.

A different modelling approach (and one of the first acidification models 
developed) the HENRIKSEN model (Henriksen 1979) which enables an estimation of 
the lake acidification status to be gained from a few relatively simple chemical analyses 
of surface waters.

In this review four models will be examined i.e the HENRIKSEN, BIRKENES, 
MAGIC and ILWAS models. It is considered that these models represent a good 
selection of the different modelling approaches operating at different time-scales. The 
discussion will be mainly concerned with a survey of the various applications of these 
models. A crude discussion of the conceptual basis of the HENRIKSEN and BIRKENES 
models will be also presented here. The conceptual basis of the MAGIC and ILWAS 
models will be considered in detail in chapters 3 and 4 respectively. In general it is 
noted here that the BIRKENES, MAGIC and ILWAS models show significant 
differences in their structure and time-scale, although there is a considerable 
convergence of thought concerning the key processes. Thus to a greater or lesser extent 
all the models accept the importance (through the charge balance principle) of the 
anion mobility concept, cation exchange and the dissolution of aluminium, in 
determining short-term solution chemistry together with the importance of mineral 
weathering in determining the longer term response. Apart from these processes the 
ILWAS model has been extended to include a “biological” component, considering plant 
respiration, nutrient uptake, nitrification and decomposition of litter, which contributes 
dramatically to a more “realistic” , though much more complicated, representation of 
the natural system. These concepts are presented in Figures 2.12 (MAGIC and 
BIRKENES models) and 2.13 (ILWAS model) respectively.

(2.10.1) THE HENRIKSEN MODEL - AN EMPIRICAL TITRATION MODEL

The most widely known titration model is that proposed by Henriksen (1979) 
and expanded by Wright(1983) and Wright and Henriksen (1983). The model has been 
described as a simple “early warning” indicator that identifies lakes and rivers which are 
undergoing the first stage of acidification, i.e the loss of bicarbonate alkalinity, but have 
not yet reached the stage of marked pH decreases (Henriksen, 1979). It is based on two 
main premises: the concept of alkalinity or acid neutralising capacity (ANC) and the



Figure 2.12: The major chemical processes simulated by MAGIC and BIRKENES models



Figure 2.13: The majoMJhemical jjrocesses simulated by the ILWAS model
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electro-neutrality or ion balance principle. The electro-neutrality principle used is based 
on the sum of the major ions, corrected for sea-salt inputs, equalling the sum of major 
anions, also corrected for sea-salt inputs. Thus,

Alkalinity =[H+] +  [Ca2+] +  [Mg2+] + £  [Al3+] -  [SO*-] +  [HCO2-] (2.9)

NH4*, N 03, K , the non-marine fractions of sodium and chloride and the organic anions
are assumed negligible and
^[A l3"*’] represents all positively charged A1 species 
Following from this, Henriksen(1979) defines acidification as:

acidification =  ALK°— ALK (2.10)

where
ALK° is the “preacidification Alkalinity”

The preacidification alkalinities have been estimated from present calcium and 
magnesium concentrations on the basis of a regression equation derived from 
unimpacted areas i.e

ALK* =  0.93[Ca2+ +  Mg2+] -14 (2.11)

The constants of this relationship compensate for background non-marine sulphate and 
terms neglected (i.e sodium) in equation (2 .9 ).

In the initial version of the model, based upon regression relationships derived 
from present day species, acidification was assumed to be essentially a large scale 
titration of an alkaline solution by added sulphate equivalents. However, as stated by 
Reuss et al (1986), these relationships only demonstrate the validity of the charge 
balance principle, since with this approach it is not possible to determine whether the 
increased sulphate has increased acidification (reduced Alkalinity) or increased non
marine [Ca2+-f Mg2+]. Changes in non-marine [Ca2+-f Mg2+] for increased non-marine 
[SO|“] are likely, because the water comes into contact with vegetation, soils and 
sediments. To cope with this problem, Henriksen(1982) introduced the concept of a 
factor “F” defined as

p A[Ca2+ +  Mg2+]
A[S02-] (2 .12)
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which gives the fraction of the change in non-marine sulphate that is accompanied by a 
change in non-marine calcium and magnesium, leaving alkalinity unaffected.

The most critical issue for the utilisation of this model seems to be the 
determination of the F-factor. Henriksen (1982) calculated the “F” value by assuming 
that ALK° was equal to the background non-marine sulphate (=20/jeq/l). However, 
whilst the value of 0.2 (the increase of Ca2+ + Mg2+ is 20% of the increased SO^- ) 
derived for southern Norway is probably reasonable for pre-industrial times in 
susceptible areas, it will probably be too low for other less susceptible regions (Reuss et 
al, 1986). Values of F within a range of 0 to 0.4 will produce reasonable results. (Reuss 
et al 1986, Wright 1984, Henriksen 1980).

According to Johnson and Reuss (1984) the most worrying aspect of the use of 
Henriksen’s model is the transferability of the factor “F” , which is expected to be highly 
sensitive to the soil and hydrological conditions in the catchment area and thus highly 
variable among catchments. Moreover, the implicit assumption that the contribution of 
N 03, K+ and non-marine Na+ can be neglected, could result in errors in certain 
situations. However, although this assumption does not hold in the short term, it is 
probably acceptable for the long term or “average” situations for which the model is 
commonly used (Reuss et al, 1986).

The predictor nomograph produced from the model was able to estimate the 
correct pH range (within the ranges pH<4.7, 4.7-5.3 and >5.3) for over 85% of 155 
Norwegian lakes surveyed in October 1974 (Henriksen, 1980). Church and Galloway
(1984) however, found a discrepancy between data from the ILWAS Adirondack 
catchments and the Henriksen model when relating precipitation pH to lake chemistry. 
This was because the chemical composition of precipitation in the Adirondacks was 
different from that in the area for which the model was developed. The ratio of 
hydrogen to sulphate ions in daily precipitation samples in southern Norway was 0.80 
while that for the Adirondacks was close to 1.05, indicating that the contribution of 
sulphuric acid to the acidity of precipitation was less in the Adirondacks than in 
southern Norway. This effect was incorporated into the nomograph by adjusting the 
axes for local differences in precipitation chemistry (Wright 1984, Church and Galloway 
1984, Henriksen 1980).

A variant of Henriksen’s model has been used for prognosis, together with an 
empirical relationship between fish status and strong acid in lakes. Thus based on 1974- 
75 lake survey data, Wright and Henriksen (1983) predicted that a 30% reduction in
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excess sulphate deposition should restore 115, or 22% of the 534 lakes in southern 
Norway having fisheries problems, assuming that the F factor is 0.2. With a value of 
zero for F, 27% of the lakes would be restored and with a value of 0.4 for F, 16% would 
be restored.

Despite the uncertainties associated with the various empirical or site-specific 
relationships incorporated in Henriksen’s model, the major advantage of this model is 
its simplicity which enables an estimate of the effects of increased acid deposition to be 
gained from preliminary chemical analyses of the surface waters.

(2 .1 0 .2 ) THE BIRKENES MODEL

The BIRKENES model was designed to explain the day-to-day patterns and 
variations observed in the streamwater chemistry in the acidified Birkenes catchment, 
in southernmost Norway (Christophersen and Wright 1981, Christophersen et al 1982). 
Among the most important recurring patterns were the high acidity and high 
aluminium concentrations during periods of high discharge, the inverse relationship 
between hydrogen and calcium ions and the relatively higher levels of sulphates in the 
first stormflow following dry periods in the summer.

A two-compartment hydrochemical model was developed to describe these 
typical variations. The hydrological sub-model is presented in Figure 2.14. Hence, the 
upper compartment (important during high flow situations) was thought of as 
representing upper, acidic soil horizons rich in organic matter, and the lower reservoir 
(giving rise to baseflow) as predominantly mineral soils.

The chemistry component of the model superimposed on the hydrological model 
and consists in turn of two sub-models for sulphate dynamics and cation partitioning. 
The sulphate concentrations from the upper reservoir (Ca) are assumed to be directly 
proportional to the amount of water soluble sulphate on the solid phase (Fa), such that 
essentially a linear sulphate adsorption isotherm is obtained i.e

Ca =  K a . Fa (2.13)

Mineralisation of sulphate in the upper reservoir during dry periods is also included in 
the model by allowing Fa to increase by a fixed amount for each day the reservoir is



r  P - Precipitation

E  - Evapotranspiration 

A - Upper Reservoir 

V B - Lower Reservoir

Figure 2.14: The hydrological sub-model of the BIRKENES model
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empty.

In the lower reservoir the only process considered is adsorption/desorption. A 
non-linear isotherm has been used for the representation of the sulphate dynamics in 
this reservoir i.e

^  =  K b. (Ceq -  Cb) (2.14)

where
Ceq is the equilibrium concentration and
Cb is the concentration of sulphate in drainage water from the lower reservoir. 
Consequently, concentrations are assumed to fall exponentially towards a fixed 
equilibrium value. Also in order to prevent unrealistic buildup of sulphate 
concentrations in dry periods when evapotranspiration occurs, sulphate is removed from 
solution and transferred to the solid phase.

The cation sub-model is linked to the sulphate sub-model by the assumption that 
the sulphate concentration in each reservoir is balanced by the total concentration of 
hydrogen, calcium and magnesium (lumped together as M2+), and aluminium, and that 
the reservoirs are ideally mixed. The relationship between H+ and M2+ in the upper 
reservoir is governed by cation exchange with the adsorbed ion concentrations in the soil 
being constant, thereby leading to a constant selectivity coefficient or lime potential. 
Thus the following algebraic equations are used for the upper reservoir:

[H+] + 2 [M2+] + 3(A13+] =2[S0|-]

[A13+].[H+]-3 = Kso (Kso=1081,

[H+l
[M2 + ] 1 / 2

Ke (Kg=10-2-2)

equilibrium with gibbsite)

(2.15)

(2.16) 

(2.17)

In the lower reservoir the relationship between [H+ ] and [M2+] is assumed to be 
determined by mineral weathering. This is seen as a simple exponential decrease in [H+] 
balanced by a corresponding increase in [M2+]. This separation of cation exchange and 
mineral weathering into separate reservoirs, however, has been criticised by Reuss et al
(1986) who suggested that it would be more realistic to incorporate both processes in
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each reservoir. In order to reproduce the observed data at Storgama, in Norway the 
model was modified to include a snow reservoir, the anions nitrate and bicarbonate as 
well as a relationship between the solution concentration of bicarbonate and carbon 
dioxide (Christophersen et al, 1984).

The Birkenes chemical model was later modified for application to sub
catchment number 4 at Harp Lake, Ontario, Canada, including organic anions in both 
reservoirs and somewhat different sulphur dynamics (Rustad et al, 1986). In the same 
work the hydrological model was modified to include a “piston flow” component, 
whereby in certain circumstances water from the upper reservoir displaces an equal 
amount from the lower reservoir. The model performed with a good degree of success for 
the period May 1977 to April 1982. This same model was then used, without major 
modification, on three streams in the Harp Lake basin (DeGrosbois et al, 1986). For 
each catchment, the hydrological part of the model was calibrated with a limited 
number of parameters using 8  months of data, and simulations were produced for the 
period July 1980 to May 1984. The model was reasonably successful in predicting daily 
hydrology in all three streams while the sulphate sub-model was found to perform fairly 
well. The model has been further extended by Grip et al (1985) to include the chloride 
anion. At Plynlimon in Wales, however, Neal et al (1988a) found that the model was 
unable to reproduce chloride dynamics and they suggested several methods by which 
the model structure could be modified. The main suggestions were a representation of a 
dynamic interchange of water between the upper and the lower reservoirs and/or a 
semi-mobile chloride store in the upper reservoir.

The Birkenes model has had variable success in predicting observed values at 
different sites but the results show that the processes included in the model can explain 
a major part of the observed episodic and seasonal variations in streamwater chemistry 
at several different sites (Reuss et al 1986, DeGrosbois et al 1986).

Seip et al (1986) used the BIRKENES model to predict the changes in freshwater 
chemistry resulting from changes in emissions of sulphur and nitrogen compounds. As 
with the Henriksen model, the BIRKENES model does not explicitly allow for prognosis 
and the predictions arrived at are only speculative. Model calculations showed 
considerable changes in streamwater pH as a result of halving or doubling the sulphate 
inputs, even where the lime potential of the soil was kept fixed. Increases of 0.4 to 0.9 
pH units were obtained for halving the sulphate inputs, for water pH in the range 4.6 to
5.2. The pH of highly acidic water (pH<4.5) responded less to sulphate reduction. 
Simultaneous changes in both deposition and lime potential may, however, result in
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surface water pH shifts of about one unit. Christophersen (1987) concluded that for 
barren catchments with shallow soils and chronically acidic streams, an increase in the 
soil base status together with reductions in sulphate concentrations would be necessary 
to improve streamwater chemistry substantially. For streams where streamflow is 
considerably more acidic than baseflow and where baseflow contains at least some 
bicarbonate, reduced sulphate concentrations alone could be sufficient to restore the 
alkalinity.

Wheater et al (1986b) used the BIRKENES model to discuss ambiguity in 
parameter identification. A new technique was proposed which uses different modes of 
response within the data to improve parameter idntification.

(2.10.3) THE MAGIC MODEL

MAGIC (Model of Acidification of Groundwater In Catchments) model is a 
dynamic process-oriented model of intermediate complexity. The model uses a lumped 
representation of the chemical reactions in soils to describe the gross chemical behaviour 
of catchments and to make long term predictions ( > 1 0 0  years) of responses in water 
quality and soil properties. A simple set of twenty four reactions is used to describe the 
equilibrium between dissolved and adsorbed ions in the soil water system. This set of 
equilibrium reactions is used to determine the soil and streamwater pH, alkalinity, 
aluminium, base cation and strong acid anion concentrations. The MAGIC model has a 
moderate data requirement and can be applied to a new catchment fairly easily. 
Although it has been tested successfully against historical trends, the model was 
designed to make long term predictions ( > 1 0 0  years) which cannot be verified as such. 
Detailed documentation of the processes considered by the MAGIC model is presented 
in Chapter 3.

The MAGIC model was developed in the Department of Environmental Sciences 
in the University of Virginia, Charlottesville, U.S.A. Initially it has been tested on the 
basis of 3 years of soil water and streamwater chemistry data from White Oak Run 
(WOR), a second order stream which drains a small forested catchment in Shenandoah 
National Park, Virginia (Cosby et al 1985a, 1985b). Future predictions have been 
made for the water quality in this stream under three different deposition scenarios, i.e 
continued deposition at the 1984 level for the next 140 years, 50% reduction of the 1984 
level over the next 2 0  years followed by constant deposition at that level for the
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remaining 120 years and complete reduction to the background level in 1985. The model 
predicted that either no reduction or even a 50% reduction in deposition would result in 
further depression of streamwater pH. The reduction of deposition to background levels 
would reverse the trend, although the recovery would be prolonged (Cosby et al, 1985b). 
The long delay between the reduction of acidic deposition and recovery of water quality 
predicted in this particular application is contradictory to observations of a relatively 
fast recovery seen in field studies of acidified lakes in Scandinavia and Scotland 
(Fosberg et al 1985, Battarbee et al 1988). However, the soils in these latter areas have, 
in general, only low levels of sulphate adsorption, unlike those assumed in the W.O.R 
catchment. Calibration of the model for Scottish catchments by Neal et al (1988b) does 
suggest a recent stabilisation in lake acidification, which corresponds with the trends 
observed from diatom and lake water data by Battarbee et al (1988).

One of the most interesting applications of the MAGIC model has concerned four 
lakes, for which paleolimnological evidence of changes in pH and alkalinity was 
available, in the U.S, Scotland, Sweden and Norway (Wright et al, 1986). In all four 
cases the model produced historical pH and alkalinity reconstructions which were within 
the range of uncertainties inherent in both the model and the methods of diatom 
analysis used for comparison.

The MAGIC model has also been applied to several catchments in the uplands of 
Britain. The first application was in the moorland Dargali Lane, a sub-catchment of 
Loch Dee, in Galloway, southwestern Scotland (Cosby et al, 1986b). This location was 
selected in order to assess how well the model would perform in an area subject to high 
sea-salt inputs. The simulations indicated that the conceptual basis of the model is well 
founded, with the model predictions following the historical reconstruction by 
paleoecological analysis. Stream acidity trends were also investigated assuming two 
scenarios for future deposition. Assuming deposition rates are maintained in the future 
at 1984 levels the model indicated that stream pH would decline, while a 50% reduction 
in deposition rates over the period 1985-2005, resulted in a slight increase in 
streamwater pH which, however, remained constant once the deposition reduction was 
complete. Later work at Loch Dee (Neal et al, 1986b) involved the use of MAGIC as a 
tool to investigate the effects of coniferous afforestation and/or acidic deposition on 
streamwater acidity. In this work the influence of the afforestation was confined to 
increased dry deposition and evapotranspiration and no allowance was made for biomass 
uptake and changes in the hydrological pathways. Despite these limitations the 
simulations indicated that coniferous afforestation can have a significant deleterious
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effect on streamwater acidity.

In addition, the MAGIC model has been applied to one moorland (CI5) and one 
forested catchment (LI1) in the Welsh Uplands at Llyn Brianne (Whitehead et al,
1987). The results of this study are similar to the results obtained from the Loch Dee 
catchments, and suggest that if the deposition rates are maintained in the future at the 
1984 levels, the annual average streamwater pH is likely to continue to decline while the 
50% reduction in the deposition rates would conserve the current streamwater acidity.

A more recent application of the MAGIC model in Plynlimon, Wales, has been 
reported by Whitehead et al (1988). The model was applied to one grassland catchment 
(C2) in the Cyff catchment of the upper Wye and one forested catchment (F2 ), planted 
with Sitka Spruce in 1949, in the Hore catchment of the Upper Severn. The simulation 
results suggested a high background pH with a decreasing trend accelerating in the 
period 1940-1970. When a forest was allowed to grow in the grassland catchment, the 
model produced a present day chemistry similar to that of the forested catchment. This 
was achieved by increasing the marine salts by a factor of 60% and sulphate by a factor 
of 80% during the period 1949-1959, the approximate dates of afforestation and canopy 
closure at Plynlimon. These results illustrated that the dry deposition and 
evapotranspiration rates are dominant factors, and other effects such as uptake of 
cations by the growing trees may be of less importance to the final equilibrium 
chemistry. However, such a speculation may be an oversimplification in the sense that 
the assumed increase in the amount of deposited salts and sulphate is arbitrary and may 
subsume the effect of other processes such as cation uptake. The model was also used to 
predict the effects of constant and reduced atmospheric deposition rates on streamwater 
acidity. The results showed that with future deposition reduced by 50% over the next 
20 years, the pH recovers considerably and the aluminium levels fall to their 
preacidification levels, although there is no further improvement after the cessation of 
reductions in 2004. If the future deposition remains at the present-day levels the model 
also predicted a recovery of these variables (a rise in pH and a fall in aluminium) but 
not to the same extent.

The MAGIC model has also been applied to the unforested Allt a’ Mharcaidh 
catchment in the Cairngorm region of Scotland (Jenkins et al, 1988). An optimisation 
procedure was applied to all the major parameters of the model (included the sulphate 
adsorption parameters) assuming that the catchment consists of entirely organic soil, 
mineral soil or a “mean” catchment soil. When an organic acid source was included in 
both the soils and the stream, the streamwater pH was underestimated by 0.5 units.



CHAPTER 2: LITERATURE REVIEW  -58-

The authors suggested that “further work is necessary on this aspect of the MAGIC 
model as organic matter simply acts as a further source of H+ and no account is taken 
of cation complexation and chelation” . The optimised value of the sulphate adsorption 
parameter was found to be very high (14.4 meq/Kg) and contrary to the findings of 
other investigators (e.g Singh 1984, Singh and Johnson 1986) for similar soils. Moreover, 
an unjustified increase in soil base saturation was predicted by the model, for the 
“mean” soil, from the onset of acidification up to the present day.

The MAGIC model has also been tested against data from the RAIN (Reversing 
Acidification in Norway) project. This project comprises two parallel large-scale 
manipulations in which the chemistry of precipitation is experimentally changed over 
headwater catchments in order to investigate consequent changes in runoff chemistry. 
Wright and Cosby (1987) used data from untreated control catchments in the MAGIC 
model to predict the response in runoff chemistry and compared the predictions with 
measurements from the first 1.5 or 2 years of treatment at the manipulated catchments. 
The model predicted a substantially more rapid response to change in sulphate loading 
at Sogndal than was observed during the first two years of treatment. The catchment 
retained a larger fraction of the added sulphate than predicted. At Risdalsheia the 
predicted and observed concentrations of sulphate during the first 1.5 years of treatment 
agreed to within 20%. By summer 1985, runoff from both catchments had similar 
sulphate concentrations. For Risdalsheia the difference between predicted and observed 
sulphate levels lay within the uncertainties in measurements of the lumped soil 
properties used as input parameters to MAGIC. The results for Sogndal suggested that 
additional processes in the soil, such as sulphate reduction and biological uptake, may 
be of significance. The general agreement between predicted and observed alkalinity 
levels shows the predictive strength of the MAGIC model (Wright and Cosby 1987).

Regional applications of the MAGIC model have been recently reported in the 
literature. One regional approach was undertaken by Musgrove et al (1988) in an 
analyis of lakes in the Galloway region of Scotland and by the United Kingdom Acid 
Waters Review Group (1988) for 120 streams and rivers in Wales. In all cases the 
simulated distribution of the major acidity indexes is close to the observed distribution 
suggesting that the model has captured the principal features of water quality across the 
study areas.

Further application of the MAGIC model in the British Uplands has been 
undertaken during this study. The model was applied to two forested and one moorland 
catchment in Scotland as well as to one forested catchment in Wales. A comparison of
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the model’s prediction for the historical stream pH trend, with paleolimnological data is 
also included. In addition, the model was used to predict the streamwater changes 
resulting from partial forest felling and the results were compared with experimental 
data. Moreover, future predictions have been designed to include 3 deposition scenarios 
i.e., constant future deposition at the present day level, 50% reduction over the next 20 
years and 100% reduction over the next year. The results of this study are discussed in 
Chapter 3.

(2.10.4) THE ILWAS MODEL

The Integrated Lake Watershed Acidification Study (ILWAS) model is the most 
comprehensive model of acidification of lake catchments developed to date. The model 
routes water into a network of homogeneous compartments and calculates the 
concentrations of 16 dissolved constituents by simulating the biogeochemical reactions 
taking place in each compartment. Both hydrological and chemical processes are 
simulated by means of sub-models to describe individual fluxes. Detailed description of 
the ILWAS model is included in Chapter 4. As for the BIRKENES model, the ILWAS 
model is based on the philosophy that long-term calibration data are not available, so 
confidence in a model must be established by the ability to reproduce dynamics within 
a single season or a few seasons at most.

The model was developed and calibrated using 4 years, (1977-1981) data from 
three forested catchments (Woods, Panther and Sagamore) in the Adirondack Park, 
New York, U.S.A. One year of data, from September 1978 to August 1979, was used for 
the initial calibration and the simulation period was extended for a further two years to 
test the outcome. In general good agreement was found between model simulations and 
observations (Goldstein et al 1985, Gherini et al 1985, Chen et al 1984).

The ILWAS model has been used to predict the response of two catchments to 
halving the total atmospheric sulphur deposition, both wet and dry (Gherini et al, 
1985). Input data for the years 1978 to 1980 were used and repeated four times to create 
1 2  years of simulation data. The results of the simulation suggest that the response to 
changes in sulphur loading is specific to the particular catchment. The change of pH in 
Woods Lake, with a present typical lake pH of 4.5 to 5, in response to a halving of 
sulphur deposition, was much greater than at Panther Lake, with a present typical lake 
pH of 6  to 7. Much of the response occurred within the first few years at each lake. 
Woods Lake responded more quickly while the smaller change in Panther Lake took
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considerably longer to occur.

As already noted, the ILWAS model was developed on the basis of studies in the 
Adirondacks in the U.S.A. For these sites there is some published material on 
verification of the model. This material is, however, limited to discharge comparisons 
(Chen et al, 1982) together with alkalinity and pH at the Panther Lake outflow (Gherini 
et al, 1985). Whilst these studies indicate the ability of the model to reproduce the 
major features of the observed behaviour, this can not be considered a critical test and 
therefore the predictions for changes corresponding to halving the sulphur load must be 
considered with caution (Reuss et al, 1986).

The first reported application of the ILWAS model outside its development area 
was at the 70% forested Green Burn and the open moorland Dargall Lane sub
catchments, at Loch Dee, in the Galloway area of south west Scotland (Farley, 1989). A 
different calibration procedure has been used for the two sub-catchments. Each sub
catchment was subdivided horizontally into 6  segments. The Dargall Lane sub
catchment was vertically sub-divided into three soil layers while the Green Burn was 
formulated as a simple two layer representation. The hydrological part of the ILWAS 
model was calibrated for one year (1983) and it was verified for two subsequent years 
(1984-1985) in both sub-catchments. The model was found to reproduce reasonably well 
the mean daily flows in the two sub-catchments.

Since no information on the ambient air quality in the area was available, the 
chemical part of the ILWAS model has been driven by the mean monthly ion 
concentrations measured in bulk precipitation. All the chemical variables related to the 
vegetation cover have been taken from the ILWAS data-base for the Panther Lake 
catchment in the Adirondacks, U.S.A.

The soil mineralogical data, with the exception of the mineral weathering rate 
coefficient and the percentage by weight of the mineral in the soil layer, were also taken 
from the Panther Lake data base. The soil density, the cation exchange capacity and 
the adsorbed cation concentrations, required by the soil chemistry part of the model, 
were derived from field measurements, whereas anion adsorption data were taken from 
the literature. Finally the soil solution chemistry and the cation selectivity and anion 
adsorption coefficients have been treated as calibration parameters. The model was 
again calibrated for 1983 and verified for 1984 and 1985. Overall, for both sub
catchments the simulated mean monthly concentrations for both the calibration year 
and the verification years show a poor degree of correspondence with the observed 
concentrations, with the simulated concentrations exhibiting, in general, a considerable
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smoothing of the observed response.

The study also includes a sensitivity analysis performed upon the moorland 
Dargall Lane catchment for the calibration year 1983. The hydrological parameters 
adjusted included the horizontal permeabilities, the saturation moisture content, the 
field capacities, the thicknesses, the percentage of roots in each soil layer and two 
stream segment hydrological parameters. The chemical variables adjusted were the 
monthly litterfall rates, the foliar exudation amplification factors, the chemical 
composition of the canopy vegetation, the weight fractions of litter and fine litter in the 
upper horizon, the litter breakdown rates, the weathering rate dependence on hydrogen 
ion concentration, the cation exchange capacities, the adsorbed ion concentrations and 
the initial soil solution chemistry. The analysis indicated that of the hydrological 
variables the model is most sensitive to the depth and the permeability of the lower soil 
horizon. Similarly to Gherini et al (1985) and Chen et al (1984), this study also 
emphasised the importance of hydrology (shallow versus deep flow) in determining the 
neutralisation of incident precipitation. Of the chemical variables studied only two, the 
initial soil solution concentrations and the weathering rate dependence on the soil 
solution hydrogen ion concentration, were found to have any influence on the simulated 
streamwater chemistry.

In the present study the ILWAS model has been applied to two adjacent 
forested catchments (D3 and D4) in the Beddgelert area, North Wales. Its application 
to catchment D4 was achieved without recalibrating the model, thus providing a 
validation of the model. Considerably more comprehensive site-specific data have been 
used for both the canopy and the soil mineralogy than was the case for Farley’s study. 
Since bulk precipitation collectors are likely to underestimate significantly the amount 
of dry deposition (Johannes et al, 1985), an attempt was made to use the ambient air 
concentrations as calibration variables, varying them between levels specified in the 
literature for similar rural areas in Wales. The calibration and verification of the model 
is presented in Chapter 4.

The need for quantitative predictions of the effects of acid deposition on 
terrestrial and aquatic systems has led to the development of conceptual models of 
catchment soil water and streamwater chemistry. Since a complete stringent theory for 
the complex processes determining the catchment response to acidic deposition is not 
yet available, most of these models capture these “key” processes by simple 
representations which are based on our understanding and conceptualisation of the 
surface water acidification problem. As such all these models generate the necessity for
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identification of their structures and estimation of their parameter values. However the 
quantity and quality of the existing data sets in most of the catchments worldwide, can 
not support a rigorous identification of these models. In spite of sparse time series of 
data, there is much that can be learned from the process of applying a model to 
different data sets or alternatively different modelling structures to the same data set. 
The information gained can be used to analyse the model structures, to delete 
components that have no demonstrable effect on the variables of interest or even to 
adopt new structures. Such exercises may also indicate new or different data that can be 
brought to clarify the problem.



THE MAGIC MODEL - CALIBRATION AND VERIFICATION
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(3.1) INTRODUCTION

The stream acidification with the simultaneous loss of fisheries observed on a 
large scale throughout the British Uplands (Harriman and Morrison, 1982, Stoner et al, 
1984, Harriman and Wells, 1985) has been attributed to two principal causes, acid 
deposition and conifer afforestation (Rosenqvist, 1980, Battarbee 1984, Krug and Frink, 
1983). In chapter 2 a review of the current knowledge for the various physical and 
chemical mechanisms resulting in streamwater acidification and an assessment of the 
different acidification hypotheses has been presented. In addition it has been indicated 
that the role of mathematical models is essential, in establishing the relative importance 
of the acidification mechanisms and assessing different U.K management strategies to 
prevent a further degradation of streamwater quality in Britain.

To illustrate the importance of both acidic deposition and conifer afforestation a 
modelling study with the MAGIC model has been undertaken to investigate the long 
term changes in stream acidity in four catchments in Southwestern Scotland and North 
Wales.

MAGIC (Model of Acidification of Groundwater In Catchments) is a simple 
conceptual model of soil water and streamwater chemistry, developed in 1985 in the 
Department of Environmental Sciences in the University of Virginia, U.S.A. Since 1985 
the model has been tested to a wide range of catchments most of which within the U.K. 
A review of the performance of the model on some of these sites was also included in 
Chapter 2.

The MAGIC model has its roots in the model developed by Reuss (1980,1983). 
The Reuss model consists of a simple system of reactions describing the equilibrium 
between dissolved and adsorbed ions (H+ , Ca2+, Al3+, SO^- , Cl” , HCO3 ) in the soil- 
water system. This system of reactions has been later (Reuss and Johnson, 1985) 
expanded to include two more aluminium species Al(OH) and Al(OH) 2 and the effect 
of elevated carbon dioxide partial pressure in soils. As well as encompassing the Reuss 
and Johnson approach, the MAGIC model has been extended to include all the 
important cations and anions in streamwater as well as a more complete representation 
of the complexation reactions involving the dissolved aluminium.

Thus the MAGIC model consists of a set of equilibrium reactions which 
determine the soil water and streamwater pH, alkalinity, aluminium, base cation and
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strong acid anion concentrations. This set of equilibrium reactions has been inserted 
into a larger dynamic model which includes long-term variation of deposition, processes 
for production and retention of strong acid anions (e.g sulphate adsorption) and base 
cations (e.g primary mineral weathering) and a description of the catchment hydrology. 
The coupled dynamic model is used for long term prediction of the response of surface 
water acidification to different deposition scenarios.

(3.2) C O N C E P T U A L  B A S I S  O F  T H E  M O D E L

The equilibrium sub-model of the MAGIC model is sub-divided into three parts:

• Soil water cation exchange reactions
• Inorganic aluminium reactions
• Dissolved inorganic carbon reactions

These reactions are represented by a total of 24 equations (Table 3.1), containing 33 
variables and 21 parameters of which 16 are thermodynamic constants. Thus the 
system includes:

4 basic cations, i.e Ca2+, Mg2+, K+ and Na+ ,
4 strong acid anions, i.e Cl , F , N 0 3 and SO2-  

4 i

13 inorganic aluminium species, i.e Al3+, Al(OH)^"r, A1(0H)J, Al(OH)g, A1(0H)4, 
A1F2+, A lF j, A1F3, A1F;, A lF f , A1F|-, A1(S04)+ and A1(S0 4 )2 ,
3 inorganic carbon species, i.e C 0 0, HC03 and C 0 3 

The ions into which the water is dissociated, i.e Ĥ * and OH
The exchangeable cation fractions, i.e ECa, EMg, EK, ENa and EAh
The Base saturation BS
The Partial pressure of C 0 2 (PC 02)
The aluminium solubility constant KAi
4 selectivity coefficients SAICa, SCaNa, SMgNaand SKNa and
16 thermodynamic equilibrium constants which are functions of temperature, i.e

2+

KA)l> Kai2> Ka,5, Ka,4, Kai5> Ka ,6, KAi7, Ka ,8, Ka ,9, Ka ,io, KAill, KA,i2, K Co 2i, 

^ C ° 2 2  ’ ^ C0 2 3 an(  ̂ K w .
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Table 3.1
The MAGIC model equilibrium equations 
Soil-Water Cation Exchange Reactions
1 . EA| + E Ca-f EMg+ Ek + ENa- l
2. B S = E Ca+ EMg+ Ek+ ENa =  l - E A|

,  (N a+}2 . E Mg e 
' {Mg2+}. EN a2 MgNa

{Ca2+} 3. EAI2 

4- {Al3+ } 2. E c a 3 bAICa
{N a + } .E K _ e 
{K +}. ENa KNa

{Na+ } 2. ECa 
' {Ca2+ } 2. ENa2 CaNa

Inorganic Aluminium Reactions

7. {Al3+} y
{H+}3

i 2 + i  r t r +„ {Al(0H)2+}.{ H+ } 
{Al3+}

{A1(0H)+}. {H+ } 29.

10.

{Al3+}
=K A C

{Al(OH)3}. {H+ } 3 I<

11. = K A L

{Al3+}

{a i (o h );h h + }4
{Al3+}

1 2  {A1F2* }  _
{A13+ }{F~} ai=

Inorganic Carbon Reactions

A C

13  {A1F+} _
' {A13+ }{F ' } 2 a '6

14. {A1F3}
{A13 + }{F - }

K,"13 Al?
ie {A1F4-} y  

{A13 + }{F - } 4 a i 8

16_JaifT l =k
{A13 + }{F ' } 5 a '9

n  (A1F1~} -k  
'{A13+ } {F ' } 6 a'io

{A1(S04)+} 
'{Al3+ }{S O ^ } ai“

19. -I<
{A13+ } {S 0 4 - } 2 a ' 12

20. { C ° 2( a q ) } Y
P C 0 2 C ° 2 1

{C03-}{H+}
{HCOj} C°23

21.
{h c o ; } { h+ } _ t/

{C 0 2(aq)} -

23. {H+ }.{O H "}=K w

Ionic Balance
24.(H+ )-(O H ')+2 (C a2+)+2(Mg2+)+ (K + ) + (Na+)+3(Al3 + )+2(Al(OH)2+) + (Al(OH)J) 

-(A l(0H );)+2(A lF2+) + (A lF j)-(A lF ;)-2 (A lF |-)-3 (A lF |-)  + (Al(S04)+ ) -  
(A1(S04)2) - ( C l ') - ( F ')  -  (NOj) -  2(S02-) -  (HCCQ -2(C O |-)=0
W h e r e  b r a c k e ts  in d ic a te  a ct iv it ie s  a nd  p a re n th e s e s  in d ic a te  m o la r  c o n c e n t r a t io n s
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(3.2.1) THE SOIL CATION EXCHANGE REACTIONS
o  I

It is assumed that only A1 and the four base cations are involved in the cation 
exchange process between soil and soil solution. The cation exchange reactions 
incorporated in the model are:

2A13+ + 3CaX2 =  3Ca2+ + 2A1X3 (3.1)
Ca2+ +  2NaX =  2Na+ + CaX2 (3.2)
Mg2+ + 2NaX =  2Na+ + MgX2 (3.3)
K+ + NaX =  Na+ + KX (3.4)

where

CaX2 , A1X3, MgX2 , NaX and KX denote cations adsorbed on the soil and 
Al3+, Ca2+, Mg2+, Na+ and I<+ denote cations dissolved in the soil water.

Any other exchange reactions between pairs of cations can be written as algebraic 
combinations of these four equations. For instance, the exchange

Ca2+ + MgX2 =  CaX2 + Mg2+

is equivalent to (3.2) minus (3.3). Thus if equilibrium expressions for the reactions 3.1 
to 3.4 are written, the equilibrium expressions for all other cation exchange pairs are 
fixed.
The total cation exchange capacity (CEC) of the soil is defined by 

CEC= [CaX2] +[A1X3] + [MgX2] +  [NaX] +  [KX] (3.5)

where

the adsorbed concentrations in the soil are in meq/lOOgr

Rearrangement of the equation 3.5 gives the first equation in Table 3.1. In this equation 
E denotes the equivalent fraction of an exchangeable ion e.g E£»a =  [CaX2]/CEC. The 
second equation in Table 3.1 is the definition of the base saturation (BS) of the soil.
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By writing the equilibrium expressions for the exchange reactions in 3.1 through
3.4 and replacing the activities of adsorbed cations by their equivalent fractions and the 
molar concentrations of aqueous cations by their activities the equations (3) through (6 ) 
in Table 3.1 are obtained. These equations are known as the Gaines-Thomas equilibrium 
equations. According to Cosby et al (1985a), in these equations the selectivity 
coefficients (S’s) are not true thermodynamic equilibrium constants and may vary from 
soil to soil and from time to time for a single soil. Therefore, the selectivity coefficients 
must be treated as calibration parameters.

(3.2.2) THE SOLID AND AQUEOUS PHASE ALUMINIUM REACTIONS

It is assumed that the concentration of Al3+ in soil water is in equilibrium with 
some solid phase of A1(0H)3. Thus the reversible reaction

3H+ + A1(0H)3(s) -  Al3+ + 3H20

is assumed to occur instantaneously as the aqueous concentrations of H+ and Al3+ 
vary. The equilibrium expression for this reaction results in the seventh equation of 
Table 3.1. As for the selectivity coefficients, the constant KA) is also a lumped value 
characteristic of the entire catchment and therefore is treated as a calibration 
parameter. However, as stated by Cosby et al (1985a), the value of KA) must be within 
the range of 1 0 8,11 to lO10,80 which are the thermodynamic equilibrium constants for 
synthetic gibbsite and amorphous aluminium trihydroxide respectively. The other
aqueous phase reactions of Al3+ ii.e

Al3+ + H20  -  A1(0H)2+ + H+

a i3+ + 2H20 -  Al(OH)J + 2H+
a i3+ + 3H20 -  A1(0H), + 3H+
a i3+ + 4H20 -  Al(OH); + 4H+
a i3+ + F “ - A1F2+
a i3+ + 2F “ - a if J
a i3+ + 3F~ - ■ A1F3

a i3+ + 4F" -h• a if ;
a i3+ + 5F~ - • a if |-
a i3+ + 6 F" - • a if 3-
ai3+ ■ f sol~ ■-  A1(S04)+
a i3+ + 2 SO4 ” -  A1(S04)3-
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are represented by the equations (8 ) through (19) in Table 1. The thermodynamic 
equilibrium constants for these reactions do not vary from catchment to catchment 
being only functions of temperature.

(3.2.3) GASEOUS AND AQUEOUS PHASE C 0 2 REACTIONS

It is assumed that soil water is in equilibrium with C 0 2 in the soil air. The 
reactions involved are the dissolution of C 0 2 followed by the hydration of C 0 2 to form 
carbonic acid to produce bicarbonate, carbonate and hydrogen ions, i.e

C 0 2 (g) -  C 0 2(aq)

h 2o  + co2(aq) -  h 2c o 3
H 2C 0 3 H +  +  H C 0 3 
H C 0 3 -  H + + CO^"
H 20  H 4 + O H "

The equilibrium expressions for these reactions result in equations (20) through (23) in 
Table 3.21. The equilibrium constants for these reactions are also a strong function of 
temperature.

(3.2.4) ELECTRONEUTRALITY

The principle of charge balance requires that

X > ici=° (3.6)

where

.fhc- is the molar concentration of the iLn charged species in solution and z- is the 
charge of that species. The charge balance for the model is given by the twenty forth 
equation in Table 1.

(3.2.5) CALCULATION OF STREAMWATER CONCENTRATIONS

The model assumes that when water leaves the soil matrix and is exposed to the 
atmosphere the excess C 0 2 in the water degasses. This shifts the carbonate-bicarbonate 
equilibria and changes the pH. The pH change results in changes in the concentrations
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of the aluminium species as equilibrium with the assumed solid phase of A1(0H) 3 is 
restored. However, since the water is no longer in contact with the soil matrix, 
exchanges of base cations and aluminium with the soil matrix can no longer occur. Thus 
the streamwater concentrations are calculated by resolving the system of equations in 
Table 3.1 at a lower partial pressure of C 0 2 while ignoring the exchange reactions 
(equations (1 ) through (6 )). Consequently, the concentrations of the four base cations 
and the four strong acid anions do not change as soil water becomes surface water and 
are not affected by physical processes such as dilution.

(3.2.6) DEFINITION OF SOIL WATER AND STREAMWATER ALKALINITY

Soil water alkalinity is defined in the model as the stoichiometrically weighted 
sum of the concentrations of all proton acceptors minus the concentrations of all proton 
donors in the soil water.

Alk= (HCOj) + 2 (0 0 3 ')  + (OH") +  (A1(0H);> -  (H+ )
-3(Al3+ >-2(Al(OH)2+ )-(Al(O H )J) (3.7)

The units of alkalinity are eq/1. The model assumes that alkalinity is a conservative 
variable. Thus as soil water passes into the stream, excess C 0 2 is degassed and the 
resultant changes in pH cause supersaturation of A1 with subsequent precipitation of 
A1(0H)3. However, as C 0 2 degasses and Al3+ precipitates the changes in (HC03), 
(C 0 3 ), (H"r) and the aluminium species in equation (3.7) offset each other such that 
the alkalinity in sum remains unchanged. Therefore, the soil water alkalinity is always 
equal to the model streamwater alkalinity.

(3.2.7) MASS BALANCE EQUATIONS

As has already been mentioned, the equilibrium sub-model consists of 33 
variables, 2 1  parameters and 24 equations. Given values for 2 1  parameters (sixteen 
thermodynamic constants and 5 calibration parameters), nine of the variables must be 
known to achieve a solution to the simultaneous equations. Hence, given a discrete time 
series of measured values of any nine variables, the values of the remaining 24 variables 
are determined at each time step by the equations, and the values are chosen for the 
parameters. The model assumes that the concentrations of the strong acid anions (S0^“ , 
Cl~, N 0 3 and F~) and the base cations (Ca2+, Mg2+, Na+ and K+ ) are the same in
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streamwafcer and soil water. Therefore, the streamwater time series of concentrations of 
these ions can be used for seven of the nine variables required to drive the model. 
Although F concentrations are not usually measured on a routine basis in catchment 
studies, indication exists that these concentrations are always small ( < 1  /teq/l) and 
relatively constant (Cosby et al, 1985a). Thus for each time step when the streamwater 
measurements of the other strong anions are available, it is assumed that the total 
fluoride concentration is equal to 1 /ieq/1.

The time series of one more variable must be specified to close the problem. 
However, as stated by Cosby et al (1985a), the exact value of any of the remaining 
variables is not known for any time when a stream sample is available. Hence, the 
missing variable must be treated as an additional parameter to be estimated. Because 
the sodium streamwater concentration shows little variation in the streamwater (e.g 
over a 3 years period in the WOR catchment the catchment where the MAGIC model 
has been developed and validated) the fraction of adsorbed sodium (ENa) has been 
chosen as the.;fixed model parameter. Therefore, in applying the model there are 22 
parameters to be estimated, sixteen of which are equilibrium constants and their values 
are taken from the literature. The remaining six parameters are SCaNa, SMgNa, SKNa, 
SA1Ca, I<A| and ENa. To reduce the dimensionality of the problem it was assumed that 
^CaNa=  SMgNa. Thus there are 5 lumped parameters which have to be calibrated for 
each catchment being studied.

It must be emphasized that in addition to the identification of the model 
parameters, the model requires prior estimation of initial values of eight variables thus 
adding complexity to the calibration problem. The values of the eight variables that 
must be known to solve the equilibrium equations can be obtained by considering the 
input-output chemical mass balance of the catchment as a whole. Thus

^  =  F x + Wx -  Q.(X)-n (3.8)

where
XT is the total amount of ion x in the catchment (eq/m2)
Fx is the atmospheric flux of that ion
Wx is the net up take-release flux of the ion {eqm-2time~l )
X is the total molar concentration of the ion in streamwater 
n is the charge of the ion 
Q is the volume flow of the stream
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Atmospheric and net uptake-release fluxes are inputs to the model and their 
temporal trajectories must be specified.

The total amount of each base cation in the catchment (XT) is equal to the 
exchangeable fraction times the total cation exchange capacity of the catchment (CEC) 
in eq/kg times the bulk density of the soil per unit area (kg/m2) plus the aqueous 
concentration times the pore water volume (V) of the soil per unit area. The strong acid 
anions CP, N 03, F “ do not have an adsorbed phase in the model. The total amounts of 
these ions depend only on the pore water volume of the catchment and the total 
aqueous concentration of each anion. However, it is assumed that sulphate does have an 
adsorbed phase (Es in eq/kg). The relationship between adsorbed and dissolved 
sulphate is assumed to follow a Langmuir isotherm i.e

Emx • (SO *')
5 (C + (SO *-))

where
Emx is the maximum sulphate adsorption capacity of the soils (eq/kg)
C is the half saturation constant of the adsorption process (eq/m3) and 
(S04~) is the dissolved sulphate concentration (eq/m3)

According to Cosby et al (1985b), such nonlinear sulphate adsorption processes produce 
asymmetric dynamics of soil sulphate concentration responses to changes in atmospheric 
deposition.

The model assumes that the soil water is in continuous contact with the soil. 
Thus according to Cosby et al (1986a), the total quantity of sulphate per unit area of 
the catchment (in meq/m2) is:

S 0 4 tot=D-B-Es + D .P .(S04)

where
D is the soil depth (m)
B is the soil bulk density (kg/m3) and 
P is the porosity of the soil

Moreover, if the weathering and uptake rates of sulphate are insignificant, then 
equation 3.8 is transformed to the following equation 3.11

3.10)

(3.9)
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dS04tot pi 
dt m -  Q-(S04) (3.11)

Combining the derivatives of equations 3.10 and 3.11 with 3.10 yields an expression of 
the rate of change of sulphate concentration in the catchment outflow water i.e

dSO
dtp  =  1 [ F lu x JQ  -  (S 0 4)] (3.12)

where
Tc is the characteristic time of sulphate concentration in soil and surface waters in 
the catchment i.e

Tc ■ P-D m , B-Emx-C 
Q P-[C + (S0 4 ) ] 2

(3.13)

(3.2.8) SOLUTION TECHNIQUE

Once initial conditions (initial values of eight variables in the equilibrium 
equations) have been established, the equilibrium equations are solved for soil water and 
streamwater concentrations of the remaining variables. These concentrations are used to 
calculate the streamwater output fluxes of the model for the first time step. The mass 
balance equations (eq. 3.8) are numerically integrated over a time step, providing new 
values of the total amounts of base cations and strong acid anions in the system. These 
in turn are used to calculate new values of the remaining variables, new streamwater 
fluxes and so forth.

(3.2.9) LIMITATIONS/WEAKNESSES OF THE MAGIC MODEL

Once the conceptual basis of the MAGIC model has been described it is 
important to consider the most important limitations to its implementation.

Firstly the model does not incorporate a hydrological sub-model. The various 
chemical processes that control the streamwater chemistry were initially assumed to 
take place in the bottom soil horizon. This horizon, at the WOR catchment, is always 
the last horizon in contact with runoff prior to exposure of the soil water to the 
atmosphere. However, it soon became apparent that this is not always the case. For 
instance in catchments with shallower soil cover (e.g Birkenes, Norway) the soil water is
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in contact with the upper horizon during high-discharge periods and the lower horizon 
during low-discharge periods (Christophersen and Wright, 1981). Thus the model was 
later modified to include two soil horizons with separate soil characteristics. The 
streamwater chemistry was then controlled by the relative water flux through each 
horizon. Moreover, the model assumes that the contact between the soil and the 
incoming water is sufficient so that the reactions can proceed to near equilibrium. 
However there are still some significant features of the catchment hydrology which are 
ignored by the model. For instance the soil water may move to the surface water with 
little or no contact with the soil (e.g direct input to the stream, overland or “macro
pore” flow) and this can produce significant differences to the streamwater chemical 
characteristics.

Secondly the formulation of the model does not explicitly incorporate biological 
processes and it is therefore unlikely that the model will be able to answer questions 
relatively to the precise role of catchment afforestation and deforestation. Moreover the 
model does not include a separate lake module and as such, it ignores several significant 
chemical transformations occurring in a lake (e.g algal nutrient demands).

In addition there are several model limitations in respect to the mathematical 
formulations of the chemical processes considered. Thus the model assumes a constant 
weathering rate throughout the simulation period which has been criticised by several 
authors in the literature (e.g Sverdrup and Warfvinge, 1988), although Wright et al 
(1986) contend that the use of a pH-dependent weathering rate has very little influence 
on the reconstructed lake pH and alkalinity. Furthermore the release of aluminium in 
MAGIC is controlled largely by reactions which assume the solubility of gibbsite which 
is now known to be scarce in many catchments to which MAGIC has been applied. As 
for many ecological models this model is particularly sensitive to errors in aluminium 
chemistry, in view of its prominence in the empirical relationship and a more refined 
view of the aluminium hydrochemical behaviour has had to be introduced. For instance 
Neal et al (1989a) using Welsh regional data showed that the Al levels are better 
predicted by disallowing Al precipitation in the stream. In another study Neal et al 
(1989b) proposed that, until a more refined weathering/cation exchange structure is 
identified, the power relationship between Al3+ and H+ has to be reduced from 3 to be
2 . Moreover the use of the non-linear Langmuir sulphate adsorption isotherm is of 
critical importance in the implementation of the model. Thus according to Reuss et al 
(1986) the sulphur dynamics in MAGIC may be too simple for reliable long term 
predictions and the neglect of mineralisation may result in serious errors in estimating
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the response to reduced deposition. Another limitation of the the Langmuir isotherm is 
that it does not include any hysterisis. Thus adsorption and desorption follow the same 
curve and all sulphate retained by catchment soils must be removed before sulphate 
concentrations in catchment waters return to predeposition levels. However if the 
adsorption process is only partially reversible (as is usually the case) then the desorption 
or recovery response times of sulphate concentration will be considerably shorter. Thus 
as stated by Cosby et al (1986a) the MAGIC model gives an estimate of the maximum 
time required for a catchment to return to the preacidification levels.

(3.3) C A L I B R A T I 0  N O F  T H E  M A G I C  M O D E L

As has been described in the previous sections, the MAGIC model is an 
aggregated process-oriented mathematical model based on an “average” or “lumped” 
representation of some key processes, namely base cation exchange, aluminium 
dissolution, carbon dioxide solution, mineral weathering and sulphate adsorption. By 
definition, such an aggregated “conceptual” model can be easily implemented on diverse 
systems with a minimum of a priori data.

The research reported in this chapter is an investigation of the ability of the 
model to reproduce and explain the current and past observed behaviour of three 
forested and one unforested catchment in the UK, based on the mean annual rainfall 
and runoff chemistry and a few hydro-geochemical characteristics of the study 
catchments.

Two of the forested catchments, BURN10 and BURNll, lie in the Duchray area, 
in the Queen Elizabeth Forest Park at Loch Ard, S.W Scotland (Figure 3.1). This area 
is located in Southwestern Scotland, 40 km north of Glasgow, and has since 1952 
undergone an intensive afforestation programme predominantly with Sitka Spruce (Picea 
Sitchensis Carriere). According to Harriman and Morrison (1982), the streams draining 
these two catchments are no longer capable of sustaining a viable fish population. The 
unforested catchment (Loch Tinker) is also located in the Loch Ard area, approximately 
8 km to the north of streams BURN10 and 1 1 .

The third forested catchment is located in the Beddgelert area, in the Snowdonia 
mountains, N. Wales. It is located at a distance of 12 km from the coast and is also 
forested with Sitka Spruce trees. The Beddgelert area has been extensively monitored 
since 1982 by researchers at the Institute of Terrestrial Ecology, Bangor, N. Wales. A 
detailed description of this study site, i.e physical and chemical properties,
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Figure 3.1: Map of Duchray and Loch Chon areas showing stream numbers, sampling 
sites (x), and precipitation collection sites (R). The inset shows the location 
of the site in Scotland.
(Source: Harriman and Morrison, 1982)
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instrumentation, data collection, e.t.c., is covered in the following chapter (Chapter 4). As 
most of this detail is unnecessary for the needs of the macroscopic MAGIC model, and 
in order to avoid duplication, reference will be made at the relevant section of chapter 4 
if it is appropriate. Within the Beddgelert Forested area the model has been applied to 
a small forested sub-catchment (sub-catchment D4) which is 8 8 % occupied by Sitka 
Spruce trees. In this particular sub-catchment afforestation took place in two phases i.e., 
28% of the forest was established between 1931 and 1936 with the other 60% being 
established between 1951 and 1961. Experimental felling of 28% of the sub-catchment 
took place in 1984. Felling was done by “conventional” means i.e leaving all felling 
debris on site, while the timber was extracted by cablecrane.

(3.3.1) SOIL CHARACTERISTICS OF THE STUDY CATCHMENTS

According to Hudson and Hipkin (1985), the Loch Ard area lies to the north of a 
complex fracture zone known as the Highland Boundary Fault, while the rocks are 
referred to as the Dalradian Upper Pelitic and Calcareous Group of metamorphic 
igneous rocks. This Dalradian Assemblage consists of fine grained slates of the chlorite 
zone of metamorphism, phyllites and mica-schists with psammatic bands and thin 
bands of limestone. Tertiary dykes also occur in the region. The cool wet exposed 
climate has favoured the formation and accumulation of organic materials which form 
the surface horizons of peaty gleys and peaty podzols and sometimes are deep enough to 
form peat over significant areas.

In the Beddgelert area the underlying geology is primarily Ordovician slates with 
dolerite intrusions while soils are predominantly ferric stagnopodzols formed in a variety 
of drift and colluvial materials derived mainly from local bedrock (Stevens and 
Hornung, 1988). A more detailed description of the geology of the Beddgelert area is 
presented in section 4.3.2.

The total area of the BURN10 and BURN11 catchments is 0.85 and 1.45 km2 

respectively (Fourth River Purification Board, 1986) while there is no information for 
the catchment area of Loch Tinker. The total area of catchment D4 is 0.47 km2 

(Stevens, 1989a). In the Loch Ard area, the soil was assumed to consist of one soil 
layer, 0.9m in depth (Wheater and Langan (1987), for the nearby Loch Chon 
catchment), with uniform characteristics. In catchment D4, the soil was sub-divided 
into two layers with the upper layer including the soil horizons L, F, 0 , Ah and Eag
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and the lower layer the horizons Bs and Bs/C, the physical characteristics of which are 
summarised in Table 4.1. Overland flow has been considered to be insignificant in both 
the study areas (Langan pers. com. 1987, Stevens pers. com. 1988).

The soil temperature has been measured in the Beddgelert area every month, 
with digital thermometers installed in 73 dip-wells (40 cm in length and 2 cm in 
diameter). The mean soil temperature for the period 1984-1985 was found to be 7.7°C. 
The soil temperature in the Loch Ard area was set equal to 6 °C as shown in Table 3.2.

The soil cation exchange capacity (CEC) for the Loch Ard area was assumed to 
be 100 meq/kg. This value is, according to Bown et al (1982), typical of many peaty 
podzols and peaty gleys in Southwestern Scotland. For the Beddgelert area the cation 
exchange capacities reported by Stevens et al (1989a) have been used. Since these values 
are referred to each one of the five soil horizons (L+F+O , Ah, Eag, Bs and Bs/C), as 
shown in Table 4.14, the weighted average has been used for the derivation of the CEC 
of the two soil layers i.e a value of 85 and 20 meq/kg for the upper and the lower 
horizon respectively.

The choice of the maximum absorption capacity (Emx) is crucial to the implementation 
of the model. A non-linear adsorption isotherm is used for the representation of the 
adsorption phenomenon and this introduces a pronounced asymmetry in responses to 
increased as opposed to decreased deposition. In most of the UK applications of the 
model (with the exception of its application to Dargall Lane by Cosby et al (1986)) this 
constant was treated as a calibration parameter. In the present study literature values 
have been used for both sulphate adsorption parameters (Emx and C) in the three 
forested catchments. The maximum adsorption capacity Emx, was set equal to 0.1 
meq/kg, while the half saturation concentration C, was assumed to be equal to 150 
meq/m3. These values are characteristic of podzolic soils with low sulphate adsorption 
capacity (Singh, 1984). Moreover recent lake diatom data, for the period 1981-1986 for 
the Galloway area Southwest Scotland, suggest that there is a trend towards 
progressively decreased acidification (Battarbee et al, 1988). This further suggests that 
catchments in southwest Scotland respond in a matter of a few years to the decreased 
acidification inputs and therefore their sulphate adsorption capacity is low.

Accurate determination of the values of both the sulphate adsorption 
characteristics and the soil cation exchange capacity is a very difficult task. Apart from 
showing large spatial variability these parameters can be determined by a variety of 
analytical procedures and this makes the direct comparison of results problematic. 
Cosby et al (1985b) state that the sulphate adsorption parameters may vary by several
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Table 3.2
Description of the Soil Characteristics of the Sites of Application
of the MAGIC model

BURN 10 BURN 11 TINKER BEDDGELERT
Depth (cm)
Horizon 1 1 0 0 1 0 0 1 0 0 21

Horizon 1 — — — 59
Porosity(%)
Horizon 1 45 45 40 55
Horizon 2 - - — 45
Bulk density (kg/m3)
Horizon 1 1450 1450 1600 1 2 0 0

Horizon 2 — — - 1450
CEC (meq/kg]
Horizon 1 100 1 0 0 1 0 0 85
Horizon 2 - - - 2 0

Temperature (°C)
Horizon 1 6 6 6 8

Horizon 2 - - - 8

Str./Lake 6 6 6 8

Table 3.3
Hydrological Balances in the Sites of Application of the MAGIC 
model

BURN 10 BURN 11 TINKER BEDDGELERT
Mean annual precipitation (mm) 

1800 1800 1800 2800

Evapotranspiration losses (%) 
25 25 15 35

Mean annual runoff (mm) 
1350 1350 1530 1820
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orders of magnitude. More specifically, they consider that ranges from 0 to 20 meq/kg 
for Emx and 1 to 1000 meq/m3 for C encompass the majority of values reported in the 
literature.

The soil bulk density is calculated by the model, once porosity is known and by 
assuming that the specific gravity of the mineral soil is 2.65, according to the equation:

B =  (l-P)-2650 kg/m3

Using an average porosity of 0.45 the soil bulk density for the Loch Ard Area 
catchments was found to be 1460 kg/m3. Both the porosities and the soil bulk densities 
of the four catchments are presented in Table 3.2. Accurate determination of the soil 
bulk densities is also very difficult to achieve. The soil densities vary considerably 
within a catchment soil, being dependent on several different factors such as percentage 
of organic matter, soil type e.t.c. In general it can be stated that the levels of 
uncertainty associated with the various estimates of the model parameters are high, as 
independent data on a catchment scale for most of these parameters are very difficult to 
obtain.

(3.3.2) HYDROLOGICAL CHARACTERISTICS OF THE STUDY CATCHMENTS

The MAGIC model is implemented using average hydrologic conditions, i.e mean 
annual precipitation and streamflow volume. If time steps shorter than one year are 
used, the model may be driven by partitioning the annual precipitation and streamflow 
into smaller segments and weighting each segment according to the within-year 
variation of precipitation and the stream hydrograph. The mean annual precipitation 
and streamflow volumes for all the 4 catchments are presented in Table 3.3.

Thus the mean annual rainfall for the period 1941 — 1970, measured by the 
Fourth River Purification Board (1986) at Duchray Castle, Loch Ard, is 1800 mm. The 
evapotranspiration losses have been taken from the literature (Whitehead et al 1987, 
Neal et al 1986b, Whitehead et al 1986). The mean annual rainfall amount for the 
period 1982 — 1986, measured by precipitation collectors within the Beddgelert area is 
2800mm. The average evapotranspiration losses for an extremely wet (1982 — 1983 with 
mean annual rainfall 3252mm) and an extremely dry year (1983 — 1984 with mean 
annual rainfall 2181mm) have been estimated to account for 3 5 % of the incoming
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rainfall (Stevens et al 1989b).

(3.3.3) CHEMISTRY OF THE STUDY CATCHMENTS

Having estimated the average rainfall and runoff volumes for the study 
catchments the next step was to calculate the atmospheric deposition of base cations 
and strong acid anions. This was achieved using the concentrations of each ion in 
precipitation and the precipitation volume.

A basic assumption of the MAGIC model is that the catchments were in steady 
state with constant background levels of deposition prior to 1846. A 140-year deposition 
history was estimated for both study areas (Loch Ard and Beddgelert) based on historic 
sulphur dioxide emissions records. The emissions data used were those estimated by the 
Warren Spring Laboratory for anthropogenic sulphur dioxide emissions for the United 
Kingdom for the period 1850 to 1981 (Warren Spring Laboratory, 1983). The deposition 
curves for both study areas were assumed to have an identical shape to the regional 
emission data. The trajectory for each ion that increased in concentration between 1846 
and 1986 was scaled to this shape. Those ions that did not increase in concentration 
between 1844 and 1984 were assumed to have flat trajectories. The shape of this 
deposition curve is given in Figure 3.2. The vertical scale is relative, ranging from 0 (no 
increase above background) to 1 (the present day deposition in excess of background).

Wet deposition calculated in this manner was increased by a constant factor (dry 
deposition factor) representing the increase in the anion and cation loading due to the 
enhanced filtering effect of the trees on air and occult sources. Inputs by dry deposition 
are estimated indirectly, by assuming that all the annual net output of chloride is 
balanced by annual dry deposition.

The time sequence of the dry deposition factor has also to be provided and can 
be estimated in accordance with the forest plantation dates. Instead of the dry 
deposition factor itself, the model uses a scaling factor which determines the level of the 
term relative to the background and present values e.g. a scale factor of 0  is equal to the 
background dry deposition and a scale factor of 1 is equal to the present day dry 
deposition. Thus for the Beddgelert area, which is today 8 8 % forested, the scaling 
factor remains zero up to 1931. Between 1931 and 1936, 32% of the catchment was 
planted and therefore the dry deposition increases from 1931 up to 1946 when it is 
assumed that trees reach their full foliage development and therefore their greatest



FIGURE 3.2
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ability to capture dry deposited matter (10 to 1 2  years after planting) (Stevens, 
pers.com, 1989). The scaling factor is constant between 1946 and 1951 when it starts to 
increase again with the second part of afforestation up to the year 1971 (10 years after 
the afforestation was completed in 1961). The dry deposition remains constant from 
1971 up to the present day. In a similar manner, the historic sequence was estimated for 
the dry deposition scaling factor, for catchments BURN 10 and 11 (as presented in 
Table 3.5).

The average rainfall and runoff chemistry for the catchments in the Loch Ard 
area have been provided by Harriman pers. com. (1988). In the Beddgelert area both 
the rainfall and the runoff mean annual concentrations for 1983 have been derived from 
the weekly values provided by Stevens (pers com., 1988). These data are presented in 
Table 3.4. However, if the same precipitation chemistry was used for Loch Tinker as for 
catchments BURN10 and BURN11 then the net output of chloride would have been 
significantly lower than the net input by wet deposition alone as shown in Table 3.4. 
This could be attributed to an un-representative sample used for the determination of 
the Loch Tinker chemistry. In order to be able to apply the model to that catchment 
the precipitation chemistry had to be modified. Hence, for Loch Tinker an alternative 
procedure has been adopted. The dry deposition factor was assumed to be equal to 1.2, 
which is typical of many upland moorland catchments (Whitehead et al, 1987) and the 
chloride concentration in precipitation has been calculated so that the total net output 
of chloride, from wet and dry deposition, is balanced by the net input. The precipitation 
concentrations of the other ions have been proportionally adjusted according to their 
ratios to chloride in the precipitation chemistry given for catchments BURN10 and 1 1 . 
The resulting precipitation chemistry for Loch Tinker is shown in brackets in Table 3.4. 
The dry deposition factors found for the rest of the study sites are presented in Table 
3.5.

The precipitation chemistry for the pre-acidification period has also to be 
supplied as an input to the model. It is assumed that the background precipitation was 
unpolluted, containing ionic constituents which were all of maritime origin. Thus in the 
Beddgelert area the background precipitation chemistry was calculated from the sea and 
non-sea derived components of the present-day concentrations estimated by Reynolds et 
al (1984). As no similar data were available for the Loch Ard area study sites, it was 
assumed that the background concentrations of chloride, sodium, magnesium and 
potassium are the same as the present-day concentrations. The background 
concentrations of sulphate and calcium have been adjusted so that the pH in the
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Table 3.4
The Observed Rainfall and Runoff Chemistry for Streams Burn 10, Burn 11 and 
Loch Tinker in the Loch Ard area and D3 in the Beddgelert area.

Rainfall Runoff Runoff Rainfall Runoff Rainfall Runoff
Iona Burnl0,ll BurnlO Burnll Tinker Tinker D4 D4
Ca2+ 18.0 71.0 61.0 (10.4)b 85.0 19.0 80.0
Mg2+ 24.0 79.0 60.0 (13.9) 37.0 30.3 70.5
Na+ 1 0 2 . 0 2 1 1 . 0 199.0 (59.0) 97.0 1 2 2 . 8 273.4
K+ 5.0 5.0 4.0 (2.9) 7.0 5.9 5.4
n h ; 30.0 < 1 .0 < 1 .0 (17.3) - 18.2(0.0/ 1 .1

SO *“ 64.0 132.0 1 0 1 . 0 (37.0) 51.0 79.9 145.4
c r 116.0 278.0 256.0 (67.0) 79.0 136.5 313.0
n o ; 24.0 2 1 . 0 5.0 (13.9) 4.0 17.8(36.0) 55.7
pH 4.52 4.46 4.35 6.30 4.68 4.62
A1 — 32.0 2 0 . 2 1.7 - 66.7
Year of
Record 1986 1986 1986 1987 1983 1983

a all th e  ion c o n c e n t r a t io n s  are in / ieq/ l e x c e p t  pH

b th e  va lu e s  in b r a c k e ts  re present  an e s t im a t io n  o f  th e  ra in fa ll  c h e m is t ry  fo r  L o c h  T i n k e r  (see text)

c the  va lue s  in b r a c k e ts  in ita l ics  re present  a m a n ip u la t io n  o f  th e  o b se rve d  ra in fa l l  c h e m is t ry  in

c a t c h m e n t  D 4

Table 3.5
Dry Deposition Factor and historic sequence of the dry 
deposition scaling factor

BURN10 BURN 11 TINKER D4
1 .8 1 .6 1 .2 1.5

Historic sequence of the dry deposition scaling factor
YEAR BURN10 BURN 11 TINKER D4
1846 0 0 0 0
1931 0 0 0 0
1946 0 0 0 0.4
1951 0 0 0 0.4
1952 0 0 0
1962 1.0 1.0 0
1971 1.0
1986 1.0 1.0 0 1.0



CHAPTER 3: MAGIC MODEL -79-

background precipitation chemistry agrees with the precipitation pH measured in 
remote areas of the world i.e in the range 4.79 to 4.96 (Galloway et al, 1982). It was also 
assumed that there is no effective net change in the deposition of nitrate, since as stated 
by Cosby et al (1985b), any increase in deposition of the nitrogen species will be 
immediately matched by an increased biological uptake of these species. The 
background precipitation chemistry for each one of the four catchments is given in 
Table 3.6. As shown in this table there are significant differences between the 
background precipitation concentrations of Loch Tinker and BURN10/11. This 
peculiarity is attributed to the fact that the present day precipitation chemistry of Loch 
Tinker has been modified in order to be able to perform the simulations, as it has been 
explained above.

Similarly to the model input parameters, there is uncertainty in the estimation 
of both the deposition sequences used to drive the model and the background 
precipitation chemistry. Time series data of the quantity and chemistry of precipitation 
delivered to a catchment are available for relatively few intensively studied catchments 
and these data typically extend over only a few years. Although this explains why 
models of the hydrochemical response of catchments tend to concentrate on predictions 
of the short-term behaviour (e.g BIRKENES, ILWAS), it can not obviate the need for 
long-term predictions.

(3.3.4) CALIBRATION PARAMETERS USED IN THE MAGIC MODEL

Calibration of the MAGIC model was performed using" a trial and error 
procedure. The basic calibration parameters of the model were the selectivity 
coefficients and aluminium constants. In addition the weathering rates of the three 
cations (calcium, magnesium and sodium) and the partial pressure of carbon dioxide 
(for the soil matrix ) have been treated as calibration parameters. The
reason for this was the lack of any information regarding the mineral weathering and 
carbon dioxide dissolution process, particularly in the Loch Ard area catchments.

The uptake rates of the potassium, ammonium, nitrate and sulphate ions (four in 
the soil and four in the stream compartment) were also treated as calibration 
parameters. The model considers that all the incoming nitrate is taken up by the biota. 
This assumption is not valid for the present study sites where a significant output of 
nitrate occurs particularly in the BURN10 catchment.
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It must be noted that in order to reduce the number of the parameters 
determined by the calibration procedure the weathering and uptake rates, the P C 02, 
the K a1 and the selectivity coefficients have all been assumed to be the same in both 
soil layers in the Beddgelert area. Thus a total of nineteen parameters has been 
estimated by a trial and error procedure so that:

• the simulated streamwater concentrations for eleven ions match the observed 
values

• the simulated present-day, background and the historical sequence of the 
base saturation is within a predetermined range

The first step of the calibration procedure was to adjust the ammonium, nitrate 
and potassium uptake rates so that the simulated present-day streamwater 
concentrations of these ions agree with the observed ones. The resulting values for the 
uptake rates are shown in Table 3.7. As shown in this table there is a complete uptake 
of ammonium in all study sites in the Loch Ard area. However nitrate is only partially 
retained by the vegetation, especially in BURN10 and Loch Tinker catchments. As 
shown in Table 3.4, the nitrate output in the Beddgelert area is significantly higher 
than the nitrate input in the precipitation, mainly due to the high rates of nitrification 
occurring in the acid soils of the site (Stevens et al 1989b). In that case the present-day 
precipitation concentration was modified by including enough NOg to produce the same 
net charge as the sum of NH^ and N 0 3 currently measured in the precipitation, as 
proposed by Cosby et al (1985b) and Cosby et al (1986a). The resulting values of nitrate 
and ammonium in precipitation are shown in brackets (in italics) in .the same table.

The next step was to reproduce the observed sulphate concentrations in 
streamwater. As explained in section 3.2.7 the model assumes that there is an adsorbed 
phase of sulphate and the relationship between adsorbed and dissolved sulphate follows 
a Langmuir isotherm depending on two constants, namely the maximum adsorption 
capacity (Emx) and the half saturation concentration (C). The values for these two 
constants were taken from the literature for soils with very low ability to adsorb 
sulphate, as explained in section 3.3.1.

These simulations resulted in streamwater concentrations of sulphate which 
were considerably higher than the observed values. This overestimation may be ascribed 
to the procedure used to determine the dry deposition of sulphate (from the chloride 
balance) which may have resulted in an overestimation of the sulphate input to the
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Table 3.6
Background precipitation chemistry

Rainfall Runoff
Ion BURN10,11 TINKER D4
Ca2+ 8.5 4.0 7.8
Mg2+ 24.0 13.9 27.9
Na+ 1 0 2 . 0 59.0 1 2 2 . 8

K+ 5.0 2.9 5.1
/vhJ 0 0 0

SOl~ 15.0 1 0 . 0 2 0 . 0

cr 116.0 67.0 136.5
NO l 24.0 13.9 0

Table 3.7
The major calibration parameters used in the application of the MAGIC 
model in four upland catchments

B U R N 10 B U R N 11 T IN K E R D4
W eathering ra te s ( m e q m ' y e a r - 1 )
C a 5 9 55 36
M g 15 8 15.5 2.5
N a 0 0 2 2 . 2 . 0

I< 0 0 0 0

P artia l Pressure of C 0 2( P C 0 2)

Soil 0.027 0.027 0 . 0 1 0.027
S tr ./L a k e 0 . 0 0 2 0 . 0 0 2 0.003 0.003

K AI
Soil io 8-6 i—* o 00 Cft

1 0 9 ° i o 10-9

S tr ./L a k e io 8-4 1 0 7 -9 1011-5 1 0 9 2

U ptake rates (%)
n o ; -35 -84 -50 -31.5
N H | - 1 0 0 - 1 0 0 - 1 0 0 0

K + -57 -62 0 -60
Selectiv ity  Coefficients

lo gS (A lC a) 0.29 0.29 4.29 0.09
logS(A lM g) 3.9 3.9 3.90 2.9
logS(A lN a) -1.7 -1.7 - 1 .0 -1.7
lo gS (A lK ) 0. 0. -0.50 0
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catchment. Alternatively a higher sulphate adsorption may take place in the 
catchment. Another explanation could be that there is an effective sulphate uptake by 
the vegetation. Since it was desirable to keep the sulphate adsorption at very low levels, 
an uptake of sulphate by the vegetation was considered in the three forested 
catchments. As for nitrate, ammonium and potassium, the sulphate uptake rates were 
determined by a trial and error procedure so that the streamwater sulphate is 
adequately reproduced. The optimised values were 27.5% for stream BURN11, 20% for 
stream D4 and 13% for stream BURN10. However, Loch Tinker is unforested and 
therefore no sulphate uptake can be introduced in this catchment. Consequently, the 
simulated outflow concentrations of sulphate can be adequately reproduced only if some 
adsorption is assumed to take place in the soil of this particular catchment. Thus by a. 
trial and error procedure, the half saturation constant was found to be 300 meq/m3 and 
the maximum adsorption capacity 3.1 meq/kg.

Having reproduced the concentrations of the major anions in streamwater the 
next step was to match the cation streamwater concentrations. For potassium this was 
achieved very easily by adjusting the uptake rates in a manner similar to that used for 
ammonium, nitrate and sulphate. The streamwater concentrations of the rest of the 
cations were reproduced by adjusting simultaneously the mineral weathering rates and 
the selectivity coefficients (SALBC). In fact a positive (or negative) perturbation in one 
of the weathering rates increased (or decreased) the streamwater concentrations of all 
the cations, but the relative magnitude of this increase or decrease depends on the 
cation selectivity coefficients. Moreover the choice of the selectivity coefficients must be 
such that the model gives a reasonable current and background soil base saturation. 
Thus the chosen set of weathering rates of the four base cations is such that for an 
initial base saturation, when the model is run for the 140 year period, it arrives at 
values for the present-day streamwater chemistry that agree with the measured present- 
day values. The values of the selectivity coefficients used in the four study catchments 
together with the mineral weathering rates are also presented in Table 3.7.

The final step of the calibration procedure was the representation of the 
streamwater concentrations of hydrogen (or pH) and aluminium ions. This was achieved 
by a suitable adjustment of the partial pressure of C 0 2 (PC 02) and the constant of the 
equilibrium of the Al3+ with some solid phase of Al(OH) 3 (KA!). Both values of P C 0 2 

and K a, have to be provided as inputs to the model. However, as stated by Cosby et al 
(1986), the value of P C 0 2 measured directly at some single point of the catchment may 
not be representative of the catchment as a whole. Thus P C 0 2 is considered as a
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parameter whose value is ascertained for each catchment by an appropriate calibration 
procedure. Moreover the model requires a lumped value of KA, characteristic of the 
entire catchment within the range of 1 0 8 ' 11 to lO10,80 which are the thermodynamic 
equilibrium constants for the dissolution of synthetic gibbsite and amorphous 
aluminium trihydroxide respectively as discussed in section 3.2.2. Thus, both the values 
of Ka , and P C 0 2 in the soil and stream for the four study catchments, shown in Table 
3.7, have been selected by a trial and adjustment procedure such that the simulated 
streamwater A1 and H match the empirically determined values of these variables. 
However, perturbation of these two parameters within an acceptable range of values i.e, 
from 1 0 ’ 3 to 1 0 ' 1 and 1 0 7 ‘5 to 1 0 13" 5 for P C 0 2 and KA( respectively, according to Cosby 
et al (1985), did not result in an accurate estimation of the streamwater pH of stream 
BURN1 1 . The pH of this stream is lower than that of the adjacent stream BURN10. 
Thus an amount of organic acid equal to 14 //mol/1 has been added to the stream in 
BURN11 so that the model can successfully reproduce the streamwater pH.

In addition to the observed streamwater pH, some other principal differences 
between streams BURN 10 and BURN 11  emerged from the calibrated parameters shown 
in Table 3.7: firstly, in the relative proportions of the calcium and magnesium 
weathering rates; and secondly in the nitrate uptake rates. These differences result from 
the higher streamwater calcium and magnesium concentrations in stream BURN10 
compared with stream BURN11 ( the difference is much greater for magnesium than for 
calcium as shown in Table 3.4). Moreover there is substantially higher output of nitrate 
in BURN 10 than in BURN 11 and therefore the calibrated nitrate uptake rates are much 
higher for the latter. Given that the two catchments are adjacent and have the same 
geological and vegetation-cover characteristics, the lower base cation concentrations in 
stream BURN11 can only be justified by a portion of the acid deposition not entering 
the soil matrix and moving to the surface water as overland or “macro-pore” flow. 
However this explanation could not justify the observed lower concentrations of the 
nitrate and sulphate in stream BURN1 1 .

Comparison of the parameters for the Loch Ard and the Beddgelert area 
catchments indicates that the mineral weathering rates are much higher for the 
Beddgelert area. High calcium losses in the Beddgelert area have been discussed by 
Hornung et al (1986c) and several potential sources within the drift material have been 
identified.

The results of the application of the MAGIC model to the four study catchments 
will be presented in the following section. These results will be separated into three
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parts. In the first part model estimation for the reconstructed trajectories (background 
to present day) of the main acidification indexes namely, sulphate, pH, sum of base 
cations, alkalinity and aluminium will be analysed. The second part covers the model 
prediction for these indexes over the next one hundred and forty years under four 
different acid deposition scenarios. In the last part the ability of the MAGIC model to 
reproduce short-term (over a three year period) changes in streamwater chemistry 
resulting from partial deforestation of catchment D4, is discussed and analysed.

(3.4) R E S U L T S

(3.4.1) MODEL PREDICTION OF THE HISTORICAL (BACKGROUND TO
PRESENT DAY) SEQUENCE OF THE STREAMWATER ACIDIFICATION

The volume weighted mean annual concentrations of the main chemical 
constituents in streamwater agree well with the measured values of these constituents at 
all the study sites, as shown in Tables 3.8 to 3.11.

The model is unable to reproduce the observed present day lakewater pH of 6.3 
for Loch Tinker. This may be attributed to the fact that sampling of Loch Tinker took 
place on 17/7/87 (Harriman pers.comm. 1989) and therefore the observed pH may be 
unrepresentative of the mean annual lake pH. Moreover, the pH reconstruction obtained 
from diatom stratigraphy at the same Loch (Battarbee pers.comm. 1988) suggested a 
present-day pH of about 6.0.

The model predicts that the soil base saturation decreases from the onset of 
acidification up to the present day at all the study sites. Thus in catchment BURN10 
the base saturation declined from 9.5% to 8 %, in BURN11 from 10.2 to 9.8% and in 
Loch Tinker from 13.8 to 13.1. The estimated base saturations from soil survey data for 
similar soils in Southwestern Scotland, are 5-10% (Mitchell and Jarvis 1956, Bown et al
1982). In the Beddgelert area the model predicts a much more rapid decline of the B.S 
from the preacidification level of 23.4% to 9.6% at the present day. The predicted 
present-day level of the B.S in the Beddgelert area is consistent with field 
measurements in the area (Hornung et al 1987). Even though the acidic deposition 
decreased significantly from 1965 up to the present day, as shown in the figure of the 
historical reconstruction (Figure 3.2) the model predicts that the base saturation of the 
soils continued to decline during that period.
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The preindustrialization levels of pH in precipitation were found to be 4.8 for 
catchments BURN10 and BURN11  and 5.0 for Loch Tinker which are within the range 
of the values reported by Galloway et al (1982), for remote areas of the world.

The reconstructed trajectories of the sulphate, pH, alkalinity, sum of base cations 
(SBC) and aluminium are presented in Figures 3.3 to 3.22. Figure 3.14 also includes the 
reconstructed pH values provided by Battarbee (pers. comm. 1988). As shown in 
Figures 3.3, 3.8, 3.13 and 3.18 the concentrations of sulphate show accelerating rates of 
change in response to the increased atmospheric deposition of sulphate.

The low value assumed for the maximum adsorption capacity of the soils 
(Emx=:0 T meq/kg) results in low characteristic sulphate response times (equation 3.13) 
the effect of which is the rapid response of sulphate concentration to the step change in 
sulphur deposition. In fact, as stated by Cosby et al (1986a), the curve of the sulphate 
response for Emx=0 is coincident with the step change in sulphur deposition and the 
dynamics are controlled only by the hydrological response time. In contrast, the effect 
of increasing Emx in Loch Tinker is to delay the response of sulphate concentration to 
the step change in sulphur deposition. The effect of the other sulphate adsorption 
parameter, the half saturation constant, C, is non-linear. Thus, very small and very 
large values of C produce rapid responses to decreased sulphur inputs because the soils 
are either saturated (small C) or do not adsorb much sulphate to the new steady state 
(large C). For intermediate values of C an increase in the response times is expected for 
an increase in the half saturation constant. Hence, the higher value of the half 
saturation constant in the Loch Tinker leads to the increased sulphate response times 
found for this catchment. The maximum adsorption capacity is more important than 
the half saturation constant in determining the catchment response, in the sense that 
estimated total response times are more sensitive to values of Emx than to values of C 
(Cosby et al 1986a, Hornberger et al 1986). Moreover, according to Cosby et al (1986a), 
the variation of the characteristic response time, Tc, in a catchment shows the effects of 
the degree of soil sulphate saturation. Thus regardless of the value of C or Emx the value 
of Tc decreases as sulphate concentration (and thus adsorbed sulphate) increases. 
Hence, the catchments BURN10 and 11 show higher response times than catchment D4 
in the Beddgelert area, because of the lower soil solution levels of sulphate, resulting 
from the lower precipitation inputs of sulphate in these catchments. Beyond a certain 
point, however, the effect of the higher precipitation inputs diminishes as both areas are 
becoming saturated.

The reconstructed trajectories of pH for the four study catchments are shown in
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Figures 3.4, 3.9, 3.14 and 3.19. As shown in Figures 3.4 and 3.9 the pH reconstruction is 
similar for BURN 10 and BURN1 1 . Thus the pH declines from its preacidification 
value, reaching a minimum in 1966. In BURN10 the pH remains constant between 1966 
and 1986, while there is a recovery of the pH in BURNll between these years. In Loch 
Tinker the model predicts a constant pH throughout the reconstruction period of 140 
years. The non-marine levels of sulphate in precipitation in the Loch Tinker catchment 
were assumed to be lower than in the other study catchments. This, combined with the 
fact that the dry deposition inputs in Loch Tinker have not increased significantly 
during the 140 years, leads to constant pH values during the simulation period. Thus 
the model was unsuccessful in reproducing the pH reconstructed values provided by 
Battarbee pers. comm. (1988). Another difference between the Loch Tinker and 
BURNS10 and 11 is that in contrast to the other ions, the measured calcium 
concentrations are much higher in Loch Tinker and therefore much higher weathering 
rates of calcium have been assumed for that catchment as shown in Table 3.7. The high 
weathering rates of calcium resulted in high pH values in the lake. However, for high 
values of pH (low values of H+ ) the aluminium concentrations in streamwater are zero 
for the range of KA! of 108 1 1  to lO10-8 as is apparent from equation 7 in Table 3.1. Thus

Q  I

in order to reproduce the measured levels of A1 in the lake, the value of KA! selected 
was 1011'5, which is equal to the maximum value of KA) used by Cosby et al (1985a) in 
the Regionalised Sensitivity Analysis undertaken on the MAGIC model. In the 
Beddgelert area the model predicts a rapid decline in pH from the preacidification value 
of 6 . 8  up to the present day value of 4.6, as shown in Figure 3.19.

The reconstructed trajectories of alkalinity are shown in Figures 3.5, 3.10, 3.15 
and 3.20 for catchments BURN10, BURNll, Loch Tinker and D4 respectively. As 
shown in these figures the alkalinities decline sharply with the onset of acidification. 
Negative alkalinities occurred in all three forested catchments as early as in 1903 in 
catchment D4 and 1906 in catchment BURNll although not until 1946 in BURN10. 
Recovery of the alkalinities occurred in all three catchments following the reduction in 
the acidification inputs after 1965 (Figure 3.2). In the Loch Tinker area the alkalinity 
reaches its lowest point in 1967 and starts to recover thereafter. Negative alkalinities do 
not occur in Loch Tinker.

The sum of base cations in the stream and lakewater, presented in Figures 3.6, 
3.11, 3.16 and 3.21, increases from the beginning of the simulation period up to 1966, 
when it starts to decrease with the decrease in the anthropogenic acidification inputs. 
Finally, the reconstructed values of streamwater aluminium are shown in Figures 3.7,
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3.12, 3.17 and 3.22. As shown in Figure 3.7, the aluminium concentrations in stream 
BURN10 start to increase above zero in 1886. A rapid increase from 0.3 to 39.2 fieq/l 
occurred between 1946 and 1966. In 1966 the aluminium concentrations start to decline 
and this continues up to the present day. Similarly in the Beddgelert area aluminium 
concentrations increase from 1903 to 1963 when they start to decline rapidly up to the 
present day. In stream BURN1 1 , however, the aluminium concentrations were well 
above zero even in the preacidification times. The non-zero aluminium concentrations 
are the result of the low pH predicted for the preacidification times. The low pH in turn 
results from the inclusion of an organic acid in this catchment acting as an extra source 
of H+ which operates continuously from the beginning of the simulation period. When 
this extra source of H+ was removed by setting the amount of organic acid equal to 
zero, the model predicted a pre-acidification pH equal to 5.4 and a simulated present- 
day pH of 4.5. An increase in the aluminium concentrations up to 1966 and a rapid 
decrease from 1966 up to 1986 is also observed. Similarly, in Loch Tinker the aluminium 
concentrations reach their highest level in 1967 and start to recover thereafter.

(3.4.2) MODEL PREDICTIONS OF THE FUTURE SEQUENCE OF THE
STREAMWATER ACIDIFICATION (4 DEPOSITION SCENARIOS)

The calibrated model has been used to estimate the future streamwater 
chemistry under four hypothetical deposition scenarios:
1 ) no reduction, i.e. continued deposition at the 1986 levels for the next 140 years;
2) 50% reduction, i.e. a linear decrease in deposition to 50% of the 1986 level over the 
next 2 0  years, followed by constant deposition at that level for the remaining 1 2 0  years;
3) 100% reduction, i.e. a complete reduction to the background level in 1987;
4) continued wet deposition at the 1986 levels and at the same time deforestation of 
the area in 1987.

To run the model over this time period a 280-year sequence for the wet and the 
dry deposition inputs to the catchment is required. Similarly the model uses a 280-year 
historical sequence for the vegetation uptake from the different soil horizons and the 
stream. The historical sequence for the vegetation uptake is assumed to be identical to 
the dry deposition historical sequence. Half of this sequence is used to drive the model 
from the onset of acidification up to the present day levels and the rest of it is used for 
predictions. It is obvious that several combinations of these sequences can be formulated 
and various future deposition hypotheses can be tested. Consequently the first three 
scenarios were achieved by a suitable adjustment of the future wet deposition sequence
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with the dry deposition sequence being constant at the present day levels. For the last 
scenario the wet deposition sequence was maintained constant at the present-day levels 
and the dry deposition sequence was adjusted so that the dry deposition factor is set to 
its pre-acidification level in 1987 and is maintained constant thereafter. Apart from the 
future deposition sequences (dry and wet) the model does not accept any other changes 
in its inputs when the various future deposition scenarios are tested. For instance when 
the deforestation hypothesis is tested the model cannot consider the associated increase 
in catchment runoff or decrease in the uptake rates.

As mentioned in section 3.2, catchment D4 in the Beddgelert area is 8 8 % 
forested, of which 28% was experimentally felled in 1984. Thus especially for catchment 
D4 one more deposition scenario has been assumed, i.e. 28% of the forest was removed 
in 1984 and the simulated differences in the streamwater chemistry over a three-year 
period (1983 — 1986) were compared to the observed differences. The model outputs 
under the different future deposition regimes are presented in the same Figures with the 
reconstructed historical trajectories, i.e. Figures 3.3 to 3.22.

As shown in Figures 3.3, 3.8 and 3.18 the response of sulphate concentrations to 
the reduction in the atmospheric inputs is very rapid and the system reaches a steady 
state within 20 years. This is the result of the low sulphate adsorption capacities and 
consequently the low characteristic response times estimated for the catchments 
BURN10, BURN11 and D4. The response of sulphate in Loch Tinker shows a small 
delay in approaching equilibrium due to the higher characteristic response times (Table 
3.12) of that catchment. The delay is much more obvious for the assumed reduction in 
the future atmospheric inputs than for the constant future deposition, since the 
characteristic response time increases as the sulphate concentration decreases and the 
system is removed from a state of saturation with respect to sulphate.

The streamwater pH in catchment BURN10 (Figure 3.4) recovers rapidly with 
the assumed reduction in the atmospheric inputs, although it does not reach 
preacidification levels over the future 140 years. Thus the model estimates that only a 
combination of deforestation and the complete reduction of deposition to background 
levels would reverse the trend. Deforestation of the catchment results in a more rapid 
recovery of the streamwater pH than the 100% reduction in the precipitation inputs. 
Similarly in catchment BURN1 1  the pH responds quickly to the reduction in 
atmospheric deposition. The effect of the deforestation is less pronounced than in the 
catchment BURN10, which is attributed to the fact that the dry deposition factor 
assumed for catchment BURN11 is lower than that assumed for the BURN10. In the
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Beddgelert area (Figure 3.19) the pH reaches the pre-acidification value 120 years after 
the assumed cessation of the acid deposition. However, deforestation of the catchment 
does not produce any changes in the streamwater pH, beyond the changes resulting 
from the assumed constant precipitation inputs. Moreover, no effect of the 25% 
deforestation is observed in the streamwater pH, which will remain at low levels if there 
is no significant change in the wet deposition inputs.

The future streamwater alkalinities under the four deposition scenarios are shown 
in Figures 3.5, 3.10, 3.15 and 3.20. As shown in Figures 3.5 and 3.15 the model 
estimates that for no reduction in deposition the stream alkalinity would continue to be 
lost in both stream BURN10 and Loch Tinker. However, a recovery of the streamwater 
alkalinity is observed with the assumed constant future deposition in both BURN11  and 
stream D4 as shown in Figures 3.10 and 3.20. The alkalinity is shown to recover quickly 
in stream BURN10 whatever the reduction in the atmospheric deposition. As for the 
streamwater pH, the recovery of the alkalinity is much more rapid for the deforestation 
than for the assumed complete reduction of the precipitation inputs to the background 
level. In stream BURN11 the complete reduction of the precipitation inputs results in 
higher alkalinity (and pH) than in the preacidification period. This is explained by the 
presence of the canopy in the area which increases the ion inputs to the system and this 
increase is proportionally higher for the cations than for the anions. Thus the model 
structure suggests that in cases for which there is a significant uptake of sulphate by the 
vegetation, afforestation alone results in a rise of the steamwater pH and alkalinity. 
Moreover the model predicts that the deforestation in both BURN11 and D4 (Figures 
3.10 and 3.20) would produce a rapid recovery of the alkalinity which, however, will 
continue to be lost when the new equilibrium with the constant precipitation inputs is 
established 20 years after the deforestation. Moreover, the 25% deforestation in 
catchment D4 would result in lower streamwater alkalinities for future atmospheric 
deposition at current levels.

The predicted levels of the sum of base cations (SBC) in streamwater are shown 
in Figures 3.6, 3.11, 3.16 and 3.21. As shown in Figures 3.6 and 3.16 the sum of base 
cations decreases slowly if the future deposition remains constant at the present-day 
levels. A rapid decrease in the SBC is observed when the atmospheric deposition (either 
dry or wet) is reduced, but the SBC starts to increase again as a new steady state with 
the reduced inputs is established. The increased levels of base cation concentrations in 
the stream are due to the base cation weathering included in the model and the leaching 
of base cations from the soil cation exchange sites. The model estimates that for no
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reduction in deposition the base cation concentrations would start to decline only in 
Loch Tinker and stream BURN1 0 , as the exchangeable base cations in the soil are 
depleted. No signs of base cation depletion were observed in the Beddgelert area (Figure 
3.21), which has a much larger pool of exchangeable cations. In all three catchments in 
the Loch Ard area the sums of base cations show a maximum in 1966, concurrent with 
the maximum precipitation inputs. In the Beddgelert area, however, the sum of base 
cations is shown to increase from 1966 to 2126 if there is no significant reduction in the 
acidification inputs. Moreover, in this catchment (Figure 3.21) the 25% reduction in dry 
deposition results in an initial decrease in the SBC which thereafter remains constant 
for the rest of the simulation period. Similarly, the 50% and 100% reductions in the dry 
deposition inputs, result in an initial decline in the SBC followed by an increase up to 
the end of the simulation period.

Finally, the estimated future levels of aluminium in streamwater in the four 
study catchments are shown in Figures 3.7, 3.12, 3.17 and 3.22. The aluminium levels in 
stream BURN10 (Figure 3.7) are shown to increase with the assumed constant 
deposition, while both deforestation and the reduction in the precipitation input result 
in a sharp decline of the aluminium concentrations, which however do not return to 
preacidification levels. In stream BURNll the aluminium decline is obvious even with 
the atmospheric inputs remaining constant at their present-day levels. As for the 
predicted alkalinities and streamwater pH the effect of deforestation is not as significant 
as in catchment BURN10. In Loch Tinker (Figure 3.17) the response of aluminium is 
shown to be delayed compared to the other catchments in the Loch Ard area. This is 
especially true for the 50% reduction in the precipitation inputs, and for the complete 
reduction in the acidification inputs the model estimates that lower aluminium levels 
than in the preacidification times can be achieved. In the Beddgelert area the model 
predicts that a decline in the precipitation concentrations is accompanied by a rapid 
decline of the aluminium concentrations in streamwater. Thus the aluminium levels 
become zero as soon as the precipitation chemistry returns to its background level. For 
the 50% reduction in the acidification levels, however, the decline is estimated to be 
prolonged. Deforestation is shown to have a minor effect on the streamwater aluminium, 
while the 25% deforestation results in an increase rather than a decrease in the 
streamwater levels of aluminium.

Of particular interest is the estimated response of the base saturation of the soils. 
Thus in all four catchments the complete reduction in deposition will result in 
declining strong acid anion and base cation concentrations in the stream, at a rate
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which is sufficient to reverse the losses of exchangeable base cations from the soil and 
therefore to bring the B.S to its preindustrialization levels. In contrast, deforestation 
produces a very slight recovery of the soil base saturation in catchment BURN10 , from 
8 .% to 8.5%, over the next 140 years, but results in no change in the BS of the soils of 
the other two catchments.

(3.4.3) MODEL PREDICTION OF THE SHORT TERM CHANGES IN THE 
STREAMWATER CHEMISTRY

As well as being used to predict the future long term changes in the streamwater 
concentrations under the different deposition scenarios, the MAGIC model has been 
used to estimate the short term changes in the chemistry of stream D4 in the 
Beddgelert area. Thus the predicted changes in the stream chemistry resulting from a 
25% reduction in the dry deposited matter have been compared to the observed changes 
for the same period. The results are shown in Table 3.11. As shown in Table 3.11 the 
model is unable to reproduce accurately the changes in the chemical concentrations over 
a three-year period. It generally predicts much smaller differences in the concentrations 
of all the ions between 1983 and 1986. Especially for nitrate it greatly underestimates 
the increased fluxes that occurred after the partial clearfelling of the area. However, as 
suggested by Stevens and Hornung (1988) the large nitrate-N losses observed after 
clearfelling at Beddgelert may be the result of a large population of nitrifying bacteria 
which were active before felling and produced large quantities of nitrate, most of which 
was taken up by the trees; this process is ignored in the MAGIC model. The potassium 
changes in the streamwater chemistry are underestimated, as too are the nitrate 
changes, implying that the amount of potassium taken up by the biota may be 
significantly greater than is suggested by the uptake rates found by the calibration 
procedure. This underestimation would have been diminished if a source of potassium 
had been added to the soil (i.e. a weathering rate of K higher than zero) and a greater 
uptake rate had been assumed. The underestimation of the base cation differences 
before and after clearfelling may be due to the fact that the model ignores the 
weathering rate dependence on H"*", which will cause decreased leaching of base cations 
as the soil-water pH increases, although this process may be insignificant over the short 
period of three years. Moreover, excess rates of organic matter decomposition, and thus 
base cation and anion production, are expected, since the felling debris has been left at 
the site after the experimental felling. This process, which can be very important over 
the short period of three years, is also ignored by the model.
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Table 3.8
Observed and Simulated streamwater 
chemistry in stream BURN 10 for 1986
Ion Observed Simulated
Ca2+ 71.0 71.0
Mg2+ 79.0 77.3
Na+ 2 1 1 . 0 212.4
I<+ 5.0 5.1
n h ; < 1 0

SO2- 132.0 133.2
c r 278.0 278.4
n o ; 2 1 . 0 2 0 . 8

pH 4.46 4.5
H+ 35.0 32.3
Al3+ 32.0 29.9

Table 3.9
Observed and Simulated streamwater 
chemistry in stream BURN 11 for 1986
Ion Observed Simulated
Ca2+ 61.0 60.5
Mg2+ 60.0 60.4
Na+ 199.0 200.4
K+ 4.0 4.1
NH4 < 1 0

SO2" 1 0 1 . 0 102.4
c r 256.0 255.2
n o ; 5.0 5.1
pH 4.35 4.4
H+ 45.0 43.3
Al3+ 2 0 . 2 2 0 . 2
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Table 3.10
Observed and Simulated streamwater
chemistry in Loch TINKER for 1987
Ion Observed Simulated
Ca2+ 85.0 83.0
Mg2+ 37.0 38.1
Na+ 97.0 97.5
K+ 7.0 7.0
NH4 - 0

SO2- 51.0 50.4
c r 79.0 78.8
n o ; 4.0 4.5
pH 6.3 6 . 0

H+ — 1.0
Al3+ 1 .6 1.4

Table 3.11
Observed and Simulated streamwater chemistry in stream D4 in
1983 and 1986
Ion Observed Simulated Observed Simulated
Ca2+ 80.0 79.0 61.0 (-24%) 73. ()(-<?.%;
Mg2+ 70.5 69.0 64.0 (-9 .2 %) 6 6 . 0  (-4 .3 %)

Na+ 273.4 270.4 221.8(-i9.%) 262.6(-29.%)

I<+ 5.4 5.4 8.0 (48.%) 6.5 (2 0 %)

n h ; 1.1 0 0.2(-8.8%) 0

SO*" 145.4 146.3 132.9 (s.6%) 141.4(-3.3% )

c r 313.0 315.0 275.8(-i2%) 28 8 .8 ( - s .3%)

n o ; 55.7 57.3 65.0 (1 6 .7%) 5 8 .2 ( i .6%)

pH 4.62 4.6 4.65 4.65
H+ — 22.7
Al3+ 66.7 67.4 101.1(57.5%; 54.Q(-2o%)

difference — COncentrat'°n 1̂986  ̂~ COncentrati°n( I983)
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The model predicts a decrease in the streamwater aluminium following 
clearfelling, yet this is not in agreement with the observed significant increase in the 
aluminium levels in the streamwater. However, according to Stevens et al (1989a), the 
observed increase in the levels of aluminium after the clearfelling is surprising, although 
the significant increase in the nitrate concentration (the mobile anion) may be 
responsible for this.

(3.5) D I S C U S S I O N

The MAGIC model is essentially a two-compartment representation of a 
catchment. Atmospheric deposition enters the soil compartment and the equations 
representing the soil processes are solved to calculate soil water chemistry. The water is 
then routed to the stream compartment and the appropriate equations are applied to 
calculate streamwater chemistry. This representation implies that vertical stratification 
of soils in the catchment is unimportant or, equivalently, that all water reaching the 
stream has its chemical quality determined by a single layer within the soil column. 
Although this assumption is probably overrestrictive in a model intended to reproduce 
short-term water quality responses (i.e daily to weekly) many of the short-term 
dynamic water quality changes arising from spatial heterogeneity of soil chemical and 
hydrological processes “disappear” when aggregated into the much slower long-term 
changes of water quality, which are most probably determined by single bulk properties 
of the whole catchment.

In fact for the application in the Loch Ard area the one soil layer version of the 
MAGIC model has been used. In the Beddgelert area, where more detailed catchment 
hydrochemical information was available, the soil was assumed to consist of two soil 
horizons. However, there is evidence that in the Beddgelert area the water infiltrates 
rapidly down to the soil profile and from there it routes laterally to the stream (Stevens 
et al, 1989a). In order to be consistent with this observation, the contribution of the 
upper soil horizon to the total outflow was assumed to be insignificant. Thus the two 
applications are similar in the sense that in both cases the outflow chemistry is 
determined by a single horizon within the soil column.

In this particular study the lack of an elaborate hydrological module may be 
responsible for the problems related to the application of the model to stream BURN11. 
In this stream an organic acid was added to counteract for the observed low
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FIG U R E 3 .3

STREAM BURN 1 0 -  LOCH ARB AREA
BACKGROUND AND FUTURE CONCENTRATIONS OF SULPHATE 

IN STREAM WATER UNDER 4 DEPOSITION SCENARIOS
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FIG U R E 3 .4

B A C K G R O U N D  A N D  F U T U R E  p H  I N  S T R E A M  W A T E R  U N D E R  4
D E P O S I T I O N  S C E N A R I O S

(c o n s ta n t  f u tu r e  d e p o s i t io n —50% r e d u c tio n  in  2 0 0 6 -

STREAM BURN 10 -LOCH ARB AREA
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FIG U R E 3 .5

BACKGROUND AND FUTURE ALKALINITIES IN STREAM WATER 
UNDER 4 DEPOSITION SCENARIOS
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FIG U R E 3 .6

STREAM B URN 10-LOCH AMD AREA
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FIG U R E 3 .7

BACKGROUND AND FUTURE CON CENTRA TIONS OF ALUMINIUM 
IN STREAM WATER UNDER 4 DEPOSITION SCENARIOS 
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STREAM BURN 10-LOCH  ARB AREA
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FIG U R E 3 .8

STREAM BURN 1 1 -  LOCH ARB AREA
BACKGROUND AND FUTURE CONCENTRATIONS OF SULPHATE 

IN ST RE A M WA TER UNDER 4 DEPOSITION SCENARIOS
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FIG U R E 3 .9

STREAM B U R N 1 1 - LOCH ARB AREA

BACKGROUND AND FUTURE pH  IN STREAMWATER UNDER 4
DEPOSITION SCENARIOS

(c o n s ta n t  f u tu r e  d e p o s i t io n - 5 0% r e d u c tio n  in  2 0 0 6 -
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FIG U R E  3 .1 0

BACKGROUND AND FUTURE ALKAL1NIT1ES IN STREAM WATER 
UNDER 4 DEPOSITION SCENARIOS
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FIG U R E 3 .1 1

BACKGROUND AND FUTURE SUM O F  BASE CATIONS(SBC) IN 
STREAMWATER UNDER 4 REPOSITION SCENARIOS 

( c o n s ta n t f  u tu re  d e p o s it io n —50% red n cU o n  in  2 0 0 8 —

STREAM BURN I E -  LOCH ARB AREA
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FIG U R E 3 . 1 2

BACKGROUND AND FUTURE CONCENTRATIONS OF ALUMINIUM 
IN STREAM WATER UNDER 4 DEPOSITION SCENARIOS 

(c o n s ta n t f u tu r e  d e p o s it io n — 50% re d u c tio n  in  2 0 0 6 —

STREAM BURN1 1 -  LOCH ARD AREA
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FIG U R E 3 . 1 3

BACKGROUND AND FUTURE CONCENTRATIONS OF SULPHATE 
IN LAKE WATER UNDER 3 DEPOSITION SCENARIOS 

(c o s ta n t  fu tu r e  d e p o s i t io n - 50% r e d u c tio n  in  2 0 0 7 -
100% re d u c tio n  in  1988)
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FIGURE 3.14

LOCH TINKER -  LOCH ARB AREA

B A C K G R O U N D  A N D  F U T U R E  p H  I N  L A K E  W A T E R  U N D E R  3

D E P O S I T I O N  S C E N A R I O S

(c o n s ta n t fu tu r e  d e p o s i t io n -50% red u c tio n  in  2 0 0 7 — 
100% red u c tio n  in  1988)
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FIG U R E 3 . 1 5

LAKE TINKER-LOCH ARD AREA

BACKGROUND AND FUTURE ALKALINITY IN LAKE WATER 
UNDER 3 DEPOSITION SCENARIOS

( c o n s ta n t  f u tu r e  d e p o s i t io n - 50% r e d u c t io n  in  2 0 0 7 -
100% r e d u c t io n  in  1988)
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FIG U R E 3 . 1 6

LAKE TINKER-LOCH ARD AREA

BACKGROUND AND FUTURE SUM OF BASE CATIONS(SBC) IN 
LAKE WATER UNDER 3 DEPOSITION SCENARIOS
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FIG U R E 3 . 1 7

LAKE TINKER-LOCH ARD AREA

BACKGROUND AND FUTURE CONCENTRATIONS OF ALUMINIUM 
IN LAKE WATER UNDER 3 DEPOSITION SCENARIOS 
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FIG U R E 3 . 1 8

BACKGROUND AND FUTURE CONCENTRATIONS OF SULPHATE 
IN STREAMWATER UNDER 5 DEPOSITION SCENARIOS 

(c o n s ta n t fu tu r e  d e p o s it io n —50% re d u c tio n  in
100% re d u c tio n  in  1 9 8 4 -fo r e s t  r e m o v a l 1984— 25%

STREAM D4-BEDDGELERT AREA



FIG U R E 3 . 1 9

B A C K G R O U N D  A N D  F U T U R E  p H  I N  S T R E A M  W A T E R  U N D E R  5

D E P O S I T I O N  S C E N A R I O S

(c o n s ta n t f u tu r e  d e p o s it io n —50% r e d u c tio n  in  2 0 0 3 -  
1Q0Yo r e d u c tio n  in  1984—f o r e s t  r e m o v a l in  1984-257o

STREAM D4 -BED D G ELERT AREA



U
EQ

/L

FIG U R E  3 . 2 0

B A C K G R O U N D  A N D  F U T U R E  A  L K A L I N I  T I E S  I N  S T R E A M  W A T E R  

U N D E R  5  D E P O S I T I O N  S C E N A R I O S  

(c o n s ta n t fu tu r e  d e p o s i t io n -50% re d u c tio n  in  2003  
100% re d u c tio n  in  1984—fo r e s t  re m o v a l in  1984 -

STREAM D 4 -  BEDDGELERT AREA
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FIG U R E 3 . 2 1

B A C K G R O U N D  A N D  F U T U R E  S U M  O F  B A S E  C A T I O N S ( S B C )  I N  

S T R E A M  W A T E R  U N D E R  5  D E P O S I T I O N  S C E N A R I O S

STREAM D 4— BEDDGELERT AREA

(c o n s ta n t f u tu r e  d e p o s i t io n -5 Q%> re d u c tio n  in  2 0 0 3 -  
100% r e d u c tio n  in  1984—fo r e s t  re m o v a l in  1 9 8 4 - 2 5 %
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FIG U R E  3 . 2 2

BACKGROUND AND FUTURE CONCENTRATIONS OF ALUMINIUM 
IN STREAMWATER UNDER 5 DEPOSITION SCENARIOS 

(c o n s ta n t f u tu r e  d e p o s itio n —50% re d u c tio n  in  
100% re d u c tio n  in  1984— fo r e s t  rem o va l in  1984—2 5 %

STREAM D 4 - BEDDGELERTAREA



CHAPTER 3: MAGIC MODEL -92-

streamwater pH and this inclusion resulted in low preacidification streamwater pH. If 
the relatively low streamwater pH and cation concentrations in stream BURN11 (when 
compared with stream BURN10), are indeed due to a difference in the hydrological 
flowpaths (and not due to an analytical error for example) then incorporation of a more 
detailed hydrological module would clearly have resulted in a more realistic 
representation of the hydrochemistry of this stream.

The MAGIC model contains only reactions concerning the mineral fraction of the 
soil. The role of biological transformations (except for the uptake of NO3 and NH*), 
and reactions involving organic compounds, are ignored. The implicit assumption is that 
these reactions have proceeded unchanged despite the increase in deposition, and 
therefore have produced no effect on the changes in surface water quality. Although this 
assumption may be correct for the preliminary use of the model in reconstructing the 
variables responsible for the acidification of the streams, any modelling exercise 
involving catchment afforestation or deforestation is not expected to be successful 
especially over the short term. Moreover recent lake chemistry data show an increasing 
contribution of nitrate to lake acidification (Henriksen and Brakke, 1988) and these data 
suggest that trees may not be as effective nitrate and ammonium adsorbers as it was 
initially considered. Furthermore, no allowance is made in the model for the effects of 
cation and anion uptake by trees during their development, the incorporation of which 
would have resulted in an enhanced acidification effect during that period and a further 
reduction in the present-day soil base saturations and streamwater pH and alkalinities.

The major difference between the catchments in the Beddgelert and the Loch 
Ard area is the higher weathering rate of base cations and base saturation in the 
Beddgelert area. The combination of these two base cation supply sources will produce a 
much higher preindustrialization level of pH and alkalinity in the Beddgelert area. The 
sharp decline, in the B.S at the Beddgelert area resulting from the higher ionic 
concentrations in precipitation causes a more rapid decline of the streamwater pH and 
alkalinity, which is followed again by a more rapid recovery after the cessation of the 
acid deposition. In contrast, the low level of preacidification pH predicted for stream 
BURN11 is attributed to the organic acid which was added in this stream. So this 
assumption unfortunately has a dominant effect on the predicted past and future pH 
levels. As discussed by Jenkins et al (1988) “clearly further work is necessary on this 
aspect of the MAGIC model as organic matter simply acts as a further source of H-1- 
and no account is taken of cation complexation and chelation” .

The model was unable to reproduce the diatom-reconstructed pH data for Loch
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Tinker. Apart from the limitations arising from the chosen calibrated values, the major 
source of error is the lack of data for the present day precipitation chemistry. Moreover 
in Lake Tinker the model predicted an aluminium level above zero even for the 
pre-acidification times. This may be attributed to the fact that the aluminium constants 
were found to be particularly high for this catchment. Moreover there has been 
considerable literature disputing the use of a simple thermodynamic equilibrium of 
aluminium with gibbsite, and several different approaches have been suggested (Seip et 
al 1989, Neal et al 1989a, Neal et al 1989b).

The combination of the low base saturation and the low sulphate adsorption 
capacity which produces very short acidification times is, according to Cosby et al 
(1985c), typical of “sensitive” catchments. An extremely low sulphate adsorption 
capacity as suggested by Singh (1984) for podzolic soils was assumed for this application 
of the model. The low adsorption capacity of the soils in the forested catchments 
produces in all cases sulphate fluxes out of the catchments approximately equal to the 
sulphate flux into the catchments from the atmosphere. The notably asymmetric 
acidification and recovery curves in the systems studied by Cosby et al (1985b) are not 
observed in this particular application. Thus once the deposition reduction is complete, 
the model forecasts a rapid recovery of the sulphate output and a steady state of the 
system 20 years after the cessation of acidification. The sulphate concentrations in 
streamwater, however, do not return to the preacidification level if the complete 
reduction in the acidification inputs is not accompanied by a deforestation of the 
catchments. In Loch Tinker, the steady state is reached 40 years after the cessation of 
the acidification and the sulphate concentrations recover completely returning to their 
pre-acidification levels. As pointed out by Wright et al (1986), in young podzolic soils 
developed in post glacial times on granitic bedrock with typically little ability to adsorb 
sulphate, the choice of the sulphate adsorption characteristics is of critical importance 
and a steady state with the sulphate inputs is expected in every point of the simulation 
period.

It is therefore obvious that when the MAGIC model is applied in a forested 
catchment having a limited ability to adsorb sulphate (as is the case in this particular 
application), it will forecast a historical pattern for streamwater pH which will follow 
the pattern of acidification inputs into the catchment. However many lake diatom data 
(e.g Wright et al 1986 and the present study) have indicated an initial resistance of the 
catchment to acidification caused by an increase in the base cation production through 
mineral weathering. The weathering rates as such are in general pH-dependent and as
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the soil environment becomes more acidic, the rates of mineral weathering will also 
increase. However the normal soil solution response to a lower pH value is an increase in 
the aluminium concentration and the resistance to acidification given by the increased 
weathering responding to an acidic environment may disappear. It has therefore been 
suggested (Sverdrup and Warfvinge, 1988) that the incorporation of a weathering rate 
dependence on both the hydrogen ion and the aluminium concentration is considered as 
crucial to the implementation of every long-term surface water acidification model.

The MAGIC model, as with most ecological models, is subject to parametric 
uncertainty. In addition, many inputs cannot be accurately measured. In this particular 
application there is lack of elementary information, i.e the present day precipitation 
chemistry, for one of the study sites (Loch Tinker). The historic sequence of sulphur 
dioxide emissions used to drive the model as well as the procedure adopted for the 
estimation of the background precipitation chemistry are also subject to uncertainties. 
Estimation of the dry deposition factor and its historical sequence are not expected to 
be precise projections of the reality. The chloride balance has been used for the 
estimation of the dry deposition factor and all the ionic inputs to the catchment have 
been multiplied by that factor. Obviously there are different mechanisms by which the 
different ions are captured by the vegetation and an increase in all the inputs by the 
same amount is questionable. The sulphate adsorption characteristics play a decisive 
role in determining the catchment outflow chemistry and the literature values used for 
these characteristics are also subject to uncertainty. Moreover there is uncertainty in 
the estimation of the calibration parameters.

Another application of the MAGIC model in the Loch Ard area has been 
published recently by Cosby et al (1990). The model has been applied to two small 
forested catchments —Loch Chon and Kelty Water— using the same dry and wet 
deposition sequence. The principal difference between Cosby’s application and the 
present study is in the values of the sulphate adsorption constants. Thus the values of 
these constants as measured by soil pits within the catchment soils were 1 2 0 0  (meq/m3) 
for the half saturation constant (C) and 7.0 and 3.5 (meq/kg) for the maximum 
adsorption capacity (Emx) of Loch Chon and Kelty Water catchments respectively. 
These values are much higher than the literature values used in the present work i.e. 
150 meq/m3 for C and 0.1 meq/kg for the Emx for both BURN10 and 1 1 . Similarly the 
cation exchange capacity of Loch Chon and Kelty Water catchments were determined 
by field measurements; the respective values were 204 and 410 meq/kg compared to 100 
meq/kg used in the present study. The selectivity coefficients and the weathering rates
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were determined using the Rosenbrock optimisation algorithm, while in the present 
study they were determined by a trial and adjustment procedure. The resulting 
optimum values showed significant differences. In both the Kelty Water and Loch 
Chon catchments there is a significant output of sodium and potassium while in the 
present work the weathering by-products are mainly calcium and magnesium. Despite 
these differences, in both applications the model predicted a rapid increase in the 
sulphate and hydrogen ion concentrations and a rapid decrease in alkalinity from the 
background levels up to the 1960’s (following the period of afforestation and the highest 
levels of industrial emissions) and an opposite trend thereafter. However the changes in 
the water quality indexes predicted by Cosby et al (1990) are much smoother than 
those reported in the present chapter, due to the higher rates of soil sulphate adsorption 
considered by the above authors. This is a further proof of the importance of the soil 
sulphate adsorption characteristics in the implementation of the model. The above 
mentioned application of the MAGIC model has been extended by Jenkins et al (1990) 
to describe the effects of afforestation and reduction in sulphur deposition. Similarly to 
the results presented in this chapter the model predicted that afforestation aggravates 
the acidification problem and in sensitive areas replanting in the absence of soil 
amendments (addition of bases) should not be undertaken even in the light of large 
reductions in deposition levels.

Despite the fact that a different set of parameters has been used in the two 
applications, the model predicted a similar response of the Loch Ard area catchments to 
the various deposition scenarios and changes in the land use management practices, 
which is encouraging in view of the fairly gross uncertainties surrounding the inputs and 
the parameters of the model.

(3.6) C O N C L U S I O N S

Application of the MAGIC model to any catchment receiving large amounts of 
neutral salt and strong acid anions presents no difficulty. The accuracy of the model 
results, however, cannot be directly addressed except to say that the values produced by 
the model for the present-day chemistry are consistent with the measurements 
available. However, a major problem inherent in all efforts to model acid deposition 
effects is the lack of data needed for rigorous identification of model structures and the 
estimation of parameter values. This problem is much greater in models of long term 
response such as the MAGIC model. Such models can only be calibrated and verified
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using long-term series of data from natural systems that are infrequently (if ever) 
available.

The model predicts that the effect of deforestation is less significant, in terms of 
pH and alkalinity recovery, than even the partial reduction in acid deposition. However, 
as many biological, chemical and hydrological factors associated with the afforestation 
or deforestation are ignored by the model, the results presented in this study may be 
viewed only as a summary of the importance of the dry and occult deposition process. 
Although the reduction of the acidification inputs to a background level resulted in the 
complete recovery of the pH and aluminium levels in stream D4, the model estimated 
that any similar reduction must be accompanied by deforestation of the catchments in 
the Loch Ard area for the acidification trends to be reversed. Moreover, the model 
predicted that although in the unforested Loch Tinker the cessation of acidification 
would result in rapidly declining sulphate concentrations up to the preacidification 
levels, in the forested catchments deforestation is also necessary for such a restoration. 
The above results have been further confirmed by a recent application of the model in 
the same catchments (Cosby et al 1990). Comparison of the two studies highlighted the 
sensitivity of the model to the soil sulphate adsorption characteristics and also the fact 
that the model may suffer from a lack of identifiability.

It is concluded that the MAGIC model, using lumped representations of 
processes that are thought to be most important in determining the chemical response 
of catchments to acid deposition and using parameter values that are well within the 
ranges appropriate for natural soils produces plausible results at least as far as the 
present-day acidification indicators are concerned. The failure of the model to predict 
the historical reconstruction of the water quality in one of the catchments examined is a 
problem associated with the lack of elementary information for that particular 
catchment (e.g precipitation chemistry) rather than with the structure of the model 
which has been alternatively verified against such historical observations many times in 
the past (Wright et al, 1986).

However, the question of whether the long-term responses estimated by the 
model are accurate projections of the responses of the real system remains unanswered. 
Such long-term responses require long-term data records which are very infrequently (if 
ever) available. Consequently strict verification of the MAGIC model estimates and a 
rigorous assessment of its validity can not be achieved. Nevertheless, the model can be 
used to provide a means of integrating the interactions and the long-term implications 
of our conceptualisation of the acidification process.
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The uncertainties associated with projections made with long-term models in the 
face of very sparse time series data, is the main reason that most of the models of 
hydrochemical response of catchments tend to concentrate on short-term behaviour. 
One of these short-term conceptual models is the ILWAS model is the subject of the 
research reported in the following chapter (chapter 4). Comparison of the predictions of 
MAGIC and ILWAS models over a nine-year period in the Beddgelert area will also be 
presented in chapter 4. The following chapter (chapter 5) deals with the central problem 
of uncertainty in the estimation of the ILWAS model parameters and the need for 
methodologies to handle them.
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ILWAS CALIBRATION AND VERIFICATION
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Figure 4.1: The horizontal and vertical segmentation of a catchment in a generalised ILWAS simulation 
(source: EPRI 1983)
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(4.1) INTRODUCTION

The ILWAS (Integrated Lake Watershed Acidification Study) model was 
developed as a part of a detailed investigation into surface water acidification in the 
Adirondack Park mountains of New York State U.S.A, and is probably the most 
detailed acid deposition model developed to date (Chen et al 1982, Chen et al 1983, 
Chen et al 1984, Goldstein et al 1984, Gherini et al 1985). It consists of a hydrological 
sub-model coupled to a chemical sub-model with both the sub-models in turn divided 
into a number of modules, so as to describe more accurately the spatial heterogeneity 
within a catchment. Thus the catchment is divided both vertically and horizontally into 
a number of compartments.

Horizontally a catchment is divided into land sub-catchments, stream segments 
and, if present, a lake. The land sub-catchments are vertically segmented into different 
compartments that represent the canopy, the snowpack and the different soil horizons 
(Figure 4.1). A lake, if present, is also sub-divided vertically into a number of mixed 
layers to allow the calculation of temperature and water quality profiles. Each of the 
compartments incorporated into the model is treated as a continuously stirred tank 
reactor (CSTR), with concentrations of all species determined by the application of 
mass concentration, equilibrium and kinetic principles.

Inputs to the model are both time-dependent and time-independent. The time- 
dependent inputs include daily precipitation, maximum and minimum daily 
temperatures and monthly precipitation quality. The time-independent inputs include 
constants and parameters which describe the physical, chemical and biological processes 
that occur within the catchment. Among such inputs are the catchment’s physical 
properties, the canopy physical and chemical characteristics, the litter decomposition 
parameters, the mineral composition and the initial soil solution quality of the soil 
profiles. On the basis of these inputs the model computes daily, monthly or yearly flows 
and water balances and associated chemical fluxes throughout the catchment system. 
The chemical species simulated by the model include:

S 0 2, S 0 4' ,  NOx, n o ;, H+, cr, NH„+ , F ',  Al3+, H3n(P 04)n-, Ca2+, Alkalinity, 
Mg2+, TIC I<+ , H4 Si04, Na+ and Organic Acids

In the following section the formulations underlying, firstly, the hydrological sub
model and secondly the chemical sub-model will be examined, followed by a review of 
the solution techniques used in linking the two sub-models.
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(4.2) T H E  H Y D R O L O G I C A L  S U B - M O D E L

(4.2.1) INTRODUCTION

In the hydrological component of the ILWAS model seven basic processes are 
considered i.e

• Separation of rainfall and snowfall
• Snow accumulation and melt
• Potential interception and evapotranspiration
• Actual interception and evapotranspiration
• Soil and groundwater hydraulics
• Stream hydraulics

(4.2.2) RAINFALL AND SNOWFALL

Incoming precipitation can be in the form of rain, snow or a mixture of rain and 
snow. In the model, precipitation is considered to be snow if maximum air temperature 
is lower than the snow formation temperature (an input parameter with a value near 0 

°C). If the minimum temperature is above the snow formation temperature, all 
precipitation is treated as rainfall. If the maximum (Tmax) and minimum (Tmin) 

temperatures bracket the snow formation temperature (T s) part of the precipitation is 
treated as snow and part as rain according to the equation:

p R= p . T m a x - T s
fmax-T min

(4.1)

where
Tmax and T min are the maximum and minimum temeratures respectively 
Ts is the snow formation temperature 
P is the amount of precipitation and 
PR is the rainfall amount

(4.2.3) SNOW ACCUMULATION AND MELT

Snow accumulation in the model is determined by a mass balance approach. 
Snowpack is assumed to dissipate by sublimation as well as temperature-induced and 
rain-induced melting. The sublimation rate is a constant but can differ for open and 
forested areas. Melt rate coefficients and a correction factor for the temperature induced 
snow melt are input parameters.
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The snowmelt water must first satisfy the field capacity of the snowpack before 
draining. The snowpack field capacity is the amount of liquid water that the pack can 
retain by capillarity. Thus, the “effective snowmelt rate” is calculated by the model as a 
function of the field capacity of snow and its liquid water content.

(4.1.4) POTENTIAL INTERCEPTION

Potential interception storage (Is) is the capacity of the canopy to hold water. It 
is calculated by the model as:

l s =  Lmon. Dmax (4 .2)
L m a x

where
Lmon is the leaf area index for the month
Lmax is the maximum leaf area index for the year and
Dmax is the potential interception storage for the month having the maximum leaf 
area index.

(4.2.5) POTENTIAL EVAPOTRANSPIRATION

The potential evapotranspiration is determined as a function of catchment 
latitude, mean air temperature, a humidity correction factor together with global and 
seasonal calibration parameters (Hargreaves 1974). This equation can be written as 
follows:

E p =  T a -E c -C H (4.3)

where
Ep is the daily potential evapotranspiration (mm/day)
Fm is a monthly factor depending upon latitude month'1 )

Ta is a mean temperature of the day (°F)
Ec is a calibration parameter
CH is a correction for the relative humidity
n is the number of days in the month

(4.2.6) ACTUAL INTERCEPTION AND EVAPOTRANSPIRATION

Actual values of interception and evapotranspiration may be different from the 
potential ones. Rainfall can be intercepted by the canopy up to the value of the 
potential interception storage Is. If rainfall is larger than (Is—It) where It is the 
interception storage retained at the previous time step, throughfall will be produced.
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The interception storage is used to satisfy the potential evapotranspiration. The 
unsatisfied potential evapotranspiration is taken from the soil layers in accordance with 
the root distribution, provided that adequate soil moisture is available. Below the field 
capacity, the actual evapotranspiration is reduced exponentially between field capacity 
and zero moisture content.

(4.2.7) SOIL AND GROUNDWATER HYDRAULICS

The soil compartment is sub-divided vertically into different horizons. The model 
accepts up to five soil horizons. For hydraulic routing, each soil horizon has a 
volumetric soil moisture content, a hydraulic conductivity, a field capacity and a 
saturated soil moisture content. The change in the moisture content of layer j is equal 
to the amount of water percolating in from the layer above, minus outflow from the 
layer i.e evapotranspiration, percolation to the layer below and lateral flow from the 
layer. It is assumed that the percolation rate is zero at and below field capacity and 
increases with soil moisture content to the hydraulic conductivity at saturation. For the 
very top layer, percolation is the infiltration rate, while for the bottom layer, 
percolation is zero since the bedrock is assumed to be impervious. If the top layer of the 
soil becomes saturated, surface runoff can occur, which is calculated by using the 
Manning equation. Thus the model uses a vertical, one dimensional system to describe 
groundwater hydraulics. The water balance which is performed on each soil layer is as 
follows :

Aj • Zj • d0j/dt =  Aj • Pj — i — Aj • Epj — Pj • Aj+i —Lj (4-4)

where
Aj=area of layer j (cm2)
Zj=thickness of layer j (cm)
0j=the average volumetric water content of layer j 
Aj+i=the area of layer j +  1
Pj —i=the percolation flux from the layer above (j —1) into layer j (cm/sec) 
Epj=the actual evapotranspiration flux from layer j (cm/sec)
Pj=the percolation flux from the layer j to the layer below j-j-1 

Lj=the lateral flow rate flux from layer j (cm3 /sec)

The lateral flow Lj is the product of the saturated hydraulic conductivity, width of the 
catchment, hydraulic gradient (surface slope) and an effective saturated depth. This 
effective saturation depth is zero at field capacity and increases linearly with soil 
moisture content to the hydraulic conductivity at saturation. These formulations of
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vertical and lateral flow are mathematically equivalent to a Darcian approach with the 
unsaturated pressure gradient term neglected and the unsaturated hydraulic 
permeability assumed to vary linearly with soil moisture between saturation and field 
capacity (Gherini et al 1985).

If the top layer of the soil becomes saturated or when frozen soil impedes 
infiltration, surface runoff can occur. The surface runoff is calculated in the model by 
the following procedure developed by Chen and Shubinski (1971). Thus the water depth 
added to the catchment following a rainfall is

D l=D t +Rt • <5t (4.5)

where
D1 is the water depth after rainfall
Rt is the intensity of rainfall in time interval St and
Dt is the water depth at time t

This water can be lost to infiltration (It) which is calculated from Horton’s exponential 
function and the resulting water depth in the catchment is

D2=D1 - It  • St

where
D2 is the resulting water depth in the catchment (cm)

If D2 is larger than the specified detention depth Dd (an input calibration parameter), 
overland flow is produced which is computed using Manning’s equation i.e

Q=1'49 ■ W • (D2—Dd)5/3- S 1 /2  /n (4.6)

where
W is the width of the catchment 
Q is the outflow rate (cm3 /sec) 
n is Manning’s coefficient and 
S is the surface slope of the catchment

(4.2.8) STREAM HYDRAULICS

Flow dynamics in each stream segment are determined by the Muskingum 
routing technique. Thus the model uses the continuity expression, where inflow (I)
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minus outflow(O) is equal to the change in storage

and the Muskingum expression 

S=  KR • [MX . 1+ (1-MX). Q] (4.7)

where
KR which represents the travel time of a stream segment and 
MX which is a dimensionless coefficient with a value less than 0.5 

Given the parameters K and MX the above equations are used sequentially to compute 
outflow from each segment of a given stream channel.

(4.3) T H E  C H E M I S T R Y  S U B - M O D E L

(4.3.1) THROUGHFALL MODULE

(4.3.1.1) INTRODUCTION

Precipitation over a forested watershed is altered by a brief but significant 
interaction with plant surfaces, which collect airborne gases and particles and release 
exudates. These processes can result in major changes in the quality of incident 
precipitation as it passes through the canopy and becomes throughfall.

In the throughfall component of the ILWAS model five basic processes are 
considered (Figure 4.2) i.e

•Dry deposition 
•Foliar exudation 
• Oxidation processes 
•Wash-off from the canopy 
•Hydrogen ion equilibria

(4.3.1.2) DRY DEPOSITION

Various water soluble compounds transferred to the ground are present in the 
atmosphere as gases and as particles. The gas or particle may be deposited directly on 
to vegetation, soil or water, a process known as dry deposition, or it may be



Figure 4.2: The canopy processes simulated by the ILWAS model (source: EPRI 1983)
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incorporated into a hydrometeor and transferred indirectly to the ground as wet 
deposition, or cloud droplets may be captured by the vegetation, a process known as 
occult deposition.

The process of dry deposition is described in the model by the following 
equation:

Dj= 0.01 • e • Vd • CAi • La • A (4.8)

where
Dj is the deposition rate of chemical species i in fieq/sec
e is the collection efficiency
Vd is the uptake velocity in cm/sec
CAj is the ambient air concentration of ionic species i , in fieq/m 3 

La is the leaf area index 
A is the land surface area in m2

It is suggested  by the m odel th at only S 0 2 and N O x m ay be absorbed into leaf tissue 

through sto m ata  and therefore the above equation holds only for these two gases. Other 

com pounds, such as naturally  derived dust and sea spray , can also be deposited on the 

canopy, a process th at has been term ed the “filtering effect” of the vegetation. This 

process is described by the m odel by an equation identical to the above equation except 

that V d is now defined as the deposition velocity.

An option is included in the model to calculate the gaseous deposition velocities 
as a function of the aerodynamic, laminar sublayer and stomatal resistances. Because of 
the difficulty in obtaining both wind profile data at the canopy level and the various 
resistances, this option is not usually incorporated in the various applications of the 
model (EPRI 1983).

(4.3.1.3) FOLIAR EXUDATION

As rainfall passes through a forest canopy the water is spatially redistributed 
over the forest floor as throughfall. As well as being redistributed, there may be 
substantial changes in chemical composition, with losses or gains of material through 
interaction with the vegetation. Possible mechanisms for change include the wash-off of 
surface material previously deposited from the atmosphere and exudation of certain 
chemical species from inter- and intra-cellular fluids onto the leaf surfaces. This loss of 
elements from within the plant is also known as crown leaching.

Measurement of crown leaching is very difficult as it is complicated by the fact
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that there is also wash off by the rain of substances deposited on the canopy as dry 
deposition. Several model formulations may be possible. The ILWAS model uses the 
following formulation, where the foliar exudation is postulated to be proportional to the 
chemical composition of the leaves.

Xj= a • tj • CLi • WL • La • A /n (4.9)

where
Xj is the exudation rate of ionic species i in /ieq/sec
a is the effective leaf constituent turnover rate 1 /day
7 j is ion specific amplification factor for exudation
CLj is the concentration of substance i in the leaf in /ieq/g
WLis a conversion factor relating leaf dry weight to leaf area in g/m 2

n is the number of seconds in one day
A is the land surface area in m2

(4.3.1.4) OXIDATION PROCESS

Ammonium deposited on the canopy is oxidized to nitrate and hydrogen ion 
according to the following stoichiometric equation:

NH4+ + 202-  N 03- + 2H+ +  H20
This nitrification process has as a result the production of 2 equivalents of strong acid 
(or negative alkalinity). A first order rate expression has been used to simulate this 
nitrification process i.e:

-d  [ NH+ ] / dt =  -k  9n(t_20) [ NH+] (4.10)

where
k is the specific reaction rate coefficient at 2 0  °C (1 /sec)
0N is a temperature correction factor 
T is ambient air temperature in °C and
NH+ is the total amount of ammonium present on the canopy in /ieq

As the temperature in Beddgelert area is always less than 20 °C only a small part of the 
NH+ is converted to N 0 3 , and therefore a significant throughfall flux of NH^ in that 
area is expected.
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S 0 2 and N O x deposited on the canopy are also assum ed to be converted rapidly 

to su lph ate and n itrate. T h is process also produces acidity.

(4.3.1.5) WASH-OFF FROM THE CANOPY

A t the beginning of each tim e step , there is a  volum e of w ater (V ) stored on the 

canopy i.e

V = I t • L a  • A

this volum e of w ater contains a  m ass of ions

(4.11)

Mj= V • Cj (4.12)

where

Cj is the concentration of ionic species i at the end of the la st tim e step.

D uring the tim e step  At the volum e of w ater is increased by precip itation  (P ) and 

decreased by evaporation  (E v)

V *  =  V +  ( P - E v )  • A • A t (4.13)

Sim ultaneously  the m ass of ions is increased by precipitation  (P ), dry deposition (Dj) 

and exudation  (X ,) as well as by the oxidation  (Sj) of N H j,  N O x and S 0 2. T h us

M * =  Mj + ( P .C p i.A  + D j + X j + S , ) • At (4.14)

where

C pi is the concentration of the ionic species i in the precipitation .

Since the volum e V *  is assum ed to be com pletely m ixed , the resu lting concentration

(C,*) is :

Cj* =  / V* (4.15)

where

C j* is the ionic concentration of interception storage for the next tim e step  as well as
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the ionic concentration of the throughfall for the present time step.

(4.3.1.6) HYDROGEN ION EQULIBR1A

From the above procedure it is possible to calculate the concentrations of various 
chemical species but not the concentration of the hydrogen ion concentration which is 
controlled by the equilibria of the inorganic carbon species (TIC) i.e

c o 2 + h 2o  -  h 2c o 3*

H 2C 0 3* -  H C 0 3 + H +  

h c o ; -  COf- +  H +

H 20  -  O H '  +  H +

The above system can be defined by 6  unknowns (H2 C 0 3*, H C03_, H , CO§“ , OH~ 
and TIC given ALK) and it will require 6  equations for a unique solution. Four of the 
equations are given by the equilibrium expressions and one by the definition of 
alkalinity as follows:

[ H 2 C 0 3*] =  K h • P co 2 (4.16)

H C03- • H+/ H2 C 0 3* =  Kx (4.17)

co32- • h + / h c o ;  =  k 2 (4.18)

OH- +  H+ =  Kw (4.19)

ALK= HC03 -  H+ + 2-CO§- + OH- (4.20)

TIC= H2 C 0 3* +HCOJ + COl" (4.21)

where

K h, K l5 K2 and Kw are thermodynamic constants which are a function of 
temperature and Pco2 Partial pressure of C 0 2.

The system can be solved given Aik and Pco2. Simultaneous solution of the five
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equations (eq. 4.16 to 4.21) yields the concentration of H+ and therefore the pH. If a 
solution has high concentrations of organic acids and aqueous aluminium species, the 
hydrogen ion will also be in equilibrium with these chemical species. But since 
throughfall is not yet dominated by the presence of organic acids and aluminium, the 
hydrogen ion concentration is controlled by the equilibria of the inorganic carbon 
species (TIC).

(4.3.2) SOIL CHEMISTRY MODULE 

(4.3.2.1) INTRODUCTION

The ILWAS model includes the major chemical processes which add acids or 
bases to the water flowing through the basin. Chemical reactions are seperated into fast 
and slow reactions.

Fast reactions are those reactions which go to 90% completion within hours 
(Gherini et al 1985). These are represented by equilibrium expressions and reaction 
quotients which give the ratio of the reaction product concentrations. For example, the 
hydrolysis of Al3+:

Al3+ + H20  -  Al(OH)2+ + H+

is represented by its reaction quotient i.e

[H+] ■ [Al(OH)2+] 
[Al3+]

(4.22)

Time does not enter into the equation 4.22. The interest is only in the distribution of 
products and reactants.

Slow reactions are those which do not rapidly approach equilibrium. These are 
represented by rate expressions, which describe how quickly a reaction is proceeding. 
For example, the weathering rate of a mineral is represented by

-dM
dt =  K • M • [ H+]a

where
M is the mass of the mineral and K is the specific reaction constant.
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The following processes which involve either fast or slow chemical reactions are used by 
the ILWAS model to determine the soil solution chemistry.

•Litter fall 
•Nutrient uptake 
•Root respiration 
•C 0 2 exchange 
•Nitrification 
•Anion adsorption 
•Cation exchange 
•Mineral weathering
•Aluminium dissolution and equilibration 
•Calculation of alkalinity 
•Calculation of H+ concentration (or pH)
•Stream chemistry

(4 .3 .2 .2 )  LITTER DECOMPOSITION

Litter is assumed to be deposited onto the upper soil layer at rates which are 
dependent on canopy type and the time of the year. On deposition to the surface, it is 
further assumed that a small proportion of the chemical species in the litter are 
immediately released into solution. The majority of the litter however, is allowed to 
undergo four stages of decomposition. Thus, the litter which is deposited from the 
canopy to the top soil layer is during the time step t + A t  is equal to:

Lc(t+At) =  Lc(t) + (1-Fc)- ^  • A t (4.23)

where
Lc is the litter content of the top soil layer in Kg dry weight /m 2 

Fc is the fraction of litter which is immediately leachable 
Lfc is the litterfall rate in kg/m2/month and 
n is the number of time steps in the month

T h e im m ediately  leachable litter p art releases an am ount of ions to soil solution 

according to the equation:

Xfi= Cli • Fc • Lfc • A -At (4.24)
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where
Xfi is the total amount of ions released to soil solution //eq/sec 
Cli is the content of species i in the leaves in ^eq/g dry weight 
Fc is the weight fraction of leachable ions 
Lfc is the litterfall rate in gm~2s'K - 
A is the land surface area in m2 

At is the time duration in sec

It must be noted that the model keeps a separate account of the litter derived from 
different canopy types (open, forested or decidous). The second part of the total litter 
amount undergoes four stages of decay according to the scheme:

Litter ^  Fine litter (4.25)

Fine litter^? Humus + Cations (4.26)

Humus ^5 Fulvic (Organic) acid +aN H * + bSO^- + cH+ + dC 0 2 (4.27)

Fulvic acid ^  eC 0 2 + fNH+ +  gSO*" +  hH+ (4.28)

The specific reaction rate constants Ki are temperature dependent and the 
stoichiometric coefficients , “a” through “h” are specific to the type of the litter being 
decomposed.

(4.3.2.3) N U T R IE N T  U P T A K E

Nutrients are withdrawn from soil solution in order to support bole and foliar 
growth and to meet the requirements for foliar exudation. The total nutrient uptake for 
each chemical species is therefore:

Ui= a(Um- Pn • Cti + Um • PI • Cli) -|--- £̂i (4.29)
' A-106

where
Ui is the uptake rate of chemical species i in eqmr2s-\ 
a is a unit conversion factor
Um is the fraction of the annual uptake during the month
Cti is the content of species i in the tree bole meq/g. dry weight
Cli is the content of species i in the tree leaves /xeq/g; dry weight
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Pn is the net growth increment for the bole
PI is the annual production associated with leaves (the annual litter fall rate) and 
Xi is the foliar exudation rate in fieq/sec as calculated by eqation (4.9)

The nutrient demand is apportioned to various soil layers in accordance with the root 
distribution in these soil layers. If there is an insufficient amount of any nutrient in the 
soil, the uptake for all nutrients will be proportionally reduced to prevent a negative 
concentration for the “limiting substance” . The model assumes equal vegetation 
preferences for NH^ and N 0 3 which are removed in proportion to their concentrations 
in soil solution. Depending on the specified chemical composition of the biomass, 
nutrient uptake may not remove the same number of equivalents of base cations and 
strong acid anions. The imbalance results in a change in the soil solution alkalinity.

(4.3.2.4) R O O T  R E S P IR A T IO N

The carbon dioxide concentration in soil solution increases relative to 
atmospheric levels due to microbial decay of organic matter and root respiration. The 
model assumes that energy is expended by trees to maintain a basal metabolism rate 
and to remove nutrients from soil solution. Thus:

R =  Rb + a- Ra -Um (4.30)

where

R is the root respiration rate (production of C 02) in mgCcm~2s-1 .
Rb is the basal metabolism rate in mgCcm-2s-v 
Ra is the active metabolism rate in mgCm-2yearx 
Um is the fraction of annual uptake during the month and 
a is a unit conversion factor

The C 0 2 produced dissolves in proportion to the soil gas partial pressure. Upon 
dissolution, the C 0 2 hydrates (C 0 2 + H20  -*■ H2 C 0 3 —► H+ + HC03) providing an 
internal source of H+ ions which can drive exchange and weathering reactions and 
release alkalinity to soil solution.

(4.3.2.5) C 0 2  E X C H A N G E

Carbon dioxide can exist in soil solution in both liquid and gas phases. To
calculate the total amount of C 0 2 in the solution in any soil layer, it is important to
quantify the inputs to and outputs from that layer. This is accounted for in the model
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as follows:

a) C 0 2 is partitioned between the phases according to Henry’s law :

(4.31)

where
PCo2 is the partial pressure of C 0 2 

Kh is Henry’s law constant

D _.[h 2c o ,*]
F c°2~  K h

b) a mass balance equation is used to calculate the sum of aqueous and gas phase C 0 2 

in each layer i.e

=  Pj . Cu + G j-C 'u  -  D F

where
M is the mass of C 0 2 in both liquid and gas phase 
Pj is the water percolation rate out of layer j 
Cu is the C 0 2 concentration in layer j
Gj is the sum of volume displacement of gas by the change in soil moisture content 
of layer j
C'u is the gas C 0 2 concentration in layer j
DF is the diffusion of gas phase C 0 2 from areas of high to those of low 
concentration.

DF is approximated by the product of a diffusion coefficient d and a gas phase 
concentration gradient with depth. Thus,

(4.32)

D p  = d • A C '
A7

and the diffusion coefficient d is calculated by

_  e- (9s — 9) 
~  f

where
e is a constant
0S is the saturated moisture content of soil 
9 is the moisture content of the soil and 
f is the tortuosity factor

(4.33)

(4.34)
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The factors Pj-Cu and Gj-C^u are the advective transports out of layer j of liquid and gas 
C 0 2 respectively. After the total C 0 2 has been determined it is partitioned between 
liquid and gas phases according to Henry’s law providing the total amount of liquid and 
gas C 0 2 in each soil layer.

(4 .3 .2 .6 )  N IT R IF IC A T IO N

Ammonium in soil solution is oxidised to nitrogen and hydrogen ion causing a 
decrease in the solution phase alkalinity, according to the reaction:

N H j + 2 0 2 n o ;  + 2H+ +  h 2o

the rate of this reaction is modelled using a Michaelis - Menten rate expression :

u =  a-u/ [NH+]
Ks+[NH+]

ft (T-20) (4 .35)

where
u is the nitrification rate 
a is a pH dependent factor 
u; is the maximum nitrification rate at 2 0  °C 
[NHj] is the ammonium concentration in (ieq/\
Ks is the half saturation constant i.e the concentration of NH *̂ at which the rate of 
conversion is one half the maximum in fieq/1  

©N̂ T —20 îs a temperature correction factor and 
T is the soil temperature in °C

According to the Michaelis-Menten expression the rate of oxidation is linearly 
dependent upon the concentration of ammonia at low concentrations and is constant at 
high concentrations.

(4 .3 .2 .7 )  A N IO N  A D S O R P T IO N

Dynamic models must always include adsorption/desorption of sulfate, phosphate 
and organic acids (especially that of SO4"), otherwise it is likely that a serious 
underestimation of the response times to acid deposition effects will occur. As a first 
approximation the mechanism of SO2- adsorption may be thought of as a neutralization 
due to the exchange of SO4 - for OH groups on the clay surfaces resulting in a rise in 
soil solution pH. The capacity of a soil to adsorb ions is not a fixed quality, but
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increases as the ions concentrations increase.

The model simulates the adsorption of sulfate, phosphate and organic acids by 
linear isotherms which quantify the equilibrium distribution of the ions between the 
solution and sorbed phases i.e

^solution=  K ' Csorbed (4-36)

Seperate adsorption constants K can be used for each soil layer and each ion. The 
organic acid adsorption isotherm used is:

Solution =  (K/ a) ’ Csorbed (4'37)

where
a = a 1 + 2 a2 *t* 3a3

The a-’s are the ionization constants for the model triprotic acid ([HgR] =  a0-Ftp , 
[H2 R "]= a 1 -RT, [HR2" ]= a 2 -RT and [R3-]= a3- RT) and are dependent only upon pH 
and temperature. Thus, this isotherm strongly favors adsorption as pH increases.

Although relatively simple adsorption isotherms are used, it was found that these 
readily accomodate other isotherms (e.g, Freundlich or Langmuir ) including highly 
nonlinear expressions (Gherini et al, 1985).

(4.3.2.8) C A T IO N  E X C H A N G E

Although mineral weathering reactions are the long term producers of alkalinity 
and base cations, these reactions are slow. The ability of a soil to quickly neutralize 
acids and maintain relatively constant pH values comes from the large pool of base 
cations which exist on the cation exchange sites. These base cations can be quickly 
exchanged for H+ ions. Six cations are exchanged i.e Ca2+, Mg2+, Na+ , K+ , H+ , NH*. 
The exchange of cations of equal valence, for example, the exchange of Ca and Mg 
becomes:

(Ca2+ )ads+ (M g2+)soln -  (Mg2+)ads + (Ca2+)soln

is represented by a mass action equilibrium equation

(Mg2+ )ads • (Ca2+),oln 
(Ca2+ )ads.( Mg2+)so,n Ca2+ .M 92+

(4.38)
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where
K 2+ 2+ the selectivity coefficient for Mg2+ with respect to Ca2+

Ca ,Mg 'r

Divalent-monovalent cation exchange, for example, the exchange of Ca2+ and H+ 

(Ca2+)3ds+ (H + )soln -  (H+)ads +  (Ca2+)soln 

is represented by empirical exchange equations, called Gapon equations, of the form

(H+ )ads(—a2-jr-sp~) 
(Ca2+ )ads( H+)soln

1/2
= K

Ca2 + ,H+
(4.39)

K 24- 4- is the selectivity coefficient for H+ with respect to Ca2+

Ions can be exchanged between the liquid and solid phases but the total mass of ions 
remains constant i.e

(Ca2+)ads+ (Ca.2+)soln=  (Ca2+)total (4.40)

In addition, the sum of all adsorbed cations must be equal to the cation exchange 
capacity (CEC)

[Ca2+]ads +  [ Mg2+]ads+ [Na+]ads + [ K+]ads + [ H+]ads+ (NH4+]ads =  CEC(4.41)

The 12 unknowns ( 6  aqueous phase concentrations and 6 adsorbed form concentrations) 
can be determined from the 5 exchange equations, the 6  mass conservation equations 
and the CEC definition.

(4.3.2.9) M IN E R A L  W E A T H E R IN G

The weathering of minerals consumes acidity and releases base cations to soil 
solution according to the following general reaction:

Mineral 4- x-H+ -y equivalents of strong acid anions 4- 
(x-fy) equivalents of base cations 4-
b H4 Si0 4 + 
secondary minerals
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For example the specific stoichiometry for a very weatherable mineral, the K-feldspar, 
present in the ILWAS watersheds is as follows:

2-KAlSi3 0 8 + 2-H+ + H20  -  H4 Al2 Si2 0 9 (kaolinite) + 2-K+ + 4-Si02

Weathering is a very slow process and is a function of the mineral present and the H+ 
concentration. Thus the following rate expression is used in the model:

-dM  =K-M [H+ ]a (4.42)

where
M is the mass of the mineral present
K is the specific weathering rate coefficient
H+ is the hydrogen ion concentration in soil solution and
a is the reaction order with respect to the hydrogen ion concentration

The model uses the equation above to determine the amount of mineral weathered 
during a time step. It then uses stoichiometric equations similar to that described for 
the K-feldspar, to account for K +  consumed and the various cations produced.

(4.3.2.10) A L U M IN IU M  D IS S O L U T IO N  A N D  E Q U IL IB R A T IO N

Figure 4.3 presents the aluminium system simulated by ILWAS model. 
Aluminium can be in equilibrium with gibbsite, hydroxide, fluoride, sulfate and organic 
acid. The complexation with organic acid, sulfate, hydroxide and fluoride are all fast 
solution-phase reactions which are represented by equilibrium expressions. For 
example, Al3+ hydrolysis can be described as:

Al3++ H20  -  Al(OH)2+ + H+

and the equilibrium expression becomes

[Al(OH)2+]- [H+l _  R 
[Al3+]

(4.43)

Similar equilibrium equations are used to represent the formulation of Al(OH) 2 , 
Al(OH) 3 , A1(0H)4. Organic acid complexation of Al3+ is described as:



Figure 4.3: The aluminium chemistry system simulated by the ILWAS model (source: EPRI 1983)
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and the equilibrium expression becomes

[Air] _  y  
[Al3+ ]-[R3-] 4

(4.44)

Moreover the triprotic organic acid (R3 ) can be in equilibrium with less dissociated 
forms of organic acid e.g

R 3 - +  H +  _  H  R -

and the corresponding equilibrium expression is

[HgR~] _  K
[r 3 1 -[h +] "  5

(4.45)

In a similar fashion equilibrium expressions are used to represent the complexation of 
Al3+ with fluoride and sulphate.

The dissolution and precipitation of gibbsite (or any A1(0H) 3 solid) is 
represented either by an equilibrium expression if the solution is in equilibrium with 
gibbsite, or by a rate expression if the solution is undersaturated or oversaturated with 
respect to gibbsite. The Al3+ equilibrium with gibbsite according to the reaction

A1(OH)3(s) +  3H+ -  Al3+ + 3-H20

can be expressed as:

=  K ,

If the dissolution of Al3+ is rate limited (very acid conditions) Al3+ will not build up to 
its equilibrium level and the following mass action limited rate expression is used i.e

-  d [ A1(0H)3(s)]
dt =  K2 ( [ Al3+]e -  [Al3+] ) (4.47)

where
[Al3+]e is the concentration of Al3+ for a solution in equilibrium with gibbsite and
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K v  K2, K3j K4, Ks are the specific reaction rate constants.

Simultaneous solution of the equilibrium equations can provide the concentrations of all 
the identified species in Figure 4.3.

(4.3.2.11) CALCULATION OF ALKALINITY

The major chemical constituent of interest, the free H+ concentration or pH, 
cannot be directly predicted by simple mass balance calculations. Whereas, when two 
Na+ solutions are mixed in equal volumes, the resulting Na"̂ " concentration is just the 
average of the two, this rarely occurs for H+ . There are two reasons for this. Firstly the 
simple analytical procedure for H+ concentration (e.g pH meter) only measure the 
concentration of H+ which is free in solution while the H+ associated or complexed with 
other species (e.g weak acids) is not measured, and secondly the H+ associated with 
other species dissociate to a degree dependent upon the existing H+ concentration in 
solution. The computational difficulty associated with the the nonconservative 
behaviour of the free H+ ion is overcome by using an extended form of the solution 
alkalinity relationship.

Alkalinity is a measurable parameter which is used to determine how much acid 
(regarded as a proton donor) or base (regarded as a proton acceptor) must be added to 
change the H+ concentration (or the pH) of a solution. Alkalinity or acid neutralizing 
capacity (ANC) can therefore be defined as the concentration of all H+ acceptors minus 
the free H+ ion concentration. In a system where aqueous carbonates, the organic acid 
H3R and aluminium hydroxides may be present, alkalinity is defined as:

Alk= [HCO 3 ] +  2 [C0 §-] +

[HjRj] + 2 [HR?-] + 3[R,_] +

[A1(0H)2+] + 2[A1(0H)+] + 3[A1(0H)°] + 4[A1(0H)4] +

3[A1Rj ] + [A1R2+] + 2[A1(R2 )J] +  3[A1(R2)3] +

[OH'] — [H+ ] (4.48)

where
[] is the molecular concentration of each of the species and H2R, HR are the 
dissociated species of an analogue organic acid.
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The proton reference level here includes C 0 2, H3 R l5 HR2 and Al3+. Alkalinity can also 
include other H+ acceptors such as the complexes of A1 with F“ , SO^- and organic acid. 
The model, however, also includes an alternative representation of solution-phase 
alkalinity which is mathematically equivalent to the equation 4.48. This representation 
is based upon the alkalinity definition and the solution electroneutrality condition. Thus 
the alkalinity is defined as the difference between the sum of the total non-hydrogen 
cations (free and complexed forms) times the individual uncomplexed cation charges at 
the equivalent point (£)CB, meqil ) minus the sum of the total strong acid anions (free 
and complexed) times the individual uncomplexed anion charges at the equivalence 
point (£ C A, mê /l ) i.e

A lk =(£C B- £ C A) (4 .4 9 )

Alkalinity is a conservative parameter, independent of temperature, pressure and the 
partial pressure of C 0 2. Although these factors change the relative size of the terms in 
the alkalinity equation they do not change their sum. For example, increasing the 
partial pressure of C 0 2 increases the concentration but also increases the
concentrations of bicarbonate and carbonate in a directly offsetting manner and 
therefore there is no net change in alkalinity.

C 0 2 + H20  -  H ++ HC03- -  2-H+ + CO|-

Transport and mass balance equations can be readily written for alkalinity, which is 
then used in the determination of the H+ ion concentration.

(4.3.2.12) CALCULATION OF H+ CONCENTRATION (OR pH)

The H+ concentration is determined implicitly from the alkalinity and the 
analytical sums of total inorganic carbon CT (C 0 2 + HC03 + C 0 3“ ), total aqueous 
aluminium A1T and total organic acid RT.

An expression of alkalinity is prepared in which the individual alkalinity 
components in equation 4.48 are all represented by their analytical totals, the 
complexation constants and the H+ concentration. For example, the combination of 
the following equations 4.50, 4.51 and 4.52

[h c o ; h h +]
[C02] - K (4.50)C 0 2 + H20  -  H+ + HCOj =>
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H+ + HCO: -  2H+ + COi'=> [COg-l-pg*] ( ,
[HCO3 ] _  “ 2 t4’51}

cT = co2 + h c o ;  +co|- (4.52)

leads to following representation of the concentration of the uncomplexed HCOJ

[HCO3-] = c T [ + 1 + j f j j ] (4.53)

When all such representations are substituted into the alkalinity expression, an equation 
results in which [H+ ] is the only unknown.

(4.3.2.13) STREAM CHEMISTRY

Each stream segment can receive direct atmospheric deposition, flow from 
upstream segments and lateral flows from adjacent land subcatchments. In streams, 
hydraulic residence times are short and therefore the mass balance based dilutional 
method is used to calculate the solute concentrations in each stream segment.

p * _V-C +(P ' Cp + ]T)Qu*Cu -f- At
“  V+ (P + £Qu + £Ql ) At

where

C* is the constituent concentration at time t + At
C, Cp, Cu, CL are the constituent concentrations in the stream, precipitation, 
upstream segments and lateral flow respectively at time t 
V is the volume of the stream segment 
P is the volumetric precipitation rate into the segment 
Qu is the flow from the upstream segments and
QL is the lateral flow from adjacent land subcatchments into the segment

This equation applies directly to all constituents with the exception of dissolved C 0 2. 
Carbon dioxide is allowed to exchange with the atmosphere at a rate which is 
proportional to its difference from saturation. The gas transfer is approximated by:

E =  e-(C —Cs) • As • At (4.55)
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where

E is the amount of C 0 2 transferred
e is a gas exchange coefficient which is a function of stream velocity and depth 
C is the aqueous C 0 2 concentration calculated by the equation 4.54 
Cs is the air equilibrated aqueous C 0 2 concentration which is a function of 
temperature and
As is the surface area of the stream segment 

(4.3.2.14) SOLUTION TECHNIQUE

In ILWAS a catchment is represented by a series of continously stirred tank 
reactors (CSTRs). Within a simulation time-step the model first solves the hydraulic 
equations that determine the flow between the CSTRs and the water volume within 
each CSTR. The model then proceeds to simulate chemical processes within each 
CSTR, the outflow concentrations of one CSTR becoming the inflow concentration to 
the next CSTR. Within any one CSTR the order that the processes occur in any one 
time step is shown schematically in Figure 4.4.

Thus at the beginning of the time-step the reactor contains a volume of water Vj 
and a mass of a particular ion Mj and a solute concentration Cj where C-=Mj/Vj. 
During the time-step water enters the reactor at an average flow rate Qjn containing 
additional ions at a concentration Cin. Consequently the first step is to add all this 
inflow plus all other external inflows Ij (e.g dry deposition) to the initial water and ion 
quantities present in the reactor. The second step is to perform all irreversible reactions 
and add the net production by these processes Sj (e.g mineral weathering) to the 
reactor. In the third step all reversible reactions are brought to equilibrium. Finally a 
volume of water corresponding to the average outflow rate over the time-step is 
removed leaving the final quantities of water and ions Mj + 1  in the reactor.

A CSTR is represented mathematically by the following differential mass balance 
equation:

W =  T  =  (Q- C- )- (Q- tC) +  1 +S (4-56)

where
M is the total mass of ion in the CSTR 
C is the concentration of ion in the CSTR 
I is the rate of input of ions not brought in with flow 
S is the rate of supply of ions by irreversible reactions



Figure 4.4: The ILWAS representation of a catchment as a series of Continuously Stirred Tank Reactors 
(CSTR’s) (source: EPRI 1983)
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The model uses the following simple numerical representation of this first-order 
differential equation:

M i + 1-M ,
A t Qin^in -Q o u t^ i+ l  + 1! +$\ (4.57)

This method provides, according to Gherini et al (1985), a rapid convergence with 
minimal computational effort compared to other numerical solution techniques.
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(4.4) T H E  S T U D Y  S I T E S

The ILWAS model has been applied to two forested catchments in the 
Beddgelert area in North Wales. One of these catchments (D4) has also been used for 
the application of the MAGIC model. This application together with a brief description 
of the hydrochemical characteristics of the Beddgelert area has been presented in the 
previous chapter (Chapter 3). In this chapter a more detailed description of the area will 
be given as well as an account of the conversion of the chart streamflow records to 
numerical data.

(4.4.1) SITE DESCRIPTION

A catchment experiment was undertaken by the scientists of the Institute of 
Terrestrial Ecology, Bangor, North Wales, in order to investigate the effects of mature 
Sitka Spruce plantations on the concentration and fluxes of major solutes passing from 
bulk precipitation through to stream waters. The project was started in 1982 in the 
Beddgelert forest, which is located in the mountains of Snowdonia, North Wales (Grid 
Ref. SH 5550).

The study sites are presented in Figure 4.5a and 4.5b. The latitude and the 
longitude of the area are approximately 53 and 4.2 degrees respectively. The site lies 
approximately 12 Km from the coast and it is mainly forested (Forestry Commission 
Sitka Spruce and Norway Spruce plantations). The climate is cool oceanic and damp, 
with a mean annual tempearture of 8 °C and a mean annual rainfall about 2500 mm. 
The main area of the forest was established from 1931 to 1936 in agriculturally 
unimproved grassland and heath. Trees were planted as a 50 : 50 mixture of Sitka and 
Norway Spruce, but subsequent thinning has reduced the number of stems to 690 per 
hectare, of which only 10% are Norway Spruce. The unforested part of the catchment is 
unimproved grassland dominated by Nardus, Festuca and Agrostis (Stevens et al 1989a).

The study sites were set in two north-east facing catchments, the catchment Ddu 
which is mainly forested and the catchment Marchnad which is agriculturally 
unimproved (Figure 4.5a). Within the forested catchment three small streams draining 
three forested subcatchments (D2, D3 and D4) were sampled. Additionally, stream Dl 
which drains the whole of the forested catchment and stream D6 which drains the 
unimproved grassland catchment, were sampled. Also, five experimental 50mX60m 
plots, uniform in terms of crop and soil, were instrumented to sample soil water at 5 

depths, throughfall and stemflow.

Experimental felling of part of the area (plots 1-4 in the sub-catchments D2 and 
D4 (Fig. 4.5b)) occurred from summer 1983 to summer 1984. Half of each of plots 1-4
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were “conventionally felled” leaving branches and needles on the ground. The other half 
of each plot was “whole tree harvested” in which all above ground parts of the trees 
were removed from the site. Replanting of these plots with Sitka Spruce took place in 
winter 1984-1985.

(4.4.2) GEOLOGY OF THE AREA

The geology of the site is dominated by Ordovician slates. Small outcrops of 
dolerite dykes and sills occur and a small area of microgranite exists at the highest 
levels. Soils of the forested catchments are dominated by ferric stagnopodzols (Stevens 
et al 1989a). The stagnopodzol consists of a thin accumulation of spruce litter, 2cm of 
peat which was accumulated prior to the planting of the present forest, clay rich Ah and 
Eag leached horizons, a trace of iron pan and strong brown stony Bs/C horizons. A 
generalized profile description for the stagnopodzol soils in Beddgelert area is given in 
Tables 4.1 and 4.2 (Stevens et al 1989a). The bulk densities in Table 4.1 represent the 
densities of each soil horizon, measured after the removal of the stones. Values in 
brackets represent an approximation of the total bulk densities, from the above values 
and the soil profile description.

The percentage of root density in each soil layer has been estimated from the 
diagram of root distribution versus depth, as measured in the field by Anderson (pers. 
comm., 1989). All other information has been taken from Stevens et al (1989a).

(4.4.3) INSTRUMENTATION OF THE CATCHMENTS

Two bulk precipitation collectors (R1 and R2), each with a collection area of 180 
cm2, were installed, one in a felled area of the forested catchment and one in the 
grassland. Samples from these were collected fortnightly from January 1982 onwards for 
R1 and February 1982 onwards for R2.

Twelve throughfall collectors (identical to the bulk precipitation collectors) were 
also installed at random within a 2 0 m by 2 0 m plot of representative Sitka Spruce 
planted in 1936. Samples from the twelve collectors were bulked in the field every 
fortnight from July 1982 until December 1985.

Eight stemflow collectors made by a PVC tube spiral, a tipping bucket gauge 
and a sample splitter, were located within the same 20m by 20m plot. The eight 
samples of stemflow were bulked in the field, sampling starting in March 1983 and 
continued until December 1985. The precipitation, throughfall and stemflow collectors 
are all shown in Figure 4.5a.

Soil water was sampled using two different sets of equipment i.e
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Table 4.1
The profile physical properties for the soil in the Beddgelert area

Horizon Density Perc.roots Depth Description
(g. /cm3) (%) (cm)

L+F+O 0.42(.42) 35 0-4 Litter and litter decomposing
Ah 0 .6 8 (.6 8 ) 13 4-8 Dark brown clay loam,stoneless, 

coarsesubangular structure
Eag 0.82(1.3) 1 0 1 2 - 2 1 Grey brown silty clay loam; 

slightly stony
medium weak angular structure

Bs 0.66(2.5) 39 21-48

48-77"*"

Strong brown sandy silt loam;very 
stony; fine moderate crub structure

Bs/C 0.66(2.5) 3 Brown or dark brown sandy silt 
loam. Abundant large shale stones.

Table 4.2
The soil solution pH and the percentages of clay sand and silt for each soil horizon 
in the Beddgelert area

Horizon pH in water Clay % Sand % Silt %

L+F+O 3.3 0 0 0

Ah 3.7 27 13 60
Eag 3.9 2 1 27 52
Bs 4.1 9 55 36
Bs/C 4.1 3 74 23
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la) Plastic zero tension lysimeters in the L and 0  horizons. The lysimeteres were 
fitted with end stops and an outlet spout discharging into a bottle positioned in a hole 
downslope. Small squares of plastic sheet inserted vertically into the surface soil upslope 
of the lysimeters, were used to divert occasional overland flow from entering the 
lysimeters.

lb) Porous ceramic cup suction samplers in the Ah, Eag, Bs and Bs/C horizons. 
These were installed into a slurry of the appropriate soil horizon and backfilled with soil 
material in the correct order. A suction of 700 mbars was applied.

Four groups of this set of equipment were installed (2 in the whole tree harvested 
area and 2  in the conventionally felled area) in the four plots 1-4 inclusive. Samples 
were collected fortnightly from January 1982 until December 1985 and every four weeks 
from December 1985 until the present, for plots 1, 3 and 4. In plot 2 fortnightly 
sampling occurred from January 1982 until June 1987 and then continued every four 
weeks.

2) The second set of equipment used was the “throughflow11 or “interflow11 pits 
which collect laterally moving water from five horizons. The collected water was piped 
to tipping buckets for volume recording and sample splitting. Two pits were installed in 
the unfelled area of plot 5 and four pits in each of the plots 2 and 3 (2 in each felling 
treatment). Water samples were collected every two weeks from May 1983 to January 
1986 and then every four weeks until January 1987. Four soil horizons have been 
sampled in block 2 and 5 ( L, E, B and Be) and five in block 3 ( L, E l, E2, B and Be).

Streams Dl, D2, D3 and D4 were spot sampled every week since January 1982 
and stream D6 since March 1983. Streams Dl and D6 were ungauged and streams D2 , 
D3 and D4 were fitted with V —notch weirs and stage boards. Streams D3 and D4 were 
also fitted with continous flow recording equipment.

(4.4.4) STREAMFLOW ANALYSIS

The recording system of streams D3 and D4 is very simple and consists of a 
float with a pen attached, which scribes on a rotating drum. The drum is driven by a 
clock and thus a permanent record of water level has been obtained for a specified time 
period. Charts which cover a four weeks period have been provided to the author. In 
each chart the datum level of the weir (i.e the stage height at which water just 
commences to flow over the weir) is drawn, so that water levels can be referred directly 
to it.

The conversion of chart records to numerical data took place at Imperial College 
using a CALCOMP Digitising tablet with subsequent processing of this information 
using an IBM-PC Computer. The points to be digitised have been selected on the pen



. Figure 4.5a: Map o f Beddgelert area showing rainfall (R), throughfall ( J ) , stemllow, soilw atef and 
streamwater collectors (D). The inset shows the location o f the site in Wales (source: Stevens et al 1989a)
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record “by eye” so as to divide the record into a series of straight line segments. This 
means that the number and positioning of the points is dependent on the complexity of 
the chart.

In some cases large storm peaks exceed the upper boundary of the chart. In this 
situation the chart has been extended by the observers, on the basis of subjective 
analysis, with a piece of graph paper and the peak has been drawn on this. These large 
storm peaks usually exceed the upper boundary of the digitising tablet. Where this 
occurs the peak is “flagged” in the digitised data and a zero entered. The height of the 
peak above the boundary can the be measured and entered directly into the data during 
editing. The format of the co-ordinates for the peak point has to conform with the 
original data so that processing programs work. Where there is a change in the position 
of the datum line on the same chart, two data files have been created, one for each 
position of the datum line.

Data entered from the digitiser have been listed using the fortran program 
DIGIT.EXE which produces formatted listing in columns. Eighty files have been 
created, each containing approximately 28 days of data, started on 9/6/82 up to 
25/7/88. Each complete full line of digits refers to a point, and is the x and y 
coordinates of that point in mm, and a button number. The x and y coordinates and the 
button number are each right justified in 11 columns. The x and y values are recorded 
to 4 places of decimals. The first and the second line of each data file refer to the 
coordinates of the first and the last point on the datum line of the chart. Differences in 
the y coordinate of these two points mean that the x axis is not horizontal. The chart 
has suitably been moved, by trial and error procedure so that the difference between the 
two y coordinates becomes less than 1/10 mm. The data listings have then been 
scanned visually and any obvious errors corrected e.g time coordinates that are out of 
sequence due to misplacing of the digitiser pen.

The conversion of coordinates to flow and time is achieved using the program 
DIGITISE.FOR. The time axis can be converted from mm to time, by dividing the 
total length of x axis in mm, to the total period of time in minutes, written on each 
chart i.e

total period of time =  [( DAYF-1)-(DAYI+1.)].1440. + MINDAYF + MINDAYI

where
DAYF is the final day of the chart
DAYI is the initial day of the chart
Day 1 is the first day of each year
MINDAYI is the total number of minutes of the initial day
MINDAYF is the total number of minutes of the final day



CHAPTER 4: THE ILWAS MODEL -127-

Minute 0 is at 9.00 o’clock in the morning Greenwich mean time.

Stage heights were converted to flow using the experimentally derived relationship 
(Reynolds 1982) i.e

logloH=0.4002876-log10Q +0.74429 (4.58)

where
H=head of water (=stage height — datum height) cm and 
Q=flow 1/s

Each line of the new data files contain the day of the year, the minute of the day and 
the flow in 1/s. The average for each day is included in the files. The new flow data files 
have been merged to create one file for each year, containing a sequential record of 
streamflows.

(4.4.5) CHEMICAL ANALYSIS

Chemical analysis was undertaken by the staff of the Institute of Terrestrial 
Ecology in Bangor, Wales, and involved the determination of a wide range of water 
quality parameters.

All the stream water samples were analysed for pH, Na, K, Ca, Mg, Fe, Si, Al, 
H2 P 0 4 -P, N 0 3-N, S 0 4 —S, Cl and dissolved total organic carbon (DTOC). Soil water 
samples from lysimeters and suction samplers for plots 1, 3 and 4 were not analysed for 
Na, Fe, Si, Al, S 0 4 — S, Cl and DTOC however. All samples wejre collected in acid 
washed polypropylene or high density polythene bottles and analysed in the laboratory. 
PH was determined on an unfiltered sub-sample. The remaining sample was filtered 
through a Whatman GF/F glass fibre filter within 24 hours of collection. Na, K and Al 
were analysed by flame emission spectrophotometry whilst Ca, Mg and Fe were 
determined colourimetrically by auto analyser. S 0 4 —S was determined by the borium 
chloride turbidimetric method. DTOC was measured by a Carlo-Erba analyser. Since 
1985 anions have been determined by ion chromatography.

The precision for DOC and Al determinations was ±10%, pH±0.05 units and all 
other solutes ±5%.
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(4.5) A P P L I C A T I O N  O F  T H E  I L W A S  M O D E L

(4.5.1) HYDROLOGICAL SUB-MODEL

The ILWAS model was applied to the two forested sub-catchments, D3 and D4, 
in the Beddgelert area. These sub-catchments were selected because they were the only 
sub-catchments fitted with continous streamflow recording equipment. A topographic 
description of the two catchments as given by Stevens et al (1989a) and Stevens (pers. 
comm. 1989), is presented in Table 4.3.

(4.5.1.1) CALIBRATION OF THE HYDROLOGICAL SUB-MODEL

The first step in the calibration of the hydrological sub-model is to derive values 
for the time-dependent input variables that drive the model and the time-independent 
parameters that describe the catchment hydrological system.

The time-dependent hydrological model input variables consist of:
1 ) daily precipitation
2 ) maximum and minimum daily temperatures
3) wet bulb temperatures
4) wind speed
5) mean values for air pressure and cloud cover and
6 ) the percentage of the mean monthly relative humidity

Both precipitation and the maximum and minimum daily temperatures have been 
taken from the Meteorological Office for the period 01-05-83 to 31-7-88. Data from the 
NANTMOR station, grid reference 2603E 3463N SH, near Bangor, lying at altitude 
52m. These data provide a mean annual precipitation amount equal to 2190 mm over 
the five years period. That is notably lower than the average of 2800 mm over the 5 
years period (1982-1986) reported for the Beddgelert area (Stevens et al 1989a) and the 
difference is mainly due to the difference in altitude between the two sites. To match 
the mean annual precipitation depth of 2800 mm, the precipitation amount given by 
Meteorological Office was proportionally increased by 20% by adjusting in the model a 
suitable calibration factor, the precipitation weighting factor, which was set equal to
1.2. This figure compares well with the data given by Welsh and Burns (1987), who, 
based on a comparison of rainfall totals from rain gauges on the valley floor and on the 
valley slopes in the Loch Dee catchment S.W Scotland, suggested that there appears to 
be a general 6 % increase in rainfall per 1 0 0 m increase in altitude.

Values of the mean relative humidity have also been provided by the
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Table 4.3
The major topographic characteristics of the two land sub-catchments D3 and D4

Catchment D3 Catchment D4
Catchment area(ha) 4.7 6 .1

Grassland (%) 2 0 1 2

Forested (%) 80 8 8

% Catchment area
felled in 1984 Unfelled 28
Width (m) 2 0 0 2 2 0

Altitude range(m) 330-460 330-480
Slope 90 in 340 m(26%) 120 in 390 m(30%)
Aspect (degrees clock- 24 54
wise from the true north)

Table 4.4
The mean monthly relative humidities at 03,09,15 
and 2 1  hrs

Month Time (hrs) Mean
03 09 15 21

Jan. 87 87 82 87 8 6

Feb. 8 6 85 76 85 83
Mar. 87 84 76 8 6 83
Apr. 89 82 76 87 84
May 90 82 76 87 84
Jun. 92 81 75 87 84
Jul. 92 84 76 89 85
Aug. 92 84 77 89 8 6

Sept. 91 85 78 89 8 6

Oct. 89 87 80 8 8 8 6

Nov. 8 6 85 79 85 84
Dec. 87 8 6 82 8 6 85
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Meteorological Office and for the same location, as mean values for each month at 03, 
09, 15 and 21 hours and presented in Table 4.4. A mean of these four values for each 
month is also shown in the same table.

The wet bulb temperature, the wind speed as well as the air pressure and the 
percentage of cloud cover, are only necessary for the simulation of lake chemical 
concentrations; i.e the calculation of the heat budget in the lake, the inflow distribution, 
the outflow withdrawal and the resulting internal advection between different lake 
layers. However, there is no lake present in Beddgelert area and therefore the above 
time dependent variables have not been considered in this study.

For the hydrological calibration of ILWAS model a daily time-step has been 
used. The model has been calibrated with eleven months of data extended from January 
1 , 1984 to November 30, 1984, because precipitation data for December 1984 have not 
been provided by the Meteorological Office. As a verification, the simulated period has 
been extended for three more years, 1985, 1986, 1987 for catchment D3 and for four 
years 1984-1987 for catchment D4.

The time-independent model input parameters describe the major physical 
characteristics of the land catchment i.e area, width, slope, altitude, aspect, and 
percentage of each canopy type. These variables are shown in Table 4.3 for both 
catchments D3 and D4. In addition to describing the physical characteristics of each 
land catchment, values are also required to describe the major hydrological processes in 
the canopy, snowpack and soil horizons of each sub-catchment.

For the canopy the major data requirements are the maximum interception 
storage and the monthly leaf area index for each canopy type.

Interception, Is, is that portion of gross precipitation which is retained by the 
vegetation on the leaf surfaces. Several different methods exist to estimate canopy 
water storage i.e from plots of gross rainfall versus net rainfall obtained during storm 
events, from the comparison of the weights of sampled dry and artificially wetted 
branches and from the comparison of gamma-ray attenuation of dry and wet canopies. 
The use of the first, indirect, method in Sitka Spruce crops at the Plynlimon and 
Kielder sites lead to canopy capacities of 1.2 mm and 0.75 mm respectively (Gash et al 
1980). The second method, in a recent study in a Sitka Spruce stand in Southern 
Scotland gave a canopy storage capacity equal to 2 .1  mm and 2.8 mm for windy and 
calm conditions respectively (Hutchings, 1988). Moreover the Sitka Spruce stands in 
Stirlingshire, Scotland, have been estimated by the nuclear method to have a canopy 
storage capacity of 2.4±0.6mm (Olszyczka and Growther, 1981). Calder and Wright 
(1986) reported that drainage from the canopy of the Hafren forest started at a 
threshold value of 2 mm reaching a maximum of 3.5 mm. Consequently, a value of 2.8
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mm was assumed to be a reasonable estimate of the interception storage for the Sitka 
Spruce stands in the Beddgelert Forest.

Leaf area index is the ratio of the leaf surface area per unit ground surface area. 
For model application it is necessary to measure or estimate LAI in the summer when 
LAI is at the maximum and in the winter when LAI is at the minimum. According to 
Owen (1954), the LAI seasonal pattern of a Sitka Spruce forest in the Nant Heilyn near 
Bangor, N.Wales, had a late autumn and early spring minimum and a summer 
maximum. Moreover, the litterfall rate is expected to be low in Sitka Spruce forests in 
Britain (Owen 1954, Bray and Gorham 1964) and therefore, the ratio of maximum to 
minimum LAI is not expected to be high. Values of LAI around 10 have been reported 
in the literature (Jarvis et al 1975, Cannell 1982). Thus, combination of those three 
assumptions has led to the estimation of the monthly sequence of the leaf area index for 
the coniferous canopy presented in Table 4.5.

Because the open area is dominated by different vegetation species, literature 
values of the open area leaf area index were very difficult to obtain. It was therefore 
assumed that the open area index is 1.0 during autumn and winter rising to 1.5 in late 
spring and summer months. The open area LAI monthly values are also presented in 
Table 4.5.

The time-independent variables required by the snowpack module are the 
snowmelt rate coefficient (cm°C'1day"1), the snowpack sublimation rate and the 
moisture field capacity of the snowpack. However, at Beddgelert forest, the maximum 
daily temperature becomes lower than the snow formation temperature only twice over 
the four year study period (1984-1987) indicating that significant snowfall does not 
occur in the area, a fact, which is also supported from in situ observations. Thus, as well 
as the lake module, the snowpack module has been discarded from this study.

The input data for the catchment soils consist of the horizon thickness, the 
initial soil moisture content, the field capacity, the saturated moisture content, the 
horizontal and vertical permeability, the root distribution, the initial temperature and 
the Manning’s coefficient for surface flow.

Manning’s coefficient for the calculation of overland flow has been set equal to 
0.45 for a forest floor covered with litter (Chow 1964). The percentage of root density 
in each soil layer was presented in table 4.1 while the average depths for the five soil 
horizons were set equal to 4, 8 , 12, 27, and 48 cm respectively. The rest of the soil 
hydrological parameters i.e the initial soil moisture content, the field capacity, the 
saturated moisture content and the horizontal and vertical permeability have been used 
as calibration parameters. The reason was that there were no field measurements 
available for these parameters and even if there were measurements available, these
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Table 4.5
The monthly values of the leaf area index for forested and open area

Jan Feb Mar Apr May Jun Jul Aug Sep Oct Nov Dec
1 0 11 9 10 11 11 11 11 10 8 1 0 1 0 L A I  (coniferous)

1 .0 1 .0 1.0 1.5 1.5 1.5 1.5 1.5 1 .0 1 .0 1 . 0 1 .0 L A I  (open area)

Table 4.6
The calibrated values of the major hydrological parameters used in the ILWAS 
representation of the five soil layers of catchments D3 and D4.

Lay. Init.soil moistField cap. Saturat. moistureHorizont. perm. Vertic. perem.
1 36% 35% 43% 13500 cm/day 13500 cm/day
2 31% 30% 34% 170 cm/day 170 cm/day
3 29% 28% 32% 2 2 0  cm/day 2 2 0  cm/day
4 26% 25% 28% 350 cm/day 350 cm/day
5 2 1 % 2 1 % 25% 400 cm/day 400 cm/day

( T h e  in it ia l  soil m o is t u r e  c o n t e n t ,  the  f ie ld  c a p a c i t y  a nd  th e  s a t u r a t io n  m o is tu re  are all expressed  

as a f r a c t io n  o f  th e  soil  v o lu m e ) .

Table 4.7
Statistical tests used to check the goodness of fit between the simulated and 
the observed mean daily streamflows in catchment D3 for the period 1984 — 1987
Catchment D3 

Statistics Year 1984 Year 1985 Year 1986 Year 1987
Corr. Coeff. 0.72 0.82 0.71 0.75
Mean Oa r79. 1 i 

174.9 n
300.0 298.2 305.0

Mean Sa 258.0^* 288 .9^ 259 .4 ^
S.D 0 321.1 427.2 396.9 . 453.3
S.D S 352 .3^ 386 .6^ 479.2^ 426 .8 ^
Kolmog.-Smirnov D 0.19 0.14 0.15 0 . 2 0

significance level 6.5E-06 IE -3 4.3E-4 5.3E-07
Median 0 58.0 127 134 108.3
Median S 57.5 1 1 0 . 2 111.4 106.6
a: 0 = o b s e r v e d ,  S = s i m u l a t e d

b: (n)  m e a n s  a nd  v a r ia n c e s  n o t  s ig n i f ic a n t ly  d if fe re n t  a t  95%  c o n f id e n c e  level 

c: (s) v a r ia n c e s  are s ig n i f ic a n t ly  d if fe re n t  at  95%  c o n f id e n c e  level
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parameters are likely to vary considerably within an upland catchment.

Calibration was achieved by comparing the model results with observed data. 
Three main guidelines were used to establish the optimal calibration i.e

1) to obtain a closure of cumulative flow during the whole period
2 ) to put the calibration parameters within bounds based a priori on physical 
quantities and
3) to capture the peaks and troughs of the daily flows.

The calibration of the hydrological parameters was established in two steps. Thus, the 
catchment net import-export flow was evaluated as:

Qnet =  P -  Et- 0  ± AS

where
P is the total precipitation input 
Et is the total evapotranspiration 
0  is the outflow
AS is the change in storage over all compartments which has been assumed to be zero 
for the calibration period of one year.
Consequently, the first step was to perform a global calibration to ensure that the 
simulated and observed total annual outflows are equal. This was achieved by adjusting 
the two evapotranspiration calibration coefficients used by the model. The first 
parameter, adjusting annual evaporation up ( > 1 ) or down ( < 1 ) was found to be 2 .1 . 
It is, indeed, known that in the moist, windy uplands of Britain, the long-duration low- 
intensity rainfalls and strong winds make the interception/ evaporation process 
dominant and can almost double total evaporation (Hornung and Newson 1986, Calder 
and Newson 1979, Hornung et al 1987). The second parameter adjusting the seasonal 
variation of evaporation, to skew ( > 1 ) or flatten ( < 1 ), was found to be 0 .1 .

The next step was to calibrate the daily flow peaks and troughs. This was 
achieved firstly by plotting the results against time in the form of a dynamic curve and 
secondly by using various statistical tests. Calibration involved the adjustment of the 
initial soil moisture content, the field capacity, the saturation moisture content and the 
horizontal and vertical permeabilities in each soil layer. In fact it was assumed that in 
each soil layer the horizontal permeability is equal to the vertical soil permeability. 
Thus twenty parameters (the initial soil moisture content, the field capacity, the 
saturation moisture content and the permeability of each soil layer) were adjusted by a 
trial and error procedure choosing different rates so that the root mean square error 
(RMSE) of the predicted and observed mean daily flows was minimized and the visual 
inspection of the two superimposed curves (observed versus simulated) indicated a good 
fit.
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The simulations started with the parameter values reported for the application of 
the model in Panther Lake, in the Adirondack Mountains, U.S.A and the values were 
subsequently modified in successive simulations. The process was repeated until no 
further improvement in the model predictions was detected. As it has been emphasized 
in Chapter 1 the major drawback of this trial and error method is the non-uniqueness in 
the estimated parameter values, since several sets may produce satisfactory performance 
of the model. Nevertheless in view of the uncertainty regarding the experimental 
measurements this method can produce satisfactory results. From the calibration runs 
the parameter values shown in Table 4.6 were obtained.

The final stage in the hydrological modelling within the ILWAS model, is the 
surface water modelling i.e the routing of water through the various stream segments. 
As it has been mentioned in section 4.2.8 the Muskingum flood routing procedure is 
used for this purpose and this procedure involves two routing parameters; KR which 
represents the travel time of the segment and MX which is a dimensionless coefficient 
with a value less than 0.5. However, the river which drains catchment D3 at 
Beddgelert forest is very small, approximately 200 m in length, 1.5 m in width and 
less than 40 cm in depth. Consequently, the travel time of the flood wave in each 
stream segment is expected to be far lower than the daily model timestep used for the 
calibration of the model. It is therefore safe to assume that no significant flood routing 
is taking place in the area on the daily time-step. Thus, the stream module was also 
discarded from this study, and the total catchment outflow was equal to the sum of the 
lateral flows from the different soil compartments (the five soil horizons and the 
overland flow) for each time step. It is noted that in the course of this text the terms 
total catchment outflow or total catchment chemical fluxes have been used 
interchangeably with the terms streamwater flow and fluxes respectively.

(4.5.1.2) VERIFICATION OF THE HYDROLOGICAL SUB-MODEL

As was reported in the above section the first step in the calibration procedure 
was to perform a global calibration to ensure that the simulated and observed total 
annual outflows were equal and this was achieved by altering the value of the 
evapotranspiration calibration parameters, thereby adjusting the annual predicted 
evaporation, until the predicted and observed cumulative outflows were equal. The 
observed and the simulated cumulative outflows for year 1984 for the calibration 
catchment D3 and also for year 1984 in the verification catchment D4, are presented in 
Figures 4.6 and 4.7 respectively.

As shown in Figure 4.6 a good agreement between the cumulative outflows
exists during the wet months of 1984. However, the model underestimates the outflow
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for the very dry summer period, where it predicts that the catchment outflow occurring 
between May and August 1984 is almost zero. This difference may be attributed to the 
groundwater flow which is neglected by the model. The model assumes that the bedrock 
underlying the bottom soil horizon is impervious. However, Hornung et al (1986c) 
estimated that in the Beddgelert area the groundwater contribution may be as high as 
10% of the total annual outflow. In the adjacent verification catchment the model 
reproduced more accurately the baseflow during the same period (Figure 4.7).

By superimposing the curve for the simulated mean daily flows on that for the 
observed, a first indication of the goodness of fit was obtained. Figures 4.8 through 4.15 
present the two superimposed curves for both the calibration year 1984 in catchment D3 
and the verification period 1985-1987 in catchment D3 and 1984-1987 in catchment D4. 
A visual inspection indicates a reasonable agreement between the observed and the 
simulated mean daily flow time series.

As it has already been shown in Figure 4.6 the model seriously underestimates 
the flows during the summer months of 1984 particularly for the calibration catchment 
D3. Also the model fails to reproduce the hydrograph peaks, predicting a continous 
recession in flow throughout the summer period. The underestimation of the summer 
period baseflows is also obvious in Figures 4.8 and 4.9 demonstrating the mean daily 
observed and simulated outflows for the year 1984 for the two catchments. Apart from 
the summer period of 1984, no systematical seasonal difference between simulated and 
observed mean daily flows was evident in either of the catchments.

For the verification year 1985, the model fails to reproduce the hydrograph 
peaks during April-May 1985 (days 110-145) in both sub-catchments. Moreover, some of 
the hydrograph peaks are considerably underestimated (days 62, 88,90, 340, and 356). 
In the following year, 1986, the simulated flow record does not reproduce the summer 
peaks in July (days 182-205). As for 1985, the model reproduces the baseflows 
reasonably in catchmment D3 but again overestimates them in catchment D4. The only 
other exception for year 1986 is a hydrograph peak around day 280 which the model 
misses altogether in both catchments. For the final verification year 1987 the plots of 
simulated and observed outflows show a reasonable correspondence for the calibration 
catchment D3 but a poor match exists in D4 as the model overestimates the low-flows 
throughout the year. This discrepancy may be attributed to an overestimated 
permeability for that catchment. Several reasons such as an increased podzolization in 
catchment D4 due to the steeper slope, may be responsible for a lower vertical 
permeability compared to the catchment D3.

In addition to the visual inspection of the two superimposed curves, various 
statistical indices and tests have been used to check the goodness of fit between the
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observed and the simulated mean daily flows. In tables 4.7 and 4.8, the correlation 
coefficient between the observed and the simulated values for each year for both 
catchments D3 and D4 and the mean and the variance of both the simulated and the 
observed values are presented. A t-test has been used to show if there is a statistically 
significant difference between the means and the variances of the observed and the 
simulated data sets at the 95% confidence level. The Kolmogorov-Smirnov two sample 
test has also been used as a test of goodness of fit. The test specifies the cumulative 
frequency distribution of the simulated values and compares that with the observed 
cumulative frequency distribution. The point at which these two distributions show the 
greatest divergence is determined and the test indicates whether such a divergence 
would probably occur by chance, if the two sets of data have the same cumulative 
frequency distribution.

As shown in Table 4.7 a reasonable agreement exists between the observed and 
the simulated mean daily flows for catchment D3 especially for the verification year 
1985. The agreement is however poorer for the verification catchment D4 (Table 4.8) 
where the correlation coefficients between the observed and the simulated streamflows 
are lower than for catchment D3 for all the simulation years. Moreover the simulated 
mean annual streamflows are considerably lower than the observed ones for all the years 
1984 to 1987 in catchment D3. In contrast, with the exception of year 1985, the 
simulated streamflows are higher than the observed in the catchment D4.

The annual precipitation, corrected by the precipitation amplification factor, and 
the evapotranspiration amounts predicted by the model are presented in Table 4.9. The 
calibration year, 1984, is much drier than would have been suggested by the average of 
2600 mm. This is partly attributed to the fact that there is one month missing 
(December) from the 1984 data set. Moreover, 1984 was indeed the driest of the four 
study years 1984-87 (Stevens et al, 1989b). According to Reynolds and Pomeroy (1988) 
the evapotranspiration over the four month period, April to July 1984, accounted for 
more than 80% of incoming rainfall (exceeding 300% in April). Evapotranspiration 
losses are equal for D3 and D4 catchments during 1984. Clearfelling of 28% of 
catchment D4 during 1984 resulted in a very slight reduction of evapotranspiration in 
the subsequent years 1985, 1986, 1987.

The contribution of the five different soil horizons to the total catchment 
outflow, as it is projected by the ILWAS model, is presented in Figure 4.16. As shown 
in this figure the baseflow is predominantly through the bottom soil layers. Such a flow 
pattern is consistent with infiltration studies in the area, which, according to Stevens et 
al (1989b), showed that there is limited lateral flow through the upper soil horizons and 
all water is passing vertically down to the bottom before reaching the stream. This is 
also indicated by the fact that the streamwater pH is similar to the lower horizon’s soil
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Table 4.8
Statistical tests used to check the goodness of fit between the simulated and the 
observed mean daily streamflows in catchment D4 for the period 1984-1987

Catchment D4 
Statistics Year 1984 Year 1985 Year 1986 Year 1987

Corr. Coeff. 0 . 6 6 0.77 0.54 0 . 6 8

Mean 0 a 223.2 u 357.5 306.7 293.9
Mean Sa 226.6 n 335.5(n) 374 .7^ 336 .8 ^
S.D 0 472.0 535.9 492.3 _ 523.3
S.D S 459 .6^ 510 .4^

(s)634.2V ’ 562 .1^
Kolmog.-Smirnov D 0.087 0.18 0 . 2 0 0.39
significance level 15.2 1.2E-05 5.3E-07 0 . 0

Median 0 49.0 132.0 106.0 72.6
Median S 69.0 115.0 116.0 1 1 1 .
a: O=observed, S=simulated

b: (n) means and variances not significantly different at 95% confidence level 

c: (s) variances are significantly different at 95% confidence level

Table 4.9
The predicted values of total precipitation and evaporation in catchments D3 and D4 
for the simulation period 1984-1987

Catchment D3
1984(11 months) 1985 1986 1987

Precipitation mm 1790 2623 2835 2588
Evaporation mm 522 (29.0%) 588(22.%) 556(20.0%) 541(21%)

Catchment D4
1984 1985 1986 1987

Precipitation mm 1790 2623 2835 2588
Evaporation mm 522 (29.0%) 585(22.0%) 554(20.0%) 537(21.0%)
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water pH, at least on the time scale of the streamwater pH measurement. The 
contribution of the second and the third soil layer to the total catchment outflow is 
insignificant (less than 10%). The hydrograph peaks are mainly ascribed to the top soil 
horizon although significant percolation to the lower horizons still occurs. Thus the 
model predicts that the top soil horizon contributes approximately two thirds of the 
hydrograph peaks while the fourth and the fifth horizon outflows represent one third. 
Furthermore, it can be seen that there is very little variation in the relative proportions 
of simulated runoff through each soil layer.

As it has been explained in section 4.4.3, the throughflow volumes have been 
measured by throughflow pits in three plots (plots 2, 3 and 5) within the Beddgelert 
area from 1983 to 1987. Two pits were installed in the unfelled area of plot 5 and four 
pits in each of the experimentally felled plots 2 and 3 (2 in each felling treatment). 
Experimental felling of plots 2 and 3 took place in June 1984 and August 1983 
respectively. Four soil horizons have been sampled in plots 2 and 5 ( L, E, B and Be) 
and five in plot 3 ( L, E l, E2, B and Be). The throughflow data from these plots show 
considerable divergence as far as the contribution of each soil horizon to the total 
outflow is concerned. Thus the throughflow data from plot 2 suggest that the water is 
moving predominantly through the upper soil layers (L and E) while the throughflow 
data from plot 3 show that the bottom horizons (B and Be) are the primary 
contributors to the total catchment outflow.

The throughflow data from plot 5, including a standing crop throughout the 
observation period, were considered to represent more closely the throughflow pattern of 
the calibration catchment D3. These data, for the period 8/6/83 to 31/12/85, have been 
plotted in Figure 4.17. As shown in this figure most of the soil water is moving through 
the top horizon while the bottom horizon contributes generally less than 10% of the 
total soil outflow. Obviously, these data are not in agreement with either the infiltration 
data from the other experimental plots or the reported observation of water moving 
freely down to the soil profile (Stevens et al pers. com. 1990). Thus, no clear conclusion 
can be drawn from the measured throughflow volumes, as far as the origin of the soil 
water is concerned.

Various sources of uncertainty must be considered with respect to this particular 
application of the hydrological part of the ILWAS model. Hence there is uncertainty 
surrounding both the input parameters, those for which literature non-site specific 
values have been used and those whose values have been determined by the calibration 
procedure, and the quality of the field observations. Thus one possible source of error is 
the lack of site-specific rainfall data for the Beddgelert area. As it has been discussed in 
section 4.5.1.1 five years rainfall data were provided by the Meteorological Office, and 
these data produced a mean annual average which was considerably lower than the
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average reported for the Beddgelert area for the period 1982 to 1986. This was 
attributed to the difference in the altitude between the rainfall station and the 
Beddgelert area, although other factors such as differences in the exposure of the two 
sites may also be significant. The observed rainfall data have therefore been multiplied 
by an amplification factor (1 .2 ) so that their five year average matches the mean annual 
value of 2800mm reported for the Beddgelert area. However such an extrapolation is 
arbitary and may have led to an erroneous estimation of the rainfall inputs within the 
individual years.

Apart from the rainfall data, the quality of the observed streamflow data is also 
questionable. This arises from the fact that the water level charts which have been used 
to derive the observed streamflow rates are not always complete. Whenever data loss 
occured a line had been drawn in the chart by hand, thus creating a source of 
inaccuracy in the 1986 observed streamflow rates for D4 catchment. Another source of 
error in the observed streamflow rates, is the fact that the very large storm peaks 
usually exceed the graph paper used in the recording system of stream discharges. In 
this situation the observer extended the chart record with an additional piece of paper 
and drew the peak on this by hand. This uncertainty in the measurement of the head of 
the stream stage for large storm peaks becomes even larger since the stage is related to 
stream discharge by a logarithmic formula (eq. 4.58).

(4.5.2) CANOPY MODULE

As mentioned in the introductory section 4.1 of this chapter, the ILWAS model 
is divided to two distinct sub-models i.e hydrological and chemical with both sub
models subdivided into a number of different modules i.e canopy, "snowpack, soil and 
stream module. Based on the specific characteristics of the two study sites the snowpack 
and the stream module were discarded from this particular study. Hence calibration of 
the hydrological part of the model was followed by the calibration of the chemical part, 
and this calibration pursued the order in which precipitation flows through the system 
i.e the canopy module was calibrated before the soil chemistry module. An adequate 
calibration of the canopy module is very important since the canopy module outflows 
(throughfall fluxes) are the inputs driving the soil chemistry part of the model.

(4.5.2.1) C A T C H M E N T  T H R O U G H F A L L  C H E M IS T R Y

Before proceeding to the calibration of the throughfall fluxes, the throughfall 
chemistry was compared with the catchment rainfall chemistry.

As has been reported in section 4.3.3, the throughfall volumes were measured 
and sampled in Beddgelert forest every fortnight from July 1982 to December 1985,
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while stemflow volumes were measured and sampled in the field fortnightly from March 
1983 to December 1985 (Stevens 1989a). However there were two periods for which 
throughfall data were unavailable i.e the periods 29/3/84 to 11/4/84 and 26/4/84 to 
9/5/85. Meteorological data (precipitation and temperature) were available from May 1 , 
1983 to July 31, 1988 with no data provided for December 1984. Calibration of the 
hydrological part of the model was undertaken for year 1984.

The weighted average of the observed throughfall plus stemflow and rain 
concentrations for the ions K+ , SO^', NO3 , Cl , Ca2+, Na+ , Mg2+ and the pH for the 
period 4/1/84 to 18/12/85 are presented in Figures 4.18 and 4.19. In these figures 46 
values are presented, with the first 21 values representing year 1984 (from 4/1/84 to 
21/11/84) and the last 25 values representing the following year 1985 (from 2/1/85 to 
18/12/85). It can be seen that the concentrations of all ions in throughfall plus stemflow 
are generally higher than those of the incident precipitation. An exception to that rule 
is the concentration of calcium during the 13th (19/7/84 to 1/8/84) fortnight where the 
rain mean concentration is three times higher than the throughfall concentration. Such 
an increase is very difficult to justify and is possibly due to an analytical overestimation 
of the rain calcium concentration.

The large increase in concentrations of all ions in throughfall over those in 
rainfall is due in part to the evaporation of surface water from the forest canopy. This 
evaporation loss represents an average of 30% of the above canopy rainfall(Calder and 
Newson, 1979), and would in the absence of no loss or gain of any ion through other 
mechanisms, increase the solute concentrations by a factor of 1.4. The observed 
increases in throughfall concentrations by a factor of more than 5 (20 to 30 for K) shows 
a large net gain in all ions as water proceeds downwards through the canopy. This gain 
is attributed either to the “washoff” elements accumulated on the canopy or to “crown 
leaching” or to a combination of the two.

Potassium is greatly enriched in throughfall. Wet deposition of potassium is 
very low ( <0.5 mg /l); dry deposition is also expected to be very low since K+ in air is 
mainly sea-derived and its proportion in sea water is low. The marked increase in 
throughfall K+ is attributed to foliar exudation. Furthermore, throughfall sulphate 
concentrations are higher than those observed in rainfall, a fact which can be attributed 
to both the crown leaching and the dry deposition process. It is also clear from Figure 
4.19 that throughfall is much more acidic than incident precipitation. That is in 
marked contrast to results from other studies in Britain, where the throughfall under 
stands less than 60 years old appears to be less acidic than incident precipitation (Miller 
1984). However, as noted by Stevens (1987), due to “physiological changes” , the 
Beddgelert trees appear to be acting like an older crop.



FIG U R E 4 . 1 8

CA IN THRGUGHFALL VS CA IN RAIN 
1984-1335

2-WEEKS PERIOD

NA IN THROUGHFALL F S  NA IN  RAIN 
1984-1985

MG IN THROUGH FALL VS MG IN RAIN 
1984-1935

K IN THROUGHFALL VS K IN RAIN 
1934-1985



FIG U R E 4 . 1 9

pH IN THR 0 UGHFALL VS pH IN RAIN 
1984-1985

2-WEEKS PERIOD

N03 IN TEROUGHFALL VS NOS IN RAIN 
1984-1996

2-WEEKS PERIOD

M
G

 
/L

 
M

G
 

/!
_

SO4 IN THROUGHFALL VS S0 4  IN RAIN 
1884-1985

2-WEEKS PERIOD

CL IN THROUGHFALL VS CL IN  RAIN 
1984-1985

2-WEEKS PERIOD



CHAPTER 4: THE ILWAS MODEL -138-

Similarly, the throughfall plus stemflow chloride concentrations are higher than 
those of incident precipitation. Enrichment of chloride in throughfall is mainly due to 
dry deposition, because there is little interaction occurring between the canopy and 
chloride. Sodium and chloride in throughfall plus stemflow are closely related having a 
correlation coefficient of 0.96. They occur in a Cl-Na ratio of 1.78 by weight which is 
similar to the ratio (1.8) that these occur in seawater. This supports the idea that the 
major source of both is the sea and that there are no other sources and no separation of 
the two ions in sea salt aerosol (Paterson and Scorer 1975). Surprisingly, no correlation 
was found between the throughfall SOj" and pH (r2 =  -0.30) pointing to the 
importance of the contribution of N 0 3 in throughfall acidity as well as the occurrence 
of complex reactions in the canopy.

As shown in Figures 4.18 and 4.19 the throughfall fluxes are in general much 
higher for year 1984 than for year 1985. Thus there is an increased concentration of the 
ions Ca, Mg, K and N 0 3 in throughfall plus stemflow, occurring between fortnights 4 
and 16 (15/2/84 to 12/9/84/), while for sodium and chloride substantial increases in the 
throughfall plus stemflow concentrations occur between fortnights 4 and 13 (15/2/84 to 
1/8/84). These increases could be either due to the “wash off’ the accumulated matter 
deposited on the canopy during the dry summer period of 1984 or possibly to an 
analytical overestimation of the chemical concentrations of the ions. However, the 
eightfold increase in sulfate levels during the 45th fortnight (20/11/85 - 3/12/85) is very 
difficult to explain.

The variation observed in all the ions in throughfall plus stemflow is high while 
in the rainfall the range is comparatively small. Such a variability in the throughfall 
concentrations of the chemically inert ions, such as Na and Cl, could be attributed to 
the varied levels of ambient air quality.

(4.5.2.2) CALIBRATION OF THE THROUGHFALL VOLUMES

The first step in calibration of the canopy module is to check the throughfall 
volume. This is important because a good comparison of throughfall ion fluxes can be 
made only if the throughfall volume is correct.

It must be noted that the model does not consider the stemflow processes. It is 
known from the literature (i.e Miller 1984, Miller et al 1987) that although stemflow 
represents a relatively small flux of water, it can account for over half of the acidity 
reaching the forest floor. Data from Beddgelert forest (Stevens et al 1989b), showed that 
the concentrations of all ions are much higher in stemflow than in incident 
precipitation. Since the stemflow fluxes cannot be ignored, the sum of throughfall and 
stemflow volumes in each time step was used for comparison with the simulated values.
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Because of the unknown quality of the observed throughfall data for the 
beginning of year 1984, the model was set up to simulate canopy processes on a daily 
time step, for the period 4/1/84 to 18/12/85. The simulated daily values were summed 
over a 14 days period to produce a simulated data set of 48 values (from 4/1/84 to 
21/11/84 and from 2/1/85 to 18/12/85). However, as has been reported in section 
4.5.2.1, there were two periods for which throughfall data were unavailable i.e the 
periods 29/3/84 to 11/4/84 and 26/4/84 to 9/5/85. In this case and in order to facilitate 
the comparison between the observed and the simulated time-series, the respective 
values of the simulated data set were omitted and therefore finally 46 observed and 
simulated values were compared.

The model input variables which control the hydrological processes in the canopy 
are the maximum interception storage and the monthly leaf area index for each canopy 
type. These variables have already been discussed in section 4.5.1.1.

(4.5.2.3) CALIBRATION OF THE THROUGHFALL FLUXES

As for the hydrological sub-model, the first step in the calibration of the model 
canopy chemistry was to derive the input data to drive the model and values for the 
variables that determine the chemical behaviour of the canopy.

The time-dependent variables of the canopy submodel are the mean monthly 
concentrations of ions in wet precipitation and the mean monthly ambient air quality. 
However, at Beddgelert forest, as for most of other catchments in Britain, ambient air 
quality data are limited to some spot measurements of S 0 2 and N 0X. The air 
concentration of S 0 2 for Beddgelert forest has been estimated to be 2.3 /ig S /m 3, while 
the air concentration of N 0 2 in the area, has been estimated to be 1.5 /ig N/m3 

(Stevens pers. comm. 1988). Because of the lack of alternative data, the mean monthly 
ionic atmospheric concentrations for the rest of the ions were initially set at the mean 
level specified for a similar rural area in North Wales. Hence Harrison and Pio (1983a, 
1983b, 1983c) investigated the air quality at a rural coastal site (10 km from the coast), 
3 km from the outskirts of the small city of Lancaster, north west England, during the 
period 1979-1981. A total of 65 samples were collected and analysed for all the major 
ions and cations. The arithmetic mean concentrations and respective standard 
deviations were calculated for the total number of samples.

The time-independent variables of the canopy submodel consist of the dry 
deposition velocities of gases and particles, the collection efficiencies for dry and wet 
leaves, the leaf constituent turnover rates for each month, the ion specific amplification 
factors and the leaf and trunk chemical composition.

Both the dry deposition and the uptake velocities of S 0 2 and N 0 2 have been set
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equal to 0.3 cm/sec (Dollard and Vitols 1980, Fowler 1980, Fowler 1984, Lindberg et al
1986). Particulate deposition velocities have been set equal to 0.5 cm/sec (Hicks 1983).

The leaf chemical composition of Sitka Spruce conifers in Beddgelert area have 
not been directly determined. Stevens (pers. comm.) measured the crown (leaves and 
branches) chemical composition as well as the stem chemical composition. However, leaf 
chemical composition could be determined from the above data, if the proportion and 
the chemical composition of branches in the crown was known. It was therefore assumed 
that the weight of branches and leaves is approximately the same in spruce stands 
(Ovington 1965) and that the branches have the chemical composition of the stem. 
Thus, the leaf chemical composition has been calculated as follows:

N=7.9 mg/g dry matter, Ca=2.9 mg/g, K=2.9 mg/g, Mg=0.56mg/g, S=0.03mg/g, 
Na=0.0 mg/g C l= 0 .0 1 1 mg/g and P=0.8 mg/g.

These values are generally consistent with literature values, except for the nitrogen and 
potassium content which seem to be particularly low compared to the literature values 
for Sitka Spruce stands elsewhere (Ovington 1956, Cole and Rapp 1981, Rodin and 
Bazilevich 1967, Owen 1954). Thus, according to Ingestad (1959) potassium deficiency 
symptoms in spruce stands start at the threshold value of 3 mg/g and nitrogen 
deficiency sumptoms correspond to a value of 1 0  mg/g.

The trunk (stem) chemical composition of Sitka Spruce in Beddgelert area is 
according to Stevens (pers. comm. ), as follows:

N=0.63 mg/g, Ca=0.75 mg/g, K=0.19 mg/g, Mg=0.22 mg/g, S=0.00 mg/g, Na=0.2 
mg/g Cl=0.011 and P=0.06 mg/g.

In addition to the data for the coniferous canopy, the model requires data for the 
open area leaf and trunk chemical composition. However no such data were found for 
the Beddgelert area or for any other upland catchment covered with similar vegetation 
species. It was therefore assumed that the leaf and trunk chemical compositions for the 
open area are identical and the respective values were taken from an investigation of the 
mineral content of herbaceous communities (Festuca Sulcata) in the U.S.S.R (Rodin and 
Basilevich 1967). These values were:

N=16.1 mg/g, Ca=2.5 mg/g, K=12.4 mg/g, M g=l.l mg/g, S = 1 . 2  mg/g, N a= 0 . 2  mg/g 
Cl=7.2 and P = l.l  mg/g.

Subsequently the collection efficiencies for dry and wet leaves, the ion 
amplification factors and the foliar exudation rates were determined by a trial and error
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calibration procedure. It must be noted that the model keeps a separate account for the 
different vegetation species (forested and open area) and this means that for most of the 
canopy module parameters two values have to be considered, one for the forested and 
one of the open area. However the percentage of the open area is low compared to the 
forested area and moreover the forested area affects more severely than the open area 
the catchment hydrochemical dynamics. Hence several assumptions have been made 
with respect to the open area input parameters required by the model. In particular it 
was assumed that both the collection efficiencies and the ion amplification factors are 
equal to one and the foliar exudation rates are equal to zero. Thus in total twenty one 
parameters corresponding to the forested area have been adjusted. These were the 
collection efficiencies for dry and wet leaves (two parameters), the ion amplification 
factors (seven parameters) and the monthly exudation rates (twelve parameters). 
Calibration was again considered over the period 4/1/84 to 21/11/84 and 2/1/85 to 
18/12/85. The purpose of this calibration was to minimize the root mean square error 
(RMSE) between the observed and the simulated throughfall fluxes.

The first parameters to be adjusted were the canopy collection efficiency for dry 
and wet leaves. Both parameters have been changed in steps of 0.1 from 0.5 to 2.0. As 
both parameters affected the throughfall concentrations of all the ions the resulting 
optimum values were those producing a minimum average RMSE between the observed 
and the simulated throughfall concentrations of all the ions. These values were found to 
be 0.7 and 1.0 for dry and wet leaves respectively.

Subsequently the ion amplification factors were adjusted from an initial value of 
1.0 up to 60 which is the value hypothesized by the authors of the model (EPRI 1983) 
for the amplification factor of potassium. As adjustment of each of these parameters 
affected the throughfall concentration of the respective ion, the amplification factors 
determined by the calibration procedure were those minimizing the RMSE between the 
observed and the simulated throughfall concentrations of each ion. These amplification 
factors were found to be 3 for K, Mg and Na and 1 for all other constituents.

Finally the monthly variation of the foliar exudation rate was adjusted. Such a 
monthly adjustment was considered as important, in order to improve the correlation 
between the observed and the simulated throughfall time-series. Initially these 
parameters were set equal to 4*10"4, (considered by the authors of the model (EPRI
1983) as typical exudation rate values), and constant throughout the year. Subsequently 
they were adjusted from 1 -10-9 up to 1-10"2 so that the average RMSE between the 
observed and the simulated throughfall fluxes becomes minimum. The resulted in the 
following monthly pattern of the exudation rate:

J F M A  M J J A S O N  D 
.5 .5 .5 1 2 2 2 3 3 4 1 .5 (XHT6)
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Despite the adjustment of these twenty-one parameters there was still a poor match 
between the simulated and the observed throughfall ionic concentrations. The match 
was poorest for the beginning of the simulation period i.e from February to September 
1984, a period for which the observed throughfall concentrations were particularly high 
as it has been discussed in section 4.5.2.1. However, an adequate representation of the 
throughfall fluxes was very important for a successful calibration of the soil chemistry 
part of the model.

Thus, the mean monthly atmospheric concentrations, for which literature values 
had been used, were subsequently adjusted one by one in order to achieve a better 
representation of the throughfall ion fluxes throughout the simulation period. The 
monthly atmospheric concentrations obtained from this calibration are shown in Figures 
4.20 and 4.21 together with the mean and the standard deviation of the observed 
(Harrison and Pio 1983c) data. As shown in figures 4.20 and 4.21 the estimated air 
concentrations of all the ions are generally whithin the range indicated in the above 
study. The main discrepancy between the estimated air concentrations and the limits 
specified occurs during the spring and summer of 1984, arising from the already 
mentioned problem of very high throughfall concentrations of the ions during that 
period. The predicted time series of the levels of Na and Mg in the air have a 
correlation coefficient equal to 0.783. Furthermore, the sum of Na+ + Mg2+ was found 
to be well correlated to Cl” (r2=0.78). This good correlation, also existing in Harrison 
and Pio’s (1983c) observed data, indicates the common marine origin of these ions.

Since the throughfall concentrations and consequently the ambient air 
concentrations were particularly high during 1984, the estimated aip concentrations for 
1985 have been used to drive the canopy sub-model for the subsequent years 1986 and 
1987.

(4.5.2.4) RESULTS OF THE APPLICATION OF THE CANOPY MODULE

The observed and the simulated throughfall volumes are presented in figure 4.22, 
where it can be seen that there is a very good agreement. This could be attributed to 
the fact that the observed and the simulated volumes have been compared on a two
weekly rather than on a daily basis. The correlation coefficient between the two time 
series is 0.91.

The simulated and the observed throughfall ion fluxes for the ions Ca, Mg, K, 
Na, S 0 4 , N 03 and Cl are presented in Figures 4.23 and 4.24. It can be seen in figure 
4.23 that the model reproduces reasonably the calcium and magnesium throughfall 
fluxes, although it fails to reproduce the peaks during the the fortnights 13, 16 and 25
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(19/7 — 1/8/84 , 30/8—12/9/84, and 13/2—26/2/85). Representation of the potassium 
throughfall fluxes is particularly poor with the model acting in such a way as to damp 
out the observed throughfall variations. As potassium is the most rapidly recycled 
element within the vegetation, this was firstly attributed to the fact that the model 
does not consider the canopy cation exchange process which is an important mechanism 
by which base cations being leached out of the canopy are replaced by protons in 
precipitation. Secondly, the foliar exudation rate for K+ may have been underestimated 
and thus higher potassium leaf concentrations would have been used.

As shown in Figure 4.24 the model seriously underestimates the chloride 
throughfall fluxes. An increase in the throughfall fluxes by increasing the chloride 
atmospheric concentrations was considered inappropriate. The reason was that a 
substantial increase in the chloride atmospheric concentration must always be 
accompanied by a proportional increase in the sodium concentrations, since the two ions 
have been shown to accompany each other in the atmosphere. Such an increase in the 
sodium atmospheric concentrations, however, would have resulted in a substantial 
increase in the sodium throughfall fluxes which was undesirable. Since chloride is an 
inert ion which does not participate in chemical reactions within the canopy, this 
underestimation implies that equation 4.8 is unsuitable for the representation of the dry 
deposition process.

The correlation between the observed and simulated N 03 in throughfall is 
reasonable, although the model underestimates the peaks at the beginning of 1984. A 
very poor agreement also exists between the observed and the simulated levels of Na 
and S 0 4 in throughfall. The levels of S 0 4 in throughfall are generally overestimated 
with the simulated peaks during fortnights 27, 31 and 43 being up to. seven times higher 
than the observed ones. Such an overestimation can not be attributed to the optimised 
atmospheric sulphate levels which have already been shown to be much lower than the 
levels specified in the literature (Figure 4.21). A source of error might be an 
overestimation of the measured sulphur dioxide atmospheric levels. Another possibility 
is that the literature values selected for the deposition and uptake velocities of the gases 
and particulates are too high. However, such a reduction in the gas deposition and/or 
uptake velocities has not been allowed since it would also have resulted in a reduction in 
the mean levels of nitrate in throughfall.

As has been explained in section 4.3.1.6 the hydrogen ion in the atmosphere is 
determined by the equilibrium with the inorganic carbon species. However, no data on 
the TIC or the alkalinity levels in the atmosphere were available and therefore the pH 
throughfall levels have not been predicted in this study. For the rest of the ions, the 
following correlation coefficient between observed and simulated concentrations has 
been found.
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Ion
R2

Ca Mg Na K S 0 4 n o 3 Cl
.79 .87 .65 .80 .75 .88 .63
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(4.5.3) CALIBRATION OF THE SOIL CHEMISTRY SUB-MODEL

The time dependent input variables of the soil chemistry sub-model consist of 
the throughfall fluxes for each time step, which have been produced by the model 
driven by the mean monthly concentrations of ions in wet precipitation and air quality.

The soil chemistry module requires time independent input variables, for five 
main areas i.e the canopy, litter layer, soil mineralogy, soil chemistry and soil solution 
chemistry. Some of the major canopy parameters, i.e the leaf area index, the leaf 
constituent turnover rate and the leaf and trunk chemical compositions, have been 
discussed in the calibration of the canopy module of ILWAS model (section 4.5.2). 
Additional parameters necessary to describe the nutrient uptake process and the root 
respiration process are the standing biomass, the litterfall rates, the canopy height, the 
canopy respiration rate (per day) and the uptake rates.

Numerous factors are important in controlling forest biomass, for example, 
geographical and weather factors, the use of chemical fertilizers, soil fertility, the growth 
characteristics of the dominant tree species, the frequency of winds capable of 
overturning trees or of destructive fires. The total biomass (crown+stem) of a 50 year 
old Sitka Spruce stand at Beddgelert was estimated to be 272 t/ha (Stevens pers. 
comm.). The root biomass, which has not been included in the above figures, was 
measured by Ovington (1965) in 16 spruce stands throught Britain and was found to 
range between 11.3 and 65.3 t/ha with an average 38.2 t/ha. The total standing biomass 
was therefore set equal to 310 t/ha which is well within the range of values specified in 
the literature (Rodin and Bazilevich 1967, Ovington 1965). It was assumed that a Sitka 
Spruce plantation generally attains a biomass of approximately 300 t/ha at about 50 
years of age and therefore the corresponding average annual accretion of dry matter was 
set equal to 6 *ha~lyear-x i.e 0.6 kgm:2yearl: while the annual open area productivity was set 
equal to 0.3 kgm~2year-x

Monthly litterfall rates have not been measured in the Beddgelert area and 
therefore the litterfall pattern given by Carey and Farrell (1978) for two Sitka Spruce 
stands, 34 and 47 years old with an average density of 900 stems/hectare, in state 
forests in Ireland have been used. The monthly litterfall rates in kg m-2 month-1 for 
forested and open area are presented in Table 4.10 The litterfall rates for the forested 
area sum up to an annual litter production equal to 3.76 t/ha which is within the range 
suggested by Ovington (1965) and Bray and Gorham(1964) for conifers in Britain. The 
average crop height for the Sitka Spruce forest is 16m according to Stevens et al 
(1989b). The open area crop height was set equal to 0.3m

The root respiration rate (production of C 0 2) can be calculated by the model if
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the maintainance and active respiration rates for each canopy type are known. However, 
no data were found for any of these variables for Beddgelert forest nor for British sites 
in general. The necessary information was taken from the ILWAS data base for the 
Panther Lake catchment application in the Adirondacks. The maintainance and active 
respiration rates for both the coniferous canopy and the open area is therefore 1.12-10'8 
and 2.37-10-8 mgc cm2s „ respectively.

The monthly uptake rates of coniferous trees and open area (fraction per year) 
and the parameters used to describe the accumulation of litter on the top of the soil 
and the subsequent release of ions into the soil solution were also taken from the 
ILWAS data base. These data are shown in Tables 4.11 and 4.12.

In terms of soil mineralogy, data are required for each of the major minerals 
present in terms of the mineral molecular weights, reaction products, weathering rate 
coefficients and percentage by weight of the soil layer. The soils in Beddgelert area have 
been examined in detail by Chapman (1986). Rock samples collected and analysed 
showed that soils in this area consist mainly of illite (42.8± 1.8%), chlorite (32.2±4.3%) 
and quartz (25.1 ±4.6%). The mineralogical nature of both chlorite and illite was then 
investigated by electron probe microanalysis. The structural formulas of chlorite and 
illite were found to be:

( ^ • S 2 . 6 1 ^ ^ 3 . 5 3 ^ e 5 . 4 7 ^ ' ^ 0 . 0 1 ^ 0 . 0 8 ) ( S i 5 . 1 6 - ^ ^ 2 . 8 6 ) ^ 2 o ( ^ ^ ) l 6  an<^

Kl.47(Al3.47Mg0 40FeQ 65Tig 03)(Si5 93A12 o7)O2o(0H)4

respectively. The corresponding molecular weights are 860.2 grams/mole for chlorite and 
596.2 grams/mole for illite. The evidence of the above study was that during the 
weathering of shale, the chlorite is altered to vermiculite and the most intense 
weathering action is taking place in the E horizon. Little effect of weathering of illite is 
seen in the upper soil horizons, whereas in the Bsg horizon the illite also begins to alter 
to vermiculite. Neither the chemical formula of vermiculite nor the stoichiometric 
equation of this transformation have been specified in the above study.

Therefore for the application of the ILWAS model, it was assumed that the soil 
includes two minerals i.e chlorite and illite. During the weathering process both 
minerals decompose producing calcium, magnesium and potassium. These reaction 
products have been treated as calibration parameters. The weathering process was 
assumed to take place in the bottom horizon for illite, while for chlorite mineral 
weathering was considered in the second, the third, the fourth and the fifth layers. The 
percentages of the minerals in each of these horizons were also treated as calibration 
parameters.
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Table 4.10
The monthly litterfall rates ( kgm 2month 1 ) for forested and open area
Jan Feb Mar Apr May Jun Jul Aug Sep Oct Nov Dec
.019 .012 .012 .029 .029 .09 .09 .02 .02 .019 .019 .019
.001 .001 .001 .001 .001 .001 .001 .001 .001 .001 .001 .001

Table 4.11
The monthly uptake rates (fraction/ 
year) for coniferous trees and open area

Uptake rate 
Mon. Con. Open
Jan 0 0
Feb 0 0
Mar 0.02 1
Apr 0.08 2
May 0.15 3
Jun 0.15 3
Jul 0.15 1
Aug 0.15 0
Sep 0.15 0
Oct 0.1 0
Nov 0.05 0
Dec 0.0 0
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Table 4.12
The major rate coefficients used to define the litter decomposition in the ILWAS 
model and the values used in catchments D3 and D4

Fraction of leachable ions in litterfall 0.1
Fraction of SO^ and NH^ going to soil
solution during fine litter decomposition 0.5
Fraction of SO^ and NH^ forming organic
acid during humus decay 0.75
Amount of N in organic acid(eq of N/eq of acid) 0.154
Amount of S in organic acid(eq of S/eq of acid) 0.063
Amount of C in organic acid(eq of C/eq of acid) 5.56
Litter breakdown rate(per year) 1.0
Fine litter breakdown rate (per year) 0.067
Organic acid breakdown rate(per year) 0.016

Table 4.13
The major minerological parameters used in the ILWAS representation of 
catchments D3 and D4, a) weathering by-products for three minerals b) 
weathering rate dependence on H+ c) weathering rate and percentage by 
weight of each mineral in each soil layer

Mineral Chlorite Illite Capo
Molecular weight
(grams/mole) 860 596 160
Reaction product Ca 14 30 5000
(meq/mole) Mg 260 100 0

I< 395 310 0
Na 0 0 100
Aik 669 440 5100

Weathering rate
dependence on H~ îon 0.55 0.5 0.26
Weathering rate per
year 1.4E-02 1.4E-02 1.5E-02
Percent by weight of Layer1 0 0 0
minerals Layer2 1.8 0 0

Layer 3 1.8 0 0
Layer4 1.9 0 0
Layer5 1.9 3.0 14.0
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However as has been reported by Hornung et al (1986c) the calcium loss 
observed at Beddgelert is unlikely to be derived from weathering of slate, or slate 
derived minerals because the calcium concentrations of the slate bedrock are extremely 
low. Calcium could be derived from weathering of dolerite present whithin the drift 
material or below the exposed rock surface. Moreover, the amount of Na observed in 
the streamwater cannot be justified only by the dry and wet precipitation input in the 
system. Therefore, as well as calcium there must be an extra source of sodium in the 
area. To account for these extra sources of calcium and sodium in the system one more 
mineral has been introduced. This mineral has been called “capo” and its molecular 
weight, weathering reaction products (calcium and sodium) and percentage in the 
lowermost soil layer were treated as calibration parameters. A similar mineral was also 
added in the application of the ILWAS model to the Panther Lake basin, U.S.A. The 
weathering rate coefficients (weathering rate dependence on H+ ion and weathering rate 
per year for each mineral) have also been treated as calibration parameters.

Thus, from the soil mineralogical data, a total of eighteen parameters have been 
left to be determined by the calibration procedure. These parameters were the 
weathering by-products (eight parameters), the weathering rate dependence on the 
hydrogen ion concentration for each mineral (three parameters), the percentages of the 
soil horizons occupied by each mineral (six parameters) and the molecular weight of the 
third mineral (“capo” ).

The soil chemistry data required by the model consist of the soil density, cation 
exchange capacity (CEC) and adsorbed ion concentrations. The soil bulk densities are 
presented in Table 4.1. The soil cation exchange capacities and the adsorbed ion 
concentrations for each soil layer, were taken from Stevens (1989a), and presented in 
Table 4.14. The original values of the exchangeable bases in the different soil layers, 
were given in units of meq/lOOgr. These were transformed to percentages using the total 
cation exchange capacity and the base saturation for each soil layer. The amount of the 
H+ adsorbed in the soil must be equal, according to the definition of CEC in the model, 
to the cation exchange capacity (CEC) minus the total amount of cations adsorbed 
(base saturation).

As there were no data available for the amount of the anions adsorbed in the 
soil, these have also been treated as calibration parameters. It was however considered 
that only sulphate participates in the anion adsorption process.

As well as information on the soil chemistry, the model simulation of a 
catchment also requires information on the soil solution chemistry. As has been 
mentioned in section 4.3.3 the soil solution chemistry has been measured at Beddgelert 
using tray-like devices inserted in small pits for L and 0  horizons and porous ceramic
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Table 4.14
The Cation Exchange Capacities (meq/lOOgr) Base Saturations (%) and Adsorbed 
ion concentrations for each soil layer

Layer 1 Layer2 Layer3 Layer4 Layer5
Cation exchange
capacity 19.7 7.8 4.2 2.7 1.5
Base saturation % 28.0 12.0 10.0 15.0 16.0
Exchangeable
cations
meq/lOOgr (%) Ca 1.7 ( 8.6) 0.28 ( 3.6) 0.12 ( 2.9) 0.12 ( 4.4) 0.08 ( 5.3)

Mg2.42 (12.3) 0.26 ( 3.3) 0.07 ( 1.7) 0.07 ( 2.6) 0.03 ( 2.0)
K 0.58 ( 2.9) 0.10 ( 1.3) 0.06 ( 1.4) 0.06 ( 2.2) 0.03 ( 2.0)
Na 0.97 ( 4.9) 0.28 ( 3.6) 0.16 ( 3.8) 0.15 ( 5.6) 0.10 ( 6.7)
H (71.3) ( 88.2) (90.2) (85.2) ( 84.0)

Exchangeable
anions
meq/lOOgr S 0 4 0.02 0.02 0.01 0.01 0.003

n o 3 0 0 0 0 0
Cl 0 0 0 0 0

Table 4.15
The observed flow weighted mean soil solution ionic concentrations in each soil 
layer for a two year period (June 1982 to June 1984) after Stevens et al 1989a

Horizon pH Ca Mg K Na n h 4 so4 O
C

O Cl
L 3.82 0.90 1.13 1.02 8.4 0.37 2.1 0.84 15.7
O 3.73 1.19 1.33 1.14 9.0 0.40 2.6 1.41 16.8
E 3.92 0.94 1.23 0.39 8.1 <0.1 2.5 1.55 14.7
B 4.36 0.81 1.11 0.40 10.4 <0.1 3.4 0.98 19.9
C 4.47 0.67 0.99 0.32 8.7 <0.1 3.1 0.81 15.8
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C U p  size samplers for the lower horizons. The mean solute concentrations for the period 
June 1982 to June 1984 are presented in Table 4.15 (after Stevens et al 1989a). For the 
model simulation these observed data were used to represent the soil solution chemistry 
of the different soil layers. However, it soon became apparent that, due to their 
influence on the cation selectivity and anion adsorption coefficients, the soil solution 
ionic concentrations had also to be treated as calibration parameters. The cation 
selectivity and anion adsorption coefficients are determined in the model from the 
equilibration of the soil solution with the adsorbed soil ions.

Thus in total sixty eight parameters have been adjusted to reproduce the 
observed mean monthly concentrations of the streamwater constituents. These were 
parameters concerning the mineral weathering process (eighteen parameters), the anion 
adsorption of sulphate in each soil layer (five parameters) and the initial solute 
concentrations in soilwater (forty five parameters). Calibration was considered over one 
year i.e 1985. This year was selected because there is a complete twelve month 
meteorological data record for that year (in contrast to 1984) and also because of the 
unknown quality of the throughfall data for year 1984. As for the canopy module of the 
model, for this calibration the trial and error method was used and the aim was to 
minimize the root mean square error between the observed and the simulated 
streamflow concentrations of each chemical ion.

Calibration of the model followed the order of chemical reactivity within the soil. 
Thus, initially the model was calibrated to represent the mean annual streamwater 
concentrations of the inert chloride by adjusting the chloride solution concentration in 
each soil horizon. Subsequently calibration was performed for the simulation of the 
mean annual sodium streamwater concentration. The sodium concentration was affected 
by the sodium reaction by-product assigned to the mineral “capo” (as there is no 
sodium contained in illite or chlorite), the mineral molecular weight, the mineral 
percentage in the bottom soil horizon, the weathering rate dependence on the hydrogen 
ion (a) and also by the initial sodium solution concentrations in the five soil layers. 
Thus there are nine parameters which can be used to determine one single value i.e the 
sodium mean annual concentration and thus the possibility to obtain a unique 
calibration is zero. However soon became apparent that both the mineral molecular 
weight and the mineral percentage in the bottom soil horizon affected the sodium 
concentration in the same direction. In this case the mineral molecular weight was set 
equal to the value considered by the model authors for a similar hypothetical mineral i.e 
equal to 160 grams/mole. Moreover the initial soil solution concentrations of sodium 
have not been adjusted in this stage so that they can be used for the representation of 
the monthly streamwater variations. Consequently three parameters were adjusted i.e 
the mineral weathering by-product, the parameter a and the mineral percentage in the
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bottom soil horizon. Having adequately determined the mean annual sodium 
streamwater concentration, the next stage was to adjust the initial solution 
concentrations in each layer so that a minimum root mean square error between the 
observed and the simulated monthly time-series is obtained. In a similar way a large 
number of simulations was undertaken in order to reproduce the mean annual and the 
monthly variations of streamwater magnesium. For this purpose the magnesium 
weathering by-products for illite and chlorite, the weathering dependences on the 
hydrogen ion concentration and the mineral percentages in the different soil horizons 
were adjusted. Thus there are nine parameters which can be used to determine the 
mean annual magnesium concentration indicating that again there is no possibility of 
obtaining a unique calibration. On top of these calibration parameters the initial 
solution concentrations of magnesium were adjusted in order to reproduce the seasonal 
variation of that ion. Similarly potassium was simulated again by adjusting the chlorite 
and illite reaction by-products and the initial solution concentrations. The weathering 
by-products of calcium and the calcium solution concentrations were subsequently 
adjusted in order to reproduce the calcium concentrations in streamwater.

Calibration was next performed for sulphate by adjusting the anion adsorption 
and the solution concentrations for each soil layer. From the calibration parameters only 
the initial solution concentrations of nitrate affected the nitrate output. Therefore these 
values were adjusted in order to reproduce the observed nitrate streamwater 
concentrations. As a final step the initial solution concentrations of hydrogen ion (pH) 
were adjusted so that the model can adequately reproduce the pH dynamics in 
streamwater.

The calibration of the chemical part of the model was extremely laborious; a 
change of one parameter value was accompanied by the run of a complementary 
computer code calculating a new equilibrium of the soil system. The output of this 
complementary code was then substituted for the original ILWAS model code which 
was run for the calibration year. However the main difficulty was that change in one 
parameter value affected more than one ionic concentration. Hence adjustment of one 
parameter was accompanied by the calculation of different selectivity coefficients which 
in turn affected the concentrations of all the main cations in soil and streamwater.

The subsequent optimised values for the mineralogical parameters, the anion 
adsorption coefficients and the soil solution concentrations are shown in Tables 4.13, 
4.14 and 4.16. The error shown in Table 4.16 has been defined as the difference between 
observed and optimised value divided by the observed soil solution concentration. As 
has already been mentioned in 4.3.5 the precision of determination for all solutes is ±5% 
and for pH is ±0.05 units i.e ± 11% for the pH range of 3.5 to 4.5. Thus
comparison of the two soil solution concentrations clearly shows that the optimum
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Table 4.16
The optimum values of the initial soil solution pH and ionic concentrations (mgr/1) for 
each soil layer in the ILWAS representation of catchments D3 and D4

Horizon pH Ca Mg K Na NH4 S 0 4 CO
ojz; Cl

L 4.02 0.94 1.19 1.07 7.6 0.39 2.63 0.76 16.9
error + 5 . % + 4 .4 +  5 .3 +  4 .9 - 9 .5 +  5 .4 +  2 5 .2 —  9 .5 +  7.6

0 4.00 1.19 1.34 1.14 7.8 0.40 2.65 1.45 14.7

error + 7. 2 % 0 +  0 .8 0 —  1 3 .3 0 + 1 .9 + 2 .8 —  1 2 .5

E 4.10 0.94 1.24 0.39 7.0 0.10 2.63 1.74 12.2
error + 4 . 6 % 0 + 0 .8 0 —  1 3 .6 0 + 5 .2 + 1 2 .3 —  1 7 .

B 4.26 0.87 1.20 0.43 10.4 0.11 3.81 1.21 18.9

error —  2 . 3 % + 7.4 + 8.1 —  7.5 0 0 + 1 2 . + 2 3 .5 —  5 .

c 4.60 0.75 1.12 0.36 8.5 0 3.19 1.60 12.2

e rror + 2 . 9 % + 1 1 .9 +  13.1 +  1 2 .5 —  2 .2 0 + 2 .9 + 9 7 .5 —  2 3 .

call bra te d -o b s e rv e d  
o b served
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values vary considerably from the observed mean values. This is particularly true for 
pH in the upper soil layers, S 0 4 in the top soil layer and N 03 and Cl in the bottom 
layers. This variation may be partly attributed to the fact that the observed 
concentrations are the mean values for two years June 1982 to June 1984, while the 
optimised values represent the initial soil solution concentrations at the beginning of the 
calibration period (January 1984).

(4.5.4) VERIFICATION OF THE SOIL CHEMISTRY SUB-MODEL

With the model calibrated for 1985 the next step was to verify the calibration by 
a comparison of the simulated and observed concentrations for 1984, 1986 and 1987 in 
catchment D3 and for 1984 to 1987 in catchment D4.

The simulated and observed flow weighted mean annual concentrations for all 
the verification years are also shown in Tables 4.17 and 4.18. However, when these are 
compared it can be seen that a very poor comparison exists particularly for catchment 
D4. Thus the calcium concentrations are reasonably simulated in catchment D3, with 
an error of less than 10%, but they are overestimated in catchment D4 throughout the 
simulation period. Similarly the simulated magnesium concentrations are overestimated 
in catchment D4. The sodium concentrations are also overestimated in 1985 and 1987 in 
catchment D4 but they are reasonably reproduced in the rest of the verification years. 
Moreover, the simulated chloride concentrations show a generally good correspondence 
with the observed values, except, again for 1987 in catchment D4. Simulated nitrate 
concentrations, by contrast, are greatly overestimated throughout the verification period 
with the exception of 1985 in catchment D4 where it is underestimated by 15%. 
Similarly the sulphate concentrations are overestimated in both catchments throughout 
the verification period. Finally the potassium values simulated by the model are higher 
than those observed in catchment D3 and lower than those observed in catchment D4 
for the period 1985 to 1987.

However, as the comparison of mean annual concentrations alone is a a coarse 
basis for comparison, the monthly simulated and observed concentrations for the four 
study years in the two catchments were also compared. The simulated and observed 
mean monthly concentrations of Ca, Mg, Na, K, pH, S 0 4, N 03 and Cl for the years 
1984-1987 are shown in Figures 4.25 to 4.40. Figures 4.25 to 4.28 represent the 
calibration year 1984 while figures 4.27 to 4.40 represent the three verification years in 
catchment D3 and the four verification years (1984-87) in catchment D4.

It can be seen in Figure 4.26 that the model cannot be calibrated to reproduce 
accurately the monthly variations of pH, which is the main species of interest in every
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Table 4.17
Simulated and observed flow weighted mean annual pH and calcium magnesium and 
sodium (mgr/1) concentrations for catchments D3 and D4 1984-1987

Catchment D3 Catchment D4
pH

1984 1985 1986 1987 1984 1985 1986 1987
Obs 4.64 4.70 4.73 4.76 4.62 4.59 4.65 4.69
Sim 4.63 4.61 4.63 4.68 4.65 4.62 4.64 4.69

Ca
1984 1985 1986 1987 1984 1985 1986 1987

Obs 2.76 1.88 1.86 1.69 1.94 1.31 1.25 1.13
Sim 2.99 1.69 1.89 1.70 2.76 1.58 1.80 1.60

.er +0.08 -0.10 +0.02 +0.0 +0.42 +0.21 +0.44 +0.42

Mg

1984 1985 1986 1987 1984 1985 1986 1987
Obs 1.17 0.86 0.92 0.80 1.02 0.80 0.78 0.67
Sim 1.59 1.03 0.99 0.79 1.50 0.98 1.04 0.94

er +0.36 +0.20 +0.08 -0.01 +0.47 +0.22 +0.33 +0.40

Na
1984 1985 1986 1987 1984 1985 1986 1987

Obs 8.21 5.34 6.47 5.22 7.39 4.73 5.11 4.34
Sim 7.04 5.68 5.80 5.70 6.75 5.47 5.64 5.54

er — 0.14 +0.06 — 0.10 +0.09 — 0.09 +0.16 +0.10 +0.28
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Table 4.18
Simulated and observed flow weighted mean annual chloride nitrate sulphate and 
potassium (mgr/1) concentrations for catchments D3 and D4 1984—1987

Catchment D3 Catchment D4
Cl

1984 1985 1986 1987 1984 1985 1986 1987
Obs 15.5 8.94 11.3 8.6 13.9 8.1 9.8 7.3
Sim 14.1 8.90 10.35 8.75 13.3 8.56 10.1 8.5

er - 0.9 —  0.0 - 0.08 + 0.02 —  0.04 + 0.06 + 0.03 + 0.16

n o 3
o

1984 1985 1986 1987 1984 1985 1986 1987
Obs 0.81 0.84 0.64 0.62 0.86 1.14 0.74 0.63
Sim 1.50 1.04 0.88 1.00 1.34 0.97 0.83 0.93

.er + 0.85 + 0.24 + 0.37 + 0.61 + 0.56 —  0.15 + 0.12 + 0.48

C
O O 4^

1984 1985 1986 1987 1984 1985 1986 1987
Obs 2.83 2.51 2.35 2.43 2.11 2.18 2.12 2.10
Sim 3.03 2.8 2.72 2.82 2.95 2.70 2.63 2.74

.er + 0.07 + 0.11 + 0.16 + 0.16 + 0.40 + 0.24 + 0.24 + 0.30

K

1984 1985 1986 1987 1984 1985 1986 1987
Obs .19 .16 .16 .18 .20 .29 .30 .22
Sim .26 .21 .21 .21 .25 .19 .20 .20

er + 0.37 + 0.31 + 0.31 + 0.17 + 0.25 —  0.34 - 0.50 - 0.09

______ simulated-observed
error- ---- observed----
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acidification study. Thus, the simulated timeseries of the pH is much more damped 
than the observed ones. Both the predicted and the observed values suggest that the pH 
is highest during the dry summer of 1984 when there is a far greater opportunity for 
neutralization reactions to proceed, thereby increasing the leaching of bases and 
nutrients into the streamwater. However, the model predicts that the pH falls with the 
first stormflows in August and starts to recover again in September 1984. The 
empirical data from both D3 and D4 catchments (Figures 4.26 and 4.28) indicate that 
the pH continues falling in September, reaching its lowest point in October 1984.

The streamwater pH is much better reproduced in 1985 in both subcatchments. 
An exception to that is April 1985 where the observed data suggest an increase in the 
streamwater pH while the predicted values suggest a slight decrease. In the following 
year 1986 the model underestimates the pH values in the beginning of the year i.e in 
January, February and March. It also underestimates the mean pH for November 1986 
in catchment D3 by almost 0.3 pH units. In year 1987 the model totally fails to 
reproduce the observed pH pattern in both D3 and D4 catchments. However the 
observed pH monthly pattern is completely different for 1987, starting from an 
exceptionally high value, reaching a maximum in February and then decreasing up to 
the end of the year.

The simulated calcium and magnesium concentartions are particularly poor with 
a degree of smoothing which largely eradicates the seasonal pattern and dramatically 
underestimates values for most of the year. The model is not also able to reproduce the 
sodium and potassium streamwater concentrations with the exception of sodium in 1985 
and 1987 (Figures 4.29 and 4.37) where the model simulation is able to reproduce the 
broad trend in concentrations. The model is not only unable to predict the seasonal 
variations of the observed sulphate concentrations in both catchments but also 
considerably overestimates them throughout the simulation period. This overestimation 
would have been prevented by the use of much higher adsorption capacities in the 
different soil layers which, however are not justified by the field observations (Stevens 
et al 1989b). Apart from 1985 in catchment D4 the nitrate concentrations are also 
overestimated in both sub-catchments throughout the simulation period. The seasonal 
pattern of nitrate suggested by the empirical data is completely different for years 1984 
and 1986 than for years 1985 and 1987. Thus, for 1984 the nitrate concentration is 
constant for the first half of the year decreases in June and July, increases in August 
and decreases again in September up to the end of the year (Figures 4.26 and 4.28). For 
1986 the seasonal pattern shows more variation with peak concentrations occurring in 
March and October as shown in Figures 4.34 and 4.36. However, in 1985 and 1987 the 
nitrate follows a monthly pattern similar to that of chloride and sodium with 
concentrations decreasing from the beginning of the year, reaching a minimum in
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September and increasing again up to the end of the year(Figures 4.30, 432, 4.38 and 
4.40). The model is able to reproduce broadly the monthly variations of nitrate during 
1985 and 1987 but not only fails completely to estimate the monthly variations during 
1984 and 1986 but also shows an overestimation of the order of 85% for 1984 in 
catchment D3.

The overall performance of the model is much worse in catchment D4 than in 
catchment D3. However, there are fundamental differences between the outflow 
concentrations of the two sub-catchments which the model is unable to reproduce.

Thus, experimental felling of part of the sub-catchment D4 in 1984 resulted in a 
decrease of the chemical concentrations of the main chemical species with the exception 
of nitrate and potassium. The concentrations of the dominantly marine-derived 
elements Na and Cl dropped considerably in catchment D4 after felling, as shown in 
Tables 4.17 and 4.18. Clearfelling also results in a large decrease of the concentrations of 
calcium, magnesium and sulphate in streamwater. In contrast, there is an increase in 
the nitrate and potassium concentrations which is the result of the reduction of plant 
uptake and increase of the litter decomposition and soil nitrification. The pH of the 
stream in the felled catchment increases as a result of the clearfelling although not to 
the same extent as in the unfelled stream as shown in Table 4.17. A pH depression 
between 1984 and 1985 in the felled stream has been considered as a temporary 
phenomenon associated with the high rates of nitrate output after the clearfelling 
(Stevens et al, 1989a).

The percentage of the forested canopy is an input parameter which can be easily 
adjusted in the ILWAS model in the beginning of the simulation period. Thus, the 
forested percentage was set equal to 8 8 % in 1984 and 64% (28% was experimentally 
felled in 1984) in the subsequent years 1985 to 1987. The model was unable to predict 
the changes in the streamwater chemistry following defforestation producing large 
overestimations particularly for calcium, magnesium, sodium and sulphate and an 
underestimation of the potassium streamwater concentration.

(4.5.5) VERIFICATION OF THE CHEMICAL SUB-MODEL OVER A NINE YEAR 
PERIOD

As was discussed in section 4.5.3, calibration of the ILWAS model in catchment 
D3 was considered over an one year period (1984). Because of the very large number of 
the input variables needed to be adjusted for this calibration the total cost in terms of 
computer time and effort required would have been too high if a period longer than one
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year had been used for the calibration. Moreover, in contrast to the MAGIC model, the 
ILWAS model had been seen as a “short term” model capable to describe the monthly 
ionic variations in the stream over the short period of one year. However, some of the 
model parameters are likely to be important over a longer period than one year and 
therefore the long-term response of the model was also evaluated.

The parameters with long-term influence are mainly those describing the mineral 
weathering process i.e. the amount of the weathering by-products, the weathering rates 
and the weathering rate dependence on hydrogen ion. The optimum values of these 
parameters were presented in Table 4.13. Subsequently, the model was applied to 
catchment D3 over a nine year period (1985-1993). The calibration year 1984 was not 
included since there were only eleven months of meteorological data available for that 
year. Thus, the three years (1985-1987) meteorological data and the observed 
streamwater ionic concentrations have been repeated three times to produce a synthetic 
nine year record. Similarly the ambient air concentrations have been repeated to 
produce the nine year data record required. Since the ambient air concentrations were 
assumed to be identical for the three years 1985 to 1987 (section 4.5.2.3) they were 
identical throughout the nine year period.

The observed and the simulated mean monthly ionic concentrations for the main 
chemical species are presented in Figures 4.41 and 4.42. As shown in Figure 4.41 there 
is a very strong long term upward trend in the concentration of calcium in streamwater. 
This upward trend is the result of the combined effect of the increased production of 
calcium and the low weathering rate dependence on the hydrogen ion concentration 
(a=0.26), found by the calibration procedure. Thus, the enhanced rate of calcium 
production through the mineral weathering process results in the depression of hydrogen 
ion concentration. However, this depression causes only a slight decrease in the 
weathering rate due to the low value of the parameter a. Not surprisingly, the 
streamwater pH, shown in Figure 4.42, shows an upward trend throughout the nine 
years simulation period as a result of the increased leaching of calcium through the 
mineral weathering process. The streamwater concentrations of sulphate presented in 
the same figure also show a slight upward trend over the nine years period. Although 
Stevens et al (1989b) suggested that soils may be saturated with sulphate at the 
Beddgelert site, some sulphate adsorption has been assumed for the calibration of the 
model. This retention initially delays the sulphate output, however as the deposition 
continues and the retention capacity of the catchment is depleted, increased rates of 
sulphate leaching occur. Apart from the upward trend, the overestimation of sulphate 
throughout the nine year period is attributed to an overestimation of the sulphate 
throughfall fluxes.

The long-term simulation is far better for nitrate with the model reproducing the
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broad seasonal trends although it overestimates the peaks in the beginning of each 
year. In contrast, the model systematically underestimates the chloride and sodium 
fluxes, possibly reflecting the underestimation of the throughfall chloride and sodium 
concentrations as has been shown in Figures 4.23 and 4.24.

The model’s predictions for streamwater pH, over the nine-year period were 
subsequently used in comparison with the MAGIC model predictions over the same 
period (i.e. 1985-1993) in the Beddgelert area catchment.

(4.5.6) COMPARISON OF THE MAGIC AND ILWAS MODEL PREDICTIONS 
OVER A NINE-YEAR PERIOD

As mentioned in the preceding section 4.5.5 the ILWAS model was used to 
predict the streamwater quality of stream D3 over a nine-year period (1985-1993). For 
this purpose three years of observed precipitation data were repeated three times to 
produce a nine-year synthetic record which was used to drive the model. Similarly the 
MAGIC model, as calibrated for the Beddgelert area (catchment D4) was used to 
predict the streamwater quality over the same period.

The results of the two applications can not, however, be compared directly since 
the two applications are referred to two different sub-catchments (D3 and D4 for the 
ILWAS and the MAGIC model respectively). Nevertheless, given that the two sub
catchments are very close to each other with fairly similar hydrochemical 
characteristics, these two applications can be used to indicate the broad capability of 
the two models for long-term predictions, as these have been calibrated at the 
Beddgelert area.

Figure 4.43 presents the ILWAS and MAGIC model predictions for the 
streamwater pH over a nine-year period assuming that the dry and wet deposition is 
maintained at the present day levels. The predictions of MAGIC model under two 
hypothetical scenarios i.e. assuming a gradual 25% reduction in emissions up to 1993 
(50% up to 2003) and also assuming that a complete reduction in emissions has occurred 
since 1986, are also included in the same figure.

As shown in Figure 4.43 the ILWAS model predicts a rapid recovery of the 
streamwater pH from the 1985 level of 4.6 up to 5.65 by year 1993. This is totally 
inconsistent with MAGIC’s prediction for a very slow pH recovery i.e. from 4.6 to 4.65 
in the case that the acid deposition remains at the 1985 levels throughout the 
simulation period. A rapid pH restoration is projected by the MAGIC model for the 
hypothetical case that acid precipitation quality had returned to its pre-acidification
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levels in 1985. Although rapid, this restoration remains at levels which are lower than 
the ILWAS model projections.

The predictions of MAGIC model indicate that even for catchments with very 
limited sulphate adsorption capacity (e.g. catchment D4) significant levels of emission 
reductions are required for there to be a sustained recovery, as has also discussed in 
chapter 3. This is a result of the assumption for steady-state soil conditions (mineral 
weathering reactions) at some point in the pre-industrial era, an assumption which is 
questionable, as has been discussed in chapter 2 . In contrast the ILWAS model uses 
complex thermodynamic equations to represent the mineral dissolution and formation 
reactions for which accurate data at a catchment scale is very difficult to obtain.

Although crude this comparison indicates that given the inherent uncertainties in 
the weathering rates (and most of the soil chemical processes) long-term predictions of 
the dynamic models, although they are of considerable scientific interest must be 
regarded with sceptisism.
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(4.6) D I S C U S S I O N

Despite the simplicity of the ILWAS hydrological sub-model the hydrological 
response of both catchments is, in general, reasonably reproduced. The most notable 
failure of the hydrological simulation is the model’s inability to simulate the runoff 
response from discrete summer storms in both the D3 and D4 catchments. This 
inability may possibly reflect the presence of macropores in the catchment. These serve 
to increase the rate at which flow is transmitted into the stream channel. Consequently, 
rather than satisfying the summer soil moisture deficit flow will be rapidly routed to the 
stream channel. In contrast to the calibration year 1984, the model is able to reproduce 
well the discrete summer storms in the successive years 1985, 1986 and 1987. An 
examination of the flow conditions in each year (Figures 4.8 to 4.15) indicates that not 
only were the summer storms in 1984 far more discrete in their timing and occurrence 
than in the following years, but also the period preceding the summer storms in 1984 
was drier than the preceding periods in 1985, 1986 or 1987.

Apart from the model’s failure to represent the summer flow peaks, the model 
also seriously underestimates the summer low flows particularly in catchment D3, as 
clearly shown in Figure 4.6. This was attributed to the neglect of the groundwater flow 
which can be as high as 1 0 % of the total outflow, as already mentioned in section
4.5.1.2.

The model reproduced reasonably well the baseflows in catchment D3 but not in 
catchment D4 where it overestimated them throughout the period 1985-1987. This 
discrepancy may be attributed to an overestimated vertical permeability for that 
catchment. Several reasons such as an increased podzolization in catchment D4 due to 
the steeper slope, may be responsible for a lower vertical permeability compared to the 
catchment D3. Disturbances in the hydrological flowpaths in catchment D4 may also 
have been caused by the partial experimental felling of this catchment in the summer of 
1984.

The mismatch between observed and simulated values in both sub-catchments 
may also be associated with the lack of site-specific rainfall data. Another error may 
have been introduced through the observed streamflow data as discussed in section
4.5.1.2. Furthermore there is large uncertainty concerning some of the model parameters 
for which literature values have been used, such as the maximum storage capacity of 
the canopy and the canopy leaf area index. Moreover the large number of the 
parameters needed to be calibrated and the uncertainties surrounding the quality of the 
observed data prevented a more refined parameter estimation procedure, than the trial 
and error, to be adopted. Thus although a large number of runs (over 500) have been
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undertaken for the calibration of the hydrological part of the model it has not been 
guaranteed that the parameter set obtained is the optimum one.

Furthermore, the lumping of each of the catchments D3 and D4 into one 
compartment with uniform characteristics and a limited number of soil horizons also 
affects the fine structure of the individual hydrographs. This lumping leads to neglect of 
small-scale physical variability in factors such as slope and soil structure, which can 
affect the rate at which flow is transmitted to the stream channel. Consequently, it is 
highly unlikely that a lumped model such as ILWAS will be able to perfectly simulate 
the runoff response of a catchment.

Despite the effectiveness of the model in reproducing the throughfall volumes it 
did not prove possible to calibrate the model in order to represent accurately the fluxes 
of the major ions in throughfall. This was attributed firstly to the lack of site specific 
data for the ambient air quality and secondly to the uncertainty surrounding the 
approach of the model to the complex processes of dry deposition and vegetation 
reactions. Hence, the model Assumption that the ambient air quality is related directly 
to the dry deposition (equation 4.8) is too simplistic to be able to reproduce the 
complex mechanisms of formation, transport and removal of the pollutants from the 
atmosphere. Thus the model overestimated the throughfall concentrations of sulphate 
although the optimised atmospheric concentrations were found to be particularly low. 
The overestimation of the sulphate and the underestimation of the nitrate fluxes 
indicates that the use of the same uptake velocities for both these ions is inappropriate 
for the successful simulation of their throughfall fluxes.

Although the simulated and observed throughfall fluxes of the sea-derived 
calcium and magnesium compared favourably, the underestimation of the throughfall 
flux of the biologically inert chloride suggested that the simulation of the dry deposition 
process may be insufficient to be able to reproduce the increased occult and dry 
deposition in the Beddegelert forested area. Thus, as Neal et al (1988a) have 
commented, the poor simulation of what would be expected to be the simplest ion, Cl, 
raises fundamental modelling issues as to how and to what extent one can describe the 
behaviour of other chemically and biologically reactive ions such as the sulphate and 
nitrate.

Apart from the model’s inability to reproduce the canopy ion exchange process 
another limiting feature of the canopy sub-model of the ILWAS model is that it does 
not consider the stemflow process which can be extremely important in modifying the 
quality of the water entering the soil compartment.

The ILWAS model simulation of the stream solute chemistry of the study sub
catchments is poor particularly on a monthly timescale, with the simulated
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concentrations of the chemical species showing generally little resemblence to the 
empirical data. The monthly timescale is the minimum timescale investigated in this 
study, for as the model is driven by the mean monthly precipitation quality, any shorter 
timescale variations in catchment chemistry cannot be accurately simulated. It must be 
noted that none of the parameters adjusted exhibited a seasonal pattern and therefore 
there was no freedom to manipulate the differences between observed and simulated 
outflow ion fluxes on a monthly time-scale. The discrepancy between the observed and 
simulated outflow fluxes on a monthly time-scale is also attributed to the combined 
effect of the inaccurate determination of the throughfall inputs to the soil and the 
hydrological flowpaths.

In this study of acidification, the chemical species of major importance is the 
hydrogen ion. The model could successfully be calibrated to reproduce the annual 
average streamwater pH. However, the simulated hydrogen ion concentrations for both 
subcatchments show only a slight correspondence with the empirical data. This was 
mainly attributed to the inaccurate simulation of the other chemical species, 
particularly the total inorganic carbon and organic acid concentrations. In both sub
catchments no site specific data were available for T.I.C and organic acid, the soil and 
soil solution concentrations of which are major input variables. Thus, both the adsorbed 
and the soil solution concentrations of these variables were taken from the ILWAS data 
base. It is therefore unlikely that this procedure will have produced accurate estimate of 
the concentrations of either species. Consequently, as the simulated hydrogen ion 
concentration is derived from the simulated T.I.C and organic acid concentrations, 
together with the simulated alkalinity and total aluminium, any inaccuracies in the 
simulated concentrations of the T.I.C and organic acid lead to an inaccurate simulation 
of the hydrogen ion, the alkalininity and the total aluminium concentrations.

The simulated hydrogen ion concentration is also dependent on the simulated 
alkalinity as well as the simulated organic acid and T.I.C concentrations. Consequently, 
an inaccurate simulation of the alkalinity will also be reflected in an inaccurate 
simulation of the hydrogen ion concentration. As the simulated alkalinity in ILWAS 
includes both the carbonate system and the dissolved organic carbon (D.O.C), with the 
simulated organic acid concentrations a major component of the D.O.C, inaccurate 
estimates of T.I.C and organic acid concentrations will be reflected by inaccuracies in 
the simulated alkalinity. Inaccurate estimates of T.I.C and organic acid concentrations, 
therefore, may adversely influence the simulated hydrogen ion concentration by two 
different pathways. Thus, given the lack of site specific data for the carbonate system, 
the model is not expected to produce any reliable estimates of the streamwater 
alkalinity which therefore has not been included in the simulated species of this study.

In certain sub-routines of ILWAS, however, the simulated alkalinity is derived in
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an alternative manner to the above, as the sum of non hydrogen cations minus the sum 
of strong acid anions. Consequently, any errors in the simulation of the major chemical 
species will also result in an inaccurate estimate of alkalinity and hence an inaccurate 
simulation of the hydrogen ion concentrations. Given the poor simulation of the major 
cation and anion concentrations in both sub-catchments it is therefore no surprise that 
the hydrogen ion concentrations are also poorly reproduced.

The simulated throughfall concentrations entering the soil compartment may 
also be responsible for the poor performance of the chemical sub-model. Thus, the 
overestimation in the throughfall levels of sulphate is reflected in the overestimation in 
the streamwater levels throughout the simulation period. However, although the 
simulated throughfall levels of chloride are much lower than the observed ones, the 
simulated streamwater concentrations of that ion are generally well reproduced over the 
one year period, and as likely to be overestimates as underestimates. Similarly, the 
observed and simulated throughfall concentrations of both calcium and magnesium 
compared favourably and therefore the overestimation of their streamwater 
concentrations can not be attributed to the inflows into the soil.

Apart from the time-dependent input data, the other major source of error is 
likely to be the time-independent input data. Thus, the lack of site specific data for the 
adsorbed anion concentrations in catchment soils will be a major source of error in the 
chemical simulation. This error arises from the fact that the soil solution and hence 
outflow anion concentrations are dependent on the anion selectivity coefficients, which 
in turn are derived from the adsorbed anion concentrations. Therefore, any error in the 
input estimates of the soil anion concentrations results in an inaccurate simulation of 
solution anion concentrations. Despite the presence of some site specific soil chemistry 
data, inaccurate estimates of the catchment soil chemistry are also probably the reason 
for much of the error in the simulation of major cation concentrations. Thus the limited 
spot samples used to derive estimates of the cation adsorbed concentrations and cation 
exchange capacities of the different soil layers, may not be representative of the overall 
soil adsorbed concentrations and cation exchange capacities. Furthermore, such lumping 
of the catchment characteristics may result in overlooking spatially localised 
heterogeneities in the soil chemical characteristics which may be important in 
determining the outflow solute chemistry.

Another source of error is the lack of site specific data for the soil mineral 
weathering process which is very important in determining the outflow cation 
concentrations especially on a long term basis. The inability of the model to predict the 
nitrate and potassium outflow concentrations could be attributed to the lack of site 
specific data for the litter decomposition as both these ions are perceived to be the most 
abundant and biologically reactive in forest biomass. Moreover the fact that the model
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does not consider the denitrification process might be partially responsible for the 
overestimation of the nitrate concentrations throughout the simulation period.

The hydrological simulation is another source of error in the chemical simulation. 
Although the hydrological response is reasonably well reproduced, particularly for the 
D3 sub-catchment, there are discrepancies present especially in the summer months. As 
the solute concentrations in each of the model sub-modules are derived on the basis of 
the water volume in the compartment, such discrepancies in the hydrological simulation 
will in turn lead to errors in the chemical simulation.

The nine years simulation experiment indicated that the model cannot be 
adequately calibrated if there is an insufficiently long data record. Thus, the parameters 
involved in both the weathering and the sulphate adsorption processes needed to be 
calibrated over a longer period than one year. Moreover, if the model is not properly 
calibrated to predict a long term trend of a particular ion then, as the chemical charge 
balance principle requires, the concentrations of additional ions will be inaccurately 
simulated showing the same long term trend. Finally, the nine year simulation of 
sodium and chloride indicated that the use of high initial soil solution concentrations 
masked the underestimation of throughfall fluxes over the one year period and therefore 
a period longer than one year has to be considered for their calibration as well.
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(4.7) C O N C L U S I O N

The ILWAS model was unable to reproduce successfully the observed 
hydrochemistry in the Beddgelert area. This can be attributed to the synergistic effect 
of the large number of input variables and parameters for which site-specific data were 
not available, even in a well monitored study site such as the Beddgelert area. Other 
causes that may have affected the success in model predictions were errors in the 
estimation of parameters, model structure or numerical computational methods.

The first limiting feature of the hydrological part of the model is the 
inconsistency between the horizontal and the vertical spatial resolution. Thus, while the 
soil profile could be described in some detail, if the data were available, the spatial 
heterogeneity of soil characteristics is only broadly indicated by the use of drainage 
subcatchments. Thus, given the uneveness of the catchment topography and the 
potential complexity of the hydrological routing it is extremely doubtful that such a 
uniform representation of the drainage catchment will be able to reproduce accurately 
the individual hydrographs. Some assumptions within the hydrological sub-model, for 
example the assumption that the percolation rate is zero at and below field capacity and 
increases linearly between field capacity and saturation, may also be responsible for the 
inappropriate simulation of the catchment hydrology.

The successful calibration of the canopy module has been rendered unlikely by 
the number of arbitary calibration parameters built into the model. In addition to the 
canopy sub-model calibration parameters, the mean monthly ambient air qualities have 
also been treated as calibration parameters. Several problems related to the 
implementation of the model have also to be considered. Thus, within the canopy 
module the exudation rate has been assumed to be proportional to the chemical 
composition of the leaf and the leaf turnover rate. However there is no biological 
evidence for these linkages. Moreover, the canopy module fails to include the ion 
exchange process which provides an important mechanism, by which the composition of 
throughfall may be altered. Finally the use of the same uptake velocities for both 
sulphate and nitrate will lead to overestimation of sulphate and/or underestimation of 
nitrate inputs into the vegetation surface.

The ILWAS simulation of the streamwater chemistry, in both the D3 and D4 
catchments is very poor, particularly on a monthly time-scale. This failure is firstly 
attributed to the utilisation of mean monthly precipitation quality data to drive the 
model. Such averaging of the input data will serve to smooth the streamwater response 
before the model simulation occurs. However, the most significant source of error in the 
chemical sub-model is the large number of calibration parameters required by the 
model. As most of the chemical parameters affect more than one ion in the
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streamwater, all of these parameters have to be optimised in each application of the 
model, thereby reducing the likelihood of obtaining a unique calibration still further. An 
additional source of error is the misrepresentation of the throughfall inputs to the soil 
associated with the inappropriate calibration of the canopy module. Furthermore, the 
inaccurate simulation of the hydrological flowpaths through the catchment may also 
account for the poor simulation of the chemical response of the model in the Beddgelert 
area.

The streamwater pH is reproduced unsatisfactorily in both catchments. This can 
be ascribed to the inaccurate simulation of the major cations and anions, since the pH is 
partially derived as the difference between the sum of base cations and the sum of 
strong acid anions. However, the major source of error for the simulated streamwater 
pH is the lack of site specific data for the total inorganic carbon and the organic acid 
concentrations. Similarly the model not only fails to predict the seasonal variations of 
the base cations but also predicts a long term upward trend for calcium over a nine 
years period. The use of a different set of parameters for the weathering process would 
have prevented such an upward trend although it would have led at the same time to 
great underestimation of the calcium outflow fluxes over the first year. Moreover, 
increased rates of sulphate leaching have to be expected some years after the beginning 
of the simulation period, if any sulphate adsorption is assumed to occur in the 
catchment. The model is also unable to predict the changes in the streamwater 
chemistry resulting from the afforestation of part of the catchment.

In conclusion, the use of ILWAS model as a management tool for understanding 
and predicting the future impacts of acid deposition and other anthropogenic changes on 
the hydrochemical response of upland catchments will be very limited. The above 
discussion implies no devaluation of the ILWAS model. The idea is simply that the 
ILWAS model suffers, (as do many of the comprehensive ecological models) from a 
“lack of indentifiability, it is over-parametrised and has surplus content” (Beck,1986). 
This overparametrization combined with the fact that the individual processes are very 
simplistically modelled, not only restricts the applicability of the model to a very few 
study sites around the world, but also reduces its ability to make accurate predictions 
for the future streamwater chemistry to anthropogenic impacts such as acid 
precipitation and land use management practices.
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(5.1) INTRODUCTION

As outlined in chapter 4 the ILWAS model was unable to reproduce accurately the 
observed streamwater chemistry in the Beddgelert area. From the calibration procedure 
it became obvious that the model is overparametrised, containing a very large number 
of input parameters whose values can not be uniquely determined by the calibration 
data. Even if the calibration of the model had been adequate, the complexity of the 
model limits its use as a management tool capable to predict the effects of a change in 
deposition rates and land use management practices over a particular period of time. 
Apart from the cost and effort required for its use, very little confidence can be placed 
in the predictions due to the uncertainties surrounding the various components of the 
model (structure, parameters, initial conditions) as also has indicated in section 4.5.6.

Despite these limitations however, such a highly complex acidification model 
incorporates the best understanding of the “key” processes related to the acidification 
phenomenon. It could therefore be proved to be a valuable analytical tool providing 
information on the various soil processes and the way they affect the surface water 
quality. Such information may be used to guide future field experiments and model 
development. This aspect of the ILWAS model is dealt with in the present chapter. In 
summary, the main objectives of this chapter are as follows:

• to examine which processes/parameters are dominant in determining the surface 
water quality of the Beddgelert area;

•  to investigate  whether this particu lar calibration  of the IL W A S m odel can detect 

any discernible effect of afforestation  or deforestation on stream w ater quality ;

• to develop and propose a methodology by which the ILWAS model can be 
“substituted” by simpler model formulations (meta-models) relating the attributes 
of the ILWAS response to the most important parameters/processes incorporated 
in the model. In principle, such meta-models can be used for regional applications 
or for applications in areas with very limited information on the input parameters 
required by the full simulation code (ILWAS). More significant, however, is the 
potential use of these meta-models for long-term predictions of the system’s 
response under various deposition scenarios, for which purpose the full model may 
be too complex.
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Along these lines a conventional sensitivity analysis of the ILWAS model was 
undertaken using the univariate method. This has been followed by a representation of 
the behaviour of the ILWAS model by a simple regression relationship (meta-model) 

quantifying some attribute of the model’s outputs, y, according to variations in some of 
the model’s parameters i.e.

7 =  @o +  /^ lx l  "b /?2x 2 "b ••••+ ^ n + l x l x2 "b ••••

The “data” for the determination of the regression model have been generated from 
“experiments” with the main model. Estimates of the meta-model parameters 0̂  have 
been determined by least squares from these “data” . The design of these experiments is 
crucial because:

• only a small number of them can be undertaken due to the time and cost that the 
ILWAS model requires for each simulation run

• the resulting meta-model must be as simple as possible. Thus we wish to exclude 
the higher order effects arising from the joint action of parameters in terms such as

X 1X 2X 3'

The estimated magnitudes of /?• were subsequently used for a ranking of the parameters 
Xj. This ranking was further used to provide new insights into how and to what extent 
each response variable is affected by the various hydrochemical processes considered in 
the model.

The present chapter is divided therefore into two parts. In the first part the 
sensitivity analysis of the hydrological and chemical part of the model is presented. The 
second part covers the basic theoretical aspects of the regression analysis and factorial 
experimental design. This is followed by the application of the two theories for the 
development of the meta-model. At the end of the chapter the results of the sensitivity 
analysis and the meta-modelling work are discussed and conclusions are drawn.
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(5.2) SENSITIVITY ANALYSIS OF THE ILWAS MODEL

(5.2.1) INTRODUCTION

Several methods of sensitivity analysis can be found in the literature. Some of 
them are based on the interpretation of the results obtained from random sampling 
methods such as Monte Carlo simulation. Another widely used method is the one-at-a time 

(univariate) method. This latter method is concerned with evaluation of the effect on 
the output of the model (y), of each parameter at its mean and then at its mean plus or 
minus some multiple of its standard deviation (usually p ±  4 <r). Hence, if x1? x2 ,...xk 
denote the k model parameters, if y denotes the output, and the deterministic 
relationship between y and x1 ,x2 ,...xk has the form:

y=h(x1 ,x2 ,...xk) (5.1)

such an evaluation is generally aimed at identifying those parameters whose effect on y 
is substantial. This is achieved by the computation of the sensitivity coefficient dy/dx. 
A major drawback to the use of the univariate method is the absence of any data to 
assess the interactions between parameters in the way that they influence the model’s 
response.

As clearly indicated in chapter 4, ILWAS requires a very large number of input 
parameters. In summary, the model consists of 6  modules i.e. the hydrological, canopy, 
snowpack, soil chemistry, stream chemistry and lake chemistry modules. Assuming that 
the land area is not areally segmented into different sub-catchments, the total number 
of parameters required by the model is: 67 parameters for the hydrological (5 soil 
horizons); 274 parameters for the canopy (3 types of vegetation); 26 for the snowpack; 
333 for the soil chemistry (3 mineral species); 41 for the stream (1 stream segment) and 
57 for the lake chemistry module. This gives a total of 798 parameters, a number which 
increases still further considering that monthly values have to be provided for sixteen of 
these parameters.

These parameters have to be determined either from field studies, from the 
literature or from a suitable estimation procedure. The effort required for the estimation 
of this very large number of parameters, together with the high computational demands 
of the model, has limited its direct application to a very few extensively monitored 
study sites around the world. In chapter 4 detailed reference to the procedure adopted for
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the determination of the ILWAS model parameters has been made. However, the errors 
and uncertainties involved in determining values for all of these parameters are 
substantial, as is the case in most models of the behaviour of environmental systems, as 
discussed in chapter 1. In view of these uncertainties, a sensitivity analysis of the model 
was considered necessary in order to assess the contribution of the errors of the 
individual parameters to the uncertainty in model’s predictions.

However the excessive number of input parameters required by the ILWAS 
model prohibited a refined method of sensitivity analysis (e.g Monte Carlo simulations), 
due to the time and cost which would have been involved. Instead the univariate 
method has been used, in order to identify the parameters which most significantly 
affected the hydrochemical output of the model and those which were redundant. 
However the initial number of model parameters was far too high even for a rigorous 
application of this method. Thus before applying the univariate method some 
parameters thought to be unimportant were subjectively excluded. This “subjective” 
method, although it is not very systematic and is prone to large personal bias, has 
nevertheless been proposed for use as a first investigation of very large models (Downing 
et al, 1985).

Hence in the application of the model to the Beddgelert area, the lake, the 
snowpack and the stream modules were not incorporated, and the model output was the 
total catchment outflow for each time step. Furthermore, it was accepted that there 
were only two types of vegetation in the area, i.e. forest and moorland, that the initial 
accumulation of all cations in the canopy is zero, and that the ion amplification factors 
apply only for the four cations, Ca, Mg, Na and K. For the moorland area it was 
assumed that the leaf and the trunk chemical compositions of., the moorland are 
identical, the ion amplification factors equal to 1 . 0  and the foliar exudation rates equal 
to zero. In both the moorland and the forested areas the deposition factors for loading 
adjustment were set equal to one for all ions. The deposition velocities of particles, the 
deposition and uptake velocities of gases and the litterfall rates were all considered to be 
constant throughout the year.

In the soil chemistry module it was assumed that the only weathering products 
are calcium, magnesium, potassium and sodium and that the surface area of the soil 
layers is uniform. As was explained in chapter 4, there are eighteen chemical species 
simulated by the model. It was assumed that only nine ions (H+ ,Ca2+, Na+ , K+ , 
Mg , NH4 , S 0 4 , N 0 3 and Cl ) out of the eighteen were involved in the initial soil 
solution chemistry while the soil solution concentrations for the remaining ions were set
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equal to zero. The last hypothesis was that only seven (H+ ,Ca2+, Na+ , K+ , Mg2+ 
NH^, SO^- ) out of eighteen ions were involved in the cation exchange and anion 
adsorption processes. Apart from the above mentioned ions the gases S 0 X and N 0X, the 
phosphoric, organic and silicon acids, the fluoride ion, the total inorganic carbon, the 
alkalinity and the monomeric aluminium are also simulated by the model at each time 
step. However, not all of these ions contribute to each process considered by the model. 
For example, the mineral weathering process, by definition, involves only the basic 
cations and none of the other species simulated by the model. In fact, the silicon acid 
may also have been considered as a weathering by-product, but since adjustment of this 
acid would have only affected the silicon acid output to the stream, it was not 
considered in this sensitivity analysis.

On the basis of these assumptions, 450 parameters were discarded in the 
subsequent analysis. Thus the total number of input variables analysed was as follows:

1 ) Hydrological module (5 soil horizons) 47 parameters
2) Canopy module ( 2  types of vegetation) 109
3) Soil chemistry module 192

total= 348

The univariate method of screening was performed upon these remaining 348 
parameters. Since the standard deviation of the values of these variables is very difficult 
to obtain, the method has been slightly modified. Thus each of the parameters Xj was 
increased and decreased from its nominal value /x, by 1 0 0 % and one order of magnitude 
i.e the values 0.1/i, 0.5/x, 2̂ x, and 10/x were investigated. This rule for the perturbations 
of the parameters, however, was not applied in two circumstances: firstly, where the 
limits of the parameter were otherwise specified by the model constructors (e.g the 
weathering rate dependence on H+ was assumed to vary from 0.1 to 0.7); and secondly 
where increasing or decreasing the parameter by one order of magnitude was 
unreasonable (e.g the leaf area index). When the parameter was expressed as a 
percentage it was generally adjusted within the levels of 0% and 100%. However in the 
case of the saturation moisture content, also expressed as a percentage, its lowest value 
was the layer field capacity.

The effect of changing the hydrological and chemical variables was assessed by 
examining the root mean square difference (RMSD) between the “perturbed” and the 
calibrated daily flows, the mean of the annual “perturbed” and calibrated streamflows
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as well as the percentage difference between the “perturbed” and the calibrated mean 
annual concentrations for eight chemical species (pH, Ca2+, Na+ , K+ , Mg2+, SO4- , 
NO3 and Cl" ) expressed as ( “perturbed”-calibrated/calibrated)xl00. It should be 
noted that pH values have been used rather than H+ concentrations. Therefore a small 
difference in the mean annual pH represents a much higher difference in the H+ 
concentrations. Since adjustment of the chemical variables does not have any effect on 
the simulated catchment hydrology, the effect of these variables was assessed solely by 
comparing the simulated and the calibrated mean annual streamwater concentrations. 
The analysis is performed upon the control catchment D3 for the calibration year 1985.

The sensitivity coefficient is not calculated in this study. The reason is that there 
is not a “single” output per simulation run. Thus for each simulation run, the model is 
producing nine time series namely the mean daily flows and the outflow concentrations 
of eight chemical constituents. In general the model parameters were characterised as 
“sensitive” if they produced significant (i.e. more than 5% to 10% which is the 
analytical error for the determination of the ionic concentrations) changes in the ionic 
concentrations in streamwater.

(5.2.2) HYDROLOGICAL VARIABLES

(5.2.2.1) SOIL CHARACTERISTICS

The first variable subjected to the analysis was soil permeability expressed as 
cm/day, which was serially adjusted for each of the five conceptual soil horizons. For 
each soil horizon the permeability was doubled, halved, and increased and decreased by 
one order of magnitude. In the first soil horizon the permeability was increased from 
the calibration value of 1.35E+5 cm/day to a maximum of 1.35E-f6cm/day and 
decreased to a minimum of 1.35E+4 cm/day. As shown in Table 5.1 this adjustment 
had very little influence on the simulated total annual streamflow with a maximum 
change of 0.09% increase in the mean annual flow, for one order of magnitude increase 
in permeability. Similar adjustments of the permeabilities of the second, third and 
fourth soil layers, produced minor changes in the mean annual streamflow. The greatest 
change was a 1.27% increase in the mean annual flow for one order of magnitude 
increase in the permeability of the fifth layer. As shown in Figure 5.1 the increase in the 
permeability of the fifth soil horizon produced a significant decrease in the hydrograph 
peaks and also a more rapid decay of the hydrograph recession limbs.

As a result of the negligible changes in the simulated flow patterns, adjustment
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of the permeabilities of the second and third soil horizons had very little influence on 
the annual solute concentrations of the streamwater as shown in Table 5.2. In contrast, 
adjustment of the permeabilities of the first, fourth and fifth horizons produced greater 
changes to the simulated streamwater chemistry.

The sensitivity analysis was next performed on the saturation moisture contents 
(S.M.C) of each of the soil layers. The analysis consisted of increasing the optimised 
calibration values of S.M.C by 2 0 % and 40% and decreasing them to the field capacity. 
As shown in Table 5.3 the mean annual streamflow increased with the S.M.C, and the 
changes were much higher in the fourth and the fifth layer. Figure 5.2 shows that a 20% 
increase in the S.M.C of the bottom layers resulted in smoothing of the recession limbs 
as well as the loss of one hydrograph peak. The influence of the adjustment of the 
S.M.C of the fourth and fifth layers on the streamwater quality is presented in Table 
5.4.

Subsequently, the sensitivity of the model to changes in the thickness of the five 
analogue soil horizons was investigated. The results of the analysis are presented in 
Table 5.5 for the hydrological and in Table 5.6 for the chemical response of the model.

Adjustment of the soil thickness of the mineral horizon affected the volume of 
weatherable minerals, exchangeable base cation and anion adsorption sites, and the 
relative contributions of different flowpaths to catchment outflow. Thus increasing 
mineral soil thickness with no other changes in -soil physical properties decreases the 
ratio of litter and organic layer outflow to total outflow. From Figure 5.3 it can be seen 
that increase in the soil depth of the first horizon resulted in a slight decrease in the size 
of the major hydrograph peaks, while no difference in the recession limbs was observed. 
In contrast an increase in the depth of the fifth horizon resulted in a slight steepening of 
the recession limbs but the individual hydrograph peaks were totally insensitive, as 
shown in Figure 5.4.

As far as the chemical performance is concerned, it is evident from Table 5.6 
that the simulated chemistry is affected more by adjustment in the thickness of the 1st 
and the 5th soil horizons than by adjustment in the thickness of the other soil horizons. 
One order of magnitude increase in the thickness of the top organic layer produced a 
350% increase in the N 0 3 concentration of the mean annual flow while the mean 
annual pH was reduced by 0.2 units. In contrast, one order of magnitude increase in the 
depth of the 5th layer affected mostly the cation concentrations and the pH was 
increased by 0.2 units. However, modification of the depth of the second and third 
layers did not have any significant effect on the streamwater quality. The reason for this
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Table 5.1
Adjustment of the soil permeability - Hydrological response
Permeability(cm/day) Calibration value
1 st layer 1.35E+4 1.35E+5 1.35E+3 6.75E+3 2.70E+4
EMSD 248.94 257.67 257.49 257.48 247.27
mean flow ( m 3 / d a y ) 259.52 +0.09% - 0 . 1 % -0.03% + 0 . 0 2 2 %

2 nd layer 1.70E+2 1.70E+3 1.70E+1 8.50E+1 3.40E+2
RMSD 248.94 246.79 248.58 249.03 248.68
mean flow 259.52 +0.04% -0.005% 0 % +0.005%
3rd layer 2.20E+2 2.20E+3 2.20E+1 1.10E+2 4.40E+2
RMSD 248.94 245.526 249.41 249.13 248.50
mean flow 259.52 + 0 . 1 2 2 % -0.009% -0.004% +0.015%
4th layer 3.50E+2 3.50E+3 3.50E+1 1.75E+2 7.0E+2
RMSD 248.94 250.44 248.95 249.31 248.20
mean flow 259.52 +0.41% -0.118% -0.059% +0.165%
5th layer 4 .OOE+2 4.00E+3 4.00E+1 2.OOE+2 8.0E+2
RMSD 248.94 286.50 243.07 244.26 255.63
mean flow 259.52 +1.27% - 0 . 2 1 % -0.123% +0.380%



CHAPTER 5: SENSITIVITY ANALYSIS META-MODEL

Table 5.2
Adjustment of the soil permeability - Chemical response
Permeability(cm/day) Calibration value
1st layer (cm/day) 1.35E+4 1.35E+5 1.35E+3 6.75E+3 2.70E+4

Ca=1.59mgr/i '+6.5 % -2.9% "_- 0 % + 1 .8 %
Mg=1.03 +9.7 % -8.7% -3.9% + 6 .8 %
Na=5.66 +7.9 % -8.3% -3.3% +3.3%
K=0.20 +5.0 % +5.0% +2.5% + 0  %
pH=4.61 -1.5 % +4.0% +1.3% -0.9%
SO4_=2.80 +10.7% - 1 1 .% -4.6% +4.6%
NO3=1.03 + 1 .0  % + 0  % - 1 .0 % + 0  %
Cl=8.85 +7.91% -1.5% + 1 .0 % +6.4%

2 nd layer 1.70E+2 1.70E+3 1.70E+1 8.50E+1 3.40E+2
- 1 . 2  % - 0 .6 % ~+U% T U %
+ 0  % + 0  % + 0 % + 0 %
+1.24% + 0  % + 0 % + 0 %
+ 2 0 .0 % - 2 .0 % + 0 % + 0 %
- 0 .2 2 % - 0 .2 % + 0 % + 0 .2 2 %
+0.36% + 0  % + 0 % + 0 %
-0.97% + 0  % + 0 % + 0 %
+ 0 .2 2 % - 0 .1% + 0 % + 0 %

3rd layer 2.20E+2 2.20E+3 2.20E+1 1.10E+2 4.40E+2
'-5 .9  % +0.6% + 0 .6 % - 1 .8 %
- 6 . 8  % 1 . 0  % + 0 % -1.9%
- 2 . 8  % +0.5% +0.4% -0.7%
+5.0 % + 0  % + 0 % + 0  %
+0.65% + 0  % + 0 % + 0 .2 %
+ 0  % + 0  % + 0 % + 0  %
-3.9 % + 0  % + 0 % - 1 .0 %
- 0 .1  % + 0  % + 0 % - 0 .1%

4th layer 3.50E+2 3.50E+3 3.50E+1 1.75E+2 7.00E+2
"-14.8% +15.% - + 7 0 %— -7.7%
-15.5% + 1 2 .% +4.8% - 6 .8 %
+ 0  % + 1 .6 % +0.7% -0.5%
+15. % + 0  % + 0  % +5.0%
+1.7 % + 0  % + 0  % +0.4%
+3.2 % +0.4% + 0  % + 0  %
-9.7 % +4.8% +1.9% -4.0%
+0.23% + 6 .0 % +4.6% +2.3%

5th layer 4.0E+2 4.0E+3 4.0E+1 2.0E+2 8.0E+2
"+17.7% - 1 1 .% +7.1%
-3.9 % -30.% -4.9% + 0 . %
+0.5 % - 2 .6 % + 0 . % -0.5%
+15.0% - 1 0 .% -3.5% + 1 0 .%
+4.8 % -3.3% -0.9% +1.7%
+4.30% +0.4% -0.4% +  1.1%
-15.5% +5.8% +3.9% - 6 .8 %
-7.0 % +7.2% +4.2% -0.9%
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Table 5.3
Adjustment of the soil moisture content - Hydrological response
S.M.C Calibration value
1st layer 43. 0 % 63.0% 83.0% 37.0%
RMSD 248.94 254.04 266.49 252.7
mean flow (m3 /day) 259.52 +0.15% +0.35% -0.03%
2 nd layer 34.0% 54.0% 74.0% 32.0%
RMSD 248.94 264.25 248.58 249.03
mean flow (m3 /day) 259.52 +0.77% +1.60% -0.07%
3rd layer 32.0% 52.0% 72.0% 30.0%
RMSD 248.94 264.74 273.9 247.1
mean flow (m3 /day) 259.52 +0.90% +1.81% -0.08%
4th layer 28.0% 48.0% 6 8 .0 % 27.0%
RMSD 248.94 272.9 274.69 246.68
mean flow (m3 /day) 259.52 +2.70% +5.4% -0.14%
5th layer 25.0% 45.0% 65.0% 2 2 .0 %
RMSD 248.94 265.73 271.7 245.56
mean flow (m3 /day) 259.52 +4.20% +8.3% -0.60%
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Table 5.4
Soil moisture content - Chemical response
S.M.C (%) 
4th layer

Calibration value 
28.0% 48.0% 6 8 .0 % 27.0%
Ca=1.69mgr/1 -5.3% -8.9% + 1 .8 %
Mg=1.03 0 % - 1 .0 % 0 %
Na=5.66 +0.5% + 1 .1 % + 0 .2 %

II o to o -5.0% -5.0% +5.0%
PH=4.61 - 1 .1% - 2 .2 % +0.4%
SO4'=2.80 +  1 .8 % +3.2% -0.4%
NO^=1.03 - 1 .0 % 0 % + 1 .0 %
Cl=8.85 - 2 .0 % -3.2% + 1 .2 %

5 th layer 25.0% 45.0% 65.0% 2 2 .0 %
Ca=1.69mgr/1 - 1 1 .2 % -17.% + 1 .2 %
Mg=1.03 -7.8% - 1 2 .% 0 %
Na=5.66 - 1 .8 % - 2 .2 % - 0 .2 %
K=0.20 0 % +1.5% +1.5%
pH=4.61 -0.4% -0.65% + 0 .2 %
SC>4'=2.80 0 % 0 % 0 %-
N O ^ l.0 3 -3.9% -5.8% 0 %
Cl=8.85 -2.7% -1.4% +0.3%
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Table 5.5
Adjustment of the soil thickness-Hydrological response
Soil depth (cm) Calibration value
1 st layer 4. 40. 0.4 8 . 2 .
RMSD 248.94 280.27 255.45 246.1 252.95
mean flow (m3 /day) 259.52 -0.15% +0.94% -0.07% +0.17%
2 nd layer 8 . 80. 0 . 8 16. 4.
RMSD 248.94 275.11 246.44 251.4 247.63
mean flow (m3 /day) 259.52 -0.45% + 0 .2 2 % -0.06% +0.005%
3rd layer 9. 90. 0.9 18. 4.5
RMSD 248.94 276.83 251.85 247.45 331.97
mean flow (m3 /day) 259.52 -0.36% +0.06% -0.05% +0.70%
4th layer 27. 270. 2.7 54. 13.5
RMSD 248.94 246.31 388.71 244.72 256.28
mean flow (m3 /day) 259.52 +0.06% - 1 .2 1 % +0.35% +0.03%
5th layer 4 2. 420. 4.2 84. 2 1 .
RMSD 248.94 242.30 266.56 244.17 274.18
mean flow (m3 /day) 259.52 +0.35% -0.23% +0.18% - 2 1 .1 %
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Table 5.6
Adjustment of the soil thickness-Chemical response
Soil depth (cm) Calibration value
1 st layer 4. 40. 0.4 8 . 0 2 .

Ca=1.69mgr/1 +65.1% -7.1% +5.9% -2.4%
Mg=1.03 +54.4% -13.6% + 6 .8 % -4.9%
Na=5.66 +35. % - 1 1 .1 % +7.8% -5.3%
K=0.20 + 2 0 . % +5.0% +5.% +7.5%
pH=4.61 -4.3 % +3.5% - 2 .1 % + 0 . %
SO?'=2.80 +7.1 % -10.7% +3.6% -3.9%
NO3=1.03 +347.6% -19.4% +38.8% -13.%
Cl=8.85 + 1 0 .8 % - 6 .2 % +2.82% -2.4%

2 nd layer 8 . 80. 0 . 8 16. 4.0
Ca=1.69mgr/1 —8T3' % 1.18% - 1 .8 % “ 0 .6 %
Mg=1.03 -2.9 % +0.97% -0.97% TO %
Na=5.66 +3.9 % + 0 % +0.35% + 0  %
I<=0 . 2 0 +50.0% + 0 % +5.0% TO %
pH=4.61 - 2 . 2  % 0 .2 2 % - 0 .2 2 % TO %
SOj-=2.80 + 0  % +0.36% T0% + 0  %
NO3=1.03 +2.9 % +1.9% -0.97% + 0  %
Cl=8.85 + 1 0 .0 % - 1 .1 % +1.7% - 0 .6 %

3rd layer 9. 90. 0.9 18. 4.5
Ca=1.69mgr/1 -2.9 % +0.9% ~2'.'9% “ Tl.2%
Mg=1.03 -1.9 % + 0 .6 % -2.9% + 1 .0 %
Na=5.66 - 1 . 2  % +0.4% - 1 .1% +0.5%
K=0.20 + 0 . % + 0  % + 0  % TO %
pH=4.61 TO. % TO % + 0  % TO %
SO|~=2.80 + 0 . % + 0  % -0.4% + 0  %
NO3 =  1.03 -1.9 % +0.3% + 0  % + 1 .0 %
Cl=8.85 + 0 . % + 0  % +0.3% + 0 . %

4th layer 27. 270. 2.7 54. 13.5
Ca=1.69mgr/1 - 2 1 .8 % “ 53% .=579%" “ 3.0%
Mg=1.03 -17.5% +4.8% -4.8% +  1.9%
Na=5.66 +12.9% -1.9% + 1 .8 % -0.9%
K=0.20 +30. % -5. % + 1 0 .% + 0  %
pH=4.61 -0.65% + 0  % + 0  % TO. %
SO^-=2.80 +12.9% -1.4% +1.4% -0.7%
NO3=1.03 +0.97% +2.9% +1.9% + 1 .0 %
Cl=8.85 +33.8% - 6 .6 % +5.8% -3.3%

5th layer 42. 420. 4.2 84. 2 1 .
Ca=1.69mgr/1 +49.7% -T77% +14.% ~ I 5 .% -------
Mg=1.03 +27.2% -31.% -5.8% -8.7%
Na=5.66 +11.3% - 2 .6 % + 1 .6 % -0.7%
I<=0 . 2 0 +30.0% - 1 0 .% + 1 0 .% -5.0%
pH=4.61 +4.6 % -3.5% +1.7% - 1 .1%
SC>4~=2.80 + 1 2 .1 % +1.4% + 2 .1 % -0.4%
NO3 =  1.03 +17.5% + 6 .8 % - 1 .0 % T l .0%
Cl=8.85 +9.6 % +9.5% -1.5% +3.3%
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is that the water is in any case moving freely down the soil profile, making the 
contribution of the middle layers to the total catchment outflow quite insignificant. The 
mean percentage change in the ion concentrations for one order of magnitude increase in 
the depth of the second and third horizons is 4.4% and 1% respectively.

The results of the sensitivity analysis presented so far suggest that the model’s 
hydrological (and chemical) output is mainly affected by the permeabilities and the 
depths of the uppermost and the lowermost soil horizons.

(5.2.2.2) OTHER HYDROLOGICAL CHARACTERISTICS

The sensitivity of the model to changes in the surface area of the catchment was 
also assessed by doubling, halving, decreasing and increasing it by one order of 
magnitude. It was found that the change in the mean annual flow was proportional to 
the surface area change, but the mean annual streamwater chemistry was not affected.

The next parameter to be tested was the maximum interception storage of the 
canopy. It was varied from 1.4 to 3.0 cm (EPRI, 1983) while the calibration value was
2.8 cm. The percentage change in the mean annual flow was -0.03% and 0.2% for 
interception storages 1.4 and 3.0 cm respectively, while there was no observable change 
in the streamwater chemical concentrations.

The mean basin elevation was also adjusted, but no observable changes were 
traced either in the catchment hydrology or in the streamwater chemistry.

Similarly Manning’s coefficient did not affect the simulated catchment 
hydrochemistry, since overland flow in the Beddgelert area, as in most forested upland 
catchments, is a rare phenomenon.

The model also includes two calibration parameters to adjust annual 
evaporation. The first evaporation parameter (ECOEFF) is a calibration parameter to 
adjust the annual evaporation up(> l) or down (<1). The second (SCOEFF) is used to 
adjust the general shape of the monthly distribution of evaporation. Thus a value of 
SCOEFF greater than 1 will adjust the shape of the curve for higher evaporation in the 
summer than in the winter.

The evaporation parameters were doubled, halved, decreased and increased by 
one order of magnitude. The results shown in Tables 5.7 and 5.8 suggest that when 
either of the evaporation coefficients increases, the mean annual flow decreases and vice 
versa, and that the model is far more sensitive to the second than the first evaporation 
coefficient. At a daily timescale, as shown in Figure 5.5, A 100% increase in the second
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Table 5.7
Hydrological response to changes in the evaporation parameters
Adjustment of the first evaporation parameter
Evaporation
parameter(first)
RMSD
mean flow(m3 /day)

Calibration
0.1
248.94
259.52

value
0.05
249.59
+0.17%

0 . 2

247.82
-0.33%

1.0
242.89
- 2 .6 %

0 . 0 1

250.1
+0.31%

Adjustment of the second evaporation parameter
Evaporation Calibration value
parameter(second) 2 .1 1.05 4.2 0 . 2 1

RMSD 248.94 244.28 287.45 246.7
mean flow(m3 /day] 259.52 +13.1% -24.7% 23.9%

Table 5.8
Adjustment of the second evaporation parameter - Chemical response
Evaporation
parameter(second)

Calibration value 
2 .1 1.05 4.2 0 . 2 1

Ca=1.69mgr/1 -17.1% +49.1% -26.6%
Mg=1.03 - 1 2 .6 % +33.0% -19.4%
Na=5.66 -6.7% + 15.5% -11.5%
K=0.20 -5.0% +22.5% -15.0%
pH=4.61 - 0 .2 % + 0 .2 % -0.43%
SO^-=2.80 -3.9% +8.9% -6.4%
NO;=1.03 -11.65% +34.0% -18.45%
Cl=8.85 -12.32% +34.8% -19.9%
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evaporation coefficient (SCOEFF) resulted in the decrease of certain hydrograph peaks 
(i.e days 60, 80, 160, 180, 2 1 0 ) and the recession limbs are far lower, especially for the 
summer period (i.e days 120 to 165). As shown in Table 5.8 the chemical changes are 
greater for the second evaporation coefficient, and since they are associated with 
hydrological changes they are closely similar for both the cations and the anions.

(5.2.2.3) VEGETATION CHARACTERISTICS

The distribution of roots among the soil horizons has also been examined. It was 
assumed that the percentage of roots in each soil layer in turn is 1 0 0 %, and therefore 
there were no roots in the other soil layers. The hydrological response of the model 
resulting from this adjustment is presented in Table 5.9. As shown in this table the 
highest hydrological changes occurred when all roots were accumulated in the first soil 
layer. However, the chemical changes were highest when all roots were accumulated in 
the bottom layer. In that case the mean annual concentrations increased by 31%, 20%, 
10% and 90% for Ca, Mg, K and NO3 respectively. The hydrological changes are due to 
the fact that the evapotranspiration has been assumed to be apportioned to each layer 
according to the root distribution. The chemical changes are the result of both the 
hydrological changes and also of the assumption that the nutrient uptake is apportioned 
to each layer according to its root distribution.

The next parameter to be adjusted was the percentage of forested and moorland 
area, an adjustment which is of considerable importance to this thesis. The observed 
values for the above parameters in catchment D3 were 80% and 20% respectively. Five 
combinations of forested and open area were tested i.e (0%-100%), (20%-80%),(40%- 
60%),(60%-40%),(100%-0%). The hydrological and the chemical results are shown in 
Tables 5.10 and 5.11 respectively. As shown in Table 5.10, the mean annual flow 
increased gradually as the percentage of the forested area decreases and the 
evapotranspiration declined. However, at the daily timescale no observable effect in the 
simulated mean daily streamflows followed the forest removal from the area as shown in 
Figure 5.6. It was also observed (Table 5.11) that the total ionic load in streamwater 
increased with the percentage of the forested area and therefore the dry deposition 
increased. Moreover as shown in the same table, the changes induced in the model 
output by altering the percentage of the forested area were symmetric. That is to say an 
increase in the forested percentage produced the same magnitude of change as a 
decrease in this percentage.

Since the effect of the percentage change in the forested area is likely to be more



3800

3600

3400

3200

3000

2800

2600

2400

2200

2000

1800

1600

1400

1200

1 000

800

600

400

200

0

IE 5 .5

HYDROLOGICAL RESPONSE TO 100% INCREASE
IN THE ANNUAL EVAPORATION COEFFICIENT

----  "perturbed" daily flows
----  calibrated daily flows
----  observed daily flows

50 100 150 200 250 300 350

DAY— (1985)



M
3/

D
A

Y

FIG U R E 5 . 6

HYDROLOGICAL RESPONSE TO THE REMOVAL 
OF THE FORESTED CANOPY

DAY—(1 985)



CHAPTER 5: SENSITIVITY ANALYSIS META-MODEL

Table 5.9
Adjustment of the root distribution among soil layers - Hydrological response
Root distribution Calibration value 1st 2 nd 3rd 4th 5th
1 st layer 35% 1 0 0 %
2 nd layer 13% 1 0 0 %
3rd layer 1 0 % 1 0 0 %
4th layer 41% 1 0 0 %
5th layer 1 % 1 0 0 %

248.94 248.29 249.0 248.99 248.48 247.4
259.52 +1.4% + 0 .8 % +0.62% -0.07% -0.3%

Table 5.10
Adjustment of the percentage forested area - Hydrological response
Percentage of Calibration value
forested area 80% 0  % 2 0 % 40% 60% 1 0 0 %

RMSD 248.94 247.4 247.8 248.2 248.7 249.
mean flow (m3 /day) 259.52 + 1 .2 % +0.85% +0.53% +0.25% - 0 .2 1 %

Table 5.11
Adjustment of the percentage forested area - Chemical response
Percentage of Calibration value
forested area 80% 0  % 2 0 % 40% 60% 1 0 0 %

Ca=1.69mgr/1 -19.5% -17.6% -12.43 -6.5% +7.6
Mg=1.03 -18.4% -15.5% -11.65% -5.8% +5.8%
Na=5.66 - 1 0 .8 % - 8 .8 % - 6 .2 0 % -3.2% +3.6%
K=0.20 -5.% -5.% -5.0% + 0 % +5.0%
pH=4.6 -1.52% -1.3% -0.87% -0.65% + 0 .2 2 %
SC>4~=2.80 - 6 .1 % -4.6% -3.2% - 1 .8 % +  1 .8 %
NC>3=1.03 -22.3% -24.3 -19.4% -10.7 +14.6%
Cl=8.85 -17.7% -14.8% -9.8% -5.0% +5.31%
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important over a longer period than one year, the long term influence of the change in 
the forested percentage was assessed. Thus the model was run for nine years from 1985 
to 1993. This was achieved by repeating the input variables (daily precipitation, and 
temperatures, monthly rainfall quality and monthly atmospheric concentrations) for 
1985 to 1987 three times, so that a synthetic nine year data record was obtained. 
Subsequently, the simulated mean annual streamwater concentrations for 1985 to 1993, 
as produced by the observed value of 80% were compared with the simulated 
concentrations produced by forested percentage 0%, 20%, 40%, 60% and 100%.

As shown in tables 5.11 and 5.12 there are significant differences in the 
“calibration” response between the one-year and the nine-yeax simulation periods. These 
differences have already been discussed in chapter 4, where a similar nine-year simulation 
experiment was undertaken. Thus the major difference is between the mean calcium 
concentrations over the nine year (Table 5.12) and the one year period (Table 5.11). 
There is a long-term upward trend for the calcium concentration attributed to the low 
calibration value for the weathering rate dependence on the hydrogen ion concentration. 
Since the selectivity coefficients are all expressed relative to calcium, the upward 
calcium trend in the soil and stream water will produce an opposite trend in the other 
cations so that the selectivity coefficients are kept constant. Thus the concentrations of 
the ammonium, magnesium, sodium, potassium and hydrogen ions will become 
progressively lower over the nine-year simulation period. Nevertheless the percentage 
changes from the mean concentrations, as shown in Table 5.12, were not much different 
than the changes over the one year.

The model considers deforestation to be associated with reduced 
evapotranspiration (lower interception storage), reduced rates of dry deposition which 
are proportional to the leaf area index, and reduced rates of net nutrient uptake from 
the soil which are proportional to the tree chemical composition and the accumulation 
of forest biomass. Other changes such as the changing of hydrological flowpaths and the 
return of nutrients to the soil following deforestation are not considered by the model.

Subsequently, the surface slope was changed from the initial observed value of 
20% to 40% and 10%. The mean annual flow was changed by 0.52% and —0.25% for the 
40% and 10% slopes respectively. The most pronounced chemical change was the 8 % 
increase and the 9% decrease in the concentration of NOJ, for 40% and 10% surface 
slope, respectively.

The model assumes that the lateral flow is proportional to the mean catchment 
width as described in section 4.2.7. The mean catchment width was adjusted from the
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initial observed value of 200m to a maximum of 2000m and a minimum of 20m. The 
maximum hydrological change was a 1.23% increase and 0.85% decrease in the mean 
annual flow for catchment width 2000m and 20m respectively. At the daily timescale, as 
demonstrated in Figure 5.7, one order of magnitude increase in the catchment width, 
resulted in a decrease in the size of all major hydrograph peaks and also in a very rapid 
decay of the recession limbs. The chemical results showed an increase in the cation 
concentrations and a decrease in the N 03 concentration with an increase in the 
catchment width, implying that conditions are such that lateral flow occurs only in 
deeper soil layers. The maximum change was a 14.6% decrease in N 0 3 for one order of 
magnitude increase in the catchment width.

Finally, the leaf area index (LAI) was adjusted. All monthly values of LAI were 
halved and doubled and the observed changes were summarised in Table 5.13. 
Adjustment of the LAI affected the streamwater concentrations through the dry 
deposition and the foliar exudation process, which were both assumed to be proportional 
to the LAI.

The hydrological sub-model, as well as requiring data for the hydrological 
response of the soil horizons, also contains a calibration factor, the precipitation 
amplification factor which adjusts the precipitation measurements from a common 
rainfall station in order to represent special catchments more accurately (e.g orographic 
effects). The calibration value of the precipitation amplification factor was 1.2, while 
the limits specified by the model constructors were from 0.8 to 1.3. The effect of this 
factor on the streamwater hydrochemistry is straightforward since it will determine 
both the outflow of the catchment and the amount by which the concentrations of the 
simulated chemical species are concentrated or diluted.

(5.2.3) CHEMICAL VARIABLES

(5.2.3.1) CANOPY MODULE CHARACTERISTICS

In contrast to the hydrological variables, field data for the majority of the 
chemical variables either commonly do not exist or there is considerable spatial 
variation of the observed values.

The first variable upon which the screening analysis was performed was the
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Table 5.12
Adjustment of the percentage forested area over nine years - Chemical response
Percentage of 
forested area

Calibration value 
80% 0 % 2 0 % 40% 60% 1 0 0 %
Ca=3.73mgr/1 -14.2% -12.7% -9.1% -4.6% +5.6
Mg=0.76 -18.5% -14.8% - 1 1 .1 % -5.5% -5.5%
Na=4.11 -12.3% - 1 0 .% -6.7% -3.5% +3.8%
K=0.12 -5.4% -5.4% -4.1% - 2 .1 % + 2 .1 %
pH=5.02 +3.0% + 2 .1 % +1.5% +0.64% - 0 .8 6 %
SO;j'=2.96 -13.1% -9.9% -7.2% -3.6% +3.6%
n o ; = o.93 -10.3% -18.6 -16.3% - 1 1 .6 % +16.3%
Cl=7.94 -22.7% -19.% - 1 2 .6 % -6.3% +6.5%

Table 5.13
Chemical response to the adjustment of the leaf area index
Leaf area index 
monthly values

Calibration value
0.5XLAI 2XLAI

Ca=1.69mgr/1 -15.4% +18.3%
Mg=1.03 -13.6% +16.5%
Na=5.66 -7.2% +9.5%

o<NOIIw

-5.0% + 1 0 .%
pH=4.61 + 0 .6 6 % -0.87%

CO O to 1 II to oo o -5.0% + 6 .8 %
NO;=1.03 -18.4% +32.0%
Cl=8.85 -11.5% +15.2%
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ambient air quality. The ambient air quality is one of the key variables determining the 
dry deposition as well as the vegetation uptake, which are both considered to be very 
important processes in determining streamwater quality in upland catchments. Since 
there is no information on the atmospheric ion concentrations at Beddgelert, the 
ambient air concentrations have been treated for model validation purposes as 
calibration parameters, so that the simulated throughfall concentrations match the 
observed data.

Monthly atmospheric concentrations of twelve ions (S0X, N 0X, H+ , NH*, Ca2+, 
Mg2+, K+ , Na+ , SO4 -, NO3 , Cl- and PO4 - ) are required by the model. The sensitivity 
of the model to the ambient air quality was assessed by increasing and decreasing the 
concentration of each ion for each month by one order of magnitude. However, the 
mean annual solute concentrations were found to be totally insensitive to such an 
adjustment. The whole set of the twelve monthly values was therefore adjusted, by 
doubling, halving, increasing and decreasing them by one order of magnitude. The 
results of the analysis suggested that doubling and halving the atmospheric 
concentrations did not produce any major changes in the streamwater quality. 
However, considerable changes occurred as a result of a tenfold increase in the 
atmospheric concentrations as shown in Table 5.14. No changes resulted from the 
adjustment of the atmospheric concentrations of H+ , PO2- and K+ and thus they 
have not been included in the above table. The model was more sensitive to the 
atmospheric concentrations of the sulphur and nitrogen oxides, as well as to the ionised 
form of sulphate and nitrate, than to the atmospheric cation concentrations. Thus the 
cation production within the soil, through the mineral weathering and cation exchange 
process, seems to be the most significant source of cations in the outflow chemistry. 
Significant changes in outflow chemistry following the adjustment of atmospheric Cl- 
concentrations pointed to the importance of Cl- as a mobile anion.

The next parameter to be examined was the forest productivity. The results 
showed that except for NO3 , the concentration of which was increased by 5.8% and 
decreased by 7.8% for doubling and halving the annual forest productivity respectively, 
the simulated mean annual concentrations were generally insensitive to the adjustment 
of the forest productivity. Furthermore, the annual open area productivity did not 
produce any detectable changes in any of the ions in streamwater.

The monthly coniferous and open area litterfall rates were also analysed by 
doubling, halving, increasing and decreasing them by one order of magnitude. Increasing 
the litterfall rates increases the nutrient requirements from soil solution and since ions
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are taken up in much higher rates than they are released over the one year period, the 
ion concentrations in stream water will be reduced as shown in Table 5.15. As the most 
abundant constituent of the tree’s biomass, NO3 was the most affected ion. However, as 
shown in the same table, adjustment of the open area litterfall rates produced 
insignificant changes in the streamwater quality.

The calibration values for particle deposition velocity and gas deposition and 
uptake velocities were 0.4 , 0.3 and 0.3 cm/sec respectively. These values were increased 
and decreased up to the limits suggested by the model constructors, i.e 0 . 2  to 0 . 8  

cm/sec for the particle deposition velocity and 0. to 0.5 cm/sec for the gets deposition 
and uptake velocities. The results of the adjustment are presented in Table 5.16.

As shown in Table 5.16 the model is much more sensitive to the particle 
deposition velocity than it is to the gas deposition or uptake velocities. Obviously an 
increase in either of the velocities increased the ion concentrations and decreased the 
pH in streamwater. In contrast a decrease in the deposition or uptake velocities 
exhibited the reverse pattern. An exception is potassium, which is not affected by the 
adjustment of the uptake velocity or by the decrease in the gas and particle deposition 
velocities, indicating the importance of the biological rather than the physical processes 
in determining the potassium outflow concentration.

The coniferous canopy collection efficiencies for dry and wet surfaces were also 
examined, by doubling and halving the initial calibration value. As shown in Table 5.17 
the outflow concentrations are affected more by :the collection efficiency for a wet than 
for a dry canopy, and this may be attributed to the higher number of wet days in the 
year.

Foliar exudation coefficients in essence reflect the turnover rates of chemical 
constituents in the leaves. These were also doubled and halved and decreased and 
increased by one order of magnitude. Doubling the foliar exudation rates produced a 
maximum change of +4.8% for NO3 . When the foliar exudation was increased by one 
order of magnitude the N 0 3 concentration in the streamwater was increased by 58.2% 
while the change in the concentrations of the other ions remained at lower levels (less 
than 5%).

The sensitivity of the streamwater chemistry to changes in the chemical 
composition of the canopy vegetation was also assessed. This was achieved by adjusting 
the leaf and trunk chemical compositions for both the forested and the moorland area. 
The leaf ionic composition of the trees was adjusted first. The simulated streamwater
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Table 5.14
Chemical response to the adjustment of ambient air quality
Streamwater con. 
Calibrated val.

Atmospheric concentrations : tenfold increase 
S 0 X N 0X NH4 Ca2+ Mg2+ Na2+ SO2' NOj Cl"

Ca2+=1.69 10.6% 48.9 %+2.2%l3.3%-0.9% -5.8 % 13.4 % 43.4% 124.3%
Mg2+=1.03 19.3% 35.0 %-1.3%+0.7%-4.0%-12.8% 23.4% 34.7% 90.5%
Na+ =5.66 +1.7% 13.9 %+0.8%0.5 % -0.3% +9.3% 1.7% 12.8% 29.7%
I<+ = 0 . 2 0 -0.5% 16.6%+2.0% 0% 0% 0%-0.5 % 14.6% 34.6%
pH=4.60 -2.3 % -1.8 % +0.7%t-0.5% 0.6% +4.0%-3.1 % -2 .1  % -5.3 %
SO4_=2.80 28.2% 0% 0% 0% 0% 0% 39.1 % 0% 0%
NO'3=1.03 -2.6 % 215.5 % 20.8% 0.6% 0.8% +1.0%-3.7 % 189.3 % -4.0 %
C l'=8.85 -0.2% -0.2% +0.3% 0.2% 0%+0.2%-0.4 % -0.3 % 162.0 %

Table 5.15
Chemical response to the adjustment of the monthly litterfall rates
Streamwater cone. 
Calibrated values

Forest litterfall rate 
one order j one order!

Open area 
one orderj

litterfall rate 
one order [

Ca2+=1.69 -4.7% +9.5% - 1 .8 % + 0 .%
Mg2+=1.03 -3.9% +5.8% - 1 .0 % + 0 .%
Na+ =5.66 - 1 .6 % + 2 .8 % -0.5% + 0 %
I<+ = 0 . 2 0 -5.0% +5.0% 0 % + 0 .%
p H = 4 .6 0 + 0 .2 % + 0 .0 % + 0 .2 2 % + 0 .%

0
 

oqcdII1CNoCO - 1 .1 % + 0 .0 % + 0 .0 % + 0 .%

CO01—
III1 
ro

o£

-25.2% +47.6% -4.9% +9.7%
Cl"=8.85 + 0 .1 % - 0 .2 % - 0 .6 % + 0 .%
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Table 5.16
Chemical response to the adjustment of the particle deposition velocity cm/sec 
and gas deposition and uptake velocities cm/sec
Streamwater con. Particles dep. vel. Gases dep. vel. Gases upt. vel.
Calibration values 0 . 2 0 . 8 0 0.5 0 0.5
Ca2+=1.69 -1 0 . 0  % + 1 0 .1 % -3.6 % + 2 .0 % -1 . 2  % + 0 .8 %
Mg2+=1.03 -8.7 % +8.7% -4.0 % + 2 .0 % -2 . 0  % + 2 .0 %
Na+=5.66 -6 . 0  % + 0 .8 % -1 .0  % +0.4% -0.4 % +0.4%
I<+ = 0 . 2 0 0  % +5.0% 0 % +3.5% 0 % 0 %
pH=4.60 + 0 .6 % -0 . 2 2  % +0.44% -0 . 2 2  % + 0 .2 2 % 0 %
SOj'=2.80 -2 . 8  % +3.6% -1.4 % + 1 .0 % -1.4 % + 0 .8 %
NO'3=1.03 -11.7 % +11.7% -1 1 . 6  % + 8 .0 % -6 . 0  % +3.4%

CO00II1o

-1 0 . 6  % + 1 0 .6 % + 0 .2 % -0.14 % 0 % -0.07 %

Table 5.17
Chemical response to coniferous canopy collection efficiencies for dry 
and wet surfaces
Streamwater cone, 
calibrated values 
dry=0.7,wet=1.0

Coniferous canopy collection efficiencies

dry=0.35 dry=1.4 wet=0.5 wet=2 . 0

Ca2+=1.69 -2.4 % +4.1% -5.9% +13.0%
Mg2+=1.03 -2.9 % +2.9% -5.8% +  1 1 .6 %
Na+ =5.66 - 1 .1  % +2.3% -3.4% +7.1%
K+ =0.20 0  % +5.0% 0 % +5.0%
pH=4.60 + 0 . 2 2  % + 0 .0 % +0.4% -0.43%

CO O +>
 to

 1 II to oo o -0 .7  % + 0 .0 % - 2 .1% +4.3%
NO'3=1.03 -3.9 % + 6 .8 % -9.7% +20.4%
Cl~=8.85 -1.9 % +3.9% -5.6% +11.3%
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chemistry is not affected by the chemical composition of the tree leaves, with the 
exception of N 0 3 which is increased by 23.3% and 16.5% for one order of magnitude 
increase in the leaf concentration of NHJ" and PO4 respectively. The trunk ionic 
composition of the trees did not produce any observable effect on the streamwater 
chemistry. Also, the open area leaf chemical composition did not affect the streamwater 
chemistry. In fact, the only detectable change produced by the trunk chemical 
composition of the moorland is the 1 0 % decrease in the N0 3 concentration for one order 
of magnitude decrease in the trunk N H j concentration.

The soil chemistry module is the most complex part of the ILWAS model. It 
contains a very large number of chemical variables which are not routinely measured in 
catchment studies and also vary considerably both spatially and temporarily. Because of 
their importance to the calibration of the model, each one of the soil chemistry 
parameters was adjusted and the impact on the streamwater quality was assessed.

Several factors describing the litter breakdown process have been adjusted. The 
model was found to be totally insensitive to the fraction of leachable ions in litterfa.lL 
the fraction of SO4 - and NHJ that forms organic acid during humus decay, the amount 
of N and S m organic acid and also the litter, the fine litter and the organic acid 
breakdown rates. Moreover, the weight fraction of litter and fine litter in top soil layer 
resulted in a general change of less that 1 % in the outflow concentrations of the main 
chemical species. The fraction of SO^~ and NHJ that goes to soil solution when fine 
litter decomposes to humus was the only litter breakdown parameter which produced a 
slight change in the nitrate concentration although sulphate was not affected. Thus 
when this fraction was halved the nitrate concentration was increased by 5.8%, while 
when it was doubled a decrease of 11.7% was observed.

The nitrification rate has also been tested and its effect on the simulated 
outflow chemistry was assessed. Thus halving the nitrification rate reduced the N 0 3 

concentration by 12.6% while when doubled, the N 0 3 concentration was increased by 
20.4%. For the remaining ions, the maximum change was a 5% increase in the calcium, 
magnesium and potassium concentrations for 1 0 0 % increase in the nitrification rate.

(5.2.3.2; SOIL CHEMISTRY CHARACTERISTICS

The mineral soil horizon was assumed to consist of three minerals i.e chlorite, 
illite and one mineral, termed “capo” , which has been used to account for the excess of
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calcium observed in the Beddgelert area. The percentage of each of the minerals in the 
inorganic horizon has been found from the calibration procedure to be 1.8%, 3% and 
14% for chlorite, illite and “capo” respectively.

The mineral weathering process is represented by a rate expression of the form 
dM/dt=K-M-[H+ ]£V, where dM/dt is the weathering rate of mineral M in gr/sec, K is 
the specific weathering rate coefficient and a is the weathering rate dependence on the 
soil solution hydrogen ion concentration. A zero value of a would mean that the 
weathering rate is independent of the soil solution pH.

The calibrated values of the parameter a were found to be 0.55, 0.5 and 0.26 for 
the first, second and third mineral respectively. As the range of values the model coding 
will accept for a is from 0.1 to 0.7, the sensitivity analysis involved a halving and 
doubling, up to the limit of 0.7, of the initial calibration values. Apparently, the change 
in the parameter a for the first and second mineral had no effect in the simulated 
outflow chemistry since the mineral weathering process for these minerals was found to 
be negligible. However, adjustment of the parameter a for the third mineral affected the 
outflow chemistry quite remarkably as is shown in Table 5.18.

Mineral weathering is however a very slow process and its influence on the 
streamwater quality is expected to be more striking over a longer period than one year. 
For this, a simulation experiment similar to that for the percentage of the forested area 
was undertaken. Hence the simulated mean annual concentrations for nine years 
produced by the calibration values were compared with the simulated concentrations 
produced by the weathering parameter set at 0.13 and 0.52. The results are shown in 
brackets in Table 5.18. Differences between these mean concentrations and the mean 
concentrations produced over an one year period have already been discussed in sections
4.5.5 in chapter 4 and section 5.2 of the present chapter.

Table 5.18 further suggests that adjustment of the weathering parameter a 
produced more significant changes over the nine year period than over the one year. 
Figure 5.8 shows the effect of 100% decrease and increase in the parameter a on the 
streamwater concentrations of calcium.

Subsequently the weathering by-products of each one of the three minerals have 
been examined. The results suggested that the model is insensitive to the chemical 
characteristics of chlorite and illite. However, it has been found to be extremely 
sensitive to the chemical characteristics of the “capo” as shown in Table 5.19. Calcium 
and sodium were affected directly, while magnesium and potassium were affected
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FIGURE 5.8

RESPONSE OF CALCIUM OUTFLOW TO 100% INCREASE 
IN THE WEATHERING PARAMETER (A) OVER A 9-YEAR PERIOD

RESPONSE OF CALCIUM OUTFLOW TO 100% DECREASE 
IN THE WEATHERING PARAMETER (A) OVER A 9-YEAR PERIOD
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through the cation exchange mechanism.

The last mineral weathering parameter investigated was the percentage of the 
third mineral in each of the two inorganic horizons i.e the fourth and the fifth horizon. 
The percentage of that mineral in the fourth soil layer did not affect the simulated 
streamwater chemistry while the percentage of the mineral in the fifth horizon produced 
considerable changes in the simulated outflow cation concentrations as shown in Table 
5.20. This was attributed to the fact that mineral weathering is a very slow process and 
is therefore, expected to take place mainly in that soil layer in which the water assumes 
considerable residence times.

The soil temperature is a key variable, controlling three biochemical processes 
considered by the ILWAS model, i.e., the oxidation, the nitrification and the organic 
matter decomposition. The soil temperature had, indeed, a very strong effect on the 
catchment chemical response, particularly on the N 03, which was the most sensitive 
ion. For doubling the soil temperature the concentration of N 03 increased by 26.2%, 
while for an unrealistic tenfold increase in the soil temperature it increased thirteen 
times.

The sensitivity of the simulated solute concentrations to changes in the initial 
soil solution concentrations, in each soil layer in turn, was also analysed. Due to the 
large number of chemical species involved the analysis was limited to increasing and 
decreasing the initial pH by 1 unit, while the base cations, the sulphate, nitrate and 
chloride concentrations were only doubled and halved. The results of the analysis for 
each soil layer are presented in Tables 5.21, 5.22, 5.23, 5.24, 5.25a, 5.25b and 5.25c. 
Apart from the pH, the changes observed for the first, second, third and the fourth 
layers were insignificant and therefore only the changes for the representative ions Ca 
and S 0 4 were described in Tables 5.21, 5.22, 5.23 and 5.24. However adjustment of the 
solution concentrations of the fifth soil layer produced considerable changes in the 
streamwater quality, as shown in Tables 5.25a, 5.25b and 5.25c. The sensitivity of the 
model to the solution chemistry of the fifth layer was not surprising. The bottom soil 
horizon is the primary contributor to the catchment outflow and consequently to the 
ion outflow concentrations, essentially through the mineral weathering and cation 
exchange processes.

The adsorbed concentrations of the base cations have also been treated as 
calibration parameters, since there were only limited estimates of these parameters in 
the Beddgelert area and they are likely to vary considerably within an upland 
catchment. For each soil horizon the calibration values of the base saturation (i.e the



CHA P TER 5: SENSITIVITY ANAL YSIS ME TA - MODEL

Table 5.18
Chemical response to the adjustment of the weathering rate dependence 
on H+ concentration
Streamwater chem. 
Calibration values

Calibration value 
0.13

a=0.26
0.52

Ca2+=1.69(3.73) 126.6% ( 303.5%) -63.0% ( -66.5% )
Mg2+ =  1.03(O.76) — 2.9% 2 1 .6%) -21.4% ( -.7% )
Na+ =5.6 6 (4 .11) - 2 0 .8 % ( 9.5%) +13.6% ( +38.2%)
K+ =0.20(o.i2) -25.0% ( 5.8%) + 2 0 .0 % ( +79.2%)
pH=4.60(5.o2) +3.9% ( 9.2%) -1.5% ( -9.8%)
SO4_ =  2.80(2.96) 0%( 0%) 0 % ( 0% )
NO3 =  1.03(O.93) 0%< 0%) 0% ( 0% )
cr=8.85(7.94) 0%( 0%) 0% ( 0% )

Table 5.19
Chemical response to the adjustment of the mineral weathering by-products
Calibration values:weathering by-product Ca=5000 meq/mol and Na=100 meq/mol
Streamwater chem weathering by-product (meq/mol)
Calibration values CA: 2500. 1 0 0 0 0 . NA: 50 2 0 0 .

Ca2+=1.69 -89.3% 4087.7% -13.6% +30.2%
Mg2+=1.03 -77.7% 476.7% -9.7% +19.4%
Na+ =5.66 -65.2% 146.1% -4.6% +9.4%
K + =0.20 -75.0% 205.0% -5.0% + 1 0 .0 %
pH=4.60 +13.5% - 6 .1 % +0.43% -0.43%
SC>4'=2.80 0 % 0 % 0 % 0 %
NO'3=1.03 0 % 0 % 0 % 0 %
Cl~=8.85___________ _______ 0 % 0 %___ _________ m _____ 0 %
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Table 5.20
Chemical response to adjustment of the percentage of 
mineral CAPO - 5th layer
Streamwater chem. Calibration value 14%
Calibration values 7% 28%
Ca2+=1.69 -32.5% +49.1%
Mg2+=1.03 -6.8% +  1.0%
Na+ =5.66 +6.7% -9.4%
I<+ =0.20 +10.0% -10.0%
pH=4.60 -0.86% +1.7%
SO ^=2.80 0% 0%.
NO‘ =1.03 0% 0%
Cl‘ =8.85 0% 0%
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Table 5.21
Chemical response to adjustment of the initial soil solution concentrations 
- 1st layer
Calibration values:pH=4.02, Ca=47.1, Mg=98.6, Na= 
N 03=54.4 and Cl=427.1 mgr/1

=332.6, K=27.2, S 0 4= 164.2,

Streamwater chem. 
Calibration values

pH
3.02 5.02

Ca
23.6 94.2

S 0 4
82.1 328.6

Ca2+=1.69 +25.4% 0% -3.6 % 2.9% -2.4% +1.8 %
Mg2+=1.03 +12.0% 14.6 % +1.9 % -1.9% -4.9% +3.9 %
Na+ =5.66 +7.8% +1.9% +0.2 % -0.2% -0.9% +0.9 %
I<+ =0.20 +5.0 % 0% 0 % 0 % 0 % 0 %
pH=4.60 -6.5% +3.9% +0.2 % 0 % +0.9% -0.9 %

CO O
1 II to oo o 15.9 % 0% 0 % 0 % -6.4% +6.1 %

NO'3=1.03 17.4 % +4.9% +  1.0 % 0 % +1.0% -1.9 %
cr=8 .85 0% +0.3% -0.1 % 0 % +0.1% -0.1 %

Table 5.22
Chemical response to adjustment of the initial soil solution concentrations 
- 2nd layer
Calibration values:pH=4.0, Ca=60.0, Mg 
NO3=103.8 and Cl=465.6 mgr/1

II£O
O

oorHII 341.3, K = 29.2, S 0 4=165.6,

Streamwater chem. pH Ca S O ,

Calibration values 3.00 5.00 30. 120. ' 83. 331.2
Ca2+=1.69 +5.4% + 0 . 6 % 0 % + 0 . 6 % 0 % + 0 . 6  %

Mg2+=1.03 +3.9% 0% 0% 0 % 0% +1.0 %
Na+ =5.66 + 1 . 6 % +0.4% 0% + 0 . 2 % - 0 . 2 % +0.7 %
K+=0.20 +5.0% +5.0% 0 % 0% 0% +5.0 %
pH=4.60 -.65% +0.2% 0% 0 % 0 % 0  %

o00cdII1CM 't
oC

O +3.6% 0% 0% +0.4% -1.4% +2.5 %
NOj=1.03 +2.9% +1.0% 0% 0% 0 % 0  %

o
i

ii 9° o
o

C
n + 6 . 2 % +0.1% 0% +0.3% + 0 . 6 % 0  %
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Table 5.23
Chemical response to adjustment of the initial soil solution concentrations 
- 3rd layer
Calibration values: 
NO3=124.0 and Cl=

pH=4.10, Ca=47.0, Mg=102.5 
=343.6 mgr/1

Na=302.3 K=10.0, S 0 4=164.6,

Streamwater chem. 
Calibration values

pH
3.10 5.10 23.5

Ca
94.0

S 0 4
___ 8 2 J_____ 329.2__

Ca2+=1.69 +15.4% +0.6% 0% +1.2% -4.1% +9.5%
Mg2+=1.03 +11.6% +1.9% 0% +1.0% -3.0% +6.8%
Na+=5.66 +4.8% +1.9% 0% +0.5% -1.9% +4.6%
K+=0.20 +10.0% +5.0% 0% +5.0% 0% 5.0%
pH=4.60 -0.43% +0.2% 0% 0% +0.43% -0.21%
SO4‘ =2.80% +28.2% 0% 0% +1.8% -11.4% +23.9 %

O GJ 
1 II H-1 O C

O +3.9% 0% 0% 0% 0% 0 %
Cl"=8.85 +5.1% 0% 0% +0.2% +0.6% 0 %

Table 5.24
Chemical response to adjustment of the initial soil solution concentrations 
- 4th layer
Calibration values:pH=4.26, Ca=43.4, Mg=98.9, Na= 
N 0 3=86.1 and Cl=531.8 mgr/1

453.5, K=11.0, S 0 4= 238.1,

Streamwater chem. 
Calibration values

p H

3.26 5.26
Ca

21.7 86.8
SO

119.
4

476.2
Ca2+=1.69 +11.2% +  1.2% -1.2% +3.0% +1.2% +2.9%
Mg2+=1.03 +5.0% +9.0% 0% 0% +1.0% +3.0%
Na+ =5.66 -9.4% +10.8% +0.4% 0% +0.5% +3.7%
I<+=0.20 -10.0% +15.0% 0% 0% +5.0% +5.0%
PH=4.60 -0.43% +1.70% 0% 0% 0% +0.21%
SO2'=2.80 +3.6% 0% 0 % +0.4% -2.5% +6.1%
NO^=1.03 +6.0% 0% 0% 0 % +1.0% 0 %

c r = 8 . 8 5 +11.9% 0 % 0 % +0.9% +2.9% 0%
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Table 5.25a
Chemical response to adjustment of the initial soil solution concentrations 
- 5th layer
Calibration values:pH=4.60, Ca=37.5, Mg=92.2, Na= 
NO3=114.0 and Cl=342.5 mgr/1

=371.1, K=9.2, S 0 4=200.0,

Streamwater chem. 
Calibration values 3.60 .

pH
5.60

Ca
19.0 75.

Mg
46.1 184.4

Ca2+=1.69 -78.6% -1.2% -34.9% +49.1% +11.2% -12.4%
Mg2+=1.03 -71.8% +24.2% +12.0% -14.6% -34.0% +53.4%
Na+ =5.66% -50.2% +29.9% +5.5% -5.8% +6.2% -4.1%
K+ =0.20 -60.0% +40.0% +10.% 5.% +10.0% -5.0%
pH=4.60 -4.6% +7.8% -0.22% +0.65% 0% +0.43%
SO2'=2.80 +19.6% 0% 0% +2.5% 0% +6.4%

C
O0rHII1 

CO
o£

+10.0% 0% 0% +1.0% 0% +3.0%
cr= 8 .8 5 +8.8% 0% 0% +1.0% 0% +2.8%

Table 5.25b
Chemical response to adjustment of the initial soil solution concentrations 
- 5th layer
Calibration values:pH=4.60, Ca 

NO3=114.0 and Cl=342.5 mgr/1
1=37.5, Mg=92.2, Na==371.1, K=9.2, S 0 4=200.0,

Streamwater chem. 
Calibration values

K
4.60 18.4 l—

1 00
 

p

p

742.2
s o 4

100. 400.
Ca2+=1.69 +0.6% -0.6% +90.0% -23.7% -10.7% +17.2%
Mg2+=1.03 0% -1.0% +26.2% -17.5% -7.8% + 15.5%
Na+ =5.66% +0.4% -0.2% -21.6% +49.8% -3.0% +16.2%
K+=0.20 -40.0% +80.0% +30.0% -5.0% 0% +20.0%
pH=4.60 0% 0% 0% +0.9% +0.4% +0.21%
S 0 4~=2.8 0% +0.7% 0% +23.6% -21.8% +38.6%
n o ; = i .o3 0% 0% 0% +12.0% +7.0% 0%
cr= 8 .8 5 0% +0.2% 0% +10.7% +3.3% 0%
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Table 5.25c
Chemical response to adjustment of the initial soil solution 
concentrations - 5th layer
Calibration values:pH=4.60, Ca=37.5, Mg=92.2, Na= 
S 0 4 =200.0, NO3=114.0 and Cl=342.5 mgr/1

II CO
 

1—1
 

1—1 w II CO jo

Streamwater chem. 
Calibration values

N 0 3

57.0 228.
Cl

171.2 685.
Ca2+=1.69 + 1 .8 % +  1 1 .8 % +6.5% + 1 .8 %
Mg2+=1.03 + 1 .0 % +  1 2 .0 % +4.0% +7.0%
Na+ =5.66% +0.5% +4.8% + 1 .8 % +19.4%
K+ =0.20 +5.0% +  1 0 .0 % +5.0% +25.0%
PH=4.60 0 % -0.4% 0 % + 1.1%
SO2“=2.80 +4.3% +28.2% + 15.3% 0 %
NO3=1.03 -9.7% +4.0% +7.8% 0 %
Cl"=8.85 +1.7% +5.0% - 6 .2 % +19.1%

Table 5.26
Calibrated values of the adsorbed concentrations of the base cations in 
each soil layer

Cation adsorbed concentrations (% CEC)
H+ NH j Ca2+ Mg2+ K+ " Na+ B.S

1st layer 74.0% 0 .1 % 8.7% 12.3% 0 .0 % 4.9% 26.0%
2 nd layer 88.4% 0 .0 % 3.6% 3.3% 1 .1 % 3.6% 1 1 .6 %
3rd layer 90.4% 0 .0 % 2.9% 1.7% 1 .2 % 3.8% 9.6%
4th layer 85.4% 0 .0 % 4.4% 2 .6 % 2 .0 % 5.6% 14.6%
5th layer 84.2% 0 .0 % 5.3% 2 .0 % 1 .8 % 6.7% 15.8%
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adsorbed concentrations of calcium, magnesium, potassium , sodium and ammonia) and 
the H+ adsorbed concentration are shown in Table 5.26.

The cation adsorbed concentrations had to be altered on an individual basis. The 
reason for this is that if they were adjusted simultaneously by the same amount, no 
change in the selectivity coefficients, which are all expressed relative to calcium, and 
therefore to the soil solution, would occur. Adjustment of the cation adsorbed 
concentrations is, complicated however, by the fact that a change in the adsorbed 
concentration of one ion must be accompanied by an opposite change in the 
concentration of another ion so that the total remains equal to 100%. Obviously a very 
large number of combinations can be constructed for each soil layer. In this study 
twenty nine different combinations of cation adsorbed concentrations have been used for 
each soil layer. The combinations concerning the first layer are presented in Table 5.27.

Similar combinations have been used for the second, third, fourth and fifth soil 
layers. Consequently, in place of the set of numbers (10., 0.1, 4.4, 6 .2 , 1.0, 2.4) for the 
first layer, the sets (10, 0.1, 1.8, 1.7, 0.6, 1.8), (10, 0, 1.5, 0.8, 0.6, 1.9 ), (10, 0, 2.2, 1.3, 
1.0, 2.8) and (10, 2.7, 1.0, 0.9, 3.3) have been used for the second, third, fourth and fifth 
layers respectively.

The results, as shown in Table 5.28, suggested that adjustment of the adsorbed 
concentrations in the first layer produced minor changes in most of the streamwater 
ionic concentrations (less than 2.5%). However modification of the adsorbed 
concentrations of ammonium and potassium was rapidly reflected in the outflow 
concentrations of nitrate and potassium respectively. Thus a 10% increase in the 
adsorbed concentration of NH]J" produces a 12.6% increase in the outflow concentration 
of NO3 , while only a 1% increase in the adsorbed concentration of K+ , produced 50% 
increase in its concentration in streamwater. The maximum percentage change 
produced by modification of the adsorbed concentrations in the third layer is the 9.7% 
increase in the nitrate concentration from a 1.9% increase in the adsorbed ammonium 
concentration. Similarly in the fourth horizon, the maximum change is the 30% increase 
in the nitrate concentration from a 1 0 % increase in the adsorbed concentration of 
ammonium.

The results of the adjustment of the adsorbed concentrations in the fifth horizon 
are presented in Table 5.29. As shown in table 5.29 adjustment of the adsorbed 
concentration of calcium produced major changes in the streamwater quality. This is 
not surprising since all cation selectivity coefficients had been expressed relative to 
calcium and hence a change in the calcium concentration should alter all the selectivity
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coefficients and consequently the soil solution concentrations of the individual chemical 
species.

For the analysis of the soil cation exchange capacity (C.E.C), the calibration 
values of both the upper (organic) and the lower (mineral) horizons were varied by 
100%. The results indicated that the simulated mean annual concentrations are 
generally insensitive to a 1 0 0 % increase or decrease in C.E.C of the first, second, third 
and fourth soil horizons. However, adjustment of the C.E.C of the fifth horizon 
produced significant changes to the simulated annual concentrations as shown in Table 
5.30.

Together with the adsorbed cation concentrations and the C.E.C, the adsorbed 
sulphate concentrations are likely to vary considerably within an upland area such as 
the Beddgelert area. Consequently the adsorbed sulphate concentration in each soil 
layer was doubled and halved, and increased and decreased by one order of magnitude. 
In cases where the calibration value was 0, this concentration was increased to 0.1 and
1.0 meq/lOOgr of soil. The model was found to be generally insensitive to the adsorbed 
sulphate concentrations. In the first soil layer the maximum change was a 3.6% decrease 
in the sulphate streamwater concentration for one order of magnitude increase in the 
amount adsorbed in the soil. The changes resulted from adjustment of the adsorbed 
sulphate concentrations in the second, third and fifth horizons were even less significant.

Finally, the density of the soil and the soil tortuosity did not produce any 
observable changes in the streamwater quality.

(5.2.4) DISCUSSION

The sensitivity analysis of the ILWAS model is subject to the inadequacies of the 
initial, subjective decisions. The major inadequacy is related to the cumulative effect on 
the output of those parameters that were held fixed. Thus adjustment of a variable Xj 
will give an estimate of the slope of the function h(.) (equation 5.1) along the Xj axis 
near the point (/il5 jz2* ••••/*k)- This sensitivity estimate may change significantly at some 
other point in the parameter space, depending on the nonlinearity of h(.). Other 
inadequacies are associated with the limited range of parameter values tested, which 
were in most cases set at 1 0 0 % and one order of magnitude of its nominal value as 
described above.
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Table 5.27
Combinations considered for the adjustment of the adsorbed cation concentrations

Number of 
combination

Change
H+

3 in the calibrated 
NH+ Ca2+

adsorbed concentrations-1st layer 
Mg2+ K+ Na+ BS

1 -10% +10% - - - - +10%
2 -10% - +10% - - - +10%
3 -10% - - 10% - - +10%
4 -10% - - - +10% - +10%
5 -10% - - - - +10% +10%
6 - +0.1% -0.1% - - - -
7 - +0.1% - -0.1% - - -
8 - +0.1% - - - -0.1% -
9 1 o

 
i—1 +0.1% - - - - +0.1%

10 - - -4.4% +4.4% - - -
11 - - -4.4% - +4.4% - -
12 - - -4.4% - - +4.4% -
13 +4.4% - -4.4% - - - -4.4%
14 - +4.4% -4.4% - - - -
15 - - - -6.2% +6.2% - -
16 - - * -6.2% - +6.2% -
17 +6.2% - - -6.2% - - -6.2%
18 - +6.2% - -6.2% - - -
19 - - +6.2% -6.2% - - -
20 - - - - +1.0% -1.0% -
21 -1.0% - - - +1.0% - +1.0%
22 - -1.0% - - +1.0% - -
23 - - -1.0% - +1.0% - -
24 - - - -1.0% +1.0% - -
25 +2.4% - - - - -2.4% -2.4%
26 - +2.4% - - - -2.4% -
27 - - +2.4% - - -2.4% -
28 - - - +2.4% - -2.4% -
29 - - - - +2.4% -2.4% -
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Table 5.28
Chemical response to the adjustment of the cation adsorbed concentrations 
-1st layer
Calibrated
values

Number of combination
1 4 11 14 15 18 21 22 26 29

Ca2+=1.69 -1.8% -0.6% -1.2% -2.4%-0.6%-1.8% -0.6% -0.6% -1.6% 0%
Mg2+=1.03 -1.0% -2.0% -2.0% -2.0%-2.0%-2.0% -1.0% -1.0% -1.9% 0%
Na+ =5.66 -0.7% -0.2% -0.2% -0.5%-0.2%-0.7% -0.2% -0.2% 0% -1.2%
K+ =0.20 0% +70.0%|-70.0% 0%)-70.0% 0% 50.0% 50.0% 0% 65.0%
pH=4.60 0% 0% 0% 0% 0% 0% 0% 0% 0% 0%

0°q01iiiCNoCO 0% 0% 0% 0% 0% 0% 0% 0% 0% 0%

CO0
 

1—1II1 CO
o

+12.6% 0% 0% -11.7% 0%11.7% 0% 0%10.7% 0%
Cl~=8.85 0% 0% 0% 0% 0% 0% 0% 0% ,.Q%- 0%

Table 5.29
Chemical response to the adjustment of the cation adsorbed concentrations 
- 5th layer
Calibrated
values

Number of combination
_____ 2______ 6_____ 7___ 8 9 10 15:‘ 23 27____

Ca2+=1.69 -41.4% +45.0% +46.1% +46.1% +45.6% +45.6% -8.3% -8.3%-24.8%
Mg2+=1.03 -8.7% +2.0% 0% l.% 0% 0% -4.0% -1.0% -5.0%
Na+ =5.66 +11.3% -10.8% -10.6% -11.1% -10.6% -10.6% +2.5% +1.9% +6.9%
K + =:0.20 +15.0% -11.0% -10.0% -10.0% -10.0% -10.0% +5.0% +5.0%t-10.0%
PH= 4.60 -1.9% -fl.1% +1.1% +1.1% +1.1% +1.1% 0% 0% -0.2%
SOj- =2.80 0% 0% 0% 0% 0% 0% 0% 0% 0% '

o w 
I

=1.03 0% 0% 0% 0% 0% 0% 0% 0% 0%
cr==8.85 0% 0% 0% 0% 0% 0% 0% 0% 0%
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Table 5.30
Chemical response to the adjustment of the cation exchange capacity 
-5th layer
Streamwater chem. 
Calibration values

Calibration value 
3.8

C.E.C=1.9 meq/lOOg 
0.95

Ca2+=1.69 +49.1% -32.5%
Mg2+=1.03 -2.0% -5.8%
Na+=5.66 -8.7% +6.7%
K+ =0.20 -10.0% +10.0%
pH=4.60 +1.5% -0.65%
SO4_=2.80 0% 0%
NOJ=1.03 0% 0%
cr=8.85 0% 0%



CHAPTER 5: SENSITIVITY ANALYSIS META-MODEL -181-

(5 .2 .4 .1 ) HYDROLOGICAL PARAMETERS

The parameters within the hydrological sub-model to which the ILWAS model 
was found to be most sensitive were the depths and the permeabilities of the uppermost 
and the lowermost soil horizons. The sensitivity of the simulated streamwater chemistry 
to these changes was related to the changes in the simulated flow pathways along 
which water moves through the watershed, because it was hypothesised that water that 
moves over or through the acidic upper soil horizons would be more acidic than water 
moving through the lower soil horizons, where chemical reactions resulting in acid 
neutralisation and alkalinity production can occur. Thus this sensitivity analysis 
indicates clearly the importance of the hydrological flowpaths in determining the surface 
water chemistry.

For precipitation to flow through the till to the stream, the water must escape 
evapotranspiration and retention in the upper soil horizons, and thereby reach the zone 
of saturation. At that point the water begins to move laterally at a rate which is 
calculated from Darcy’s Law and is a function of the saturated hydraulic conductivity, 
the soil depth and the hydraulic gradient. Thus when the lateral flow capacity of the till 
is exceeded by the rate at which water is applied to the soil, i.e., when the saturated 
hydraulic conductivity of the till and/or the depth of the till are sufficiently low, the till 
can not accommodate the incident precipitation and part of the water moves through 
the upper soil horizons. The observed decreases in the pH and the cation concentrations 
with decreases in the saturated hydraulic conductivity or the soil depth of the mineral 
horizon are consistent with this.

In this particular study the simulated runoff chemistry is generally insensitive to 
changes in the hydrological characteristics of the intermediate soil layers. Thus the 
vertical segmentation of the soil might as well be limited to only two soil horizons, for 
which reliable estimates of their depths and permeabilities are necessary.

The analysis therefore indicated that for a successful simulation of the flow 
pathways through the catchment, and hence for successful simulation of the catchment 
streamwater chemistry, the depths and the saturated hydraulic conductivities of the 
uppermost and the lowermost mineral soil horizons must be known reasonably well 
across the entire study catchment. As far as the depths are concerned this requirement 
may be easily fulfilled in lowland catchments where the depth of the soil profile is 
reasonably consistent throughout the catchment. However in upland areas such as 
Beddgelert, the soil depth of the individual horizons can vary considerably over short
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distances. Similarly, truly representative values for the permeability of the soil horizons 
are very difficult if not impossible to obtain at a catchment scale in any area. Thus for a 
successful application of the ILWAS model both these parameters have to be treated as 
calibration parameters to be optimised either by a comparison of the mean daily flows 
or by minimising the root mean square difference between the simulated and observed 
mean daily flows.

The hydrological response of the soil is also dominated by two parameters, the 
soil saturation moisture content (S.M.C) and the field capacity of each soil horizon. Of 
these two parameters only the response of the model to the saturation moisture content 
has been examined, since it is the difference in the value between the S.M.C and the 
field capacity that is important, rather than the absolute values of the two parameters 
(Chen et al, 1983). This is due to the assumption that the flow through any soil layer is 
zero at and below field capacity and increases linearly with soil moisture content to the
S.M.C.

The analysis indicated that the model’s hydrological and chemical outputs are 
relatively insensitive to perturbations of 20% in the value of the difference between the 
field capacity and the S.M.C. Therefore, the hydrological part of the ILWAS model may 
well be simplified by including only one parameter, representing the difference between 
the S.M.C and the field capacity, taking values which can either be derived from 
published data or from a few site measurements.

Apart from the soil permeabilities and depths, the ILWAS model was found to 
be very sensitive to the two evaporation coefficients. The values of these two parameters 
can easily be optimised either by minimising the root mean square difference (RMSD) 
between the simulated and the observed throughfall volumes, or the RMSD between the 
simulated and the observed mean daily streamwater flows, if data on the throughfall 
volumes are either unavailable, unreliable or incomplete. Consequently, the initial 
values for the two parameters may be set equal to one and then they may be treated as 
calibration parameters to be optimised. Other hydrological variables exerting a 
noticeable influence on either the simulated hydrology or chemistry are the percentage 
of the forested area and the leaf area index of the forest. However, the requirement for a 
reasonable knowledge of the percentage of the forested area may easily be fulfilled on 
the basis of a few site measurements, while information on the leaf area index may be 
obtained either on the basis of site measurements or from published material for similar 
canopy types.

The mean catchment width and slope were both shown to produce minor
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changes in the simulated streamwater quality. Their actual values can be accurately 
determined by easily available topographic data, thus eliminating the error in the 
simulated outflow concentration of nitrate, which was found to be the most sensitive 
ion.

In general, both the simulated hydrology and chemistry outputs were found to be 
insensitive to changes in the root distribution among the soil horizons. However, some 
changes occurred, particularly for nitrate, when all roots were considered to be 
accumulated in the bottom soil layer, but, it is most unlikely that the mineral horizon 
contains such a significant amount of tree roots, since the majority of roots are usually 
found within the upper 25 cm of the soil profile (Bloom and Grigal, 1985). This 
distribution was not therefore perceived to exert any significant effect on the 
streamwater chemistry. In addition, the model outputs are even less sensitive to 
changes in the mean basin elevation, and Manning’s coefficient for overland flow.

In conclusion the sensitivity analysis indicated that the accuracy of the simulated 
hydrological response is primarily determined by the soil hydraulic properties i.e the 
hydraulic conductivities and depths, and the vegetation cover type. Consequently, for a 
satisfactory calibration of the hydrological module both the hydraulic conductivities and 
the soil depths must be treated as calibration parameters to be optimised together with 
the two evaporation coefficients while site- specific data must be obtained for the 
vegetation characteristics. Other variables which contribute to the success of the 
hydrological response are the mean catchment slope and width.

However, it is considered very unlikely that the structure of the ILWAS model 
permits accurate predictions of the catchment outflows at a daily time-scale. The large 
number of simplistic empirical relationships built into this part' of the model, in 
combination with the exclusion of some significant features of the catchment hydrology, 
such as the macropore flow, will always lead to discrepancies between the observed and 
the simulated mean daily flows, especially during the summer period. Nevertheless the 
model may be proved successful in giving accurate predictions of the catchment 
outflows at a monthly time-scale, which is the minimum appropriate time-scale for the 
chemical component of the model because monthly values are assigned to all the 
chemical input variables.

(5.2.4.2) CHEMICAL PARAMETERS

There is very poor information on the ambient air quality in most upland
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catchments. The dry-bucket collectors which are usually used to measure dry 
deposition are insufficient to provide exact information on the pollutants transported in 
the ambient air, since the collection efficiencies of the surfaces employed are not 
accurately known and since there are many local sources contributing to the dryfall 
measurements. Thus ambient air quality measurements are usually limited to total 
suspended particulates (TSP) and particulate sulphate and nitrate.

However, the simulated streamwater concentrations are generally insensitive to 
changes in the atmospheric cation concentrations especially in cases in which there is a 
considerable cation production from sources within the soil. The most pronounced 
effects resulted from a tenfold increase in the air concentrations of the strong acid 
anions, sulphate, nitrate and chloride. Thus successful calibration of the model would 
require adequate information on the air concentrations of sulphate and nitrate, in 
particular, while for the rest of the ions literature values for similar areas would be 
sufficient. Furthermore, since the model is insensitive to seasonal variation of the ionic 
concentrations, the mean annual air quality concentrations would be adequate for 
successful calibration of the model.

Of the chemical variables studied, only five, i.e the amount of calcium produced 
by the mineral weathering process, the percentage of the soil horizon occupied by the 
mineral, the dependence of the weathering rate on the hydrogen ion concentration, the 
initial soil solution and the adsorbed concentrations of ions in the bottom horizon, were 
found to have a significant influence on the simulated streamwater chemistry.

The sensitivity of the simulated streamwater chemistry to perturbations in the 
initial soil solution concentrations is the result of the interaction of several factors. 
Adjustment of the initial values of the base cations or acid anions will therefore result in 
a change either in the cation selectivity coefficients or the anion adsorption coefficients 
and this will determine the simulated soil solution concentrations. Furthermore, since 
alkalinity is calculated as the difference between the sum of base cations and acid 
anions, adjustment of the simulated soil solution concentrations will lead to a change in 
the simulated alkalinity, which will subsequently lead to a change in the simulated soil 
solution pH. The change in the soil solution pH will in turn alter the value of the Ca:H 
selectivity coefficient, which will further modify the simulated concentrations. 
Ultimately, representative and reliable field measurements of the initial soil solution 
concentrations are very difficult, if not impossible, to obtain on a catchment scale and 
therefore these parameters are considered as the major calibration parameters of the soil 
chemistry part of the model.
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The sensitivity of the simulated streamwater chemistry to changes in the 
adsorbed cation concentrations was as expected, since such changes alter the cation 
selectivity coefficients. This in turn results in a change in the soil solution 
concentrations of individual chemical species and therefore changes in the soil solution 
pH, which will be reflected by changes in the simulated streamwater cation 
concentrations and pH. The cation exchange process is considered to be one of the key 
processes determining the catchment outflow chemistry. Hence, a reasonable calibration 
of the catchment outflow chemistry can only be obtained if extensive and reliable 
measurements of the cation adsorbed concentrations have been undertaken.

Apart from the cation exchange reactions, which represent the ability of a soil to 
neutralise acids quickly and maintain a relatively constant solution pH, the mineral 
weathering reactions, which are the long term producers of alkalinity and base cations, 
were found to be the most significant processes affecting the catchment outflow quality. 
This is also consistent with the work of Schecher and Driscoll (1988), who reported that 
watershed to watershed variations in lake acidity in the Adirondacks are due to 
differences in base cation release from mineral weathering rather than strong acid inputs 
or the retention of acid anions.

Thus the sensitivity of surface water chemistry to perturbations in the 
percentage of the mineral in the bottom horizon, the dependence of the weathering rate 
on H+ concentrations as well as the weathering by-products, is due to the associated 
changes in the release of base cations to soil solution. Moreover, because of the greater 
effect of the mineral weathering parameters over the long term, successful calibration of 
the model would require detailed and long term information on the actual values of 
these parameters. The calibrated values of the amounts of calcium, magnesium, 
potassium and sodium released in the soil solution as weathering by-products, were 
5000, 0, 0 and 100 meq per mole weathered, respectively. Because of the zero calibrated 
values, the magnesium and potassium weathering products have not been adjusted, 
although it is likely that they can also affect strongly the simulated outflow chemistry. 
Therefore a prerequisite for a successful calibration of the chemical model is a detailed 
soil survey leading to accurate and reliable information on the soil mineralogica.1 
composition and weathering.

The gas deposition and uptake velocities, and especially the particle deposition 
velocities, were found to be the most important parameters in the canopy module since 
they were the primary determinants of the dry deposition process. Thus the real effect, 
of the gas and particle deposition velocities should have been much greater, if it had not
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been masked by the excessive rate of alkalinity production within the soil. The gaseous 
deposition velocities can be calculated as a function of the aerodynamic, laminar 
sublayer and stomatal resistance (an option is included in the model) or derived from 
similar studies in the area.

In contrast, the simulated streamwater chemistry is, with the possible exception 
of nitrate, very insensitive to perturbations in the variables that describe the canopy 
chemical processes, i.e., the foliar exudation coefficients and the leaf and trunk 
chemical compositions. This insensitivity should be considered as an advantage in the 
application of the model, since these variables vary not only with species, but with age 
and position of the leaf on the plant, the soil type and trunk size. The model was 
however found to be sensitive to the collection efficiencies for dry and wet states of the 
canopy. The model documentation states that the values of these parameters are 
derived by matching the simulated and observed throughfall chemistry. In fact all the 
above mentioned canopy factors may indeed influence the throughfall chemistry. If 
however the analysis and/or prediction of streamwater chemistry is the rationale behind 
the utilisation of the model, the insensitivity of the simulated streamwater chemistry to 
changes in the exudation and chemical composition factors indicates that these factors 
are redundant and can be set equal to unity for each chemical species.

Similarly the streamwater chemistry is very insensitive to a large number of the 
soil parameters tested, which are essentially responsible for describing the litter 
breakdown process. Moreover, the nitrification rate has a very slight effect on the 
simulated outflow concentration of nitrate. This part of the model has been built on 
numerous not very convincing empirical relationships, containing a large number of 
parameters which can be tuned in order to fit the data. In other words this part of the 
model is overparametrized and unidentifiable and a different conceptualisation should 
ideally be undertaken.

Finally, the soil densities and tortuosities do not produce any effect in the 
outflow chemistry and can be entirely derived from the literature.

The majority of chemical parameters examined have very little influence on the 
simulated streamwater chemistry. Moreover the sensitivity analysis indicated that the 
chemical module can not be accurately validated if reliable, detailed and long term 
field studies, for the investigation of the mineral weathering and the cation exchange 
processes have not been established. However, given the general lack of such data (and 
the disparity between the laboratory-derived and the field-estimated mineral dissolution 
and cation exchange rates) the opportunities of utilising the ILWAS model to predict
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the effects of changes in hydrogen and sulphate deposition loadings or changes in land- 
use on the streamwater chemistry of upland catchments will be extremely limited, i.e., 
to only very well monitored study sites.
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(5.3) M E T A  - M O D E L L I N G

(5.3.1) THEORETICAL ASPECTS

Meta-modelling is based on the response surface analysis which was developed by 
Box and his colleagues at the Imperial Chemical Industries in order to explore 
relationships between the yield of a chemical process and the pertinent process variables 
(Box and Wilson 1951, Box 1954). In its usual form, this methodology exploits simple 
empirical models such as low-degree polynomials to approximate the relationship 
between a response variable and a set of input variables over a region of interest. Since 
its introduction in the early 1950’s, it has become an accepted and widely used set of 
concepts and techniques (e.g Box et al 1978, John 1971).

One of the most important applications of response surface analysis, which has 
been developed over the past decade, is to approximate a complex, non-linear 
simulation model by a simpler function that adequately describes the response variable’s 
surface. This approximating function has been termed a meta-model or response surface 

model. Thus a complex simulation model in the form:

Y=h(x1? x2,....xN) (5.2)

may be approximated by the meta-model

Y = f(x l5 x2,....xk) k<N (5.3)

If the meta-model yields an adequate fit, it may be used as a proxy for the actual 
computer code. Thus the use of response surface techniques may be aimed at replacing 
the full simulation model in order to be able, for example, to make predictions about a 
system where the full model may be too complex for this purpose. All inferences about 
the uncertainty and sensitivity of the full model may then be derived from this fitted 
equation only. The whole concept corresponds to the hierarchical modelling approach 
presented in Figure 5.9



Reality: A mess
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■ > - Simulation model ■>»
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Figure 5.9: Hierarchical modeling process (source Kleijnen 1987)
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(5.3.1.1) FORMULATION OF THE META-MODEL

A meta-model is interpreted as a multiple regression model incorporating one 
dependent variable, which may be quantitative (assuming numerical values) or 
qualitative, and some quantitative independent variables. The different values of the 
independent variables are usually called levels. For a quantitative variable, the levels 
correspond to the numerical values it assumes. A meta-model built on top of a 
simulation model will therefore include some of the model parameters as independent 
variables and the full simulation model’s output as the dependent variable. If this 
simulation model generates a whole time series per output variable, as is the case with 
the ILWAS model, this time series may be summarised by a limited number of 
measures, for example its average, maximum or its spectrum. Thus a meta-model will 
usually have the form:

y =  £  /?i*k  (5-4)
k=0 k K

where
n is the number of the significant parameters in the original (large-scale) model 
/?k» ke{0,..n} are constants
e is a random error, which is assumed to be normally distributed with mean 0 and 
variance <t2, and
xk’ k€{0,...n} are suitably chosen functions of the original model parameters 
zl5...zp, for example x=z1z2, while x0= l

For instance, if k=7 a linear approximation would give n=7 and xk= z k, ke{0,...7}. A 
quadratic approximation would give n=7+(7x6)/2=28, where x0,...x7 are the same as in 
the linear case and x8,...x28 reflect quadratic terms.

The coefficients /?0,...,/?n in the meta-model can be estimated by linear 
regression, using ordinary least squares. We can thus assume that there are r 
“observations” or simulation runs (r> 1), n variables x (n <r+ l) and the dummy 
variable x0 which is equal to 1. The variable x may also be a function of a simulation 
parameter z (e.g logz or zxz2). Each run yields one observation of the simulation output 
or the regression model’s dependent variable y. Thus Table 5.31 specifies the available 
collection of simulation data.
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Table 5.31
Observation Independent variables Dependent
(or run) 1 2... j... n variable
1 xn X 21 Xjl x nl yi
2 X 12 X 22 Xj2 x n2 y2

i X li X 2i Xji x ni yi

r x lr x 2r Xjr Xnr yr

The best linear, unbiased estimator of the vector of coefficients (/?0, /?l r ..dn) 
denoted by 0 is given from the equation

0 = ( 9 G , . $ ) " 1 . S S ' .Y  ( 5 . 5 )

where

Y=[yi>y2r--yr]
SB is the matrix

+ 1 X 11 ■ x nl

+ 1 X 12 ■• x n2

+ 1 • •

+ 1 x lr • x nr

9S7 is the transpose of matrix 98

In equation 5.5 it is assumed that (987.98) is a non-singular matrix (i.e., has a non-zero 
determinant), which is guaranteed if the matrix 98 is not collinear (i.e., no column of 
matrix 98 can be expressed as a linear combination of the other columns). Given a 
family of curves with parameters /?, 0 are the parameter values that minimise the sum 
of squared deviations between the observed and the fitted values.

From equation 5.5 the following estimator of y can be derived

y=x (a'ssJ^ge'Y (5.6)



CHAPTER 5: SENSITIVITY ANALYSIS META-MODEL -191-

where
Y is the vector of the observations and x is the vector [x1? x2,.--,xn]

It is assumed that the deviations between the meta-model and the actual simulation 
outcomes (e=y— y) satisfy a N(0,cr2) distribution. That is, the errors are normally and 
independently distributed with zero mean and constant variance a2. The variance a2 
can be approximated from the mean squared residuals, i.e.,

* 2 = E  (y; -y i)2( r - n _ l j  (5.7)

where
y- denotes the predicted observation for run i using equation 5.6

The t-test can be used to test whether a coefficient /?k in equation 5.4 is not 
significantly different from 0. Thus

td k = — :------ :----- k=0,l...n’ estimated standard error of
(5.8)

where the estimated standard error of pk is 

=  *fckk
Ckk *s e<lua  ̂ corresPonding main diagonal element of the matrix (Sj'SG)"1
d is the degree of freedom of t, equalling the degrees of freedom of cP and being 
r—n —1

Moreover, the sample multiple coefficient of determination R2 may be used to test the 
utility of the entire model for predicting y values for specific settings of the independent 
variables (x). However, the value of R2 increases as more variables are added to the 
regression model. Thus, the adjusted R2 is usually used to test the overall performance 
of the model. This latter statistic is adjusted for the number of independent variables in 
the regression equation. Unlike R2, the adjusted R2 statistic may decrease if variables 
are entered which do not add significantly to the fit. Furthermore the adequacy of the 
model may be checked through an analysis of variance F test (ANOVA).

The formulation and the calibration of the meta-model is followed by a
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validation procedure. Thus the meta-model is used to forecast the response y at a. new 
setting of the parameters for example xr+1. The meta-model’s prediction yr+1 is 
compared to the full model’s response y ^ ^  However a simple statistic for this relative 
prediction error is not known and therefore Kleijnen (1982) has suggested that the 
meta-model is rejected if the relative prediction errors are “too big” , for example larger 
than 5%. If the meta-model is rejected then several alternatives may be followed, such 
as the addition of more terms in the regression equation or transformations of the 
independent variables (e.g xj= z 1/z2)

For the identification of the meta-model a sample of input/output responses has 
to be generated through experiments with the, original, large model in this case the 
ILWAS model. The design of these experiments is crucial as it was argued in the 
introductory section (5.1), firstly because the total effort in terms of time and cost 
required for each experiment could be very large, and secondly because we wish to keep 
the number of meta-model parameters as low as possible. Thus a factorial experimental 
design procedure has been adopted and the theoretical aspects of this procedure will be 
discussed in the following sections.

(5.3.1.2) FACTORIAL DESIGN OF EXPERIMENTS

The essential feature of factorial experimental designs, which were first 
developed by Fisher and Yates at Rothamsted (Fisher, 1922), is the simultaneous study 
of several factors, each of which takes a number of possible forms, or levels. As Fisher 
(1926) observed, “factorial designs offer many advantages: each experimental run gives 
information on several factors; the experiment gives as much information about each 
factor as though it alone had been varied; valuable additional information is available 
through the ability to check for possible interactions among the factors; and in the 
event that no interactions are found there is a much broader base for generalising 
conclusions on the main effect of a factor, since the effects have been observed in a 
variety of experimental conditions” .

The use of experimental design theory in agricultural, technical and socio- 
technical systems has been described in detail by many authors (e.g Kleijnen 1974/75, 
Box et al 1978, Ogawa 1974, Kleijnen 1987, John and Quenouille 1953). The use of 
experimental design theory in simulation studies started during the last decade. 
However, there are only a few applications of this methodology in the open literature. 
Rotmans and Vrieza (1989) used this experimental design theory to formulate a meta
model for the IMAGE model (Integrated Model for the Assessment of the Greenhouse
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Effect). Kleijnen (1982) discusses the importance of experimental design in the meta
modelling technique.

For illustrative purposes we shall consider a 23 factorial experiment, that is an 
experiment examining three factors each of which is considered at a highest and a 
lowest level, represented below by a plus and a minus sign respectively. Obviously, 
there are eight combinations of the three parameters assuming two levels per parameter.
It is assumed that each combination of the three parameters yields a response y
representing the output of a simulation model. It is also assumed that the relationship

II>> 1, x2,...) is linear. The results of such an experiment are shown in Table 5.32.

Table 5.32
Run X1 x2 x3 Response

1 - — - yi
2 + - — y2
3 - + - y3
4 + + — y4
5 - - + y5
6 + - + y6
7 - •f + y7
8 + + y8

Evidently the responses y1 and y2 differ only because of the different values 
chosen for the parameter x1? and similarly the responses y4 and y3, y5 and y6, and y7 
and y8. The average of these four differences y2 - y lt y4 - y 3 - y6 “ Y5 and Ys~Yi ls ca^e(i 
the main effect of the parameter xx and is denoted by X r  Thus the main effect X x is 
the average effect of the parameter xx over all conditions of the other parameters and is 
given by the equation

X i _ y 2 + y 4+ y 6 + y 8 _  y i + y 3+ y 5 + y ?

Because of the general symmetry of the experimental design, there is a similar set of 
four measures for the main effects of the parameters x2 and x3.

If numerical values had been assumed for the response variable y in Table 5.32 
then it could have been indicated that the effect of the parameter x1 is different for the 
different levels of the parameter x2. For instance the differences y2—y1 and y6—y5 may
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be shown to be significantly greater or lower than the differences y4- y 3 and y8- y 7. In 
this case it is said that the two parameters xx and x2 interact. If these two pairs of 
differences do not differ significantly then the values assumed for x2 (+  or — ) has no 
effect on the response as a function of the value assumed for x1 (+  or —). A measure of 
this interaction is supplied by the difference between the average effect of the parameter 
x1 at the high and low level of the parameter x2. By convention, half the difference is 
called the X jX 2 interaction i.e:

v  v  _  y i + y 4 + y 5 + y 8  y 2+ y 3+ y 6 + y 7
a ia 2 — 4  4 (5.10)

In a similar manner, the interactions X :X3 and X2X 3 can be obtained.

If we consider the X xX2 interaction, it is evident that two measures of this 
interaction are available, one at each level of the parameter x3. Also by convention half 
this difference is defined as the three factor interaction i.e

v  v  v  _  y2+y3+y5+ys y i+y4+y6+y7a ia 2a 3------------ 4 4 (5.11)

However, it would have been extremely tedious if effects had to be calculated from first 
principles (i.e from equations 5.9 to 5.11) whenever a factorial design was analysed. 
Thus the whole procedure has been much simplified by the use of a table, the table of 
contrast coefficients (Box et al, 1978), which reflects the calculations performed to 
obtain the various effects (equations 5.9 to 5.11). The table of contrast coefficients is 
presented in Table 5.33 
Table 5.33

Mean X1 x2 x3 xl x2 xl x3 X2X3 X1X2X3 Response

+ - - - + + + - yi
+ + - - - - + + y2

+ - + - - + - + y3

+ + + - + - - - y4

+ - - + + - - + ys
+ + - - + - - y6
+ - + + - - + - y7
+ + + + + + + + y8

divisor 8 4 4 4 4 4 4 4
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The above table may be seen as an extension of Table 5.32, where apart from the 
parameters xl5 x2 and x3 all the possible parameter interaction columns have been 
added by multiplying the signs of their respective variables. Thus the array of signs for 
the X jX 2 interaction is obtained by multiplying together the signs for x1 and x2. 
Having obtained the table of the contrast coefficients all the main effects and parameter 
interactions can be obtained very simply, by multiplying the array of observations with 
the respective array of signs in this table, adding the products and dividing by the 
appropriate divisor shown at the bottom of the table. Another way of calculating the 
effects and parameter interactions is by means of Yate’s algorithm, described by Box et 
al (1978). The method is general and the effects for any 2k factorial experiment can be 
calculated using a table of signs like those in Table 5.33. Thus in the general case of a 
2k factorial experiment there are 2k experimental points or combinations. If we denote 
the number of combinations or “runs” in the experiment by N (=2k) then we can define 
the so called design matrix *3):

^ =  i=l,2,...N; j =  l,2....k

where

d- is —1 if factor j is at its low level in combination 1 e.t.c

Adding a column of -f l ’s to and multiplying all pairs of columns,triplets e.t.c in ^ we 
can obtain the matrix of independent variables or table of contrast coefficients which is 
denoted by 9G so that we establish the link between the factorial design of experiments 
and the multiple regression analysis presented in section 5.3.1. For k=3, eH) and 9G are 
presented in Tables 5.32 and 5.33 respectively where for convenience only the +  and -  
signs are given without the l ’s.

The factorial experiment presented in Table 5.33 will enable the estimation of 
the coefficients j3 of the following meta-model:

y =  @0 ^lX l "t" /̂ 2X2 /̂ 3X3 +  /?4X 1X2 +  /̂ 5X 1 x3 +  /̂ 6X 2x3 ^7X lx2x3 *t" e (5.12)

These coefficients will be estimated using the ordinary least squares method described 
in equation 5.5, where the matrix of independent variables has now become the table of
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contrast coefficients shown in Table 5.33. However since the simulation runs have been 
carried out as planned, allowing each independent variable to vary between —1 and +1, 
the matrix 9G has some special properties. Thus the columns Xj of 9G satisfy the 
relationships (Box et al, 1978): 

x/. xj = 0 i f i^ j

X|'. Xj= N if i=j

where
N is the number of observations 

In matrix notation the above equations will be written as 

9G'.&=N-I

These special properties of the matrix of independent variables 9B will allow the least 
square estimators of j3 to be represented by the following especially simple equations:

0O =  ^  Yi=y (5.14)

where

Xjj is equal to ±1 as given by the (i,j)th element of 9& (i.e Table 5.33)

However, as has already been mentioned, each parameter x changes between +1 and -1 
and therefore the coefficients /? can be interpreted as 1/2 the marginal effect of the 
parameter x when it is varied between its lowest to highest values. In this case the 
estimation of the effect of the parameter x can be written as:

Xji.yi (j=2....k) (5.16)

For example for N=8 and j=2  the above relationship would give

X x = | ( - y x  + y 2 - y 3 + y 4 - y 5 +ye -y ?  +ys) (5.17)
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It can be observed this estimate of the effect X x (equation 5.17) is analogous to the 
definition of the effect X x that follows from equation 5.9. The numerator of equation 
5.16 is usually called the effect total of the parameter xr  Another important feature of 
the factorial experiment is that an analysis of variance is easily carried out once the 
effect totals have been calculated. Thus each effect total is squared and divided by N 
and this gives the sum of squares corresponding to that effect (SSj_̂). After calculating 
the sum of squares for each effect the next problem is to see which of these effects are 
significantly large. In order to do this we need an estimate of the residual variance a2. 
However if the factorial experiment is only replicated once, then the main effects and 
interactions account for all the degrees of freedom. In other words the factorial 
experiments can not provide a direct estimate of a2 since there are no replicates (r=n + l 
in equation 5.7). Nevertheless such an estimate can be easily obtained if certain 
assumptions are made. In particular it can be safely assumed that some of the higher 
order interactions (third order and above) do not measure real effects, but arise 
principally from experimental error. Thus an estimate of the experimental error is given 
by the general equation:

SS;
ss1+ss2+.....+SSm

m (5.18)

where SS- are the squares of the effects of the higher order interactions which are 
assumed to be non-existent. The effects which are supposed to be non-existent and 
therefore are used in equation (5.18), are selected either by Daniel’s (1959) graphical 
procedure called “half-normal plots” or can be selected a priori as reported by Kleijnen 
(1974/75). Once an estimate of a2 has been obtained, the significance of each effect can 
be tested using the F-ratio with (l,m) degrees of freedom.

It is therefore obvious that the observations (or simulation runs) used for the 
calibration of the meta-model described by the equation 5.12 can be provided by a 
factorial experiment. In this case the meta-model coefficients (p) can be estimated by 
simple arithmetic calculations (equations 5.14 and 5.15), i.e., by multiplying the 
corresponding column of table 9G with the responses y, adding the resulting products and 
dividing by N. By doubling the coefficients /? an estimation of the main effects of each 
parameter and their interactions will be obtained and moreover the significance of the 
main effects and interactions will be easily tested by an analysis of variance by 
assuming that the higher order interactions are not of any importance.
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In summary it can be said that the use of the factorial design of experiments for 
the calibration of a regression model has three significant advantages:

• it requires relatively few runs per parameter studied, since all the 
observations are being used to supply information on each of the main effects;

• the interpretation of the observations produced by this design can proceed 
largely by using common sense and elementary arithmetic;

• the design can be used to provide information on the interaction among the 
parameters.

The general factorial design testing p factors (or model parameters) each at b 
levels has b^ treatment (experimental) combinations and, corresponding to these, b^ 
comparisons may be made in the forms of main effects and interactions. A factorial 
experiment undertaken on a mathematical model with p parameters each at 2 levels, 
would require 2^ runs if the main effects and the interactions of these parameters were 
to be explored. It is obvious therefore, that the number of combinations or runs 
increases rapidly as the number of factors increases. Often the chief limiting factor of 
investigating the effect of a number of parameters on the outcome of a model is the 
total number of runs and this is likely to be approximately proportional to the total cost 
or time or effort. The possibility of conducting experiments on many factors, without an 
excessive number of runs has led to the development of the fractional factorial design 

(Finney, 1945). These designs allow experimenters to study the main effects and low- 
order interactions of several factors in a few runs, by sacrificing the ability to estimate 
higher order interactions. In the next section a brief description of the fractional 
factorial design theory will be presented.

Returning to the initial 23 factorial experiment, if it is assumed that instead of 
the initial meta-model (equation 5.14), a first order meta-model i.e a meta-model in the 
form

y — 00 +  +  /?2x 2 +  PzX 3 (5.19)

is valid, 50% of the simulation runs can be saved. The explanation is that the first order 
model contains only four parameters (/?0, /?x, /?2, /?3) so that four instead of eight runs 
suffice. Which four runs should be simulated is a fractional factorial experimental design 
problem.

The design in Table 5.33 has to be split into two parts (blocks) so as to
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compromise as little as possible the estimates of the important effects. Table 5.34 
shows such a strategy: all runs in which x1x2x3 is marked as +  are placed in one block 
and all the runs in which x1x2x3 is marked as - in the other block.

Table 5.34

Mean xi X2 x3 xlx2 xlx3 X2X3 xlx2:
■ f + - — - — + +
+ - + — - + +
+ - — + + — +
+ + + + + + + +

It is noted, however, that if we try to calculate the effects X l5 X2 and X3 (equation 
5.9) and the interactions X xX2, X xX3 and X2X3 (equation 5.10) in this design, we 
obtain identical values for the main effect X x of factor x1 and the interaction X2X3, the 
main effect X2 and the interaction X xX3 and for the main effect X 3 and the interaction 
X xX2 (the respective columns in the table of contrast coefficients 5.34 are identical). 
Thus as noted by Box et al (1978) “we have had to give up something to get 
something” . We have deliberately confounded (i.e confused) the three factor interaction 
with the mean, and the main effects of the factors with the two-factor interactions. 
These effects are said to be confounded or to be each other’s alias. If however, the three 
factor interaction X 1X2X3 and all the two factor interactions are zero, then from this 
design an unbiased estimator of all the main effects X v X2 and X3 and the mean can be 
obtained.

Consequently, the matrix of independent variables used to determine the 
coefficients of equation 5.19 is presented in Table 5.35. This matrix is obtained very 
simply by writing down the full factorial for 2 variables and associating the third 
variable x3 with the product x 1x2. A column of + ’s is also added for the estimation of 
the constant /30 (equation 5.14).
Table 5.35

Mean x-̂ x2 x3
_  -  -  -

+  -  +
+
+ + +

+
+
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As another example we shall consider a 25 experimental design. In this design 32 
simulation runs have to be undertaken if all the main effects of the parameters and the 
interactions have to be considered. This design has 10 two-factor, 10 three-factor, 5 four- 
factor and 1 five-factor interactions. If, however, we are not interested in all these 
higher-order interactions, or if alternatively we can only undertake 16 instead of 32 
simulation runs, then a fractional factorial design has to be arranged. In this case a full 
24 design is written for the four variables x1? x2, x3 and x4 or in short notation 1, 2, 3, 
and 4. The column of signs for the 1234 interaction is written and these are used to 
define the levels of variable 5. It is said that the equation 5=1234 is the generator of the 
design. In this fractional design however, it can be shown that the column of signs for 
the interaction 123 is identical to the column 45. The interactions 123 and 45 are 
confounded or are said to be aliases of each other. Similarly it can be shown that the 
following columns are identical:
1=2345, 2=1345, 3=1245, 4=1235, 5=1234, 12=345, 13=245, 14=235, 15=234, 23=135, 
24=135, 25=134, 34=125, 35=124 and finally 45=123.

It is evident that all the main effects are confounded with the four-factor 
interactions and the two-factor interactions, with three-factor interactions. The above 
pattern is known as the confounding pattern or the alias structure of the design. The 
meaning of the confounding pattern is that the above design gives the same estimate for 
the main effect of factor 1 and the interaction of the four factors 2, 3, 4 and 5. If, 
however the interaction 2345 is zero, then from this design an unbiased estimator of the 
effect 1 can be obtained. Similarly, it can be shown that we can obtain unbiased 
estimators of all the main factors 1 to 5 and their two-factor interactions if the higher- 
order interactions (three factors and above) are negligible.

This design is called a resolution V design and requires 2k~1 runs for the 
examination of k factors. The construction a resolution V design, examining k factors in 
2k_1 runs is very simple. A full factorial design for k-1 factors is written and then a k^1 
variable is associated with the interaction 123..(k-l).

Thus in every factorial experiment one particular treatment can be sacrificed 
allowing all other comparisons to be made within two blocks and cutting down the 
number of treatment combinations from 2P to 2P_1. The choice of which particular 
comparison is to be sacrificed depends upon practical considerations. Usually the higher- 
order interactions (third order and above) are of little interest. As stated by Yates 
(1939) the interpretation of third- and higher-order interactions is complicated and does
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not reflect real effects. However, for large values of p even the half-fraction (2P' 1) 
obtained above, can be too high and therefore smaller fractions of the complete factorial 
(2p'q) must be used, or, as it is said, a lower-resolution design has to be undertaken.

By definition a design of resolution R=III does not confound main effects with 
each other but does confound main effects with two factor interactions. This kind of 
design permits the estimation of the k parameters in N=[k-fl] runs, where [k-f 1] means 
that k-f 1 is rounded upwards to the next multiple of 4. Hence in the example of Table 
5.34 only the main effects of the parameters xl5 x2 and x3 can be estimated and these 
are confounded with the two-factor interactions.

Resolution III designs for the examination of k factors in 2k"p runs, usually 
referred to as 2mk’p designs, are obtained by writing down the full factorial in q=k-p 
factors and equating the last p factors to the interactions among the first q factors. For 
high values of k dramatic savings result. For example, to construct a 16-run design in 
15 variables, we first write a full factorial design for four variables and then associate 
the extra variables 5,6,...15 with the 11 interaction columns 12,13,14,...1234 
respectively. The resulting design is a 2m15"11 fractional factorial design for 15 variables 
in 16 runs. The above technique for the construction of resolution III designs can only 
be used in cases where the total number of runs N is a multiple of four and also a power 
of two. These designs are also called saturated. However, Placket and Burman (1946) 
have obtained arrangements when N is multiple of 4 but not a power of two (for 
N<100).

It has been shown that for designs of resolution V the main effects are 
confounded with four-factor interactions, and the two-factor interactions with only 
three-factor interactions. Resolution III designs introduce much more serious 
confounding, with the main effects having two-factor interactions as aliases. Designs of 
resolution IV occupy an intermediate position. No main effect is confounded with any 
two-factor interaction, but two-factor interactions are confounded with each other. 
These designs permit the estimation of k factors in 2-k runs provided that k that is a 
multiple of 4. If k is not a multiple of 4 a resolution IV design is obtained from the next 
value of k which is a multiple of four. A typical resolution IV design for 8 factors in 16 
runs is shown in Table 5.36 (Box and Hunter, 1961)
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Table 5.36
28"4 Resolution IV design for 8 factors in 16 runs

1 2 3 4 5 6 7 8
+ + + + + + + +
- + + + - - + -
+ - 4- + - + - -
- - 4* + + - - +
+ + - + + - - -
- + - + - + - +
+ - - + - - + +
- - - + + + -
+ + + - - - - +
- + + - + + - -

+ - + - + - + -
- - + - - + 4" +
+ + - - - + + -
- + - - + - + +
+ - - - + + - +

Since in a resolution IV design the two-factor interactions are confounded with 
themselves, the two factor alias structure for this design becomes:
12=38=45=67, 13=28=46=57, 14=25=36=78, 15=24=37=68, 16=34=27=58, 
17=26=35=48 and 18=23=47=56 (5.20)

Once a fractional factorial design experiment of a certain resolution has been 
defined, the examination of the main effects and the interactions of the factors or 
parameters is the same as for the complete factorial experiment.

(5.3.2) FRACTIONAL FACTORIAL EXPERIMENT ON THE ILWAS MODEL

From the results presented in section 5.2, it is evident that only a small sub-set 
of the initial set of ILWAS model parameters is significant in determining the 
catchment outflow hydrochemistry. In the hydrological part of the model it was 
concluded that the outflow hydrochemistry is mostly affected by the hydraulic 
properties (i.e the hydraulic conductivity and depth) of the uppermost and the 
lowermost soil layers, the evaporation coefficients, the percentage of the forested area 
and the forest leaf area index, together with the catchment topographic characteristics, 
i.e. the catchment width and slope. In the canopy part of the model the most important 
parameters were the gas deposition and uptake velocities and the particle deposition 
velocities. In the most complicated soil chemistry part of the model the most significant 
parameters were the weathering rate parameter a, the initial soil solution chemistry (in
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particular the pH) of the uppermost and the lowermost soil layers. Moreover, the 
percentage of the soil occupied by the weatherable mineral and the amount of calcium 
produced by the mineral weathering process were found to affect considerably the 
catchment outflow chemistry. Finally, the model was found to be sensitive to the base 
saturation and the cation exchange capacity of the bottom layer.

Nevertheless, not all these parameters were equally important in determining the 
catchment’s outflow hydrochemistry. Thus the twenty six above parameters were used 
in a factorial design experiment in order to detect their relative significance for the 
response of the model. Each of these parameters was considered on two levels, an upper 
and a lower level. These levels (Table 5.37) have either been derived from the literature 
or hypothesised from the type of the parameter. Where a source has not been recorded, 
the limits have been selected subjectively.

It is noted that apart from the amount of calcium produced by the weathering 
process the amounts of the other cations have also been included in this analysis, in 
order to investigate if they too exert a significant influence on the response of the 
ILWAS model. The highest level of production of the weathering by-products was set 
equal to 10000 meq/mole. The mineral molecular weight has been assumed equal to 160 
gr/mole and the weathering rate equal to 1.5E-02 per year (Table 4.13) The above figures 
will give a total cation production of 2E-10 keq/m2sec suggesting a “fast” weathering 
mineral (Sverdrup and Warfvinge, 1988). In contrast, the lowest value (0 meq/mole) 
implies that the soil minerals belong to the “inert” group according to these same 
authors.

Moreover, since the base saturation (B.S) is defined as the sum of the cations’ 
adsorbed concentrations, it is obvious that many different combinations of these 
concentrations can be used to produce the same B.S. Since it would have been 
impossible to include all these combinations, it was assumed that the B.S is apportioned 
equally among the five cations, i.e., ammonium, calcium, magnesium, sodium and 
potassium.

It is obvious from Table 5.37 that there are 26 parameters, each assumed at two 
levels which will be varied simultaneously. A complete factorial experiment would 
require 226 runs and considering that each run requires approximately 8 minutes on a 
vax workstation (vax 3100), this number is equivalent to 1021 years of computer time. 
Thus a fractional factorial design, in particular a resolution III design, was undertaken 
for the investigation of the 26 parameters. This resolution III experiment, as explained 
above in section 5.3.1.2, would require 28 “runs” for the examination of the 26
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parameters. Since 28 is a multiple of four but not a power of 2, a saturated fractional 
factorial design could not be formulated. Thus the combinations of the parameters for 
N=28 have been taken from the Placket and Burman tables (Kleijnen 1974/75 ) and 
presented in Table 5.38

For each combination of the parameters the ILWAS model is run for one 
calendar year, i.e., for 1985. The measure of the overall performance of the model, the 
so-called response variable, is the average percentage difference between the observed 
and simulated mean annual streamwater concentrations, for the seven ions and the pH. 
Thus

^ aisim ^ aobs i •̂Sisim M&obs .L -I. ^isim ^obs
Caobs Mgobs

- f . . . .  - f

Globs
(5.21)

The total effect of each parameter j has been estimated as the difference between the 
mean response at the low and high level of j. Subsequently, the sum of squares of effect 
j, SSj, has been calculated by squaring the effect total and dividing by N (N =  28). The 
results, in descending order, are shown in the first column of Table 5.39. It is assumed 
that the effects SS16, SS13, SS15, SS14, SS5, SS10, are insignificant and therefore, a 
pooled estimator of a2 is:
SS =  (0.0010+0.0031+0.0095+0.1412+0.6193+1.0324)/6=0.301 (5.22)

The ratio of the two independent estimators of a2, i.e the ratio of the two mean 
squares SSj/SS is presented in the second column of Table 5.39, for each one of the 
parameters. This ratio is F-distributed, with (1,6) degrees of freedom. The F number for
(1,6) degrees of freedom is 5.99, 13.75 and 35.51 for significance levels 5%, 1% and 0.1% 
respectively. Therefore, from Table 5.39 it is obvious that 19 parameters were 
significant at the 5%, 16 at the 1% and 8 at the 0.1% significance level.
The eight parameters which were found to be significant at the 0.1% level were:

The permeability of the bottom layer (xx)
The percentage of the mineral in the top layer (x2)
The weathering rate dependence on H+ concentration (x3)
The solution pH of the top layer (x4)
The soil depth of the top layer (x5)
The amount of sodium produced by the weathering reaction (x6) 
The base saturation of the bottom layer (x7)
The percentage of the forested area (x8)
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Table 5.37
ILWAS parameter ranges used in the factorial experiment
(1) Permeability upper layer 9.0—9.0E+5 cm/day Koide (pers. com)
(2) Permeability lower layer 9.0E-4-9.0E+5 Koide (pers .com.)
(3) Soil depth upper layer 2.0-150.0 cm
(4) Soil depth lower layer 2.0-150.0
(5) Evaporation coefficient A 0.1-3.0 EPRI (1983)
(6) Evaporation coefficient B 0.1—3.0 EPRI (1983)
(7) Percentage of forested area 0-100%
(8) Surface slope 0.1-0.8%
(9) Catchment width 20-2000m
(10) Leaf area index for coniferous 1.0-20.0
(11)Gases uptake velocity 0.1—20. cm/day
(12) Gases deposition velocity 0.1—20. cm/day Fowler (1980)
(13)Particulates deposition velocity 0.1 — 20. cm/day
(14)Weathering by-product Ca 0 — 10000 meq/mole
(15)Weathering by-product Mg 0-10000 meq/mole
(16)Weathering by-product K 0 — 10000 meq/mole
(17)Weathering by-product Na 0 — 10000 meq/mole
(18)Weathering rate dependence 0.3-0.7 EPRI (1983)
(19)C.E.C upper layer 2-60 EPRI (1983)
(20)C.E.C lower layer 2-60 EPRI (1983)
(21)Percent of mineral upper layer 0-10.%
(22)Percent of mineral lower layer 0-80.%
(23)Solution pH upper layer 2.7-7.5
(24)Solution pH lower layer 2.7-7.5
(25)B.S upper layer 5.0-70.0% EPRI (1983)
(26)B.S lower layer 5.0-70.0% EPRI (1983)
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Table 5.38
Fractional factorial design for the examination of 26 parameters 
in N=28 runs (source: Placket and Burman, 1946)

+ - + + + + - - - - + - - - + - - + + + - + - 4- + - +

+ + - + + + - - - - - + + - - + - - - + + + + - + + -

- + + + + + - - - + - - - + - - + - + - + - + + - + +

- - - + - + + + + - - + - + - - - + + - + + + - + - +

- - - + + - + + + + - - - - + + - - + + - - + + + + -

- - - - + + + + + - + - + - - - + - - + + + - + - + +

+ + + - - - + - + - - 4" - - + - + - + - + + - + + + -

+ -f + - - - + + - + - - + - - - - + + + - + + - - + +

+ 4* + - - - - + + - + - - + - + - - - + + - + + + - +

+ 4- - + - + + - + + - + + + + - - - - + - - - + - - +

- 4* + + + - + + - + + - + + + - - - - - + 4* - - + - -

+ - 4* - + + - + + - + + + + + - - - + - - - + - - + -

+ - 4- + + - + - + - - - + - + + + 4* - - + - + - - - +

+ + - - + + + + - - - - + + - + + 4- + - - - - 4" + - -

- 4* + + - + - + + - - - - + + + + 4- - + - + - - - + -

+ - + + - + + + - + + + - - - + - 4- - - + - - + - + -

+ + - + + - - + + + + + - - - + + - + - - + - - - - +

- + + - + + + - + + + + - - - - + + - + - - + - + - -

- + - - - + - - + + + - + - + + - 4" + - + + + + - - -

- - + + - - 4- - - - + 4* + + - + + - + + - + + + - - -

+ - - - + - - + - + - 4- - + + - + + - + + + + + - - -

- - + - + - - - + + - 4- + + - + - + - - - + - + + + +

+ - - - - + + - - + + - - + + + + - - - - + + - + + +

- + - + - - - + - - + + + - + - + + - - - - + + + + +

- - + - - + - + - + - 4" + - + + + - + + + - - - + - +

+ - - + - - - - + + + - + + - - + + + + + - - - + + -

- + - - + - + - - - + + - + + + - + + + + - - - - + +
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Table 5.39
The total effect, the F-ratio and the significance level of 
the 26 parameters. Indexes according to Table 5.37
Total effect F-ratio Significance level
ss2 = 49.0222 *2  = 162.9 0.1%
ss21=46.9587 *21= 156.0 0.1%
ss18=29.4525 *18= 97.8 0.1%
ss23=22.3875 *23= 74.4 0.1%
ss3 = 22.2368 *3  = 73.9 0.1%
ss17=15.9084 *17= 52.9 0.1%
ss26=15.8596 *26= 52.7 0.1%
ss7 = 11.7078 *7  = 38.9 0.1%

SS19= 8.5923 *19= 28.5 1.0%
SSg = 7.4227 *8  = 24.7 1.0%
SS4 = 6.9100 *4  = 23.0 1.0%
ss1 = 6.3817 *1  = 21.2 1.0%
ss20= 6.1364 *20“ 20.4 1.0%
ss12= 5.3074 *24= 17.6 1.0%
ss24= 5.1532 *12= 17.1 1.0%
ss22= 4.5647 *22 = 15.2 1.0%
ss27= 3.9651 *27 = 13.2 5.0%
ss9 = 3.0020 *9  = 10.0 5.0%
ssn= 2.2156 *11= 7.4 5.0%
SSg = 1.8950 *25= 6.3 5.0%

SS25= 1.7350 *6  = 5.8
ss16= 1.0324
ss13= 0.6193

SS i5= 0.1412
ss14= 0.0095
SS5 = 0.0031

SS10= 0.0010
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(5.3.2.2) THE META-MODEL FOR pH

As concluded in the preceding section, there are eight parameters which are 
significant at the 0.1% significance level. Subsequently, a response surface model has 
been fitted to the output using these eight parameters. In this step, the mean annual 
streamwater pH was selected as the dependent variable, instead of the average 
percentage difference between the observed and the simulated response for the eight 
ions (equation 5.21). In other words no reference will be now made to any observations 
used for the calibration of the ILWAS model. This assumption was based on the fact 
that the pH has a strong physical meaning and therefore the meta-model performance 
can be clearly evaluated. Having selected the dependent variable, the next step was to 
introduce the independent variables which were these eight most significant parameters. 
It must be noted that in the analysis of the preceding section no interactions among the 
26 parameters were considered. Now, in the present section, where a sub-set of 8 
parameters is being examined, it is necessary to identify possibly significant interactions 
and to introduce them in the meta-model.

Hence the effect of the initial solution pH of the top layer depends on whether 
base cation production occurs in this soil layer. The explanation is that high rates of 
base cation production will raise the initial solution pH and therefore the outflow pH of 
the water passing through the upper horizon. If however there is no base cation 
production in the upper layer, then the outflow pH of the water passing this layer will 
be similar to the initial solution pH. Consequently, the interaction of the parameters x2 
and x4 is significant and must be considered. Similarly the effect of x2x5 is expected to 
be important since this interaction is a measure of the total amount of the mineral in 
the upper layer. Another possible interaction is the xxx7 interaction. The effect of the 
base saturation on the outflow pH depends on the permeability of the bottom horizon. 
As the permeability decreases and the water residence time in this layer increases, the 
mineral weathering process becomes significant, overshadowing the effect of the base 
cation exchange process. Finally the effect of the permeability of the bottom layer 
depends on whether the catchment is moorland or forested (the different levels of the 
parameter x8). In fact most of the above mentioned parameters depend on the levels of 
x8. Thus under different vegetation conditions the inputs to the catchment soil will be 
different because of a series of processes occurring in the canopy. In order to construct a 
meta-model that is as simple as possible we have chosen to consider only the interaction 
of the most important parameter xl5 and the parameter x8.
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According to the above considerations the following form of a response surface 
model was assumed:

y=  Po +  /?lx l+  /?2x2 + /?3X3+ /?4X4 + /?5x5+ /?6X6 +  P j X7 +  PqX8

+ /?9X2x5 +  / ? io x2X 6 +  /?nX2X4 + /?1 2 X1X 8 (5 .2 3 )

where
the dependent variable y is the mean streamwater pH and
the independent variables Xj (i=l,...8) are the eight above mentioned parameters and 
x2x5, x2x6, x2x4 xxx8 are two-factor interactions between these two factors.

For the calibration of this meta-model a resolution IV design was undertaken 
and the 8 parameters were estimated from 16 runs. The design matrix (̂ D) for this 
2|V8'4 experiment has been mentioned as an example in section 5.3.1.2 (Table 5.36). 
Subsequently the matrix of independent variables SG is obtained from matrix ID, b y  

adding a column of l ’s, and the four two-factor interactions multiplying the respective 
vectors of the main parameters (e.g (25)=(2)X(5)). This matrix 9G is presented in Table 
5.40. For each combination of the eight parameters xx to x8 the ILWAS model was run 
run for one year (1985) and the predicted mean annual streamwater pH was recorded. 
The 16 pH’s predicted by the ILWAS model for the 16 parameter combinations are 
presented in the last column of Table 5.40.

Table 5.40
28-4 Resolution IV design for 8 factors and 4 interactions in 16 runs

Mean 1 2 3 4 5 6 7 8 25 26 24 18 Response
+ + + + + + + + + + + + + 4.385
+ - + + + ~ - + - - - + + 4.899
+ + - + + - + - - + - - _ 4.747
+ - - + + + - - + - + - _ 4.701
+ + + - + + - - ~ + - + — 4.614
+ - + - + - + - + - + + _ 4.816
+ + - - + - - + + + + - + 4.793
+ - - - + + + + - - - _ + 4.664
+ + + + - - - - + - _ - + 4.605
+ - + + - + + - - + + - + 3.922
+ + - + - + - + - _ + + — 4.314
+ - - + - - + + + + - + — 4.263
+ + + - - - + + - - + _ _ 4.390
+ - + - - + - + + + - - — 3.973
+ + - - - + + - + - - + + 4.451
+ + + + + 4.387
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Subsequently, the parameter combinations together with the model responses 
have been entered into a multiple regression analysis. The regression analysis was 
carried out using the STATGEAPHICS statistical package (version 3.0). The 
coefficients /?j estimated by the regression analysis, the t-values for each coefficient and 
the respective significance level, as well as the adjusted coefficient of determination (R2) 
are shown in Table 5.41.

As shown in Table 5.41 most of the parameters used for the construction of the 
meta-model are significant at the 10% significance level. An exception to that is the 
percentage of the forested area (parameter x8) where the null hypothesis H0: /?8 =  0 
cannot be rejected at the 90% level. Moreover it is obvious from the same table that the 
most significant parameters were the soil depth and the solution pH of the upper soil 
horizon. The interaction X2X5 is a measure of the capacity for neutralisation of the soil 
acidity resulting from base cation production through mineral weathering and ha,s also 
been found to be highly significant in determining the mean annual streamwater pH.

The validation of the meta-model has been carried out with four additional runs. 
The levels of the independent parameters for these runs are shown in Table 5.42. The 
values of the dependent parameter (pH) predicted by the ILWAS model are also shown 
in the same table.

Table 5.42
Runs undertaken for the validation of the meta-model

M ean  1 2 3 4 5 6 7 8 25 26 24 18 R esp o n se

+ + + - + + - - + + - - 4.170

+ + - + + - - + - + + + 4.353

+ + - + - + - + - - 4.267

+ + - -  + + - + - - + - - 4.614

In Table 5.43 the pH values predicted by the initial simulation model (ILWAS) 
and those predicted by the meta-model, as well as the relative errors are depicted. All 
relative errors are low, remaining well below the 5% limit suggested by Kleijnen (1982).



CHAPTER 5: SENSITIVITY ANALYSIS META-MODEL -208-

Table 5.43
Results of the validation of the meta-model
Run ys Ym (ym-Ys/ym)iooym/y s
1 4.170 3.99 -4.3 0.957
2 4.353 4.42 +1.5 1.015
3 4.267 4.33 +1.5 1.015
4 4.614 4.72 +2.3 1.023

(5.3.2.3) META-MODELS FOR THE MAJOR IONS IN STREAMWATER

A similar procedure has been subsequently followed for the development of 
meta-models predicting the rest of the streamwater constituents i.e calcium, 
magnesium, sodium, potassium, sulphate, nitrate and chloride.

These meta-models were initially assumed to have the same form as the pH 
meta-model (equation 5.23). Thus the ILWAS model was run using the parameter 
combinations shown in Table 5.40 and the predicted mean annual streamwater 
concentrations for the seven ions were reported for each one of the combinations. These 
concentrations are shown in Table 5.44. As shown in Table 5.44 the different 
combinations of the eight parameters resulted in a wide range of responses for all the 
seven ionic concentrations in streamwater. Thus under these conditions the ILWAS 
model response ranges from approximately 0.5 up to 25 mgr/1 for calcium, from 0.5 up 
to 16 mgr/1 from nitrate while even for the inert chloride the range is from 
approximately 6.5 up to 20 mgr/1. It is concluded that the ILWAS.. model generates a 
wide array of output responses for a wide rane of variation in its “key” parameters. An 
exception to that rule is the sulphate response which shows little variation i.e from 
approximately 2.5 up to 3.1 mgr/1. It is therefore considered that none of the “sensitive” 
parameters revealed by the procedure described above can produce significant changes 
to the simulated sulphate outputs.

Multiple regression analysis was subsequently undertaken in a manner similar to 
that for pH. In each case the independent variables (/?0,... ^ 1 2) were those shown in 
Table 5.40, while the dependent variables were the ILWAS model responses, i.e., each 
one of the columns in Table 5.44. However the results of the multiple regression analysis 
were particularly poor for all the eight meta-models tested. The adjusted coefficients of 
determination R2 were found to be 0.55, 0.0, 0.22, 0.55, 0.26, 0.87 and 0.0 for the
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calcium, magnesium, sodium, potassium, sulphate, nitrate and chloride meta-models 
respectively. This failure was attributed either to the chosen parameters (and/or 
parameter interactions) or to the specific form (linear) suggested for the meta-model.

As a result, several alternative parameter interactions were introduced into the 
multiple regression analysis in order to investigate if it was possible to find an 
appropriate meta-model for each one of the streamwater constituents. Initially the 
multiple regression analysis was undertaken using only the eight parameters and 
assuming no interactions between them. In this case the meta-model was assumed to 
have the following form:

y -  Pq +  P i * l+  P2X2 + PzX3 + /?4X4 +  PsX5+ P6X6 + PlX7 + PqX8

Subsequently all the possible two factor interactions among the parameters x : to x8 
were added to the meta-model one by one in order to maximise the adjusted coefficient 
of determination. The same procedure was followed for each one of the dependent 
variables (i.e the seven ion concentrations in streamwater) in turn. The resulting meta
models are shown in Tables 5.45 to 5.51. As shown in these tables a dramatic 
improvement of the adjusted R2 occurred particularly for the meta-models predicting 
the streamwater concentrations of calcium, sulphate, nitrate and chloride.

As shown in Table 5.45 the calcium concentration is most sensitive to the 
weathering rate dependence on hydrogen ion concentration, the depth of the top layer, 
the permeability of the bottom one, the base saturation and the sodium production. The 
solution pH and the percentage of mineral in the top layer as well as the percentage of 
the forested area are not significant for the prediction of calcium in streamwater. 
Moreover the interactions Xj -x-j , x3-x6 and x3-x7 were found to be significant at the 
90% significance level. These interactions suggest that the effect of the weathering rate 
dependence (x3) is different at different levels of permeability for the bottom layer (xx), 
sodium production by mineral weathering (x6) and base saturation of the bottom layer 
(x7). It can be concluded that the ILWAS model prediction for the calcium 
concentration is primarily determined by the mineral weathering and the cation 
exchange process occurring in the bottom layer.

The magnesium and potassium meta-models presented in Tables 5.46 and 5.48 
were particularly poor which suggested that the ILWAS model prediction for the 
concentrations of these ions can not be approximated by a linear relationship among the 
above eight parameters. Especially for potassium, which is strongly related to many
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biological processes, this inability may be attributed to the lack of any relevant 
biological parameter in the meta-model. Alternatively the lack of any soil chemistry 
(e.g weathering production) parameters for these ions may be responsible for the 
unsuccessful calibration of the meta-models.

The meta-model for sodium is presented in Table 5.47. The most significant 
parameters were obviously the weathering rate production of sodium and the weathering 
rate dependence on the hydrogen ion. The sulphate meta-model is shown in Table 5.49. 
Here the most significant parameters were the soil hydrological characteristics, the 
mineral weathering production and the percentage of the forested area in the 
catchment. The importance of the percentage of the forested area was also indicated in 
the both the nitrate and the chloride meta-models (Tables 5.50 and 5.51). In fact the 
meta-models developed for the streamwater concentrations of the three anions were 
particularly successful. The coefficient of determination for the chloride meta-model was 
equal to 1.000 suggesting that the ILWAS model prediction for chloride can be 
approximated almost exactly by the suggested linear meta-model. The major difference 
among the three meta-models is that both sulphate and chloride are affected by the 
mineral weathering production in the bottom layer, while nitrate is primarily 
determined by the solution pH in the upper horizon.

In summary the results obtained from the eight meta-models show that the base 
cation concentrations predicted by the ILWAS model are mainly determined by the soil 
hydrology and the mineral weathering and cation exchange processes. In soils such as 
the Beddgelert area where no anion adsorption occurs, the ILWAS model predictions for 
the anion concentrations are affected strongly by the presence of a forested canopy as 
well as by the soil hydrological flowpaths.
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Table 5.41
META-MODEL FOR pH
Independent var. coefficient t-value sig.level R-SQ
CONSTANT +4.49 692.5 0 . 0 0 0 0 0.9918

xi +0.04 6.5 0.0074
x2 -0.04 -6.9 0.0063

X 3 -0.016 -2.4 0.0936

X 4 +0.207 31.9 0 . 0 0 0 1

X 5 -0.12 -18.1 0.0004

X 6 -0.04 -6.2 0.0083

X 7 -0.035 -5.4 0.0124

X8 +0.003 0.5 0.6632

X 2 " x 5 -0.11 -16.9 0.0005

x 2 ’ x 6 -0.032 -4.9 0.0163

X 2 ’ x 4 +0.021 3.2 0.0487

CO
XT--1
X +0.018 2.8 0.0694

T a b le  5.44

The ILWAS model response for the mean annual ionic concentrations 
using the parameter combinations shown in Table. 5.40

Ca Mg Na K SO*" n o ; c r
2.100 3.001 13.74 0.586 2.915 15.578 10.97
0.533 0.627 4.497 0.161 2.469 0.674 7.88
0.496 0.635 6.118 0.274 2.873 0.587 6.55
2.747 3.408 12.131 0.244 3.037 14.764 12.98
18.387 2.911 10.546 0.396 2.930 16.436 17.78
9.320 1.204 17.476 0.205 2.820 1.142 10.31
0.995 1.008 6.941 0.286 2.967 0.926 8.50
9.370 5.462 16.726 0.333 3.119 15.960 19.64
0.592 0.735 6.196 0.318 2.967 0.888 8.50
0.526 0.699 6.436 0.240 3.118 12.419 19.64
1.881 2.667 12.565 0.560 2.929 12.853 17.78
0.280 0.385 4.938 0.188 2.819 1.111 10.31
12.009 9.437 39.209 0.947 2.872 0.563 6.48
0.449 0.572 5.840 0.217 3.036 10.656 12.98
24.717 2.464 66.923 0.526 2.915 11.188 10.96
0.263 0.266 3.953 0.160 2.466 0.630 7.82
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Table 5.45
META-MODEL FOR Ca

Independent var. coefficient sig.level R-SQ
CONSTANT +5.17 0.0015 0.9885
x l +2.23 0.0078
x 2 +0.07 0.7476

X 3 -4.02 0.0024
x 4 +0.33 0.2400

X 5 +2.36 0.0070

X6 +1.94 0.0103

X 7 -1.96 0.0100
X 8 -0.02 0.9409

x r  x 3 -2.11 0.0087

X 3 ' x 7 +2.02 0.0095

X 3 ’ x 6 -2.23 0.0078

X2 ’ x6 -1.69 0.0135

X 6 * x 7 +0.30 0.2662

Table 5.46
META-MODEL FOR Mg
Independent var. coefficient sig.level R-SQ
CONSTANT +2.22 0.0061 0.5163

xi +0.64 0.2020
X2 +0.18 0.6889

X3 -0.70 0.1715

X4 +0.06 0.8854

X5 +0.43 0.3629

X6 +0.69 0.1737

X7 +0.68 0.1817

X8 -0.62 0.2132

X3 ’ X6 -1.03 0.0695

X6 * X7 +0.98 0.0791

X3 ' X7 -0.53 0.2775
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Table 5.47
META-MODEL FOR Na

Independent var. coefficient sig.level R-SQ
CONSTANT +14.64 0.0005 0.8859

xi +5.64 0.0152
x2 -1.65 0.3001

X 3 -6.31 0.0104
x4 -3.62 0.0593

X 5 +3.47 0.0662

X 6 +6.81 0.0080

X 7 -1.58 0.3169

X8 +2.13 0.1984

x r  x 6 +4.41 0.0334

X 1 • X 3 -4.31 0.0357

X 3 * X 6 -7.33 0.0061

Table 5.48
META-MODEL FOR K

Independent var. coefficient sig.level R-SQ
CONSTANT +0.35 0.0003 0.6595

xi +0.13 0.0119

X2 +0.03 0.3659

X 3 -0.03 0.3659
x4 -0.04 0.2426

X5 +0.04 0.3144

X6 +0.06 0.1224

X7 +0.06 0.1351

X8 -0.03 0.3642

X1 ‘ X4 -0.06 0.1253

X1 • X2 +0.04 0.2245

X1 • X6 +0.04 0.2955
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Table 5.49
META-MODEL FOR SO^'

Independent var. coefficient. sig.level R-SQ
CONSTANT +2.89 0.0000 0.9972

xi +0.03 0.0002
x2 -0.002 0.3972

X 3 +0.003 0.3543

X 4 -0.002 0.4698

X 5 +0.11 0.0000
X6 +0.04 0.0001
X 7 +0.002 0.3752

X 8 + 0.04 0.0001
X 5 ' X 8 -0.07 0.0000
X 6  ' X 8 -0.11 0.0000
X 1 * X 8 -0.03 0.0005

Table 5.50
META-MODEL FOR NO^
Independent var. coefficient sig.level R-SQ
CONSTANT +7.27 0.0000 0.9993

xi +0.10 0.0811
x2 +0.02 0.6628

X 3 +0.09 0.1280
x4 +0.98 0.0000
X 5 +6.46 0.0000
X 6 +0.05 0.3714

X 7 + 0.02 0.7284

X 8 -0.24 0.0057

X 5 ' X 8 -0.44 0.0006

X X 00 +0.18 0.0165

X 4  * X 5 +0.97 0.0000
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Table 5.51
META-MODEL FOR Cl"
Independent var. coefficient sig.level
CONSTANT +11.82 0.0000

xi -0.88 0.0000
x2 +0.00 1.0000

X 3 + 0.01 0.1790

X 4 +0.01 0.1790

X 5 +3.52 0.0000

X6 +0.04 0.0017

X 7 +0.00 1.0000

X8 -1.13 0.0000

CD
Xir>
* -2.24 0.0000

x6 • X8 -0.09 0.0001

X1 * X8 -0.08 0.0001
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(5.4) DISCUSSION OF THE META-MODEL RESULTS

From the sensitivity analysis it was found that the catchment outflow 
hydrochemistry is most strongly affected by twenty six parameters. These parameters 
have been varied simultaneously according to the principles of the factorial 
experimental design. Each parameter was assumed at two levels, a highest and a lowest 
level selected either from the literature or subjectively estimated depending on the type 
of the parameter.

This introduces two types of errors. Firstly, the selection of the twenty six 
parameters from the initial total of 798 model parameters is subject to the inadequacies 
of the procedure adopted for this selection. Secondly, for examination of the twenty six 
parameters a resolution III experiment has been undertaken, which by definition 
assumes that the interactions of the parameters are unimportant. However, this 
assumption is not always valid. Possible parameter interactions have been indicated by 
the composition of the eight meta-models. Consequently, as Downing et al (1985) 
comment “the use of a resolution Rm design in cases that the interactions of the 
parameters are not unimportant can either inflate the apparent importance of 
unimportant variables or reduce the apparent importance of important ones” . In this 
case a higher resolution experiment is recommended. However, a higher resolution 
experiment was not possible because of the very large number of runs it would have 
required. Moreover since all but a small fraction of the two-factor interactions is 
significant, it is considered that the present experiment will give a rough estimate of the 
relative importance of each of the parameters examined.

An analysis of variance was performed on the twenty six parameters in order to 
estimate which of them contributed information on the prediction of the response 
function. This response function was the average percentage difference of the simulated 
and the observed ion concentrations (equation 5.21). Since the factorial experiment is 
working only for “a single statistic per simulation run” (Kleijnen, 1987), it was 
hypothesised that this function is the best index of the overall streamwater quality.

From the analysis of variance the F-ratio and the corresponding significance level 
for each parameter were estimated and this estimation was based on the assumption 
that certain parameters do not contribute to the prediction of the response function and 
their effects are due to experimental error (<r2) (equation 5.18). The selection of the 
parameters introduced to equation 5.22 for the estimation of a2 was not based on strict 
statistical criteria. Thus the true a2 would have been much lower than predicted if one 
or more effects were actually nonzero. However, a2 affects only the significance levels 
and not the ranking of the parameters which would have remained the same.
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Despite these limitations, the factorial experiment indicated that most of the 26 
parameters are significant (at the 5% significance level) in determining the catchment 
outflow hydrochemistry, which agrees with the sensitivity analysis undertaken in the 
first part of this chapter. Moreover, the experiment indicated that eight parameters 
were significant at the 0.1% significance level: the permeability and base saturation of 
the lowermost soil layer; the percentage of the mineral, the solution pH and the soil 
depth of the uppermost layer; the weathering rate dependence, the percentage of the 
forested area and the amount of sodium produced by the mineral weathering process. 
Several possible explanations can be reported to justify the apparent importance of the 
sodium weathering by-product. One explanation is that this parameter is confounded 
with an important two factor interaction. Another explanation is that since the base 
saturation was assumed to be apportioned equally between the five base cations, an 
especially high selectivity coefficient for sodium may have been generated, 
overemphasising the importance of sodium.

These eight parameters found to be significant at the 0.1% level were initially 
used for the composition of a meta-model predicting the ILWAS model response for the 
mean annual stream water pH. Two types of errors have been introduced by this. The 
choice of the form of the response function y and the choice of the parameters Xj 
through the initial screening of the 26 parameters. Nevertheless the resulting meta
model (equation 5.23) has been successful in predicting the mean annual outflow pH. 
Although no robust statistical test is available to support validation, this meta-model 
prediction of the streamwater pH was very close to the ILWAS model prediction. Most 
of the parameters and the interactions introduced to the response surface model, were 
found to be significant at the 10% significance level. The only exception was the 
percentage of the catchment occupied by the forest (parameter x8).

Similarly the results indicated that the ILWAS model response for the calcium 
mean annual concentrations is primarily affected by the weathering rate parameter a, 
the soil depth of the uppermost and the permeability of the bottom horizon. The effect 
of the parameter a on the calcium outflow concentration was found to be different at 
different levels of soil base saturation and dependent on the amount of cations produced 
by the mineral weathering process. The ILWAS model response for the sodium outflow 
concentration was represented less accurately and the results indicated that this 
response is mainly determined by the permeability of the bottom horizon and the two 
mineralogical parameters namely the weathering by-product and the parameter a. No 
appropriate form of meta-model was found for the representation of magnesium and 
potassium concentrations as they are projected by the ILWAS model. This was 
attributed to the lack of any variables accounting for the mineral weathering production
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of these ions.

Furthermore it has been indicated that the vegetation type (forested versus 
moorland) does not affect the ILWAS model response for either the pH or the cation 
mean annual outflow concentrations. In contrast the mean annual anion outflow 
concentrations were all strongly affected by the presence or not of a forested canopy in 
the area. Especially for nitrate it was suggested that apart from the presence of a 
forested canopy, the ILWAS model response is primarily determined by the soil depth 
and acidity of the upper soil horizon. In contrast the ILWAS model predictions for for 
sulphate and chloride (Tables 5.49 and 5.51) are strongly affected by the characteristics 
of the bottom horizon namely the permeability and the amount of sodium produced by 
the mineral weathering process.
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(5.5) CONCLUSION

In conclusion, the sensitivity analysis of the ILWAS model indicated that the 
accuracy of the simulated hydrochemical response of the model was primarily 
determined by a few hydrochemical parameters.

The analysis pointed to the importance of the hydrological flowpaths in 
determining the surface water quality. The hydrological variables within the soil served 
to adjust the instantaneous response of the simulated hydrology and are considered to 
be calibration parameters whose initial values can be estimated from the existing 
literature. Consequently, for a satisfactory calibration of the hydrological module site- 
specific data are only required for the variables that describe the catchment topography 
and the vegetation characteristics.

From the soil chemical processes the mineral weathering and the cation 
exchange process were the primary determinands of the catchment hydrochemistry. The 
analysis indicated that site-specific data on the mineral weathering rates and their 
dependence on the hydrogen ion concentration will be required if the model is to be 
adequately validated for a study catchment. Site-specific data are also required for the 
adsorbed cation concentrations, while the soil solution concentrations can be considered 
as the major calibration parameters for the soil chemistry part of the model. The 
inability of the model to reproduce the observed streamwater chemistry in both D3 and 
D4 catchments, as reported in chapter 4, can therefore be primarily ascribed to the lack 
of accurate mineralogical and soil data at Beddgelert. Thus the ILWAS model will only 
be usable in conjuction with a wealth of detailed hydrochemical analysis which is rarely 
available. The lack of such data will particularly affect the ability of the model to 
predict changes resulting from different land use management practices. It can, in short, 
be concluded the ability of the ILWAS model to predict the impacts of acid deposition 
and land use management changes on surface water quality will be extremely limited.

Apart from nitrate and possibly potassium, the ion concentrations in 
streamwater are not affected by the biological processes considered by the model (e.g 
litter breakdown or ion uptake) although these processes added considerably to the 
complexity of the model. Overall it has been suggested that the wealth of detail 
incorporated in the biological part of the ILWAS model is probably not necessary in 
order to predict the changes in surface water chemistry that may occur in response to 
changes in atmospheric deposition or land-use management practices.

The possibility to approximate the different features of the ILWAS model 
response by simple regression equations (meta-model) has been addressed. A series of 
consecutive steps were undertaken and eight meta-models for the main ionic outflow
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concentrations were developed. The “data” for the calibration of these meta-models 
were generated through designed experiments with the ILWAS model. With the 
exception of magnesium and potassium it was indicated that the different features of 
the ILWAS model responses can be reproduced fairly well by simple linear regression 
equations. The results indicated that the ILWAS model predictions for the base cation 
concentrations (i.e calcium and sodium) are predominantly affected by the soil mineral 
weathering and cation exchange processes while for the strong anions the presence of a 
forested canopy plays a very significant role. In both cases the hydrological flowpaths 
and the water residence times within the soil matrix are important determinands for the 
catchment outflow chemistry.

The overall implications of both the sensitivity analysis and the meta-modelling 
technique is that the catchment hydrological flowpaths, the mineral weathering and 
cation exchange characteristics; together with the soil solution concentrations, are of 
primary importance in predicting the surface water quality. The importance of these 
key variables together with the lack of influence of most of the “biological” variables 
has also been recognised in the conceptual basis of other acidification models such as the 
MAGIC and BIRKENES models. Moreover the significance of the weathering 
parameter a pointed to the importance of the representation of the weathering process 
by an appropriate formula incorporating the weathering rate dependence on the 
hydrogen ion concentration.

The meta-modelling technique has been applied herein for the first time in a 
surface water acification model. While it has many promising advantages the method 
has some limitations. Thus the uncertainty of whether the most important parameters 
were selected and introduced into the meta-models is a major problem in this approach. 
In addition, there is always the question of whether the meta-model is indeed valid, i.e 
whether the 5% level of the relative error suggested by Kleijnen (1987) is a hard 
indication of the meta-model’s validity. Nevertheless the meta-modelling technique was 
very successful in representing the ILWAS response variables at a yearly time-scale. 
The meta-models developed can, in principle, be used for a variety of purposes ranging 
from regional applications to long-term predictions. The whole technique must be 
considered as a powerful and promising approach which can be easily applied to many 
“large” , overparametrized ecological models developed to date.



CHAPTER 6

SUMMARY DISCUSSION AND CONCLUSIONS
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(6.1) SUMMARY DISCUSSION

It is now well established that acid precipitation is the primary cause of the 
observed surface water acidification and the consequent damage to aquatic biota. 
Governments of Europe and North America have shown their willingness to take 
remedial action against acidification of the environment. Such action has to be based on 
descriptions of quantitative consequences of alternative emission and deposition 
scenarios and alternative land use management practices.

In fact, several mathematical models have been developed, all with the potential 
to estimate the quality of surface water in response to varying atmospheric deposition 
and/or different land use practices. These models can be calibrated so that a 
satisfactory fit with observed data will be obtained. The credibility of the results of 
these models is, however, a key issue in using them for decision making. An essential 
aspect of the credibility of the different models is how well the user is aware of the 
uncertainties that attach to these models.

In this study two conceptual models of surface water acidification have been 
examined. The first, the MAGIC model, was applied to three forested and one 
unforested catchment in Scotland and Wales and the second, the ILWAS model, was 
applied to two forested catchments in Wales. Before drawing any inferences concerning 
the success of their application it is important to summarise the fundamental structural 
differences of these models.

MAGIC is a macroscopic long-term acidification model. Using a time-step of one 
year it has been run for 140 years starting from an initial preindustrialization level and 
arriving at the observed present day streamwater quality. The model is driven by a wet 
deposition trajectory from the initial preacidification stage up to the present-day rainfall 
chemistry. A long-term source of basic cations operates in the catchment through the 
mineral weathering process. Moreover the model includes a set of equilibrium equations 
which quantitatively describe the equilibrium soil processes and the chemical changes 
that occur as soil water enters the stream channel. To meet the requirement for plant 
uptake the model incorporates a plant uptake rate expressed as a percentage of the total 
deposited amount of the respective ion. Finally the model assumes an extra source of 
hydrogen ions in the catchment regulated by the presence of organic acids.

The ILWAS model is a microscopic, short-term model, incorporating most of the 
chemical constituents and most of the processes participating in the acidification of
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surface waters. It is divided into five distinct modules corresponding to the five 
compartments comprising the lake-watershed system, i.e., canopy, snowfall, soil, stream 
and lake compartments. The spatial heterogeneity of the lake-watershed system is 
considered in both the horizontal and the vertical direction. The model has been used in 
this study to work with a daily time-step for which mean daily precipitation and 
temperature data are necessary as inputs. Subsequently the rainwater is routed through 
the canopy into the soil matrix. The soil matrix consists of a number of horizons and 
the rainfall water which is not returned to the atmosphere by evapotranspiration can 
drain through the soil to one of these horizons and then flow laterally to streams or a 
lake. The rainfall chemistry is modified as it moves from one compartment to the 
other. The canopy collects dry and wet deposition on its surface (the mean monthly 
atmospheric and rainfall chemistry has to be provided), it exudes certain chemical 
species and may transform the ammonium and sulphur dioxide to nitrate and sulphate 
respectively. Water entering the soil accumulates additional ions through the 
decomposition of soil organic matter and the weathering of minerals. The dissolved 
cations compete one with another for available exchange sites while the dissolved anions 
are adsorbed on to the soils. Tree roots release carbon dioxide and remove essential 
nutrients for growth. The mobilisation and deposition of aluminium species in the soil 
system occur due to aluminium dissolution and precipitation and hydrologic transport. 
Throughout the winter, snowpack accumulates on the ground and on the frozen lake 
surface. Dry deposition and nitrification also occur in the snowpack. All constituents 
stored in the snowpack are leached during snowmelt, thereby generating a surge load of 
solutes. The major processes occurring in the stream are dilution, advection and 
exchange of carbon dioxide with the atmosphere. In addition to these processes, and due 
to the longer residence times in the lake chemical reactions such as nitrification, organic 
acid decay, algal uptake of nutrients and the precipitation of aluminium hydroxide are 
also incorporated into this last compartment.

The major differences of the two modelling approaches are summarised below:

• The MAGIC model has been designed to simulate long-term trends in acidification 
in contrast to the ILWAS model which has been designed to investigate the short
term, i.e daily, weekly or monthly, responses of catchments.

• MAGIC does not incorporate a hydrological module, assuming only an annual 
input/output hydrological balance. In contrast the ILWAS model includes a
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comprehensive hydrological module where the flows are determined by solution of 
conservation of mass and hydraulic equations for the canopy, snowpack, soil 
(saturated and unsaturated), streams and lake.

• No horizontal segmentation of the catchment is allowed in the MAGIC model. In 
the ILWAS model the catchment is sub-divided horizontally into a number of 
different sub-catchments with different physical and chemical characteristics.

• The MAGIC model includes a surface water compartment which allows for 
degassing of carbon dioxide. In contrast the ILWAS model incorporates both a 
comprehensive stream and a lake compartment.

• A biological component is not included in the MAGIC model. The model assumes 
that the presence of the canopy in the catchment increases the acidification input 
by a factor (the dry deposition factor) which is calculated from the mass balance of 
chloride, so that the total chloride input to the catchment is always equal to the 
total chloride output. Moreover the canopy is assumed to be a sink for nitrate and 
ammonium and any change in the deposition of these ions is immediately matched 
by an increased biological uptake of these species. In contrast the ILWAS model 
incorporates a “comprehensive” description of the role of vegetation in surface 
water acidification.

• There are likewise significant structural differences in the soil compartment of the 
two models. The MAGIC model simulates the sulphate adsorption by the use of a 
non-linear Langmuir isotherm while a linear isotherm is used by" the ILWAS model. 
The cation exchange is simulated by the Gaines-Thomas expressions in the MAGIC 
model and the Gapon expressions in the ILWAS model.

• Mineral weathering reactions in ILWAS are assumed to be a function of the mass 
of the mineral present and the hydrogen ion concentration. The amount of mineral 
weathered is calculated by a rate expression whilst the quantity of hydrogen ions 
consumed and base cations produced is determined through the mineral-specific 
weathering stoichiometry.

• The aluminium system simulated in ILWAS is more complex than that simulated 
in MAGIC, including both an equilibrium with gibbsite and a mass action rate



CHAPTER 6: SUMMARY DISCUSSION AND CONCLUSIONS -224-

expression for cases where the system is under- or over-saturated with respect to 
gibbsite.

The MAGIC model was applied to four upland catchments in Scotland and Wales. 
Calibration was achieved by a trial and error procedure, in which nineteen parameters 
were adjusted to reproduce ten observed streamwater ion concentrations and the 
historical sequence of the soil base saturation. Although the three catchments in the 
Loch Ard (Scotland) area were very close to one another, the model needed to be 
calibrated each time in order to be able to preserve the observed features of these 
catchments. Nevertheless the model was able to represent the empirically determined 
characteristics in all the four study catchments using parameter values which were well 
within an acceptable range. Several problems related to the model conceptualisation 
have been indicated from the simulation exercise.

Thus incorporation of an organic acid in catchment BURN11 produced a low pre
industrialisation pH and it was suggested that the model structure has to be modified 
from that point of view. Moreover if, as speculated, the observed chemical differences 
between the two adjacent streams BURN10 and 11 were due to the presence of 
macropores, the model would have benefited from the incorporation of a more elaborate 
hydrological module. The fact that the model was unsuccessful in reproducing the lake 
diatom data for Loch Tinker was attributed to the lack of accurate rainfall-runoff data 
for this catchment. A structural problem of the model regarding the conceptualisation 
of the aluminium system was identified in that catchment. Incorporation of a 
weathering rate dependence on both hydrogen ion and aluminium concentrations is 
considered a crucial modification to the future implementation of the model.

The MAGIC model was also used to reproduce the short-term changes resulting 
from partial deforestation in the Beddgelert area catchment. In general the model did 
not succeed in reproducing the observed changes in the streamwater chemistry and this 
was primarily attributed to the lack of a canopy module.

Subsequently the calibrated model was used for predictions. These predictions 
suggest a recent stabilisation in acidification for all the catchments, and this 
corresponds with the trends recently observed from diatom data. Moreover the model 
predicted that the effect of deforestation is less significant, in terms of pH and alkalinity 
recovery, than even the partial reduction in acid deposition. Although reduction of the 
acidification inputs to a background level resulted in the complete recovery of the pH 
and aluminium levels in stream D4 (in Wales), the model estimated that any similar
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reduction must be accompanied by deforestation of the catchments in the Loch Ard 
area for the acidification trends to be reversed. Similarly, although in the unforested 
Loch Tinker the cessation of acidification would result in rapidly declining sulphate 
concentrations up to the preacidification levels, in the forested catchments deforestation 
is also necessary for such a restoration.

Despite the fact that MAGIC is a relatively simple model the uncertainties in 
the future predictions under the different deposition scenarios are difficult to assess. The 
problem arises firstly from the lack of data needed for a rigorous identification of the 
model and secondly from the fact that such a long-term model can only be verified 
using extended data records which are very rarely available. In addition the uncertainty 
in the dry and wet deposition sequences used to drive the system is difficult to estimate. 
Thus application of the ILWAS model was undertaken in order to investigate if it was 
possible to overcome these problems by turning to a more sophisticated short-term 
model.

The ILWAS model was applied to two small forested catchments the Wales. 
Calibration of the model as presented in chapter 4, took place in three stages.

First the hydrological module was calibrated in one catchment (D3), for which 
purpose eighteen parameters describing the hydrological properties of five soil horizons 
have been adjusted by a trial and error procedure. The calibrated model was 
subsequently verified in a second catchment (D4), The hydrological response of both the 
calibration and the verification catchments was, in general, reasonably reproduced. The 
most notable failure was the model’s inability to represent the runoff response from 
discrete summer storms during predominantly dry weather, possibly due to the presence 
of macropores in the catchments. Apart from the mean daily flows the model 
reproduced accurately the throughfall volumes over a two-weekly time-scale.

Second, having secured a good simulation of the throughfall volumes, the 
throughfall chemistry module of the ILWAS model was calibrated. In view of the 
dubious quality of the observed throughfall data for the beginning of 1984, calibration 
was considered over a two-year period (1984-1985). Twenty-one parameters have been 
adjusted for this calibration. However, no data were available for the mean monthly 
ambient atmospheric concentrations, apart from a mean annual value of the sulphur 
dioxide and the nitrogen oxide concentrations; these concentrations have also been used 
as calibration parameters varying between levels specified in the literature for a similar 
site in Wales. Despite the fact that a total of 21 parameters and 168 input variables 
were adjusted, the simulation of the throughfall fluxes was poor.
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It is obvious that we are working in an area of enormous uncertainties in both 
the data and the modelling approaches. Much of the ILWAS representation of canopy 
processes is speculative with many unconvincing empirical relationships. There are also 
many parameters in the model that can be tuned in order to fit the data and, moreover 
one of the sets of input variables (the ion atmospheric concentrations) has not been 
observed at all; one is therefore free to manipulate these variables at will. It is evident 
that these uncertainties may overwhelm the ability to reproduce accurately the 
observed throughfall fluxes. Thus even if reliable data for the ion atmospheric 
concentrations are available it is considered unlikely that the model will be able to 
reproduce the throughfall fluxes in view of the uncertainty surrounding the formulation 
of the processes considered.

In the third stage of the calibration the soil chemistry part of the model was 
calibrated. Sixty-eight parameters have been adjusted to reproduce the observed mean 
monthly concentrations of the streamwater constituents. These were parameters 
concerning the mineral weathering process, the anion adsorption in each soil layer and 
the initial solute concentrations in the streamwater. Numerous parameters concerning 
the litter breakdown process have been copied from the ILWAS model data-base. 
Moreover many parameters applying to the canopy nutrition characteristics have been 
taken from the literature while others have been taken from a few spot field 
observations.

Despite the fact that a large number of model parameters were adjusted and a 
large number of simulation runs were undertaken, the model did not succeed in 
reproducing the observed monthly ion concentrations. The simulated ion concentrations 
for both the calibration and the verification years show little or no correspondence with 
the empirical data. The model was not able to reproduce the seasonal pattern of any of 
the streamwater ions. Moreover when the model was run for a continuous period of nine 
years the streamwater concentrations showed a long-term trend. This trend was 
attributed to inadequate estimation of the mineral weathering parameters.

ILWAS predictions over the nine year period were compared with MAGIC’s 
predictions over the same period under three different deposition scenarios. In contrast 
to ILWAS, MAGIC model predicts a stability in the streamwater pH even with 
substantial reductions in emissions (25% over nine years). Thus even for catchments 
with very low sulphate adsorption capacities (as is the case in the Beddgelert area), it is 
unlikely that MAGIC is able to predict a rapid (over some years) restoration of 
streamwater pH. This results from the assumption for constant weathering rates over
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the whole simulation period. Hence implementation of the mineral weathering process is 
too complex in the case of ILWAS while it is too simplistic in the case of MAGIC 
model, so that none of those two models can be used for accurate predictions of 
streamwater acidification trends. Given the inherent uncertainties in the weathering 
rates alone (not to mention the nutrient uptake rates, soil solution reactions e.t.c) it was 
concluded that long-term fore- and hindcasts of streamwater quality using conceptual 
models, must be regarded with sceptisism.

A major problem associated with the conceptualisation of the ILWAS model is 
the disagreement between the time-scales used for the hydrological and the chemical 
parts of the model. Thus a daily time-step is used for the simulation of the catchment 
hydrology while mean monthly precipitation quality data are used to drive the chemical 
part of the model. Such averaging of the input data will serve to smooth the 
streamwater response even before implementation of the model simulation. A monthly 
time-scale is therefore the minimum necessary resolution of the ILWAS model.

In order to assess the uncertainty of this model’s results arising from parameter 
uncertainty, a sensitivity analysis of the ILWAS model was undertaken. The results of 
this analysis indicated that the model has “surplus content” . The wealth of information 
concerning the biological component of the model produces very slight or no differences 
in the mean annual streamwater concentrations. Similarly most of the parameters 
related to the middle horizons of the soil i.e., the second, third and fourth horizons did 
not affect the model responses. From the soil solution chemistry parameters the model 
was mostly affected by the base saturation of the uppermost and the lowermost horizons 
and the initial solution pH of these horizons. The model was also found to be sensitive 
to the mineral weathering parameters i.e the weathering by-products and the 
weathering rate dependence on the hydrogen ion. The pronounced effect of the 
weathering rate dependence over the long-term introduces the need for a long-term 
calibration of the model. As with the MAGIC model application, sulphate adsorption 
was found to be very low in these catchments. The sensitivity analysis revealed that the 
sulphate output is sensitive to the air concentrations of sulphur dioxide and sulphate 
and also to the soil water chemistry of the top and bottom soil horizons.

The purpose of the meta-modelling technique presented in chapter 5 was to 
describe both qualitatively and quantitatively the mechanisms/processes determining 
the behaviour of the ILWAS model. The results indicated that the different response 
variables incorporated by the model were affected by different sets of parameters. As 
calibrated for the Beddgelert area the ILWAS model response for calcium depended on
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the hydrological flowpaths, the mineral weathering and the base saturation processes 
taking place in the bottom of the soil profile. Sodium is determined primarily by the 
soil hydrology and mineralogy. The presence of the forested area is of secondary 
importance for the base cation concentrations in streamwater. In contrast to the base 
cations the ILWAS model predictions for the streamwater anion concentrations were all 
strongly affected by the presence of a forested canopy in the area. The meta-modelling 
technique has proved very successful in approximating the ILWAS model by simple 
regression equations. Thus apart from magnesium and potassium the annual response 
characteristics of the ILWAS model were approximated fairly well on a yearly basis. 
The meta-models in particular for the streamwater anion concentrations and the pH 
yielded a very good fit (R2 > 0.99).

(6.2) CONCLUSIONS

The MAGIC model was generally able to reproduce the observed features of the 
streamwater quality in all the catchments where it was applied. Overall it was 
considered that the model’s response over the 280 years simulation period would have 
been more accurate if its chemical sub-model were coupled to a more elaborate 
hydrological sub-model. Such a sub-model has to incorporate some key processes such as 
the macropore flow and the dynamic change in the rainfall-runoff ratio according to the 
different land-use management practices occurring during the simulation period. 
Moreover it was suggested that that part of the model, associated with the presence of 
organic acid will result in an erroneous estimation of the mean annual streamwater pH, 
in particular for the preacidification period. Furthermore, the assumption that the 
mineral weathering process is constant throughout the simulation period is probably too 
weak and may result in serious errors in reconstructing the historical sequence of the 
streamwater pH, especially in cases where a very low soil sulphate adsorption occurs.

A long-term acidification model such as the MAGIC model must take into 
account the effects of cation and anion uptake by trees during their growth. More 
significantly however, the assumption of the model that all incoming nitrate and 
ammonium is taken up by the biota has to be modified in view of the recent evidence 
that nitrate is starting to play an important role in lake acidification (Henriksen and 
Brakke, 1988).

In contrast to the MAGIC model, the ILWAS model was generally unable to
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reproduce the observed catchment hydrochemistry, although it must be noted that the 
task of ILWAS was much more challenging than MAGIC’s rather modest objective of 
matching the average, annual chemical characteristics. Several problems associated with 
the very large number of input variables and parameters required by the model, the 
dubious quality of the observed data and the model structure have been discussed. The 
sensitivity analysis of the model reported in chapter 5 indicated that the catchment 
hydrochemical response is affected by only a few key processes with the majority of the 
model coefficients playing very little or no role in the output performance of the model. 
The most overparameterised part of the model is that associated with the litter 
breakdown process and the canopy nutrition characteristics. Similarly most of the 
parameters incorporated in the canopy module were found to be redundant, with the 
exception of the deposition velocities. A crucial limitation of the model regarding the 
inconsistency between the time-scales for the hydrological and the chemical part of the 
model was also discussed.

Within the soil chemistry part of the model, the sensitivity analysis dictated that 
the mineral weathering and the cation exchange process, together with the soil solution 
characteristics, which are used to specify the selectivity coefficients, were major factors 
affecting the catchment outflow chemistry. The importance of these processes has 
already been recognised in most of the existing surface water acidification models.

Sensitivity analysis has been followed by the meta-modelling technique applied 
here for the first time in a surface water acidification model. Despite its limitations this 
technique has proved to be successful in representing some attributes of the ILWAS 
model response by simple regression equations (meta-models). The methodology 
elucidated the quantitative representation of the mechanisms governing the ILWAS 
model behaviour. The meta-models developed can be used as a simple substitute for the 
complex ILWAS in situations where available data on a region of interest are severely 
limited. The meta-modelling technique is also proposed as an elegant method of 
simplifying a complex model for regional application and as an efficient means of 
identifying key model parameters. Experimental design has also been proved a valuable 
tool for improving the efficiency and effectiveness of experiments with simulation 
models.

Application of these two different conceptual models (MAGIC and ILWAS) 
demonstrated a major problem inherent in all efforts to model acid deposition effects: 
lack of data needed for rigorous identification of model structures and the estimation of 
parameter values. The problem is that surface water acidification is controlled by many
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complex processes presenting a substantial spatial and temporal variability (e.g 
chemical equilibrium (fractions of a second), catchment hydrology (hours and days), 
mineral weathering (months and years)). Conceptual surface water acidification models 
thus contain soil and soil water variables that are infrequently (if ever) measured in the 
field. Without measurements of the internal state variables, the models can not be 
sufficiently constrained, and unique calibration of them is not possible. There are 
therefore many combinations of parameter values which can provide equally good fits of 
the model to the data; this results in ambiguity in the interpretation of past behaviour 
and is likely to propagate forward into ambiguous predictions of future behaviour. In 
addition the long-term models can, strictly speaking, only be calibrated and verified 
using long time series of data from natural systems. Such extended records exist for 
very few catchments, although simulation exercises in which the response times are on 
the order of decades (MAGIC) suggest that even the longest data records may be 
inadequate.

The results of the application of the ILWAS model indicated that incorporation 
of every conceivable detail in a model structure obscures the uncertainties in the 
estimation of the parameters. An adequate calibration is a necessary (although not 
sufficient) condition for a model to be able to be used for predictions. In fact, given the 
lack of data and the computational effort involved such a complex model can be 
sufficiently calibrated for very few catchments around the world.

Despite these limitations, there is much that can be learned from the process of 
constructing and testing acidification models. Even though traditional tests of models 
against observations on real systems may not be possible, we can conduct simulation 
experiments in which alternative model structures (or parameter values) are compared 
to each other. In many cases, the simulations may reveal unsuspected or inconsistent 
behaviour that would lead us to adopt more sophisticated structures, or to delete 
components that have no demonstrable effect on the variables of interest. Speculative 
simulation exercises may also indicate new or different directions of field experiments 
that have to be undertaken to address the problem of surface water acidification.

(6.3) FUTURE RESEARCH

Modelling surface water acidification is subject to severe difficulties, mainly due 
to the multi-disciplinary i.e., chemical, biological and hydrological, nature of the
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problem. Despite the fact that the “soil chemistry” part of the problem is most 
complicated, it is considered that this part is well documented and adequately 
formulated. However there is still some progress to be made in respect to the 
hydrological and biological component of the problem.

There is an obvious need for development of a new canopy sub-model to be used 
in conjunction with the already developed acidification models. To this end new field 
studies must focus upon the collection of accurate and detailed measurements on 
forested vegetation dynamics. From these data a canopy sub-model has to be conceived 
and this must be able to determine satisfactorily the contribution of dry deposition 
inputs and the role of vegetation uptake rates in modifying the catchment 
hydrochemistry.

Moreover both modelling approaches revealed a particular requirement for more 
data on flow pathways and transit times of water through a catchment. These data will 
be subsequently used for the development of an improved hydrological sub-model which 
has to take into account the flow reaching the stream with little contact with the soil 
matrix (macropore flow).

The meta-modelling technique applied to the ILWAS model gave promising 
results. The technique is versatile and can in principle be applied to different ecological 
models for different purposes such as sensitivity analysis and regional applications. 
Simple meta-models built on top of those ecological models will provide the policy
makers with a concise overview of the quantitative implications of different ecological 
decisions.
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