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Summary

Biological monitoring has a long history in freshwaters, where much of the pioneering work in this field was developed over a hundred years ago – but few of the traditional monitoring tools provide the global perspective on biodiversity loss and its consequences for ecosystem functioning that are now needed. Rather than forcing existing monitoring paradigms to respond to questions they were never originally designed to address, we need to take a step back and assess the prospects for novel approaches that could be developed and adopted in the future. To resolve some of the issues with indicators currently used to inform policymakers, we highlight new biological monitoring tools that are being used, or could be developed in the near future, which (1) consider less-studied taxonomic groups; (2) are standardised across regions to allow global comparisons, and (3) measure change over multiple time points. The new tools we suggest make use of some of the key technological and logistical advances seen in recent years – including remote sensing, molecular tools, and local-to-global citizen science networks. We recommend that these new indicators should be considered in future assessments of freshwater ecosystem health and contribute to the evidence base for global to regional (and national) assessments of biodiversity and ecosystem services: for example, within the emerging framework of the Intergovernmental Platform on Biodiversity and Ecosystem Services. 






Introduction 

The unprecedented rate of decline in global biodiversity has been linked to anthropogenic stressors including habitat loss, pollution, the changing climate and species invasions (Global Biodiversity Outlook 4 2014; WWF 2014). These stressors are expected to become both more widespread and more intense in the future as the growing human population imposes an ever stronger footprint on natural ecosystems, and temperatures continue to rise (Bellard et al. 2012; Tittensor et al. 2014). In recent years, there has been a call for the use of bioindicators by policymakers to monitor and predict the impacts of these multiple environmental stressors on ecosystems (Pereira et al. 2013; Hoffmann et al. 2014). However, many current indicators for freshwater systems simply quantify drivers of change, such as temperature or the number of non-native species, and we urgently need new indicators of modifications in ecological state (i.e. loss of biodiversity and associated ecosystem functioning). In particular, these need to enable us to link cause to effect, and structure to function across multiple levels of organisation – from genes to entire ecosystems. 

Decision-makers need monitoring that is simple, effective, and which allows them to measure the efficiency of interventions or management actions that were undertaken in response to environmental impacts (Pereira et al. 2013). This has resulted in the recent establishment of collaborative platforms, such as the Intergovernmental Platform on Biodiversity and Ecosystem Services (IPBES) to assess the state of biodiversity and the ecosystem services it provides. However, many current indicators, such as extinction risk, are often based on secondary information of typically rather abstract, derived measures or proxies, rather than on primary data. Moreover, the predictive power of freshwater indicators is often constrained by measures of biodiversity loss that are taxonomically and trophically biased towards easily sampled and readily identifiable taxa (e.g., fishes and macroinvertbrates), have a patchy global coverage and/or are incomparable between regions due to the high degree of local contingency in their historical development (Revenga et al. 2005; Nicholson et al. 2012). This may seem surprising because freshwater systems are home to ~10% of the Earths diversity despite only covering <1% of total surface area (Dudgeon et al. 2006; Strayer and Dudgeon 2010), and the earliest pioneering work in biomonitoring was initiated in these systems well over a century ago (Friberg et al 2011). Endemism is also unusually high: for example, it is close to 100% in the diverse fish communities of Lake Malawi (~1000 species) and Lake Victoria (~500 species; Salzburger et al 2005). This has resulted in a focus on uniqueness, rarity, and species richness, rather than aiming to develop globally applicable monitoring schemes and those focused on ecosystem properties. Freshwater ecosystems are also increasingly recognised for the essential ‘goods and services’ that they provide, such as flood mitigation, fish protein, and in particular, drinking water, yet many of the underlying links between biodiversity and the delivery of these outputs are still poorly understood (Durance et al 2015; Raffaelli et al. 2014). Even the link between the precursors to service delivery - ecosystem functioning, and biodiversity is still poorly characterised, especially in terms of how its relationship to biodiversity is shaped by environmental conditions (but see Perkins et al 2015).  

The relatively few larger-scale surveys that have been conducted in freshwater systems show that diversity is declining much faster than in terrestrial and marine realms (Stayer and Dudgeon 2010), underlining how vulnerable they are to environmental change. For example, The Living Planet report estimated alarming average population declines of 76% between 1970 and 2010 in freshwater species (WWF 2014). However, this indicator only focuses on vertebrates and therefore does not consider some of the most diverse groups in freshwaters (e.g. invertebrates, microbes, parasites and plants), highlighting the need for new monitoring approaches which consider other important taxonomic groups. These surveys are also often patchy and scarce in both time and space and are therefore highly aggregated into coarse metrics at large scales: thus, there is a pressing need for new indicators that quantify biodiversity loss across wide spatial and temporal scales. A wide global coverage with multiple time points would allow policy makers to compare diversity change between regions, and identify drivers of diversity loss over time. However, some form of taxon-free or functional approach is likely to be needed to circumvent some of the problems arising from biogeographical differences among functionally similar systems (Friger et al 2011), which is still largely non-existent beyond local to regional scales. Here we gauge the potential of some indicators which could meet some or all of these requirements, and which we argue should be urgently considered for adoption in future global monitoring programmes. 

Invertebrates as indicators of ecosystem state

Invertebrates are one of the most diverse groups in freshwater ecosystems and are essential for the delivery of many ecosystem processes, such as decomposition (Chauvet et al 2016 THIS VOLUME), and they link plant primary production to higher trophic levels, such as fish and the ecosystem services they underpin. Despite this, indicators of macroinvertebrate abundance or diversity are rarely considered by policymakers beyond local to national scales. Their many shortcomings have been reviewed extensively elsewhere in recent years (Friberg et al. 2011; Baird and Hajibabaei 2012; Gray et al. 2014), so we will not revisit these issues in any great detail here beyond a cursory overview. 

One approach to providing regional and global perspectives would be to develop a uniform measure of change in invertebrate biodiversity (and potentially any other grouping of taxa) by comparing disturbed sites to relatively pristine sites as a baseline (e.g. Scholes and Biggs 2005). There are already many existing regional indicators of river health based on macroinvertebrate community composition. For instance, the South African Scoring System (SASS) assigns invertebrate families a sensitivity score (according to the water quality conditions they are known to tolerate) which is then used to calculate a score of overall river health based on the community assemblage (Dickens et al. 2002). Similar indicators, which are founded on typologies or comparisons to reference conditions, include RIVPACS (River Invertebrate Prediction and Classification System; Wright et al. 1998) in the United Kingdom, PERLA in the Czech Republic (Kokes et al. 2006), AUSRIVAS (Australian River Assessment System; Smith et al. 1999) in Australia, MCI (Macroinvertebrates Community Index; Stark, 1985) in New Zealand, and the IBCH index in Switzerland (Altermatt et al. 2013, Stucki 2010). Differences between each approach make it difficult to compare absolute biodiversity; however, it is possible to use the data to determine important trends. Since the scores of river health are typically based on natural reference conditions of relatively unimpacted invertebrate diversity, the data will indicate if a location has experienced biodiversity change. This information can then be synthesised at a larger scale to make more meaningful comparisons of macroinvertebrate community health. Such indices, however, are not designed to disentangle the impacts of multiple stressors (Box 1), and most have focused on either a single stressor such as organic pollution or acidification, or provide “blackbox” measures of overall stress of an undefined and unknown suite of stressors.  

INSERT BOX 1 NEAR HERE
Box 1 - Multiple indicators for multiple stressors: While ecological indicators provide a useful tool to track and compare ecosystem states or trends, disentangling indicator drivers can be particularly challenging due to multiple interacting stressors. Freshwater indicator responses frequently demonstrate complex synergistic, antagonistic or reversal of effects to multiple stressors that cannot be predicted from knowledge of their single effects acting in isolation (Jackson et al. 2016). Additionally, some response indicators which have traditionally been used to assess ecosystem state may become increasingly unreliable in the future, e.g., under a warming climate (Piggott et al. 2015a). Coupled with this challenge are the shifting baselines and emergent novel ecosystem properties that the multiple drivers of global change may manifest. Responses to multiple stressors are also highly context dependent, with the same taxonomic group often responding to the same set of stressors in different ways in different places (Jackson et al. 2016). 
Integrative indices may be less susceptible to multiple-stressor effects that dampen and diffuse effects at lower levels of organisation (Crain et al. 2008); however evidence for this is inconclusive. A possible solution might involve the use of multiple indicators in combination to help disentangle stressor effects when they are in opposite directions (i.e. one stressor causes diversity loss, and the other an increase; Piggott et al. 2015b). In this case, a complementary approach which employs both indicators of drivers of change (i.e. the number of non-native species and temperature) and indicators of ecosystem state (i.e. diversity measures) could be used to disaggregate stressor effects. A similar problem occurs when different taxonomic groups respond in different ways (i.e. fish and plants experience a decline and increase in diversity, respectively). 
Indicators of whole ecosystem change at the network level (e.g. food webs) will also be valuable when unravelling the multiple responses of ecosystems to multiple stressors. This approach will provide a whole ecosystem perspective which is consistent and comparable between regions (Gray et al. 2014; QUINTESSENCE Consortium 2016). Network metrics such as connectance (i.e. the number of food web links) will permit taxonomic free whole food web responses and, in some cases, the impacts of multiple stressors may only manifest at this level of organisation (O’Gorman et al. 2012; Gray et al. 2014). For example, a network approach was successfully employed to disentangle the roles of flood disturbance and urbanisation in structuring stream biodiversity in Italy (Calizza et al. 2015), and to quantify the impact of inorganic nutrients and organic matter on intertidal food web in Ireland (O’Gorman et al. 2012; Figure 1). At present though, these more holistic and information-rich approaches are still in the early stages of development as novel monitoring tools (e.g. Thompson et al 2016; Gray et al, THIS VOLUME) and still some way behind the other more measures we have highlighted here as approaches that could realistically be applied globally in the near-future.	

Citizen science groups are increasingly expanding the spatial and temporal coverage of invertebrate-based approaches. For instance, the Riverfly Partnership (http://www.riverflies.org/) in the United Kingdom is a network of citizen scientists who are trained in a simple invertebrate monitoring technique to classify river health (Box 2). MiniSASS (http://www.minisass.org/) in South Africa uses a similar approach and both have large and growing online data repositories (Box 2). We suggest that combining these river health indicators across a global scale with the aid of citizen science networks will increase our knowledge on the extent of biodiversity change in macroinvertebrate communities across the globe. There is increasing evidence that these ideas are being taken up at an accelerating rate, often from a combination of top-down and bottom-up grassroots co-ordination (Huddart et al 2016). The key challenge to overcome in the coming years is to find an effective means to maintain continuity and quality control in these largely self-organising and otherwise unregulated bodies (Follett and Strezov, 2015; Huddart et al 2016).

 


INSERT BOX 2 NEAR HERE
Box 2 - Citizen Science Networks: A citizen scientist is a volunteer who collects or processes data, usually with the backing of a scientist or research project. Ecological projects involving citizen scientists are growing (Silvertown et al. 2009) with the general public’s mounting interest in protecting the environment. Two examples from the freshwater realm are miniSASS in South Africa and the Riverfly Partnership in the United Kingdom, both use simple macroinvertebrate monitoring to categorise river health (Figure 2). In South Africa, 462 sites are monitored by miniSASS volunteers and in the last assessment (data obtained in March 2016), 46% were categorised as very poor, 12% as poor, 16% as fair, 17% as good and 9% as very good (Figure 2a). In the UK, The Riverfly Partnership uses a slightly different scoring technique (Huddart et al 2016), but we were able to use the information to assign comparable health categories (Figure 2). A total of 449 sites are monitored in the United Kingdom and in the last assessment (data obtained March 2016) 8% were categorised as very poor, 31% as poor, 39% as fair, 20% as good and 2% as very good (Figure 2b). If such schemes could be expanded to other countries, the data could be added to a global database of invertebrate community health and, therefore, overall river health. 

The use of invertebrate species functional traits (i.e. inherited characteristics of species, such as the presence of external gills) to monitor diversity change has recently gathered momentum because it allows comparison across spatial and temporal scales, avoiding problems associated with biogeographical uniqueness and endemism (Statzner et al. 1997; Mcgill et al. 2006; Beche et al. 2006; Costello et al. 2015). They are also rooted in ecological and evolutionary concepts related to ecological equivalence and convergent evolution, as well as redundancy, which resonate with the body of theory built up around research into the resilience of biodiversity-ecosystem functioning relationships under environmental change. Trait-based indicators can thus be standardised across areas with different species diversity to predict changes in ecosystem functioning, as well as providing complementary and unique information that goes beyond simple species richness-based indices (Seymour et al. 2016). For instance, the morphological traits of some invertebrate species allow the consumption of leaf litter at different rates (Chauvet el al 2016 THIS VOLUME). Therefore, leaf-litter decomposition, a key ecosystem function, depends on the diversity of this trait within the ecosystem (Crowl et al. 2001; Chauvet el al. 2016 THIS VOLUME). Additionally, because traits relate directly to environmental characteristics such as temperature and water flow, they provide a good mechanistic understanding of how environmental change influences biotic communities, and are therefore a step towards diagnosing cause and effect (Doledec et al. 1999; Rabeni et al. 2005). 

Numerous studies have shown that macroinvertebrate trait metrics can be sensitive to human stressors (Doledec et al. 1999; Charvet et al. 2000; Menezes et al. 2010; Boersma et al. 2016), but there is still a need to gather additional evidence concerning the overall effectiveness of a species trait approach at global scales (Demars et al. 2012).  Trait-based indicators are also still subject to many of the same constraints as taxonomic-based macroinvertebrates indices, in that both need to be clearly linked to the stressor in question, and also to provide sufficient accuracy and precision to detect changing conditions. However, there is undoubtedly real scope for using species traits as global indicators of biodiversity change because they are spatially robust across biogeographically distinct regions, but additional research is needed to make these indicators operative at such scales. In particular, careful selection of traits would allow differentiation between response to environmental variability (response traits) and effects on ecosystem functioning (effect traits) (Sterk et al 2013).

Decomposition–based indicators 

Despite not always relating directly to biodiversity, an alternative to an invertebrate based approach is the direct measurement of the important ecosystem services that invertebrates and micro-organisms perform. For instance, decomposition, the processing of organic-matter, is a universal ecosystem process with many attributes that make it an obvious and logical choice for use as an indicator of human impacts at local to global scales (Chauvet et al 2016 THIS VOLUME).  Foremost among these is its sensitivity to some of the most pressing threats in freshwaters, including chemical pollution, warming and land-use change (e.g., Hldayz et al 2011; Woodward et al 2012; Perkins et al 2015; Griffiths and Tiegs, 2016).  Additionally, given the vital significance of decomposition to the functioning of freshwater ecosystems, given that it underpins the bulk of the trophic basis of production in many systems, around the globe, a large body of literature has been devoted to its study.  This body of work can now be used to conduct formal large scale analyses or meta-analyses to interpret data in the context of a wide range of human impacts (Chauvet et al 2016 THIS VOLUME).  Most decomposition assays are ‘taxon-free’ and therefore do not require any taxonomic expertise; in most cases they simply measure mass loss (or an associated proxy) of a substrate (usually leaf-litter) over time.  They are also simple and inexpensive, and some can be highly standardised.  For example, cotton strip assays (CSAs) provide an easily repeatable way to quantify organic-matter decomposition by microbes in aquatic habitats.  Unlike most traditional decomposition assays that rely on the quantification of mass loss of terrestrial leaf-litter, the CSA operates by determining the loss of tensile strength of standardized cotton fabric, a process that equates to the degradation of cellulose – an important source of carbon in its globally most abundant forms as a food resource, in many ecosystems (Tiegs et al. 2013). Given its pivotal role at the base of the food web, changes in the processing rates of cellulose decomposition provide a universal measure of one of the most common ecosystem processes on the planet, and one that is sensitve to environmental change (e.g. Jenkins et al 2013).  Since this approach is comparable at any scale and simple to use (and therefore could also be deployed by citizen science networks), it has the potential to become one of the first bioindicators available to ecologists at a spatio-temporal resolution previously only known for physio-chemical indicators, such as temperature or water chemistry (Chauvet et al 2016 THIS VOLUME). 

Fishery indicators: learning from the marine realm 

At the opposite end of aquatic food chains, indicators related to fisheries are widely used in the marine realm (e.g. Coll et al. 2015; http://www.indiseas.org/) although their inland counterparts are still surprisingly rarely considered by policymakers despite the importance of freshwater fisheries, especially in many developing countries (Brummett et al. 2013). This is exemplified by the Food and Agriculture Organisation of the United Nations (FAO; http://www.fao.org/fishery) fishery catch database, which found in 2008 alone that >10 million metric tonnes of fish were produced by freshwater fisheries (Brummett et al. 2013). These productivity data are freely available and, in marine ecosystems, are employed as useful indicators of both fishery health and overall ecosystem condition. Indicators for the Seas, a programme that evaluates effects of fishing on marine ecosystems, suggests using multiple fish-based indicators simultaneously, such as average fish size (which depends on the impact of harvests), the average trophic level of landed catch (i.e. catch composition), and total biomass of surveyed species (i.e total production; Coll et al. 2015) as a fundamental set of indicators. Analogous indicators can be derived from freshwater ecosystems, and where fishery yields are influenced by both human and environmental drivers, including harvesting, nutrient loading, climate and pollution; clear links can be established to these stressors that could be rolled out as a basic global bio-assessment scheme (Allan et al. 2005, Welcomme et al. 2010, Pauly and Froese 2012). Catch data allow for the assessment of not only changes in total landings, but also for changes in species composition, trophic level and abundance, which are all recognised as good indicators of the impacts of exploitation (Allan et al. 2005). Additionally, recent evidence suggests that yield is directly correlated with fish biodiversity (Brooks et al. 2016). 

Inland fisheries catches are reported via the FAO for 156 countries (Garibaldi 2012, Bartley et al. 2015) and more disaggregated catch and effort data (e.g. number of fishers, boats and fishing gear) are also often available. However, data quality is variable and while some countries have a >40 year time series of catch and effort data (e.g. Malawi, Weyl et al. 2010), data are still lacking for others (Welcomme, 2011). Additionally, some lake systems are not fished, and in others there are considerable challenges regarding the accuracy of reported data (Welcomme et al. 2010; Garibaldi 2012; Bartley et al. 2015). The social and economic value of inland fisheries is gaining increased recognition (Welcomme et al. 2010; Brummett et al. 2013) and we contend that they have additional value as global indicators for ecosystem change, which could be adopted relatively quickly by building on the approaches already developed in marine systems.

Molecular-based indicators 

Classic indicators of freshwater diversity focus only on a small subset of taxonomic groups embedded within the wider food web, such as fish. Furthermore, these indices are often not standardised across regions, so comparisons of ecological state are difficult. Trait-based approaches or measures of functional diversity provide one avenue to standardise indicator assessments. Alternatively, assessments based on molecular markers, particularly nucleic acids (DNA or RNA), have the potential to provide both taxonomic and functional data, across all three domains of life, and at a fraction of the cost and time associated with traditional approaches. Recent reductions in the cost and capacity of DNA sequencing technologies (i.e. Next Generation Sequencing; NGS), alongside more effective methods of extracting DNA from environmental samples and other novel DNA-based techniques (e.g. metabarcoding of pooled invertebrate samples), have highlighted the potential for these molecular methods to become a unifying and globally comparable indicator of freshwater diversity (Lodge et al. 2012; Bohmann et al. 2014; Mächler et al. 2016). 

Environmental DNA (eDNA) is ubiquitous in ecosystems, originating from organismal excretions and loose cells (including microbes), among many other sources. This ubiquity of eDNA, coupled with the assumption that all taxa produce it and that sampling methods can be standardised, has led to an emergent research field promoting eDNA as the solution for rapid, non-invasive monitoring of species from any environment (Bohmann et al. 2014). eDNA approaches typically focus on the isolation of free DNA directly from the environment followed by some form of taxon-specific quantification based around PCR amplification of the eDNA (e.g. for NGS community-level analysis, or to quantify specific populations via qPCR). Thus, these approaches are still intrinsically linked to providing taxonomic-based assessments of biodiversity, albeit at a range of taxonomic breadths decided by the practitioner. This link to taxonomy in itself is not a major problem, as eDNA approaches can be designed to simultaneously target the majority of major taxonomic or functional groups, moving freshwater monitoring away from a narrow focus around a few specific species (e.g. fish). This combined with the speed and ever decreasing cost of eDNA approaches makes them a very attractive monitoring option. Furthermore, by combining eDNA-based data targeting maximum taxonomic coverage with machine-learning based approaches, the ecological networks (e.g. food webs and/or species interaction networks) present in the system can be resolved (Vacher et al. 2016). Subsequently this information can generate a range of network properties (e.g. connectance, linkage strength; see Box 1) that can provide a universal set of measures for monitoring that do not require an a priori knowledge of the ecosystem or a specific composition of species to be present.  A major advantage of these more holistic measures over traditional trait-based approaches is that they can take into account whole system properties and also indirect effects of species interactions – which often give rise to “ecological surprises” or hystereses, such as trophic cascades and regime shifts, in biomonitoring schemes.  In essence, they represent a next step beyond autecological species traits to more synecological attributes that arise from those traits at the whole-system level (Gray et al 2014).

Despite its huge potential and appeal, our current ability to detect eDNA within aquatic systems is still primarily a function of time from cellular release, as exposure to UV light and extracellular enzymatic activity from microbes cleaves eDNA into shorter fragments until it is impractical to investigate or is completely degraded (Rees et al. 2014).  These constraints need to be far better charaterised and understood as part of the quality control process we now need to develop if the field is to mature sufficiently to deliver fully on its promise. Spatial limits to detection are determined by how far eDNA diffuses or actively travels before it is fully degraded, which can be over 10km from its source within a few days or weeks (Deiner and Altermatt, 2014). Alternatively, these methodological constraints could be considered strengths depending on the context and scale of assessment in which eDNA approaches are deployed – especially for global monitoring that aims to use a relatively small number of widely dispersed spot measurements to characterise ecological systems over much larger scales. If monitoring is to move away from point measures of biodiversity to catchment-scale evaluations, then eDNA holds massive potential as it has the ability to integrate measure of biodiversity over large spatial, but short temporal, scales. Furthermore, if more precise predictions of eDNA sources are required (e.g. for fine scale evaluation of an organisms range), then it is feasible that DNA degradation rates from controlled sources may be used to evaluate how long eDNA persists within the environment. In turn this generates additional data for monitoring, as it provides information on UV penetration and microbial activity within aquatic systems, which could contribute towards a metric of aquatic ecosystem health and potentially of ecosystem services, such as water purification by microbes.

Arguably, one of the main strengths of nucleic acid (DNA or RNA) based approaches for monitoring is broad-scale evaluations of functionally important groups, notably microbes, via either non-targeted shotgun methods (i.e. NGS metagenomics and metatranscriptomics) or targeted approaches (NGS amplicon techniques or qPCR). Microbial communities underpin almost all ecosystem functions, and support the key biogeochemical processes and macronutrient cycles. In addition, microbial populations and the associated functional genes that regulate macronutrient cycling are reasonably well known (Nedwell et al. 2016 THIS VOLUME), and changes in these across environmental gradients are increasingly being characterised in the field (e.g. Lansdown et al. 2016). Yet despite the functional importance of these groups, and established NGS and qPCR approaches for quantifying them (e.g. Papaspyrou et al. 2014; Li et al. 2015; Lansdown et al. 2016; Thompson et al. 2016), they are still rarely included in monitoring of diversity change. Combining information on functionally important groups of microbes with eDNA based assessments of biodiversity could provide a new paradigm in monitoring, as it provides direct insights into the functional capacity and health of ecosystems. Furthermore, a non-targeted metagenomic approach will also capture microbial responses to novel energy sources used for their metabolism (e.g. organophosphates, hydrocarbons, lipids), providing a rapid indicator of potential pollution events. For example, a small spill of the organophosphate chlorpyrifos, which wiped out invertebrate life over a 15km stretch of a UK river, triggered a greater than three orders of magnitude increase in the abundance of microbial populations containing the organophosphate hydrolase gene (opd; Thompson et al. 2016). In addition, collection of the samples required for all molecular approaches is straightforward and therefore there is potential for convergence with with citizen science approaches (Box 2) and global coverage is feasible. 

Indicators of change across space and time

Macroinvertebrate, fishery, molecular-based and decomposition-based indicators all have the potential to be standardised across space and time, but current coverage is limited and, in many instances, data from developing countries are absent or estimated. There is, therefore, a need for indicators which already have a standardised methodology across a global scale and long time span.  For instance, The Global Lake Ecological Observatory Network (GLEON; http://gleon.org/) has a worldwide network of data gathering buoys in lakes to document changes that occur in response to different stressors. Data collected include water temperature, dissolved oxygen and phytoplankton chlorophyll fluorescence. Similarly, International Rivers (www.internationalrivers.org/worldsrivers) has coverage of river health across 50 major river basins. Many indicators are associated with drivers of change (e.g. number of dams and percentage of non-native fish) but indicators of species richness are also available, although they are taxonomically biased with a focus on mammals and birds.  These global observatories clearly offer potential for building on existing infrastructure or sampling programmes to incorporate some of the new measures advocated here, and at relatively minimal cost when compared with the creation of new projects from scratch (Nedwell et al. THIS ISSUE). 

Remote sensing technology also has the advantage of offering global coverage data that can be standardised and repeatable over multiple scales in time and space. Currently, despite initially high development and deployment costs, sensors on board satellites offer arguably the most cost-effective long-term global monitoring capability, and recent developments have opened new possibilities for freshwater ecosystems. Earth observation platforms are now providing increasingly higher spatial and spectral resolution data that can be adapted to gain meaningful measurements as biological indicators of change, for instance aquatic vegetation coverage, phytoplankton functional types and water column chlorophyll-a concentration (Devred et al. 2013; Legleiter et al. 2014). Applications to lake ecosystems are widespread (Matthews et al. 2011), and global monitoring programmes are already being implemented, including Diversity II (www.diversity2.info) and Globolakes (Figure 3, www.globolakes.ac.uk) which, even in these early stages, already cover 340 and 971 lakes each, respectively. A promising avenue for freshwater ecosystem applications lies in hyperspectral technologies: the hundreds of narrow spectral bands provide more information on water column constituents such as phycocyanin, chlorophyll-a, suspended mater, phytoplankton functional types, and benthic composition (Devred et al., 2013). However, there are still high costs of transmitting, storing and manipulating these very large datasets, although the rapidly moving developments in infrastructure and computational capacity are likely to resolve these issues in the near future (Hestri et al. 2015), and several new hyperspectral global mapping programs are due to launch soon (e.g. HyspIRI, https://hyspiri.jpl.nasa.gov and EnMap, http://www.enmap.org).  Moreover, lightweight hyperspectral cameras on board small airborne devices, such as drones, open significant possibilities for monitoring key freshwater ecosystems such as headwater streams that are currently out of reach from satellites (Pajares et al. 2015, Lee et al. 2011). 

Remote sensing can also be used to evaluate past environmental stressors by using repositories of historical aerial imagery and maps that can be digitized and compared with more-recent images. For example, historical aerial photographs have been used to quantify the long-term geomorphic response of river channels to dam construction and water abstraction (e.g., Gurnell et. al 1994; Tiegs and Pohl 2005). Another option involves palaeo techniques, where hindcasting of past conditions and diversity is achieved by examining organisms preserved in lake sediment profiles (e.g. Smol and Cumming 2008). This approach could benefit from taxonomy-free DNA techniques to reconstruct past community responses to stressors, and evaluate ecosystem and diversity change through time. For example, ancient DNA (aDNA), an emerging tool which is used in a similar way to eDNA (Bohmann et al. 2014; Rawlence et al. 2014; Kidwell 2015), could be employed to identify long-term shifts in community structure due to past climate change or environmental perturbations. 

Conclusions and future directions

From even our cursory “horizon scanning” overview presented here, it is clear that all of the indicators of ecosystem state suggested here are potentially relevant at a global scale, where currently there is a huge lack of standardised and suitable biological monitoring data. However, further research or development is needed to either synthesise regional methods (e.g. macroinvertebrate and fishery indices), expand global coverage (e.g. decomposition), or, in other cases to carry out additional cross-validation and quality control checks (e.g., molecular techniques, remote sensing). Given that many key environmental drivers of freshwater biodiversity and ecosystem processes and services are now available at a global scale with relatively fine resolution (e.g. Domisch et al., 2015), these data can be used to parametrize high-level models in order to extrapolate diversity to the complete landscape-level. For example Kaelin & Altermatt (2016) used a set of 39 environmental variables to predict diversity at different taxonomic resolution in >20,000 catchments, giving fine-scale insights into the spatial patterns of aquatic diversity across a vast area in ways that would have been inconceivable even just a few years ago. 

We suggest that that these indices should be used with a high temporal consistency where methods are equivalent among years, so that diversity or ecosystem functioning measures collected today can be directly compared to those in the future. This consistency will be challenging to achieve as, for example, the methods for simple measurements of ambient temperatures have changed across the 19th or 20th century, and the emerging technologies of the 21st century are developing at such a pace that the baselines are continually shifting, so a “lowest common denominator” needs to be established as soon as possible, while also having sufficient redundancy and scope to also enrich the information further in the future as the technology matures. Another challenge is that indices often only provide metrics which are loosely connected to ecosystem state and diversity (e.g. GLEON and remote sensing) or are in the early stages of development, so R&D expenses are often still high (e.g. molecular techniques) and quality control/assurance is also relatively embryonic compared with the long-established but localised monitoring schemes that have already been in place in some parts of the world for many decades. 

Furthermore, the future of freshwater diversity monitoring should also involve indicators to disentangle the multiple impacts of various co-occurring environmental stressors (Box 1).  In particular, this is where new molecular tools and a focus on the huge functional and phylogenetic diversity contained within the members of the most neglected of freshwater taxa – those in the microbial “black box” – hold particular promise, as the potential number and scope of gene-to-ecosystem response variables is so vast that they are arguably the best placed as future bioindicators for disentangling multiple stressor effects at global scales (Jackson et al. 2016). In summary, we recommend that future monitoring in freshwaters should use a combination of the above molecular, remote sensing, and citizen science approaches to tackle the big issues facing our planet. 



Figures 

Figure 1, Box 1: Conceptual figure showing an intertidal food web in its natural state (control food web) and affected by nutrient enrichment and organic matter supplements (multiple stressor food web) where the nodes and lines represent species and trophic links, respectively. The food web under the influence of multiple stressors supported larger and more generalist top predators, had higher connectance between species, and lower biodiversity. Taken from O’Gorman et al. (2012). 
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Figure 2, Box 2: Locations of citizen science monitoring sites in (a) South Africa (miniSASS) and (b) United Kingdom (Riverfly Partnership). Sites are categorised as very poor (filled triangle), poor (filled circle), fair (grey circle), good (open circle) or very good (open triangle) health (and therefore from low to high invertebrate diversity)
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Figure 3: Locations of 1000 lakes monitored by the Globaqua project using MERIS data between 2002 and 2012. Data covers 15 spectral bands across the globe every 3 days with 260x300m resolution.  Indicators measured include physical variables such as temperature and turbidity, and biotic indicators such as chlorophyll-a. 
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